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out in annex I to decision IPBES-3/3, the generic scoping report for the regional assessments of
biodiversity and ecosystem services set out in annex III to decision IPBES-3/1, and the scoping reports
for each of the four regional assessments (decision IPBES-3/1, annexes IV–VII).
2.
In response to decision IPBES-3/1, a set of six chapters (IPBES/6/INF/3–6), together with
a summary for policymakers (IPBES/6/4–7), were produced for each of the regional assessments by an
expert group, in accordance with the procedures for the preparation of the Platform’s deliverables, for
consideration by the Plenary at its sixth session.
3.
In paragraph 5 of section IV of decision IPBES-6/1, the Plenary approved the summary for
policymakers of the regional assessment for the Americas (IPBES/6/15/Add.2) and accepted the
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of the Platform prior to the seventh session of the Plenary.
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Annex
Chapters of the regional assessment report on biodiversity and
ecosystem services for the Americas of the Intergovernmental
Science-Policy Platform on Biodiversity and Ecosystem Services

Disclaimer on maps
The designations employed and the presentation of material on the maps used in this report do not
imply the expression of any opinion whatsoever on the part of the Intergovernmental Science-Policy
Platform on Biodiversity and Ecosystems Services concerning the legal status of any country,
territory, city or area or of its authorities, or concerning the delimitation of its frontiers or
boundaries. These maps have been prepared for the sole purpose of facilitating the assessment of the
broad biogeographical areas represented therein.
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1 Executive summary
1.

The Americas region is highly biologically diverse, hosting seven of the 17 most biodiverse countries
of the world and encompassing 14 units of analysis across 140 degrees of latitude {1.1}. The Americas
include 55 of the 195 terrestrial and freshwater world ecoregions with highly distinctive or
irreplaceable species composition. The region is home to 20 per cent of globally identified key
biodiversity areas, 26 per cent of global terrestrial biodiversity hotspots, and the Gulf of California and
Western Caribbean are included in the top 18 marine biodiversity conservation hotspots. The region
also has some of the most extensive wilderness areas in the planet, such as the Pacific Northwest, the
Amazon, and Patagonia, and contains three of the six longest coral reefs in the world.

2.

The Americas is also culturally and socio-economically diverse, home to some of the most
industrialized urban areas on the planet and to indigenous and other local people striving to maintain
and protect their cultures. The region is populated by a uniquely large proportion of immigrants (and
their descendants) from all parts of Europe, Asia and Africa, in addition to the more than 66 million
indigenous peoples who have persisted despite centuries of land expropriation and, in some cases,
active persecution and even genocide. Human population density in the Americas ranges from 2
per100 km2 in Greenland to over 9,000 per km2 in several urban centers. The Americas region contains
two of the ten countries with the highest Human Development Index in the world as well as one with
the lowest human development level {1.6.1-1.6.3}.

3.

Ecosystems in the Americas provide essential contributions to the economy, livelihoods, food,
water, and energy security, and to the eradication of poverty in the region. Increases in the use of
nature has resulted in the region being the largest global exporter of food. People’s quality of life in
the Americas is highly dependent on nature’s material contributions (including food and feed,
medicine, energy, fibers, and construction materials) to achieve food, water and energy security, and
to generate income and support livelihoods and health. The Americas is an important commodity
producer: countries of the Americas are amongst the top 10 producers (in terms of volume in 2014
and 2015) of wheat, rice, sugar, coarse grains, tea, coffee, cocoa, and orange juice. Several countries
are important producers of aquaculture and fisheries in terms of volume of fish, crustaceans and
molluscs harvested in 2014. The United States of America and Brazil are the second and third largest
meat producers (in terms of volume in 2013 or 2014). These two countries in addition to Argentina are
the world’s top three major oil seed (soybeans, rapeseed, cottonseed, sunflower seed and groundnuts)
producers (in terms of volume in 2014 to 2015) {1.3.2}. The region has a mosaic of indigenous, smallscale, and large-scale agriculture production, which builds on a foundation of the biodiverse American
tropics and montane regions. These regions are major centers of origin for domesticated plants, some
of which have subsequently become important globally-traded crops {1.1}.

4.

Forests and wetlands are the ecosystems mostly recognized for their role in the regulation of
freshwater supplies, which is abundant (compared to the global average) but unevenly available
across geographies and time. Some cities in South America face severe water scarcity episodes during
specific times of the year (Bogotá, Quito, La Paz, Lima) as well as in states of the United States of
America such as California, Texas and Florida. Areas with high scarcity occur where densely populated
areas compete with intensely irrigated agriculture, or areas with reduced water storage. Climate
change impacts and unsustainable rates of extraction of freshwater result in reduced river flows as in
the Colorado River. Groundwater depletion also occurs in the Americas (Mexico and United States of
America), affecting water users, business operations, and biodiversity {1.2.1,1.3.2}.

5.

Trends in livelihoods and good quality of life depend not only on material nature contributions to
people (e.g. fish, food, fiber) with high economic value, but also on non-material nature’s
contributions to people (e.g. learning and experiences, supporting identities) and regulating (e.g.
regulation of extreme events, disease, pollination) that often are not accounted for in traditional
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economic measures {1.3.2}. The perception of nature’s contributions to people depends on a person’s
worldview. Nature’s non-material contributions help societies achieve a compassionate and equitable
life by providing opportunities for learning and inspiration for culture, as well as helping form identity,
social cohesion, and symbolic bonds with nature.
6.

There is considerable evidence of the harmful effects of nature’s degradation on public health,
livelihoods and both regional and national economies in the Americas {1.2.1}. The harmful effects of
nature degradation (e.g. air and water pollution, deforestation) disproportionately affect the poorest
populations and therefore pose a threat to inclusive development {1.3.1}. The degradation of nature
frequently involves the loss of (natural) assets, which are typically not taken into account in traditional
economic measures. Thus, a country may deplete a natural resource base (e.g. forests) to provide
positive economic gains even as that resource depletion has other, unaccounted-for consequences,
such as degrading regulating contributions (e.g. water supply) and non-material contributions to good
quality of life, including recreation, spirituality, religion, and identity.

7.

Agricultural production has increased its footprint through the extensification (spreading to new
areas), and intensification (greater use of technologies), producing elevated nutrient loading, and
introducing pesticides and other agrichemicals into ecosystems. These elevated levels of nutrients
and pollutants have negative consequences for ecosystem function, and air, soil and water quality,
including major contributions to coastal and freshwater oxygen depletion creating “dead zones” with
impacts on biodiversity, human health, and commercial fisheries {1.2.1}.

8.

The plurality of values in the Americas shapes use, management and conservation of nature and
nature’s contributions to people {1.1}. In particular, trade-offs are experienced in different ways by
people holding different worldviews and cultures, depending on their values {1.1}. Regional
differences can also influence the way policies affect value given to ecosystems {1.2.4}. Policies
addressing ecotourism could emphasize the substantial economic benefits from recreational use
associated with ecotourism in conserved areas or give more weight to protective approaches to
biodiversity conservation and restrict ecotourism stringently {1.5.5}.

9.

All policies can affect nature’s health, and thus its contributions to people, by altering positively and
negatively how governments, institutions, and individuals interact with people and nature through
regulation, incentive mechanisms, and rights-based approaches {1.5.5}. Benefits from policies
providing incentives for increasing or protecting some elements of nature, if not designed and
implemented carefully, bring costs of in the loss or reduction of other aspects of nature or nature’s
contributions to people. For example, the creation of protected areas may come at the cost of
displacement of local community uses of the areas, such as when marine protected areas attract
significant ecotourism revenues, but displace community-based fisher families with few alternative
options for livelihoods. Policies can also provide purposeful or incidental disincentives to using nature
and nature’s contributions to people responsibly provide disincentives to use nature and nature’s
contributions to people responsibly. For example, in the energy sector, domestic subsidies of fuel
prices promote overutilization of these resources, increase greenhouse gas emissions, which have a
negative contribution to climate change accelerating its impacts on biodiversity and people.
Alternative policies such as carbon tax or eliminating subsidies for producing or consuming fossil fuels
may have different consequences, including improving energy efficiency, development of renewable
energy sources and generating health benefits for people. However, such alternatives must be
considered fully, as hydroelectric power may require substantial modifications to natural watersheds,
and mining the raw materials needed for solar panels can have a large environmental footprint.

10. These trade-offs highlight the complexities that exist in developing responsible policies for
conservation and sustainable use of nature and nature’s contributions to people and the importance
of the efforts of the Intergovernmental Panel on Biodiversity and Ecosystem Services Regional
Assessments to consider the multiple knowledge systems and the values of diverse worldviews,
7
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including the use of scenarios and models effectively {1.5.5}.The effectiveness and impact of policies
and interventions related to nature’s components depend on the way societies perceive the world,
negotiate interests, prioritize problems, and find feasible solutions that respect social, institutional,
and environmental settings. Such enabling conditions are essential to foster a successful
implementation of policies that include environmental and other societal issues (e.g. poverty
reduction, including local knowledges and minorities).
11. The objectives of this Assessment are to: a) evaluate the contribution of biodiversity and ecosystem
functions and services to the economy, livelihoods, food security, and good quality of life in the
Americas; b) identify major trends of biodiversity and ecosystems (nature) and ecosystem functions
and services, as nature’s contributions to people; c) assess the implications of these trends for human
well-being (quality of life) experienced by various societies and cultures; d) identify future potential
threats to biodiversity and ecosystems (nature) as well as the nature’s contributions to people that
they provide) and the implications of the threats for a good quality of life; and e) identify opportunities
for avoiding or mitigating threats to biodiversity, ecosystems (nature) and nature’s contributions to
people and when appropriate for restoring nature. The Assessment is structured around the different
subregions (North America, Mesoamerica, the Caribbean, and South America), taking into account the
distinct biophysical features of major biomes (Intergovernmental Panel on Biodiversity and Ecosystem
Services units of analysis) in each subregion and the multiple types of social and economic distributions
of wealth and access to nature’s contributions to people.
12. In this Assessment, we synthesize existing knowledge to quantify, to the extent possible, the
magnitude and trends in nature’s contributions to people enjoyed by the people of the Americas and
assess how these contributions add to quality of life of various cultures in the region. We also assess
the impact of several ongoing pressures on nature and nature’s contributions to people including
urbanization and depopulation of rural areas, natural resource exploitation, pollution, climate change,
loss and degradation of natural habitats (terrestrial, freshwater, coastal and marine). Within
subregions, these syntheses and assessments are done by major biomes with attention to socioeconomic and cultural differences.
13. Our purpose is to make policy-relevant knowledge accessible and useful, working towards improved
governance of and the sustainable use of nature and nature’s contributions to people. To do this, we
take a multidisciplinary and multi-knowledge systems approach. We identify the specific needs of each
of the main American subregions regarding access to decision-support tools at different scales,
knowledge gaps and capacity-building needs, including the development of capacity for future
sustainable uses of nature and nature’s contributions to people.
14. This chapter also introduces key concepts such as nature’s contributions to people, units of analysis
and the Intergovernmental Panel on Biodiversity and Ecosystem Services conceptual framework used
in this Regional Assessment. Furthermore, this chapter introduces the key core questions posed by
policymakers during the scoping phase prior to this Assessment and how several chapters in this
Assessment address them. The target audience of this Assessment is primarily policymakers whose
work may affect or be affected by nature or nature’s contributions at all levels and the United Nations
programmes and multilateral environmental agreements that are key clients for Intergovernmental
Panel on Biodiversity and Ecosystem Services reports. A broader audience includes intergovernmental
and non-governmental organizations, business and industry, practitioners, indigenous and local
knowledge holders, community-based organizations, the scientific community, and the general public.
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Overview of the region
The Americas covers the widest range of latitude of any of the Intergovernmental Science-Policy Platform
on Biodiversity and Ecosystem Services (IPBES) Regional Assessments. It includes wide expanses of deserts,
grasslands, savannas and forests in different climatic conditions (polar, temperate, mediterranean, arid,
sub-tropical, tropical) and topographic settings (plains, plateau, mountains). This region has the largest
proportion of freshwater resources (Great Lakes and Amazon basin) and extent of rainforest, and the
longest terrestrial mountain range (Andes).
The Americas include 55 of the 195 terrestrial and freshwater world ecoregions with highly distinctive or
irreplaceable species composition (Olson & Dinerstein, 2002). The region hosts 20% of globally identified
key biodiversity areas, 26% of globally-identified terrestrial biodiversity hotspots, and the Gulf of California
and Western Caribbean are included in the top 18 marine biodiversity hotspots and conservation priorities
for tropical reefs (Olson et al., 2001; Roberts et al., 2002; Marchese, 2015; UN, 2016a; World Database of
Key Biodiversity Areas, n.d.). The region has some of the most extensive wilderness areas in the planet,
such as the Pacific Northwest, the Amazon and Patagonia. It also contains the Mesoamerican reef, which is
the largest barrier reef in the western hemisphere, and three of the six longest coral reefs in the world
(World Atlas, 2017; WWF, 2017). The region is also a main center of origin and domestication for important
crops such as potato, quinoa, maize, beans, cacao, tomatoes, squash, chili (Clement et al., 2010; Galluzzi et
al., 2010; Parra & Casas, 2016). The Americas are home to globally outstanding terrestrial, freshwater and
marine biodiversity, many of the richest biomes, and some of the world’s most important biodiversity
hotspots (e.g. Tropical Andes, Brazilian Cerrado and South American Atlantic Forest, California Floristic
Province, Mesoamerica, Central Chile, western Ecuador, coral reefs of the Caribbean) (Myers et al., 2000;
UN, 2016a). Well-functioning terrestrial, marine and freshwater ecosystems in the Americas underpin
regulating functions highly relevant to environmental processes. These include functions such as the
regulation of freshwater quantity, flow, and quality (Russi et al., 2013; Grizzetti et al., 2016), carbon and
nutrient cycling (Anderson-Teixeira et al., 2012), moderation of extreme natural hazards (e.g. vegetation
and wetlands help prevent floods), and coastal protection (coastal wetlands and coral reefs provide buffer
against waves, storms, and sea level rise) (Ferrario et al., 2014; Van Zanten et al., 2014).
People’s quality of life in the Americas is highly dependent on nature’s material contributions (including
food and feed, medicine, energy, fibers, and construction materials) to achieve food, water and energy
security, and to generate income and support livelihoods and health. The region has the top producers of
many agricultural commodities, such as sugar, coffee, and orange juice (Brazil) and coarse grains (USA) (The
Economist, 2017). While the region has only 15% of the world’s population, it accounts for 34% of the global
Gross Domestic Product at purchasing power parity (GDPPPP) in 2016 (UNDP, 2016; section 4.3.2),
contributes around 41% of global ecosystems’ biocapacity 1, and 23% of the world’s ecological footprint
(with 171% higher per capita ecological footprint than the global average) (Global Footprint Network, 2016).
The region is a mosaic of peoples living in diverse socio-economic and political settings with different values,
world visions, and interests in nature and its benefits to them. The region still has large local populations
producing cash and various subsistence products on small holdings or through small-scale fishing, with a
considerable contribution to their local communities and nearby cities.
A good quality of life in the Americas is also based on non-material nature’s contributions to people (NCP).
Nature can help societies achieve a compassionate and equitable life and provide learning and inspiration
for culture, identity, and social cohesion. The beauty of nature reflected in art and architecture has inspired
communities and individuals for centuries. Some worldviews, especially from indigenous communities in
the Americas (accounting for 5% of the population in the continent), show remarkable symbolic links with
nature, some perceiving it as an entity with its own rights. For example, Bolivia and Ecuador explicitly
recognize the importance of “Mother Earth and living in harmony with nature” in their legal frameworks
1
In this assessment "biocapacity" is defined by the Global Footprint Network as "the ecosystem’s capacity to produce biological
materials used by people and to absorb waste material generated by humans, under current management schemes and extraction
technologies". The "biocapacity" indicator used in the present report is based on the Global Footprint Network, unless otherwise
specified.
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(Gregor Barié, 2014; Guardiola & García-Quero, 2014; Pacheco, 2014). Several national parks and areas of
biological significance have been created at sites of former sacred areas, for example the Alto Fragua
Indiwasi National Park, the first Colombian national park, created at the request of indigenous communities,
and the biodiversity reserve of the Wemindji Cree of James Bay in Canada (Pilgrim & Pretty, 2010). In
addition to the importance of nature´s contributions for social cohesion, bonds and culture, several studies
show positive linkages between healthy environments and healthy people. One example is the positive
psychological benefits of green space and natural elements to people’s satisfaction and well-being (Fuller
et al., 2007).
Despite the importance of non-material contributions of nature to indigenous and local populations,
decisions of land ownership and other rights to use and access resources have not been inclusive and evenly
distributed among the diversity of inhabitants. However, there are institutional arrangements emerging
across the region that are attempting to accommodate the plurality of values and interests. Some new
arrangements include decentralization of rights to local communities to govern their natural resources, comanagement between the state and private or local communities, and other mixes of arrangements among
social actors.
Given the nature of environmental problems that have no geographic boundaries, multi-boundary policies
and cooperation are needed. Some examples include the subregional management of flying fish among
eastern Caribbean countries (CRFM, 2014). An example of increasing regional cooperation between
Argentina, Bolivia, Brazil, Paraguay and Uruguay to manage multi-boundary water resources is showcased
in the Río de la Plata basin (Leb, 2015; Siegel, 2017). Another transboundary agreement, governance model,
and cooperative initiative to manage water quality is found in the Great Lakes basin between the USA and
Canada (Clamen & Macfarlane, 2015; Jetoo et al., 2015; Johns, 2017).
The diversity of the region, and nature’s contributions to people are affected by policies, incentives,
disincentives, and other decisions at all scales by altering positively and negatively how governments,
institutions, and individuals interact with nature. Moreover, socio-environmental challenges are often
shared between countries, which suggest that regional and subregional cooperation may be essential to
find and enhance solutions (Gander, 2014). Because of these complexities, an integrated assessment of
biodiversity and NCP is necessary to untangle the many interlinkages, at regional and subregional scales
(Figure 1.1).
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The core policy-relevant questions for the Americas Assessment
Given the complexity of environmental problems and processes, decision makers in civil society,
governments and the private sector have expressed their need for IPBES experts to answer key core
questions specific for the American continent. These requests and suggestions put forward by
governments, stakeholders and multilateral environmental agreements were submitted to IPBES. Experts,
selected by the IPBES Multidisciplinary Expert Panel (MEP), assessed the scope of Regional Assessments
and reached consensus on the contents to be included in each chapter of the Assessment. The resulting
scoping assessment was approved by the IPBES Plenary in 2015 and was the foundation for developing this
Regional Assessment for the Americas (IPBES, 2015a). Consequently, the Americas Regional Assessment is
expected to address the following policy-relevant questions:
(a) How do biodiversity and ecosystem functions and services contribute to the economy, livelihoods, food
security, and good quality of life in the region, and what are their interlinkages?
(b) What are the status and trends of biodiversity and ecosystem functions underpinning NCP that
ultimately affect their contribution to the economy, livelihoods and well-being in the region?
(c) What are the pressures driving the change in the status and trends of biodiversity, ecosystem functions,
ecosystem services and good quality of life in the region?
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(d) What are the actual and potential impacts of various policies and interventions on the contribution of
biodiversity, ecosystem functions and ecosystem services to the sustainability of the economy, livelihoods,
food security and quality of life in the region?
(e) What gaps in knowledge need to be addressed in order to better understand the distribution of
biodiversity and assess drivers, impacts and responses of biodiversity, ecosystem functions and services at
the regional and biome levels?
The Americas Regional and Subregional Assessment on biodiversity, ecosystem function and ecosystem
services is designed to provide a credible, legitimate, holistic, and comprehensive analysis of the current
state of scientific and other types of knowledge. It will analyze options and policy support tools for
sustainable management of biodiversity, ecosystem function and ecosystem services under alternative
scenarios and present success stories, best practices, and lessons learned, including progress made in the
Strategic Plan for Biodiversity 2011–2020 and its Aichi biodiversity targets, the Sustainable Development
Goals (SDGs), and the National Biodiversity Strategies and Action Plans developed under the Convention on
Biological Diversity (CBD). This Assessment will also identify current gaps in capacity and knowledge and
options for addressing them at relevant levels.

How do biodiversity and ecosystem functions and services contribute to the
economy, livelihoods, food security, and good quality of life in the region,
and what are their interlinkages?
Nature (biodiversity and ecosystems) and the contributions it makes available to people (ecosystem
functions and services) referred as NCP are essential to achieve a good quality of life in the Americas.
Economies and societies depend –to different extents– on NCP to achieve food, water and energy security,
generate income and support livelihoods and health. This includes food and feed, medicine, energy, fibers,
and construction materials. Nature´s regulating contributions are critical for environmental functions such
as the regulation of freshwater quantity, flow and quality (Kimbell & Brown, 2009; Mueller et al., 2013;
Russi et al., 2013; Grizzetti et al., 2016). These contributions are essential to foster water security 2 in the
Americas (see Chapter 2). They can be threatened by climate change and by excessive extractive uses
affecting mainly water users, business operations, and biodiversity (Postel, 2000; Ramsar, 2008; Gleeson et
al., 2012).
A good quality of life, shaped by one’s worldview, can be interpreted as how non-material nature’s
contributions help societies achieve a compassionate and equitable life, and provide learning and
inspiration for culture, identity, social cohesion and symbolic bonds with nature. It can also encompass the
relationships between humans, land, plants, animals, mountains and other sacred elements (Chapter 3).
There is considerable evidence of the harmful effects of nature’s degradation on public health, livelihoods
and both regional and national economies in the Americas (see Chapters 2-4). Pollution is considered the
number one cause of death and disease, contributing to an estimated nine million premature deaths (Das
& Horton, 2017). Harmful effects of environmental degradation (e.g. air pollution, land degradation, natural
disasters) disproportionately affect the poorest populations and therefore pose a threat to inclusive
development (WB & IHME, 2016). Often, the poorest segments of societies live and work in polluted
environments and are most vulnerable to natural disasters and the impacts of extreme weather events,
which leads to increasing inequality (Scarano & Ceotto, 2015; Young et al., 2015). Industrial facilities and
other sources of air pollution have often been sited close to poor minority communities, which lead to
inequitable exposure to poor quality environments (Morello-Frosch et al., 2011). In poor urban
neighborhoods, asthma rates are far greater than the national average (Claudio et al., 2006).
Recent decades have seen the development of research at the interface of ecology, economics (e.g. TEEB,
2010; Haines-Young & Potschin, 2012) and human demographics (Aide & Grau, 2004) that describe the
In this assessment “water security” is used to mean the ability to access sufficient quantities of clean water to
maintain adequate standards of food and goods production, sanitation and health care and for preserving ecosystems
2
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complex interdependence of NCP, economies and well-being. These studies focus on drivers of change in
land use and patterns of biodiversity and potential outcomes for NCP and human well-being. For example,
agricultural lands are the world’s largest managed ecosystem, now covering 40% of global terrestrial
surface (Foley et al., 2005). The changes of vegetation were made to enhance a single provisioning service
– food for people (Wood & DeClerck, 2015), but this has come at the cost of significant degradation of water
quality and quantity, increased greenhouse gas emissions, disruption of natural pest control, pollination
and nutrient cycling processes (Matson et al., 1997; Diaz & Rosenberg, 2008; Klein et al., 2009) and has
impacted the livelihoods of local and Indigenous Peoples tied to their natural environments (Altieri &
Toledo, 2011; DESA, 2014). However, current research indicates that agricultural lands can become
significant providers of many ecosystem services, depending on their design and management (Kremen &
Miles, 2012; Zhang et al., 2014; Wood & DeClerck, 2015) as well as on function and the diversity within and
the surrounding landscape (Kremen & Ostfeld, 2005; MEA, 2005; Tscharntke et al., 2005; TEEB, 2010).
Exploring this issue contributes to understanding relationships among economy, livelihoods and well-being
in the region. Finding solutions will require integration across social and ecological systems and
investigation of questions about how ecosystem services are co-produced by social systems of management
and ecosystem design; how costs and benefits from alternative approaches of NCP use are distributed
among sectors of societies and cultures, and consequences of alternative practices for governance of nature
and its uses (Bennett et al., 2015). The Assessment will also explore how today’s answers to the questions
may shift in response to major drivers, including climate change (e.g. FAO, 2013), cultural preferences, and
shifting patterns of land use. The Americas is the most urbanized region worldwide (UN, 2013). In the last
five decades, the proportion of the population of Latin America and Caribbean living in rural areas has
dropped significantly, as populations become concentrated in urban centers (DESA, 2014). Perhaps most
importantly the Assessment will review situations traditionally presented as requiring direct trade-offs
among pairs of alternative uses of specific NCP in broader conceptual terms, considering the full range of
NCP collectively, the distribution of benefits and costs among the full range of people affected by the tradeoffs, and the multiplicity of worldviews about the values attached to the different NCP.

What are the status, trends of biodiversity and ecosystem functions
underpinning nature’s benefit to people that ultimately affect their
contribution to the economy, livelihoods and well-being in the region?
The status and trends of biodiversity and NCP cannot be interpreted independent of the policy framework
in which the Assessment is conducted. To illustrate, increases in food production and exports may be seen
by policy makers as progress towards their specific goal to increase quality of life of the poor by intensifying
use of nature’s contributions (e.g. the 10 year projections of agriculture output of the Brazilian agricultural
research centre and Argentina’s, Colombia’s and others in the Amazon basin). However, although
intensification of agriculture can increase GDP or Human Development Index (HDI), if not done sustainably,
it can lead to loss of ecosystems and their services (FAO, 2013; Venter et al., 2016) that can have
downstream affects. The loss of feeding and reproduction habitats in floodplains of the Amazon due to
conversion to agriculture could dramatically affect fisheries in the Amazon Delta, which is one of the pillars
of traditional and industrial economies there. Consequently, in this Regional Assessment, the status and
trends in terms of impacts on biodiversity, extinction rates, and ecosystem health are assessed. Any
documented trends, and status relative to descriptive benchmarks (like average for the past decade) may
then be interpreted relative to a various goals governments and sectors of society may have for the area.
Throughout this Assessment we refer in some places to nature, and in other places to biodiversity. When
reference is made to “nature” the intent is to refer to nature in a holistic and unified way – all its structural
components, its functional relationships and processes, and the place of humanity within it. When the
Assessment is considering specific pieces of nature – populations species, communities or ecosystems, the
component functions and processes, or human uses of or impacts on specific aspects of nature, the term
biodiversity will be used. The associated text will often include adjectives or phrases to make clear what
scale and aspect of “biodiversity” is being discussed.
13
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What are the pressures driving the change in the status and trends of
biodiversity, ecosystem functions, ecosystem services and good quality of
life in the region?
In the IPBES conceptual framework guiding this Assessment (Diaz et al., 2015), drivers of change refer to all
those external factors that affect nature, anthropogenic assets, nature´s contribution to people and a good
quality of life. Drivers of change include institutions and governance systems and other indirect drivers, and
direct drivers both natural and anthropogenic. Quantifying to the extent possible the magnitudes and
trajectories of the drivers in the IPBES framework is an important step in the Regional Assessments, but
using that information requires taking into account how drivers interact with nature, NCP, economies,
societies and cultures, and with each other.
Consideration of these interactions is at the heart of the IPBES Assessment. In any landscape or region,
there is a diversity of social actors who utilize the same landscapes and resource base. To illustrate, there
is diversity in livelihood strategies across the Amazon. If economic drivers provide incentive to create
infrastructure needed extract the specific goods desired by the markets, there will be diverse responses.
Greater wealth from the enhanced trade may increase in price and demand of goods locally as well, to
which local populations/smallholders and large-holders may respond differently. The differential responses
then affect the ability of the land and coastline to provide other NCP (fish habitat, water regulation), with
potential additional conflicts between groups and encroachment on indigenous lands and smallholder
areas, and the infrastructure may change the many non-material NCP. The Assessment gives importance to
tracking such linkages and interdependencies among drivers.

What are the actual and potential impacts of various policies and
interventions on the contribution of biodiversity, ecosystem functions and
ecosystem services to the sustainability of the economy, livelihoods, food
security and good quality of life in the region?
Different policies and interventions related to biodiversity, ecosystem functions and services are
contributing to a good quality of life for peoples in the Americas, which include achieving food security, and
supporting livelihoods and public health as well as the sustainable development of local and regional
economies.
Policies affecting nature and NCP include a wide array of tools and practices that address on one side, the
conservation and restoration of nature and on the other side, the management of impacts of development
on nature. In the Americas, policy tools that are designed to conserve nature include protected areas,
ecological or biological corridors, indigenous and community conserved areas, and conservation incentives
such as payment for ecosystem services, eco-certification and sustainable investments. Other policy tools
seek to reduce the impact of development on nature by regulating the extent and ways that development
can alter nature, used enablers such as environmental impact assessments, which are intended to evaluate
the environmental consequences of a development activity or project before implementation. Around the
Americas many combinations of these policy strategies and tools are used, according to the capacities,
legislation, traditions and values of the specific area.
The Americas region has had many successful experiences in biodiversity conservation, restoration and
sustainable use at regional and local levels and in terrestrial, freshwater, coastal and marine systems, as
well as failures to keep uses sustainable (UNEP, 2012; Bennett et al., 2017). The resulting lessons learned
need to be assessed and understood to inform the development of appropriate policies that ensure
sustainability (Foley et al., 2011). However, future policies will function in a context of climate change,
teleconnections to other regions, population growth, industrialization and development, and the
consequent changes in demand for food, water, biomass, and energy. Consequently, past policies to
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address these types of pressures and demands need to be periodically re-evaluated in the context of these
changes in pressures (Foley et al., 2005). In some cases, the magnitude of these impacts on biodiversity and
ecosystems are thought to threaten economies, livelihoods and quality of life (IPBES, 2014). However, even
the nature of an individual threat can vary among sectors of society, depending both on culturally based
views of the value of biodiversity and specific ecosystem services and how the benefits and impacts
associated with the uses of the NCP are distributed.
A vast array of such policies have been assessed in the Americas, including conservation incentives (e.g.
watershed protection initiatives), protected areas, indigenous and community conserved areas, ecosystem
restoration, eco-certification and investments that account for environmental, social and governance
factors in portfolio selection and management. In most cases, there were some unexpected or undesired
results, indicating that the breadth and depth of planning for use of these instruments has scope to improve
(Wuenscher et al., 2008; Engel et al., 2008; Joppa & Pfaff, 2009; Arriagada et al., 2012; Miteva et al., 2012;
Watson et al., 2014; Barral et al., 2015; Ferraro et al., 2015; Baylis et al., 2016; Juffe-Bignoli et al., 2016;
Rodríguez Osuna et al., 2017; Vörösmarty et al., 2018).
The impact of different interventions and policies vary widely across the Americas and are often a result of
a combination of more than one intervention. For example, a decline in deforestation in Brazil in the past
decade was the result of the combined effect of: (a) public and private partnership (b) the banning of
soybeans and beef produced in deforested lands (c) improved monitoring and enforcement to combat
deforestation, and (d) the 2008 global financial crisis on commodity demand (Nepstad et al., 2014; Cisneros
et al., 2015). Separating the effect of single components is complex and case specific (Nepstad et al., 2014).
The effectiveness and impact of policies and interventions related to nature’s components depend on the
way societies perceive the world, negotiate interests, prioritize problems, and find feasible solutions that
respect social, institutional, and environmental settings. Such enabling conditions are essential to foster a
successful implementation of policies that include environmental and other societal issues (e.g. poverty
reduction, including local knowledges and minorities). Current international policy strategies, goals and
high level commitments for the protection of nature and sustainable development are driving changes in
the same direction and thus creating synergies (UN, 2015; Dicks et al., 2016; UN, 2016b).

Background to the Intergovernmental Platform on Biodiversity and
Ecosystem Services Regional Assessments
Assessments that examine the relationships between policy goals and ecosystem services can inform
decision makers whose goals and actions are focused on people, society, and economies (Ash et al., 2010).
The Millennium Ecosystem Assessment (MEA) concluded that the provision of the majority of ecosystem
services is declining and their availability into the future cannot be taken for granted. It also concluded that
the failure to consistently give adequate weight to the dependence of human well-being on biodiversity
and ecosystems in public and private decision making has allowed those services to be degraded,
increasingly compromising our ability to achieve long-term development goals (MEA, 2005). The concept
of ecosystem services gained prominence in the MEA (2005). In the years since the MEA, the term
ecosystem services has been taken up by many disciplines and user groups, including Environmental
Economics, Integrated Ecosystem Assessments, and Spatial Planning (both terrestrial and marine). As the
interest in and uses of ecosystem services has increased, interpretation of the term has evolved and
diversified (Chan et al., 2016; Gomez-Baggethun et al., 2016). Some uses, particularly in environmental
economics, have been interpreted as de-emphasising the ecosystem services that are not readily monetized
for use in commerce and optimization or trade-off analyses (e.g. TEEB, 2009).
The Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services 3 was established to
strengthen the science–policy interface for the conservation and sustainable use of biodiversity, ecosystem
services, long-term human well-being, and sustainable development. It has similarities to the
3

www.ipbes.net
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Intergovernmental Panel on Climate Change in that both carry out assessments using existing knowledge
to addresses questions where the knowledge bases are complex, incomplete and uncertain, making
straightforward answers not possible (Perrings et al., 2011). In addition, although the biodiversity crisis is
global, biodiversity distribution and its conservation status are heterogeneous across the planet.
Consequently, governments and other stakeholders require information for solutions that are scalable to
multiple levels (Diaz et al., 2015).
In this context, the IPBES agreed to conduct four Regional Assessments for the Americas (including the
Caribbean islands); Africa; Europe and Central Asia; and Asia and the Pacific. The Americas region comprises
a land area of 39 million square km, extending from Arctic to sub Antarctic latitudes. The Americas include
some of the most biodiverse biomes in the world (Olson et al., 2001). The Americas region is also culturally
diverse with some of the most industrialized urban areas on the planet. This poses a challenge to find ways
for different cultures to co-exist and share these ecosystems (Kipuri, 2009). However, it also presents
opportunities such as the chance to draw upon the traditional knowledge of indigenous people and local
communities when conducting IPBES Assessments. The tensions between these challenges and
opportunities from cultural diversity and the different knowledge systems pervade the IPBES Assessments.

What are nature contributions to people?
The Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services considers NCP as an
inclusive set of categories across knowledge systems, which comprise all nature’s contributions, both
positive and negative, to human quality of life. People obtain these contributions entirely from nature or,
more often, apply knowledge and work to co-produce benefits with nature (Pascual et al., 2017). Concerns
over the potential for misinterpretation of the categories of ecosystem services led IPBES to use NCP instead
of ecosystem services, to ensure cultural and aesthetic relationships between people and nature are
considered on an equal plane with other ways that people relate to and use nature. Additionally, some feel
the new term may aid with the integration of multiple disciplines and answering of policy-relevant
questions that are central to the IPBES mission. IPBES utilizes the term “good quality of life” instead of
“well-being”, which is conceived to comprise aspects such as access to food, water, energy and livelihood
security but also human health, equitable social relationships, cultural identity, and freedom of choice and
action (Pascual et al., 2017).
There are many categorizations of NCP, which evolved from the concept of ecosystem services (MEA, 2005).
The Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services has decided to use
a set of 18 NCP, distinguishing three broad groups - regulating, material, and non-material contributions.
Regulating contributions are functional and structural aspects of organisms and ecosystems that may
modify environmental conditions experienced by people, or sustain or regulate the generation of material
and non-material benefits. In many cases, these regulating NCP are not perceived directly, but nevertheless
may be essential to life. Material contributions are substances, objects or other material elements taken
from nature that help to sustain people’s physical existence and infrastructure. They are typically consumed
and consciously perceived as food, energy, or materials for shelter or ornamental purposes. Non-material
contributions affect people’s subjective or psychological quality of life, individually and collectively. The
entities may be physically consumed or altered in the process (e.g. animals in recreational or ritual fishing
or hunting) or not (individual biodiversity components or ecosystems as source of inspiration).
The 18 categories of NCP are listed in Table 1.1. Collectively, these categories include all potential ways that
nature contributes to human quality of life. As developed in Chapter 2, many of these NCP are essential to
achieve a good quality of life in all cultures, whereas the values attached to others, especially some material
and non-material contributions, can be influenced strongly by one’s culture, economic status, and
worldview (IPBES, 2015b). The use of these standardized categories of NCP brings a common structure to
all the Regional Assessments, but presents challenges when referring to literature that uses other
classifications and terms. This is particularly challenging for using the more recently adopted term NCP
rather than ecosystem services.
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Table 1.1. The NCP used by IPBES for linking human well-being and nature
Regulating Contributions
● Habitat creation and maintenance – maintaining the ecosystem structures and processes that allow
the other NCP to be provided
● Pollination and dispersal of seeds and other propagules – the ways that nature contributes to
productivity of plants through fertilizing seeds and dispersing seeds and other vegetative
propagules (IPBES, 2016a).
● Regulation of air quality – regulation of CO2/O2 balance, Ozone for ultraviolet-B absorption,
polluting gases
● Regulation of climate – including regulating albedo, some aspects of greenhouse gas emissions, and
carbon sequestration
● Regulation of ocean acidification – maintaining the pH of the ocean through buffering the increases
and decreases of carbonic acid (caused mainly by uptake of atmospheric carbon dioxide in the
oceans)
● Regulation of freshwater quantity, location and timing – for both direct uses by people and
indirectly for use by biodiversity and natural habitats
● Regulation of freshwater and coastal water quality – capacity of healthy terrestrial and aquatic
ecosystems to regulate water supply delivery and/or filter, retain nutrients, sediments and
pathogens affecting water quality
● Formation, protection and decontamination of soils and sediments – sediment retention and
erosion control, soil formation and maintenance of soil structure, decomposition and nutrient
cycling
● Regulation of natural hazards and extreme events – preserved ecosystems’ role in moderating the
impact of floods, storms, landslides, droughts, heat waves, and fire
● Regulation of organisms detrimental to humans – pests, pathogens, predators, competitors
Material contributions
● Energy – biomass-based fuels
● Food and feed – wild and domesticated sources, feed for livestock and cultured fish
● Materials and assistance – production of materials derived from organisms in crops or wild
ecosystems, for construction, clothing, printing, ornamental purposes and decoration
● Medicinal, biochemical and genetic resources – plants, animals and microorganisms that can be
used to maintain or protect human health directly or through process of the organisms or their
parts
Non-material contributions
● Learning and inspiration – opportunities from nature for the development of the capabilities that
allow humans to prosper through education, acquisition of knowledge and development of skills
● Physical and psychological experiences – opportunities for physically and psychologically beneficial
activities, healing, relaxation, recreation, leisure, tourism and aesthetic enjoyment
● Supporting identities - basis for religious, spiritual, and social-cohesion experiences, for narrative
and story-telling and for sense of place, purpose, belonging, rootedness or connectedness
● Maintenance of options – continued existence of a wide variety of species, populations and
genotypes, to allow yet unknown discoveries and unanticipated uses of nature, and on-going
evolution
Source: IPBES (2017a)
Nature Contributions to People will be the term used in all Chapter summaries and in the Summary for
Policy Makers, to make sure this broad meaning is communicated unambiguously. However, when
summarizing the information used sources taken from publications, particularly the information from
scientific sources, those sources frequently use “ecosystem services” in ways specific to the discipline of
the author. To substitute NCP in those cases would sometimes misrepresent the meaning intended by the
sources. Consequently, in the body of the Chapters of this Assessment, “ecosystem services” will be used
and the context explained, as necessary, to present the information from the source accurately.
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Why are nature contributions to people relevant to human quality of life
(well-being and livelihoods) in the Americas?
Human’s quality of life in the Americas is highly dependent on Nature’s material contributions to achieve
food and energy security, generate income and support livelihoods and health. This includes food and feed,
medicine, energy, fibers, and construction materials (Chapter 2). In terms of food, the Americas is an
important commodity producer, where Brazil, USA, Mexico, Canada, Honduras, Peru, Argentina, Ecuador,
Dominican Republic, Colombia and Guatemala are amongst the top 10 producers of commodities, including
wheat, rice, sugar, coarse grains, tea, coffee, cocoa, and orange juice. Brazil is the top producer of sugar,
coffee and orange juice. The USA is the most important producer of coarse grains, which include corn,
barley, sorghum, oats, rye, millet, triticale and others. Six countries in the Americas have the largest
agricultural output in terms of agriculture and fisheries: USA with $226 billion in 2013 and Brazil with
$111billion in 2014 (The Economist, 2017). This region has also some of the biggest producers of cereals,
meat, fruit, vegetables, roots and tubers, as well as fisheries and aquaculture products (USA, Brazil, Mexico,
Argentina). In terms of biomass-based fuels, the USA, Brazil and Argentina are the world top three major
oil seed (soybeans, rapeseed, cottonseed, sunflower seed and groundnuts) producers (The Economist,
2017). Food production (including commodities) contributes positively to some aspects of human wellbeing (short and medium-term GDP) but it can also generate a series of environmental externalities (in the
short, medium and long-term) that have negative effects on nature and people. Some examples include
pollution derived from fertilizer application (nutrient runoff) from agricultural sites into freshwater systems,
which result in harmful impacts on freshwater resources, biodiversity, air quality, and coastal systems
(Mekonnen & Hoekstra, 2015; Chapter 4).
Medicines provided from nature have been used for several thousands of years to treat disease and injuries,
and relieve pain. Despite rapid progress in drug development, most prescribed medicines used in developed
countries are still based on or patterned after natural compounds found in animals, plants and microbes
(Chivian & Bernstein, 2010). This is especially relevant for drugs designed to treat infections and cancer.
Other examples include aspirin from the White Willow Tree (Salix alba vulgaris), morphine from the Opium
poppy (Papaver somniferum); azidothymidine used to treat HIV/AIDS (Human Immunodeficiency Virus
Infection / Acquired Immune Deficiency Syndrome) patterned after marine sponge compounds
Cryptotethya crypta (Chivian & Bernstein, 2010). Diets based on natural products and active livelihoods of
indigenous groups (Tsimane) in the Bolivian Amazon is an example of significantly positive health outcomes
(lowest reported levels of coronary artery disease of any population to date) (Kaplan et al., 2017).
A good quality of life in the Americas is also based on nature’s non-material contributions, which help
societies achieve a compassionate and equitable life and provide opportunities for learning and inspiration
for culture, identity, social cohesion and symbolic bonds with nature (IPBES, 2017a). The beauty of nature
reflected in art and architecture has inspired communities and individuals for centuries. Some worldviews
especially from indigenous communities in the Americas show remarkable symbolic links with nature,
perceiving it as an entity with own rights. For example, some South American countries (Bolivia and
Ecuador) explicitly recognize the importance of “Mother Earth and living in harmony with nature” in their
legal frameworks as means to provide a good quality of life (Gregor Barié, 2014; Guardiola & García-Quero,
2014; Pacheco, 2014; Estado Plurinacional de Bolivia, 2015). It is no coincidence that several national parks
have been created at sites of former sacred natural areas, for example the Alto Fragua Indiwasi National
Park, the first Colombian national park, created at the request of indigenous communities (Pilgrim & Pretty,
2010). Sacred natural areas recognized by UNESCO (United Nations Educational, Scientific and Cultural
Organization) in the Americas include the Gran Ruta Inca, the ancient route across the Andean highlands,
American indian sacred springs and waters of New Mexico, Sacred sites and gathering grounds initiative in
Arizona, Sacred lakes and springs, Huascarán world heritage site and Biosphere Reserve in Peru (Schaaf &
Lee, 2006). Similarly, in Canada, a biodiversity reserve was established at the request of an indigenous
group, the Wemindji Cree of James Bay (Pilgrim & Pretty, 2010). Non-material contributions have served
functions cross-culturally as well as within cultures. For example, aquatic ecosystems have historically been
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a means for promoting cooperation and resolving conflict, and thus serve an important societal role, mainly
for international, transboundary watersheds (UNEP-DHI & UNEP, 2016).
In addition to the importance of nature´s contributions for social cohesion, bonds and culture, studies show
positive linkages between healthy environments and healthy people (Maller et al., 2006). One example is
the positive psychological benefits of greenspace and natural elements to people’s satisfaction and wellbeing (Fuller et al., 2007; Kaplan et al. 2017).
Nature in the Americas also underpins regulating functions (regulating contributions) highly relevant to
environmental processes that are essential to people’s good quality of life such as the regulation of
freshwater quantity, flow and quality. Forests and wetlands are the ecosystems mostly recognized for their
role in the regulation of freshwater supplies, which is abundant in the region (compared to the global
average) but unevenly available across geographies and time (Green et al., 2015). Some cities in South
America face severe water scarcity episodes during specific times of the year (Bogotá, Quito, La Paz, Lima)
as well as in USA states such as California, Texas and Florida. Areas with high scarcity occur where densely
populated areas compete for water with intensely irrigated agriculture, or areas with reduced water storage
(Buytaert & De Bièvre, 2012; Mekonnen & Hoekstra, 2016).
The importance of such regulating contributions is showcased by the now-classic example of the city of
New York paying for upstream watershed protection rather than investing in constructing more expensive
additional filtration plants (Hanson et al., 2011; McDonald et al., 2016). These types of contributions are
essential to foster water security as well as other benefits in the Americas (Ramsar, 2008; WWAP, 2015).
Conserved areas are key to providing with drinking water for several important cities of the Americas
including in the USA, Brazil, Colombia and Venezuela (WB & WWF, 2003; Pabon-Zamora et al., 2008; Dudley
et al., 2016; Harrison et al., 2016; Hermoso et al., 2016). However, choices of this type also illustrate the
complexity of such policies; upstream watershed protection measures require residents and traditional
users associated with the protected forests to accept financial payments in exchange for constrains on
development opportunities and possibly some traditional forest uses, far from the urban area where the
water is used. Other contributions of nature to regulate freshwater quality are related to wetlands that
deliver well-documented benefits in waste treatment (e.g. wetlands and other aquatic ecosystems remove
waste, recycle nutrients and dilute pollutants) and thereby act as natural water purification plants (De Groot
et al., 2002; Russi et al., 2013; Zhang et al., 2014; McDonald et al., 2016). The flows of freshwater
ecosystems are also important for energy production (for example, most of electricity generation in the
USA comes from power plants that rely on water resources for cooling), which can affect power output and
reliability (Feeley et al., 2008; Macknick et al., 2011; EIA, 2017).
Other important regulation functions that nature provides include the regulation of climate hazards and
extreme events. Vegetation reduces the impact and likelihood of snow avalanches and landslides and
coastal wetlands can moderate floods (Hawley et al., 2012). For example, social and economic losses as a
result of extreme weather events in Brazil (i.e. flooding, flash-floods and landslides) between 2002-2012
have caused significant damage valued between $57.21 to 113.1 billion or 0.4 to 0.9% of Brazil’s
accumulated GDP in that period (Young et al., 2015). The state of Rio de Janeiro reported that 45% of all
national deaths were associated with such hazards (Young et al., 2015). In the USA, six climate-related
hazards resulted in health and social costs in the order of $14 billion between 2000 and 2009 (Knowlton et
al., 2011).

Box 1.1 Nature´s contributions to people in the Amazon
The Amazon region presents a high diversity of peoples’ values and interests in how to use, interact and
experience nature to guarantee a good quality of life. Nature in the Amazon has a wealth of ecosystems
and biodiversity that are indispensable to delivering contributions to people NCP across scales (e.g. the
Amazon river basin is one of the most mega-biodiverse and the largest source of freshwater in the world)
(Marengo, 2006; Tundisi et al., 2015; Winemiller et al., 2016). At local scales, these benefits include those
enjoyed as spiritual, social cohesion and cultural continuity as well as those managed as agricultural,
mining, forestry, pharmaceutical and fishery commodities. For example, Amazon rivers and its seasonally
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flooded forests provide habitats for fish that support livelihoods of thousands of people (Tundisi et al.,
2015). At landscape to regional scales, Amazon’s forests regulate hydrological cycles (Veiga et al., 2004),
water quality, and nutrient cycling that supports freshwater biodiversity and people (Menton et al.,
2009). At continental to global scales, the importance of the Amazon in the regulation of the global
carbon cycle is well recognized (Anderson-Teixeira et al., 2012; Pinho et al., 2014; Phillips & Brienen,
2017). This includes the forest’s role in carbon sequestration (approx. 120 billion metric tons of C
biomass), climate patterns (Pires & Costa, 2013; Tundisi et al., 2015) and extreme events such as floods
and droughts (Nazareno & Laurance, 2015).

Why are people relevant to nature’s ability to provide nature contributions
to people?
The interaction between people and nature can affect nature’s ability to provide regulating, material and
non-material contributions; as illustrated in section 1.3.2. Policy decisions can enhance nature’s ability to
provide NCP, such as the upstream watershed protection example above. However, people’s decisions can
also contribute to nature’s degradation, leading to negative impacts on health, livelihoods, regional and
national economies, as well as other dimensions of good quality of life (MEA, 2005). The degradation of
nature frequently involves the loss of natural assets (MEA, 2005; TEEB, 2009). Typically, these losses are
not taken into account by traditional economic measures (TEEB, 2009; Costanza et al., 2014). The use of
many traditional economic indicators often has resulted in a country depleting a natural resource base such
as forests to provide positive gains measured by a specific valuation method such as GDP gain. Resource
depletion has many other consequences that may affect people’s quality of life, including the degradation
of non-material contributions (recreation, spirituality, religion, and identity). This shortcoming has
prompted interest in a broader range of more inclusive economic measures under way in international
finance and development agencies (see Chapter 2).
This Regional Assessment confronts the complex links between nature’s contributions to people and a good
quality of life for the diverse cultures and worldviews in the Americas. Within Chapter 2, the Assessment
first describes key nature’s contributions to people for the subregions and major biomes in the Americas.
In most of the Americas, multiple cultures share NCP, and the chapter also discusses the different values
these cultures may associate with specific NCP. Based on key indicators, the status of those contributions
is assessed. Subsequent chapters then develop the reciprocal interactions of people and nature, in the
contact of how NCP contribute to and are affected by those interactions.

Why do we need a Regional Assessment?
Biodiversity, ecosystem functions and NCP make essential contributions to the economy, livelihoods and
good quality of life of people throughout the world (CBD, 2010; UN, 2015; CBD/FAO/WB /UNEP/UNDP,
2016). The Strategic Plan for Biodiversity 2011–2020 and its Aichi Biodiversity targets seek to provide an
overarching framework for effective and urgent action to manage biodiversity in order to ensure that by
2020 ecosystems are resilient and continue to provide essential functions and services, thereby
contributing to peoples’ quality of life and poverty eradication. These considerations are also included in
the ongoing development of the Post-2015 UN (United Nations) Development Agenda and the associated
SDG.
Regional and national biodiversity strategies and action plans are important vehicles for implementing the
Aichi biodiversity targets and adapting them to regional and national conditions. Implementation strategies
and plans are also being developed at multiple scales for the SDG. These strategies and action plans need
to be informed about the linkages between NCP and good quality of life of diverse cultures and societies,
in part because these linkages make the Aichi targets and SDG themselves interdependent. These
interdependencies among these goals and targets provide opportunities to build on synergies, such as
actions to protect upstream forests (for their role in regulating freshwater quality and their provision to
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downstream users) that directly contribute to achieve several goals: SDG 15 related to the protection and
restoration of terrestrial ecosystems, SDG 6 on clean water and sanitation, SDG 11 on sustainable cities and
communities, SDG 13 on climate action and SDG 3 on good health and well-being. However, planning must
also take account of potential tensions among the SDG, such as efforts to promote SDG 14 on a healthy
ocean must still find ways to allow harvesting of seafood to increase, as an essential contribution to SDG 2
on food security. Without the types of integrated assessments represented by IPBES, the development of
policies and action plans for goals like the Aichi targets or SDG would not be informed of how to take these
interactions into account. Moreover, assessments at regional and subregional scales are important, since
these scales are ones where the synergies and tensions are often expressed and must be taken into account
in policies.
Efforts to meet these targets thus require a strong knowledge base and strengthened interplay between
scientists and policymakers, and between different knowledge systems to which the regional and
subregional assessments are well placed to contribute (Griggs et al., 2013; Bhaduri et al., 2016).

What is an Intergovernmental Platform on Biodiversity and Ecosystem
Services Regional Assessment?
An IPBES assessment is a critical evaluation of the state of knowledge in biodiversity and NCP. It is based on
existing peer-reviewed literature, grey literature and other available knowledge such as indigenous and
local knowledge. It does not involve the undertaking of original primary research. The Assessment involves
a literature review (scientific articles, government reports, indigenous and local knowledge and other
sources), but is not limited to such a review. The process of evaluating the state of knowledge involves the
analysis, synthesis and critical judgement of information by more than 100 international experts from 23
countries over three years, and then aided by the assignment of clear confidence terms, the presentation
of such findings to governments and relevant stakeholders on their request. IPBES Assessments focus on
what is known, but also on what is currently uncertain. Assessments play an important role in guiding policy
through identifying areas of broad scientific agreement as well as areas of scientific uncertainty that may
need further knowledge generation such as through scientific research.
Regional Assessments are also a vehicle for the implementation of IPBES’s functions, such as capacity
building, the identification of knowledge gaps, knowledge generation, and the development of policy
support tools. Furthermore, the Assessment is critical to furthering IPBES’s operational principle of ensuring
the full use of national, subregional and regional knowledge, as appropriate, including by ensuring a
bottom-up approach (Schmeller & Bridgewater, 2016).
The Regional Assessments inform a range of stakeholders in the public and private sectors and civil society,
including indigenous people and local communities, who will all benefit from sharing information and data
that allows progress to be made towards the Aichi Biodiversity targets and the SDG. The Americas
Assessment provides users with a credible, legitimate, authoritative, holistic and comprehensive analysis of
the current state of biomes within regional and subregional biodiversity and ecosystem services and
functions, based on scientific and other knowledge systems, and with options and policy support tools for
the sustainable management of biodiversity and ecosystem services and functions under alternative
scenarios; it also present success stories, best practices and lessons learned, identifying current gaps in
capacity and knowledge and options for addressing them at relevant levels.

Who are the target audiences of this document?
Some primary and broader target audiences for IPBES’s outputs are listed below although the list is not
exhaustive, and many other categories of users may find the assessments useful in pursuing their mandates
or goals:
1) Primary target audiences:
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a) Policymakers whose work may affect or be affected by biodiversity, ecosystem services or NCP
at all levels: IPBES member States, ministries of environment, energy, industry, planning,
finance and agriculture, local authorities and the scientific advisers of policymakers need to be
informed about IPBES so that they can use it as a source of independent expert knowledge;
b) b)UN programmes and multilateral environmental agreements: such as the CBD, and the
Convention on Migratory Species, but also UN programmes with broad mandates for
development and uses of planetary resources, such as the Global Environmental Fund and FAO
(Food and Agriculture Organization of the United Nations). IPBES works with them, including
during outreach and dissemination activities;
2) Broader audiences:
a) Scientific community: IPBES depends on the scientific community for the production of its
reports and should therefore target this community to increase its engagement. International
associations of scientists could be targeted as part of outreach activities;
b) Indigenous and local knowledge holders and experts: The IPBES commitment to use multiple
knowledge systems makes both communities important target audiences;
c) Business and industry: it is anticipated that IPBES’s reports will be considered by businesses
and industries to help find sustainable ways of avoiding, minimizing, mitigating and offsetting
impacts on ecosystems;
d) Practitioners or implementers: a multitude of organizations and individuals involved in the
implementation of programs depending on or affecting biodiversity and ecosystem services
working on the ground will be interested in learning about the products of IPBES, such as policy
support tools, and how they can use them;
e) Community-based organizations: certain communities, including environmental nongovernmental organizations. will be greatly affected by biodiversity loss and/or committed to
its rehabilitation, and will therefore need to be aware of the findings of IPBES’s assessments
and policy support tools. The IPBES Secretariat could work with relevant networks to
disseminate communications materials to these communities;
f)

Intergovernmental and non-governmental organizations: these may be able to support IPBES’s
objectives by providing outreach to their constituencies, including policymakers or the private
sector, and by using the networks connected to their respective National Focal Points;

g) Funding agencies that support national, regional and international activities and may play
crucial roles in enabling the actions of other target audiences on the list;
h) The media: the IPBES Secretariat would not be in a position to reach all audiences directly and
would therefore rely on good media relations to reach broader audiences;
i)

Communities and the public at large.

All these categories of target audiences may act as both contributors to and end users of IPBES outputs. All
of them may:
i.

Contribute to the activities of the work programme through their experience, expertise,
knowledge, data, information and capacity-building experience;

ii.

Use or benefit from the outcomes of the work programme;

iii.

Encourage and support the participation of scientists and knowledge holders in the work of
the Platform.
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Roadmap to core questions and chapters in this Regional
Assessment
Chapter 1 sets the scene, and presents the policy-relevant questions identified for the region, subregions,
units of analysis, and the IPBES conceptual framework used in the Americas Regional Assessment. The
analysis in the remaining chapters is conducted to address those policy-relevant questions posed by
governments and other decision makers (Figure 1.2) within the IPBES framework, which was designed to
help address the science-policy interface on biodiversity and ecosystem services topics (Diaz et al., 2015).

Chapter 2 is the primary place where the key following policy-relevant question is addressed: (1) How do
biodiversity and ecosystem functions and services contribute to the economy, livelihoods, food security,
and good quality of life in the regions, and their interlinkages?
It assesses the values of nature’s contributions to people, the dependence or interrelationship of human
well-being on biodiversity and NCP, information on the trends in human-wellbeing, and links those to trends
in NCP. This chapter most explicitly draws on the diversity of knowledge systems, including Indigenous and
local knowledge in addition to “western science”. Also, in this Assessment, the concept of good quality of
life is central to this Chapter, and continues as a thread through the subsequent chapters.
Chapter 3 focuses on the status and trends of biodiversity and ecosystem functions underpinning nature’s
benefit to people considering both structural and functional features of the biotic communities and their
abiotic environments. It is the central place where the following policy-relevant question is addressed: (2)
What are the status, and trends of biodiversity, ecosystem functions that ultimately affect their
contribution to the economy, livelihoods and well-being in the region?
Chapter 3 assesses the amount of biodiversity found in the Americas, considering native and non-native
biodiversity, how it is distributed across the Americas, the present state of ecosystems and biomes, recent
changes in ecosystems and their biodiversity, the conservation status of species, and trends in levels of
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protection. It also provides an overview of the relative important of the units of analysis by subregion with
regard to NCP. Additionally, the state of key ecosystem functions is assessed where information is available.
Chapter 4 focuses on drivers of changes in biodiversity and addresses the policy question: (3) What are the
pressures driving the change in the status and trends of biodiversity, ecosystem functions, ecosystem
services and good quality of life in the region?
This chapter presents information on status and trends of the factors that have potential to drive changes
in biodiversity components, and consequently in the NCP. Chapter 4 reaches back to Chapter 3 for linkages
of the drivers to biodiversity trends, and forwards to Chapters 5 and 6 for evaluation of alterative options
for the intensity of the drivers. Where possible, it reaches toward finding evidence of possible indirect links
between specific drivers and the trends in NCP described in Chapter 2.

Chapter 5 provides a synthesis of the information contained primarily in chapters 2-4 and makes use of
scenarios and modelling developed for the Americas Region. In this synthesis, the Chapter examines how
the core questions 1-3 interact to affect human well-being (5.4). In particular, it examines the future trends
of biodiversity and drivers and what those trends might mean in terms of the archetype scenarios of
“business as usual” and “great transitions” (5.4, 5.5.1). Additionally, the Chapter examines the role and
significance of telecoupling (5.6.1) and presents key findings on both telecoupling and data gaps (5.8),
especially with respect to time series data on status of biodiversity and drivers. To the extent possible, the
chapter explores changes in the trajectories of multiple drivers and the role played by synergies, trade-offs
and adaptive behaviour.
Chapter 6 takes note of how the linkages and scenarios in earlier chapters may be facilitated or impeded
by various policies options. It is where key question 4 is addressed: (4) What are the actual and potential
impacts of various policies and interventions on the contribution of biodiversity, ecosystem functions and
ecosystem services to the sustainability of the economy, livelihoods, food security and good quality of life
in the region?
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This chapter provides information to identify policies that may respond effectively to trends in biodiversity,
NCP or human well-being. All chapters strive to present information in ways that are relevant to policymaking but not prescriptive regarding choices among policies and options for decision makers at the
regional and subregional levels in response to the scenario set out in previous chapter. Chapter 6 also
explores the policy framework available and their track record in the Americas. To the extent possible many
of the social, economic, cultural and governance factors that affect their performance are considered.

What gaps in knowledge need to be addressed to better understand and
assess drivers, impacts and responses of biodiversity, ecosystem functions
and services at the regional level?
Much biodiversity remains to be scientifically under sampled for all types of ecosystems in the Americas,
particularly in South America and in the deep oceans. The potential areas with gaps in knowledge in this
Regional Assessment include:
i.

the contributions of NCP to quality of life, considering the mismatch of social and quality of life
(well-being) data produced at the political scale and ecological data produced at a biome scale;

ii.

the assessment of non-material NCP that contribute to quality of life,

iii.

the linkages from indirect to direct drivers and from the drivers to specific changes in biodiversity
and NCP,

iv.

the factors that affect the ability to generalize and scale up or down the results of individual studies,
and

v.

the evaluation of the impacts of short-term and long-term policy and programmes.

vi.

Investments in generating new knowledge on these matters, which are discussed across chapters,
may better elucidate how human quality of life is highly dependent on a healthy natural
environment as well as how threats to natural environments affect quality of life in the short,
median and long-term.

Relationship of the key questions to the implementation of the Strategic
Plan for Biodiversity and its Aichi biodiversity targets and to the Sustainable
Development Goals
The Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services Assessments
consider the synergies and trade-offs associated with meeting multiple goals and the interactions among
the social (including cultural), economic and environmental dimensions of sustainable development. This
Regional Assessment is highly relevant in the context of the CBD Strategic Plan for Biodiversity 2011–2020
and Aichi biodiversity targets, as well as national biodiversity strategies and action plans, and the UN
Sustainable Development Goals for 2030. The CBD strategic plan and targets are products of this
convention’s negotiations while the SDG resulted from the entire UN level negotiations agreed upon 193
countries.
In this Regional Assessment, the time frame of analyses covers the current status, trends up to 2020 (going
back as far as 50 years) and plausible future projections, with a focus on various periods between 2020 and
2050 that cover key target dates related to the Strategic Plan for Biodiversity 2011–2020 and the SDG. The
analyses include an evaluation of the likelihood of achieving the targets and goals (Chapters 2-6) if present
trends continue, and identify the types of changes in trends of biodiversity, and the drivers of those trends
that would increase the likelihood of achieving targets and goals that at present may appear elusive.
The degree of government’s commitment to conservation and sustainable use of biodiversity are captured
partly in the endorsement of many global agreements and conventions about biodiversity and its uses,
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presented in Table 1.2. For most countries, global commitments are often uncoupled from national policies
(6.3).
Table 1.2. Countries participating in international environmental commitments by subregion
North
South
MesoamericaCaribbeanConvention name
AmericaAmerica8
13*
2*
12
Convention on Biological Diversity (CBD)
1
8
12
13
United Nations Convention on the Law of
the Sea (UNCLOS)
1
8
9
13
Paris Accord (United Nations Framework
Convention on Climate Change)
2
7
10
13
CITES (Convention on International Trade in
Endangered Species of Wild Fauna and
Flora)
2
8
12
11
United Nations Conventions to Combat
Desertification (UNCCD)
2
8
12
13
Convention on the Conservation of
Migratory Species of Wild Animals
0
3
12
2
Ramsar Convention
2
8
11
8
Percentage of Area Terrestrial
14.40
28.20
25
14.60
Protected
Marine
6.90
2.10
3.90
1.20

*Greenland and the 13 Caribbean Island Protectorates still have aspects of foreign policy such as becoming Parties to
international agreements and conventions, influenced by other soverign States, and are not included in this table.
Source: Own representation and percentage of area protected from Juffe-Bignoli et al. (2014).

In the Americas, all countries, with the exception of the USA, are signatory to the CBD. Results from the 24
countries of the Latin America and Caribbean regions have reported mixed levels of progress towards the
biodiversity 2020 Aichi targets. Most progress has been reported in targets 11 and 17 (Protected areas and
the adoption and implementation of policy instruments). There is evidence of advanced progress in target
1 (People being aware of the value of biodiversity and the steps to conserve and use it sustainably); target
16 (Nagoya Protocol) and target 19 (Improved biodiversity information sharing). The targets reporting less
progress were targets 6 (Anthropogenic pressures/direct drivers of change minimized) and 10
(Management of fish and aquatic invertebrate stocks) (Chapter 6).
Even at these early stages of the sustainable development agenda, SDG are already providing essential
policy entry points to address a broad array of drivers that affect biodiversity and ecosystem services
(Chapter 6).
Given the negative impacts of policy choices and trade-offs on some aspects of biodiversity and NCP and
quality of life, few of the Aichi biodiversity targets will be met by 2020 for most countries in the Americas.
In a longer term perspective, few SDG or targets set under the Paris Agreement are likely to be met under
current business as usual scenarios (Chapters 2-3).

The conceptual approach for this Assessment
For an assessment to address the many types of issues encompassed in the IPBES core questions in section
1.4 and be of use to the broad range of target audiences described in 1.3.6, it must have as well structured
foundation. Integrative but explicit conceptual frameworks are particularly useful tools in fields requiring
interdisciplinary collaboration, where the frameworks are used to make sense of complexity by clarifying
and focusing thinking about relationships, supporting communication across disciplines and knowledge
systems and between knowledge and policy. This foundation is provided by the IPBES Conceptual
Framework.
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The analytical Intergovernmental Platform on Biodiversity and Ecosystem
Services Conceptual Framework
The Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services has developed a
conceptual framework (CF, Figure 1.4) as a concise summary of the relationships between people and
nature in words and pictures. The framework provides a common terminology and structure for the
components that are the focus of a system analysis, and proposes assumptions about key relationships in
the system.
The main elements of the IPBES Conceptual Framework
• Nature here refers to the natural world, with an emphasis on biodiversity and ecosystems. Nature gains
values based on the provision of various benefits to people, but within IPBES Assessments, nature is also
recognized as having intrinsic value, independent of human experience.
• Anthropogenic assets refer to knowledge, technology, financial assets, built infrastructure, etc.
• Nature’s contributions to people is, for IPBES, an inclusive category across knowledge systems. It is
defined as “all the benefits (and when they occur, losses or detriments) that humanity obtains from
nature” (Pascual et al., 2017; sections 1.3.1-1.3.2)
• Institutions and governance systems and at least some other indirect drivers are fundamentally linked
to the direct anthropogenic drivers that affect nature. They include systems of access to land, legislative
arrangements, international regimes such as agreements for the protection of endangered species, and
economic policies.
• Direct drivers, both natural and anthropogenic, affect nature directly. The direct anthropogenic drivers
are those that flow from human institutions and governance systems and other indirect drivers. They
include positive and negative effects, e.g. habitat conversion (e.g. degradation or restoration of land and
aquatic habitats), climate change, and species introductions. Direct natural drivers (e.g. volcanic
eruptions) can directly affect nature, anthropogenic assets, and quality of life, but their impacts are not
the main focus of IPBES.
• Indirect drivers, are the ways in which societies organize themselves, and the resulting influences on
other components. They are the underlying causes of environmental change that are exogenous to the
ecosystem in question. Because of their central role, influencing all aspects of human relationships with
nature, these are key levers for decision-making.
• Good quality of life is the achievement of a fulfilled human life. It is a highly value-based and contextdependent element comprising multiple factors such as access to food, water, health, education,
security, cultural identity, material prosperity, spiritual satisfaction, and freedom of choice. A society’s
achievement of good quality of life and the vision of what this entails directly influences institutions and
governance systems and other indirect drivers and, through them, all other elements. Good quality of
life, also indirectly shapes, via institutions, the ways in which individuals and groups relate to nature.
Likewise, the institutions and governance systems can be used by people to influence a society’s value
system and perception of what constitutes good quality of life”. IPBES does not address this aspect of
the conceptual framework in the Assessments, but actions governments and societies may choose to
take based on the findings of the IPBES Assessments often require addressing this pathway wisely.
Within these broad and cross-cultural categories, the Assessment identifies more specific subcategories,
associated with knowledge systems and disciplines in the Americas. For example, different worldviews may
have large gaps between the ways in which ecosystem goods and services (“green” category) and
contributions of nature (“blue” category) in Figure 1.4 are conceptualized, valued and used accordingly.
However, both categories are concerned with the things that societies obtain from the natural world, which
are collectively represented by the inclusive category nature’s contributions to people (“bold and black”
category). For consistency across Assessments, and to follow the spirit of the conceptual framework, the
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Assessments will use the inclusive “bold and black” categories as the starting point, and then refer back to
them in the conclusions, although more specific categories, strongly dependent on discipline, knowledge
system and purpose are likely to be used in the analytical work during the Assessment. The use of this
conceptual framework is presented in an example in the Amazon region in Figure 1.5.

In the main panel, delimited in grey, boxes and arrows denote the elements of nature and society that are
the main focus of the Platform. In each of the boxes, the headlines in black are inclusive categories that
should be intelligible and relevant to all stakeholders involved in IPBES and embrace the categories of
western science (in green) and equivalent or similar categories according to other knowledge systems (in
blue). The blue and green categories mentioned here are illustrative, not exhaustive, and are further
explained in the main text. Solid arrows in the main panel denote influence between elements; the dotted
arrows denote links that are acknowledged as important, but are not the main focus of IPBES. The thick
coloured arrows below and to the right of the central panel indicate that the interactions between the
elements change over time (horizontal bottom arrow) and occur at various scales in space (vertical arrow).
The vertical lines to the right of the time arrow indicate the geographical scale (scope), build on properties
and relationships acting at finer (national and subnational) scales (resolution). The resolution line does not
extend all the way up to the global level because, for the types of relationships explored by IPBES the
spatially heterogeneous nature of biodiversity is important, so IPBES Assessments will be most useful if they
retain finer resolution.
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How this Regional Assessment deals with different knowledge systems
Scientific knowledge, indigenous knowledge, and local knowledge systems all play a central role in IPBES
Assessments. In IPBES, indigenous and local knowledge (ILK) systems are defined as dynamic bodies of
integrated, often holistic, social-ecological knowledge, practices and beliefs about the relationship of living
beings, including humans, with one another and with their environment. Indigenous and local knowledge
is highly diverse, produced in a collective manner and reproduced at the interface between the diversity of
ecosystems and human cultural systems. It is continuously evolving through the interaction of experiences
and different types of knowledge (written, oral, tacit, practical, and scientific) among indigenous peoples
and local communities.
Governance, institutions and policies vary in the extent and ways that they take into account indigenous
and local knowledge and practices (Pascual et al., 2014; Martin et al., 2016; Vogt et al., 2016). Indigenous
and local knowledge can take a particularly prominent role when addressing “values” and valuation in
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Assessments. Valuation tools that use multiple knowledge systems to fully capture the multiplicity of
culturally different worldviews, visions and approaches to achieving a good quality of life are needed and
often not available (Tengö et al., 2014). To this end, IPBES has developed a preliminary guide on the diverse
values of nature and its contributions to people. This guide complements guidance IPBES has developed for
the integration of ILK into its Assessments that respects not only the diversity and value of ILK, but also the
rights of indigenous and local communities to share in the benefits of knowledge gained from the
Assessmentss (Pascual et al., 2014; Berbes-Blazquez, 2016). IPBES integrates ILK into its Assessmentss
through the appointment of experts to conduct and review Assessmentss represent, who can or have
expertise, in ILK.

How this Regional Assessment deals with “value”
Understanding values, how they are conceptualized and formed and how they change across contexts and
scales, is critical to inform decision making and policy design at local, national and global levels (IPBES,
2015b). The ways in which nature and its contributions to people for a good quality of life are perceived
and valued may be starkly different and even conflicting (IPBES, 2015b; Pascual et al., 2017). Multiple values
can be associated with multiple cultural and institutional contexts and may be often difficult to compare by
the same measure. Therefore, IPBES recognizes that the word ‘value’ can refer to a given worldview or
cultural context, a preference someone has for a particular state of the world, the importance of something
for itself or for others (IPBES, 2015b; Pascual et al., 2017).
At present, governance, institutions and policies are challenged to take adequately into account the diverse
conceptualization of multiple values of nature and its contributions to people embodied in the IPBES
conceptual framework (Pascual et al., 2017). Any single valuation methodology applied to NCP cannot avoid
reflecting the values attached to the specific uses to be made by the NCP, and those uses vary widely among
cultures, societies and economic strata. Therefore, if valuation is intended to encompass diverse
perspectives, a multiplicity of valuation methodologies will be needed, as well as methods for combining
the results in ways that do not selectively favour one worldview over other. Such methodologies and
strategies for combining results are not yet fully developed. Nevertheless, assessments striving to move in
that direction can be a significant resource for a range of decision makers, including governments, civil
society organizations, indigenous peoples and local communities. Therefore, IPBES Assessmentss will be
based on the recognition of culturally different worldviews, visions and approaches to achieving a good
quality of life in the context of the conceptual framework (section 1.5.1 presenting results of using multiple
approaches to valuation, and interpreting the results in inclusive contexts).

How can models and scenarios serve as tools for decision-making?
Scenarios are plausible, challenging, and relevant stories about how the future might unfold, while a
scenario archetype is a group of futures which are deemed ‘similar’ according to the purpose of a specific
analysis (Boschetti et al., 2016). The different scenarios in a set can reflect different plausible future
trajectories of indirect and direct drivers of nature and NCP; responses to potential policy and management
interventions; or the results of a combination of these (IPBES, 2016b). Models refer to qualitative, or when
possible quantitative, descriptions of the links between any two elements of the framework that provide
the means to relate changes in one element to estimates, or projections, of changes in the other.
Scenarios and models can provide an effective means of gaining insight into relationships among nature,
nature’s contributions to people, and good quality of life according to different worldviews. For example,
we can analyze different scenarios of access to land impact well-being of indigenous communities (given
the dependence of these actors on certain components of biodiversity such as food and medicinal plants,
see chapter 2), show how those same scenarios affect differently other actors such as agricultural
producers, or inform discussions of both perspectives.
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One of the key objectives in using scenarios and models is to move away from a reactive mode of decisionmaking, in which society responds to the degradation of biodiversity and nature’s benefits to people in an
uncoordinated, piecemeal fashion, to a proactive mode, in which society anticipates change and takes
actions that avoid, reduce or mitigate adverse impacts, capitalizes on important opportunities, and ensure
adaptation and mitigation strategies are integrative and holistic (Carpenter et al., 2006). Scenarios and
models used in IPBES are typically explicitly or implicitly built on four main components:
●

Scenarios of socioeconomic development (e.g. population growth, economic growth, per capita
food consumption, greenhouse gas emissions) and policy options (e.g. reducing carbon emissions
from deforestation and forest degradation, subsidies for bioenergy);

●

Projections of changes in direct drivers of biodiversity and ecosystem function (e.g. land use
change, fishing pressure, climate change, invasive alien species, nitrogen deposition);

●

Projections of the impacts of drivers on biodiversity (e.g. species extinctions, changes in species
abundance and shifts in ranges of species, species groups or biomes);

●

Projections of the impacts of drivers and changes in biodiversity on NCP (e.g. ecosystem
productivity, control of water flow and quality, ecosystem carbon storage, cultural values).

These elements generally correspond to the structure of the IPBES conceptual framework, and Figure 1.6
below illustrates how scenarios and models are typically coupled to provide projections of future
trajectories of biodiversity, NCP and human well-being. Elements can range from highly quantitative (e.g.
econometric models of socioeconomic development) to qualitative (e.g. prospective scenarios of
development based on expert-stakeholder dialogues (Coreau et al., 2009).
The Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services aims to match its
scenarios carefully to the needs of particular policy or decision contexts, paying particular attention to (i)
the choice of drivers or policy options that determine the appropriate types of scenarios (e.g. exploratory,
target-seeking or policy screening); (ii) the impacts on nature and nature's benefits that are of interest and
that determine the types of models of impacts that should be mobilized; (iii) the diverse values that need
to be addressed and that determine the appropriate methods for assessing those impacts; and (iv) the type
of policy or decision-making processes that are being supported and that determine the suitability of
different assessment or decision-support tools (e.g. multi-criteria analysis and management strategy
evaluation).
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Impact of policies on nature’s contribution to people
Policies can affect ecosystem structure, functions and ecosystem services (NCP) by altering how
governments, institutions, and individuals interact with nature. Policies are designed to address particular
challenges such as the loss of biodiversity and ecosystem services using different types of tools or
instruments.
Some policy tools provide incentives for behaviors that are consistent with restoring or maintaining
ecosystems or disincentives to behaviors that can lead to harmful impacts on ecosystem structure or
function or availability of NCP (e.g. fines and taxes). Policies can indirectly affect the value decision-makers
or citizens give to ecosystems by providing incentives, disincentives or enabling conditions directed at the
actions of civil society, the corporate community, and government institutions. For example, policy
instruments such as legally protected lands can affect positively the value of these areas for their supply
with drinking water and associated NCP by protecting its quality and quantity, Reciprocally, if people place
a high value on experiencing natural areas (also an NCP), they can provide incentives for decision-makers
to support policies that protect such areas (WB & WWF, 2003). In Venezuela, the economic value of the
reduced sedimentation from a national protected area system is estimated at approximately $3.5 million
annually (in terms of reduced farmer income) (Pabon-Zamora et al., 2008). However, if not designed and
implemented carefully, such benefits may come at the cost of displacement of local community uses of
protected areas, such as when marine protected areas attract significant ecotourism revenues, but displace
community-based fisher families with few alternative options for livelihoods (FAO, 2015).
On the other hand, policies may result in incentives to use biodiversity and ecosystem services (nature and
NCP) irresponsibly. For example in the energy sector, domestic subsidies of fuel prices promote
overutilization of these resources, increases greenhouse gas emissions, and a negative contribution to
climate change (IEA, 2015) accelerating climate change impacts on biodiversity and people (Bruckner et al.,
2014). Alternative policies such as decarbonizing electric generation, applying carbon standards to power
plants or eliminating subsidies for producing or consuming fossil fuels may have different consequences,
including reducing air pollution (Schwanitz et al., 2014) and their associated benefits to human health
(Buonocore et al., 2015; Driscoll et al., 2015); improving energy efficiency (IEA, 2015) and developing
renewable energy sources (Bruckner et al., 2014). However, such alternatives must be considered fully, as
hydroelectric power may require substantial modifications to natural watersheds, and mining the raw
materials needed for solar panels can have a large environmental footprint (Bruckner et al., 2014; Nugent
& Sovacool, 2014). These complexities in developing responsible policies for conservation and sustainable
use of nature and NCP highlight the importance of the efforts of the IPBES Regional Assessments to consider
the multiple knowledge systems and the values of diverse worldviews, and to use scenarios and models
effectively.
Regional differences also influence in the way some policies affect value given to ecosystems, for example
to protected areas and their relation to ecotourism. Policies addressing ecotourism could emphasise the
substantial economic benefits from recreational use associated with ecotourism in conserved areas or give
more weight to protective approaches to biodiversity conservation and restrict ecotourism stringently.
Similarly, policies and values for food production systems can either promote genetically modified crops
grown with highly industrialized production systems, or favour production systems using traditional
varieties of plants involving rich local and indigenous knowledge applied to the cultivation of such plants
under particular environmental settings (Jacobsen et al., 2013; Bazile et al., 2016; CIP, 2017).
Current dialogue on NCP emphasizes the importance of their relationships with livelihoods and human wellbeing (Raudsepp-Hearne et al., 2010; Haines-Young & Potschin, 2012), interactions among multiple services
(Kremen, 2005; Bennett et al., 2009; Rodríguez Osuna et al., 2018), how bundles of NCP can help us
understand co-benefits and trade-offs (Raudsepp-Hearne et al., 2010), and that some contributions accrue
to private beneficiaries in contrasted with broader public goods (Garbach et al., 2014, 2016). Policies and
programmes that are able to adopt bundling approaches to NCP, where multiple benefits and trade-offs
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are measured and assured (e.g. water and food security, climate change adaptation as well as social and
cultural benefits) provide opportunities towards the achievement of sustainable development and
biodiversity goals.

Nature and economies of the Americas
Biophysical aspects

The Americas encompass a large diversity of ecosystems, including wide extensions of deserts, grasslands,
savannas and forests, in different climatic conditions (polar, temperate, mediterranean, arid, subtropical,
tropical) and topographic situations (plains, plateau, mountains). The combination of all those settings
along the Neotropic and Neartic biogeographical realms covers all the 14 terrestrial biomes defined by
Olson et al., (2001), as well as all the freshwater and marine biomes defined in the Marine Ecosystems of
the World and Global Open Ocean Deep Sea classifications (Spalding et al., 2007; Rice et al., 2011). The
region includes also 55 of the 195 terrestrial and freshwater ecoregions considered globally as having
exceptional biodiversity, i.e. with highly distinctive or irreplaceable species composition (Olson &
Dinerstein, 2002), including the largest rainforest and largest river in the world situated in the Amazonian
region. Similarly, the Caribbean is considered a hotspot for marine biodiversity, as are reefs and bays of
Mesoamerica (WOA, 2016).

The Intergovernmental Platform on Biodiversity and Ecosystem Services unit of analysis and
subregions of the Americas
The subdivision of the Earth’s surface into units for the purposes of analysis is notoriously controversial and
there is no single agreed-upon system that IPBES can adopt as its standard. The Intergovernmental SciencePolicy Platform on Biodiversity and Ecosystem Services has consulted widely to arrive at the classification
below. This system serves as a framework for comparisons within and among assessments and represents
a pragmatic solution, which may be adapted and evolve as the work of IPBES develops. These units are
called “IPBES terrestrial and aquatic units of analysis” (Figure 1.7), rather than alternatives such as “biomes”
or “ecoregions”, both because they do not map exactly onto such ecological classifications, and among
different disciplines there is rarely consensus on the geographic boundaries when applying such
classification systems. These units of analysis serve the purposes of IPBES, and are not intended to be
prescriptive for other purposes; nor are the labels of individual units to be taken as synonymous with
“biomes” from any single classification system. Note also that the word “aquatic” is here used to include
both marine and freshwater systems.
Ecological units of analysis are represented in different socio-economic and governance contexts with
different administrative boundaries. For this reason, IPBES has also decided to use a classification of the
Americas in four subregions considering their focus on science-policy interface (Figure 1.8).
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North America
North America is the largest subregion of the Americas, at just over 23.5 million km2. At the time of
European settlement starting in the 1500’s, all major temperate and polar units of analysis were extensive
and intact. The eastern third of North America was dominated by temperate, primarily deciduous, forests
covering all the coastal lowlands, the Appalachian mountains (only of few of which extend above the
treeline) and the eastern portion of the Mississippi River basin. Across the northern portion of treed lands,
boreal forests constituted a band often nearly 1,000 km wide, extending from the Atlantic to the Rocky
Mountains and Alaska. The central portion of North America comprised the Great Plains and related
grasslands, covering nearly 1.3 million km2 of unbroken grassland. The western Rocky Mountains and Pacific
Coastal Range along the Pacific seacoast, both extending from Mexico to Alaska, together covered over 1.5
million km2. In the USA southwest more than 0.75 million km2 were drylands and desert, whereas the
world’s largest expanse of tundra was found across the entire northerly continental land mass and Arctic
Archipelago of Canada and Greenland (including the ice sheet and glaciers), at nearly 3.5 million km2.
Several major river systems, and many smaller ones, drain North America, emptying into the three
bordering oceans. The largest is the Mississippi-Missouri drainage flowing southward through the center of
North America to the Gulf of Mexico. With a drainage area of over 3 million km2 it is the fourth largest
drainage basin in the world. Also flowing southward but into the Gulf of California and draining much of the
desert southwest is the Colorado River basin. The Great Lakes, the largest freshwater lacustrine system in
the world, are part of the easterly flowing St Lawrence River drainage, emptying through the Gulf of St
Lawrence into the Atlantic. The major rivers flowing northward into the Arctic Ocean are the Mackenzie
and the Yukon, whereas the largest river drainage emptying directly into Pacific Ocean is the Columbia.
Aside from the Mackenzie and Yukon, all these river systems have been extensively altered for navigation,
hydropower generation, flood control, municipal water supply, and irrigation.
With the expansion of settlement by non-indigenous immigrants and their descendants, most of these
biomes were extensively altered through land transformation and development of urban areas and linking
infrastructure. With the changes in landforms, many iconic species, such as the American Bison and Pacific
salmon have declined or, in the case of the once abundant Passenger Pigeon, become extinct. The
Indigenous Peoples inhabiting these biomes were also decimated by conquest, disease, and intentional
displacement from traditional lands, although the precise numbers are contested among experts, and their
traditional livelihoods, closely attuned to nature and sustainable use of NCP, typically rendered impossible
to pursue.

Mesoamerica
The Mesoamerican subregion is considered a priority ecoregion due to the high concentration of smallranged vertebrates (Jenkins et al., 2013) and a biodiversity hotspot due to the high concentration of
endemics species and large loss of habitat (Myers et al., 2000). This region connects species movement
among south and north land masses resulting in high species diversity (DeClerck et al., 2010). Its particular
long and narrow shaped area is divided by a mountain range creating diverse environmental conditions
(Olson et al., 2001; DeClerck et al., 2010) with montane biomes extending along the entire south-north axis
of Mesoamerica. Mangroves and coral reefs occur in patches along both Atlantic and Pacific coasts,
although more extensively on the Atlantic. Reflecting the narrow width and central mountains of
Mesoamerica, rivers are generally a most a few hundred km (Grijalva river), aside from the larger Rio
Grande drainage on the northern boundary of the subregion (Lehner et al., 2006).
Ten per cent of the territory is under some form of protection (WDPA, 2017) where the 1) mediterranean
forests, woodlands, and scrub, 2) tropical and subtropical dry broadleaf forests and tropical and 3)
subtropical moist broadleaf forests are the least protected biomes.
The Mesoamerican subregion holds a very high level of endemism of 44.4%. Of these, over 40% are
threatened. In total, 84.7% of all the subregion’s threatened species are endemic. Particularly well-known
subregional endemics include the Old Man Cactus (Cephalocereus senilis) and the Axolotl (Ambystoma
mexicanum).
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Caribbean
The Caribbean Region comprises twenty-eight island nations which themselves are composed of over seven
thousand islands and cays. As Small Island Developing States, these predominantly coastal areas are under
risks from extreme geophysical events by virtue of their geographic locations within the tropics. They are
susceptible to the hazards of hurricanes, earthquakes, volcanic eruptions and tsunamis (Granger, 1997).
The islands are characterized into five (geophysical) categories: volcanic islands of recent formation; old
complex volcanic islands; volcanic islands with lagoons and barrier reefs; atolls and raised atolls; and
successive sedimentary deposit islands.
The steep topography seen on these islands supports a variety forest types in small areas (Lugo et al., 1981).
These forests range from mangrove forests dominated by 1-4 mangrove species, to tropical rain forests
comprising two thousand species of flowering plants (Beard et al., 1944). The Dry Forests in Puerto Rico,
USA Virgin Islands and The Bahamas present a diverse and unique biome for the Caribbean Islands (Franklin
et al., 2015). The Guanica forest in Puerto Rico comprises approximately four thousand hectares of dry
forest (Lugo et al., 1995). As most of these dry forests are coastal, they are under increased risk of damage
from hurricanes, storm surge and sea level rise.
The coral reef ecosystems that surround most of the islands of the Caribbean support the major sectors of
tourism and fishing. However, these reef areas are under significant threat from overfishing and direct
results of human activities causing excess nutrients and sediments via pollution, deforestation, reef mining
and dredging (Hughes, 1994; Perry et al., 2013). The architectural complexity has declined over the past
forty years (Alvarez-Filip et al., 2009).

South America
South America is the second largest subregion of the Americas, comprised of 12 States, covering 17.7 million
km2. South America exhibits a diverse pattern of weather and climate due to its considerable north-south
extension and prominent topography, including tropical, subtropical and extratropical features. The large
scale phenomena like the El Niño Southern Oscillation, contribute to the high variability of the South
American climate (i.e. interannual and interdecadal changes), and the sea surface temperature north-south
gradient has a profound impact on the climate and weather of eastern South America (Garreaud et al.,
2009).
South America is characterized by the presence of the Andes, the longest continental mountain range in
the world (Campetella & Vera, 2002). The Andes cover more than 2,500,000 km² hosting a population of
about 85 million (45% of total continental population), with the northern Andes as one of the most densely
populated mountain regions in the world. At least a further 20 million people are also dependent on
mountain resources and ecosystem services in the large cities along the Pacific coast of South America. The
Andes is highly diverse in terms of landscape, biodiversity including agro-biodiversity, languages, peoples
and cultures (FAO, 2012a).
Another particularity of the region is the extensive watershed of big rivers, like Amazon, Orinoco, Paraná,
among de various long rivers of South America (Nilsson et al., 2005). The largest is the Amazon Basin,
containing forests that not only sustain the greatest biological diversity (Amazon is home to one out of
every five mammal, fish, bird and tree species in the world); but the homes to indigenous peoples. At
regional and global scales, tropical forests also have a major influence on carbon storage and climate, so
they are also vital for regional climates (Laurence, 1999). The trees of the Amazon contain 90–140 billion
tons of carbon, equivalent to approximately 9–14 decades of current global, annual, human-induced carbon
emissions. Approximately, eight trillion tons of water evaporate from Amazon forests each year, with
important influences on global atmospheric circulation (Nepstad et al., 2008).
Savannas are the most extensive biome in the tropics, and important spatial extensions in the subtropic,
that has been shaped by a long history of interaction with humans, fire, climate and wildlife. The impacts
on savanna composition, distribution and function based on increasing human population growth, climate
change, atmospheric change and resource use impact, bring multidimentional challenges, within the
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political realms, land tenures and economic shifts, what in fact requires effective long-term management
strategies and thus ensure a sustainable future for savanna ecosystems (Marchant, 2010).
The neotropical Atlantic Forest supports one of the highest degrees of species richness and rates of
endemism on the planet, but has also undergone a huge forest loss, for example the Brazilian Atlantic Forest
is highly fragmented and with just 12–16% of the original forest cover left (Ribeiro et al., 2009).
There are differences in state of knowledge of the marine biodiversity among the subregions, and even
though incomplete in some areas, there are differences in total biodiversity among Atlantic and Pacific
oceans at the same latitude. At north of the continent, the Tropical East Pacific is richer in species than the
Tropical West Atlantic. In the south, the Humboldt Current system is much richer than the Patagonian Shelf.
An analysis of endemism shows that 75% of the species are reported within only one of the South America
regions, while about 22% of the species of South America are not reported elsewhere in the world
(Miloslavich et al., 2011).

Historical note and biomes transformation in the Americas

The region is populated by a uniquely large proportion of new or descendants of immigrants from all parts
of Europe, Asia and Africa, in addition to over 66.2 million indigenous peoples who have persisted culturally
despite centuries of land expropriation and in some cases active persecution and genocide (Chapter 2). All
subregions have had the representation of units of analysis extensively altered post 1500, when
immigration from the Old World and subsequent expansion of European style “settlement” brought new
cultures and more advanced technologies and to the Americas. These contrasts may be particularly
informative for development of effective policies, by shedding light on how socio-economic factors affect
conservation policies and measures, and how economic and social policies perform in different biotic
settings.
The Americas have experienced extensive change in biomes, with notable expansion of croplands in the
last three centuries (Figure 1.9). The origin of crops, and their precursors, and current growing location of
crops go hand in hand. The ‘centers of origin’ of crops are a theme of considerable debate (Beddow et al.,
2010). However, there is little doubt that the process of domestication and geographical dispersal are part
of the broader history of human-induced spatial movement of plants and animals. Candolle (1884) observed
that ancient plant propagation in the Mediterranean by the Egyptians and Phoenicians enabled subsequent
migrants to carry West Asian genetic material to Europe at least 4,000 years ago; there is well-established
Chinese cultivation of rice, sweet potatoes, wheat and millets as early as 2,700 BC.
The rate at which human action has driven development, improvement and movement of plants and
animals has accelerated significantly in the past 500 years (Beddow et al., 2010). The “Colombian Exchange”
was an important historical events initiated when Columbus made contact with Native Americans in the
New World (Crosby, 1987; Diamond, 1999). Beddow et al. (2010) emphasize that “most of the commercial
agriculture in the USAtoday is based on crop and livestock species introduced from Eurasia (e.g. wheat,
barley, rice, soybeans, grapes, apples, citrus, cattle, sheep, hogs, and chickens), though with significant
involvement of American species (e.g. corn, peppers, potatoes, tobacco, tomatoes, and turkeys) that are
also distributed throughout the rest of the world.” The global movement of agriculturally important plants
and animals, and their accompanying pests and diseases, has been a pivotal element in both the history of
agriculture and transformation of biomes in the Americas.
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Cultural aspects: Presence of indigenous groups, population, and land
holdings
There are at least 66 million indigenous people in the four subregions of the Americas, ranging from 89.29%
of indigenous people in Greenland to 0.04% in Cuba (Tables 1.3). However, the percentage of the
indigenous population in each country, sourced from either official censuses or other surveys, could be
higher than values presented in the tables below. There are some countries, for example, where more than
half of the indigenous population live in urban areas - such as Mexico, Peru, Uruguay and Venezuela - and
are not captured in these statistics. Self-declaration is also another cause of under-representation in census
data of the Americas. For example, the Amazon region alone has outstanding cultural diversity with 420
indigenous and tribal peoples, 86 languages and 650 dialects (www.otca.info) and wealth of ILK (Berkes,
2012; Tengö et al., 2014), but faces poverty and social inequality (PNUD, 2013; Ioris, 2016).
The results in the tables below show the information gap, especially among the Caribbean countries, where
there are almost no records or quantitative data. This does not imply the absence of indigenous groups or
land in a given country. In the broader Caribbean region the indigenous populations were almost totally
decimated by colonization in the post-Columbus era. To find evidence of indigenous groups' population and
territorial holdings in these countries required the use of other sources of information. A considerable
amount of information for this subsection was found in magazines of local and other international
organizations, such as “Cultural Survival”.
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Table 1.3. Indigenous population (IP) in the Americas
Region
North
America

Mesoamerica

South America

Caribbean

*1000 (thousands)
%
Year
Population Country
IP/PC
Indigenous population (IP)
(PC)

Country

Greenland
Canada
USA
Mexico
Guatemala
Nicaragua
Costa Rica
Panama
Honduras
Belize
El Salvador
Argentina
Bolivia
Brazil
Chile
Colombia
Ecuador
Guyana
French Guyana
Paraguay
Peru
Surinam
Uruguay
Venezuela
Antigua and Barbuda
The Bahamas
Barbados
Cuba
Dominica
Grenada
Haiti
Jamaica
Dominican Republic
St. Lucia
St. Kitts and Nevis
St. Vincent and
Grenadines
Trinidad and Tobago

a. World Bank (2015)
b. Hansen et al. (2017)
c. CEPAL (2010)
d. Montenegro & Stephens (2006)
e. Instituto Socioambiental (ISA) (2010)

the

357,327
56a
35,852 a
321,419 a
172,740
127,017 a
16,343 a
6,082 a
4,808 a
3,929 a
8,075 a
359 a
6,127 a
418,420
43,416 a
10,725 a
207,848 a
17,948 a
48,229 a
16,144 a
767 a
244 b
6,639 a
31,377 a
543 a
3,432 a
31,108 a
38,009
92 a
388 a
284 a
11,390 a
73 a
107 a
10,711 a
2,726 a
10,528 a
185 a
56 a
109 a
1,360 a

8,051
50b
1,401 b
6,600 b
33,778
21,497j
9,805 b
567 b
104 c
418 c
922d
44 d
422 d
24,277
955 b
5,652 d
897e
1,566 f
1,500 b
1,018 c
51 d
10 b
113 b
11,655 d
20 b
115g
725 c

2,3
89,3
3,9
2,1
19,6
13,3
60,0
9,3
2,2
10,6
11,4
12,3
6,9
5,8
2,2
52,7
0,4
8,7
3,1
6,3
6,6
4,1
1,7
37,1
3,7
3,4
2,3

3d

0,8

2006

5h
3i

0,0
4,1

2011
2017

51 d

1,9

2006

2017
2017
2017
2015
2017
2017
2010
2010
2006
2006
2006
2017
2006
2010
2013
2016
2010
2006
2017
2017
2006
2017
2004
2010

26 d
1,9
2006
f. Ministerio de Desarrollo Social de Chile (2013)
g. Lopez (2009)
h. Poole (2011)
i. Kalinago (2017)
j. Instituto Nacional de Estadística y Geografia México
(2015)

There is an area of around 272 million hectares of indigenous lands in different countries of the Americas
(Table 1.4). One initial criteria include the presence or extension of indigenous people lands legally
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recognized in constitutional country-based legislations and/or international agreements such as
Convention 169 of the International Labor Organization. However, although countries like Chile are
signatories of this international convention, laws in this country do not recognize “land property” owned
by indigenous communities. In other cases, there is no legal land recognised at the community level as in
Trinidad and Tobago and Suriname.
Table 1.4. Indigenous land in the Americas
Region
North
America

Mesoamerica

South
America

Caribbean

Country

*1000 (ha)
Country
Areaa

Indigenous land

%
Indigenous
land/Country Area

25,500

1,2

Mexico
Guatemala
Nicaragua
Costa Rica
Panama
Honduras
Belize
El Salvador

2198,227
216,609b
998,467
983,151
248,676
196,438
10,899
13,037
5,110
7,542
11,249
2,297
2,104

2,800c
22,700d
48,495
45,700e
1,531 e

0,3
2,3
19,5
23,3
14,0

334f
753 e
160 e
17g

6,5
10,0
1,4
0,7

Argentina
Bolivia
Brazil
Chile
Colombia
Ecuador
Guyana
French Guyana
Paraguay
Peru
Surinam
Uruguay
Venezuela

1780,326
279,181
109,858
851,577
75,610
114,175
25,637
21,497
8,385
40,675
128,522
16,382
17,622
91,205

197,813
Nd
20,000f
117,310 h
328i
36,337J
6,830e
3,108k
Nd

11,1

13,200 e
0

10,3
0

700 e

0,8

Antigua and Barbuda
The Bahamas
Barbados
Cuba
Dominica
Grenada
Haiti
Jamaica
Dominican Republic
St. Lucia
St. Kitts and Nevis

44
1,388
43
10,989
75
35
2,775
1,099
4,867
62
26

Greenland
Canada
USA

2l

18,2
13,8
0,4
31,8
26,6
14,5

44
1,388
43
10,989
75
35
2,775
1,099
4,867
62
26
40
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St. Vincent and the Grenadines 39
Trinidad and Tobago
513

0,1m
0n

a. IBGE (2017)
b. Central Intelligence Agency (2015)
c. Statistics Canada (201)
d. USA Department of the Interior Indians Affair
(2017)
e. Blaser et al. (2011)
f. Hansen et al. (2017)
g. Cultural Survival Quarterly Magazine 82013)

Nd: No data

39
513

h. Instituto Socioambiental (ISA) (2017)
i. FAO (2012b)
j. Van Dam (2011)
k. Amerindian Peoples Association (2017)
l. Kalinago Territory (2017)
m. Cultural Survival Quarterly Magazine
(2017)
n. Santa Rosa First Peoples Community
(2015)

Socio-economic features
The population in the Americas represent 15% of the total global human population (UNDP, 2016) with a
population density in the Americas ranges from 2 per 100 km2 of land in Greenland to over 9,000 per km2
in several core urban centers. It includes the most urbanized regions in the world (North America and Latin
America and the Caribbean with 82% and 80% of inhabitants living in urban areas respectively) (UN-DESA,
2016). Five cities in the Americas (Sao Paulo, Mexico DF, New York-Newark, Buenos Aires and Rio de Janeiro)
are in the top 20 world’s megacities (more than 10 million inhabitants) in 2016 (UN-DESA, 2016).
Patterns of economic growth differ both, among and within the subregions. Some key socio-economic
indicators such as the GDP 4, the Globalization index 5 or the HDI 6 show marked differences between
subregions (Figure 1.10). There is a clear contrast between North American countries and the rest of the
region. South America presents a high heterogeneity in the three indicators. The Americas contains two of
the top 10 countries with the highest HDI as well as one of the countries with lowest human development
(UNDP, 2016). Economic growth and international trade have improved the quality of life of many people,
but often at the cost of increasing demand for natural resources, which affect other group’s quality of life.
Overall, poverty levels have decreased in the last two decades but groups in Mesoamerica, the Caribbean
and South America are yet facing poverty (Chapter 2). Such heterogeneity hampers developing general
conclusions that apply equally across all subregions.

GDP at purchaser's prices is the sum of gross value added by all resident producers in the economy plus any product taxes and
minus any subsidies not included in the value of the products. It is calculated without making deductions for depreciation of
fabricated assets or for depletion and degradation of natural resources. Data are in current USA dollars. Dollar figures for GDP are
converted from domestic currencies using single year official exchange rates. For a few countries where the official exchange rate
does not reflect the rate effectively applied to actual foreign exchange transactions, an alternative conversion factor is used (World
Bank, 2017).
5 The index of globalization covers three main dimensions: economic integration, social integration, and political integration. Using
panel data for 123 countries in 1970-2000 it is analyzed empirically whether the overall index of globalization as well as sub-indexes
constructed to measure the single dimensions affect economic growth. As the results show, globalization indeed promotes growth.
The dimensions most robustly related with growth refer to actual economic flows and restrictions in developed countries. Although
less robustly, information flows also promote growth whereas political integration has no effect (Gygli et al., 2018).
6 Human Development Index (HDI) is a composite index constructed by combining a range of indicators that aim at capturing human
achievement in three dimensions: per capita income, education, and life expectancy (UNDP, 2016).
4
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Table 1.5 presents several subregional socio-economic indicators with their average values by indicator,
along with the lowest and highest value across the states. Because the countries differ in size as well as
development, indicators that are national totals rather than per capita values should be compared with
caution. Even within countries some socio-economic factors like personal income have such skewed
distributions that an average value may represent status of the citizenry very poorly.

42

IPBES/6/INF/4/Rev.1

Table 1.5. Socio-economic indicators by subregion
North
Descriptors
Mesoamerica
America
Countries
Canada,
Belize, Costa
included in the USA,
Rica,
El
assessment
Salvador,
Greenland
Guatemala,
Honduras,
Mexico,
Nicaragua
and Panama

Total area (km2): 21,415,862
41,858,533
Social and demographic indicators
Population
(million
~360
inhabitants, 2015)
Adult literacy rate
84% (USA) –
15+ years (%),
99%
2015
(Canada)
Mean (min-max)
Industry,
value
added (% of GDP),
2014
Mean (min-max)
Gross
National
Income per capita
(US dollars, 2013
for South America
and 2015 for the
rest
of
subregions)
Mean (min-max)

20.7
Data only
available for
USA
51,615
(47,25055,980)
Data
not
available for
Greenland

Caribbean

Source

Antigua
and
Barbuda,
The
Bahamas,
Barbados, Cuba,
Dominica,
Dominican
Republican 7,
Grenada, Haiti,
Jamaica, Saint
Kitts and Nevis,
Saint Lucia, Saint
Vincent and the
Grenadines and
Trinidad
and
Tobago
233,839

IPBES (2015a)

2,477,901

South
America
Argentina,
Bolivia
(Plurinational
State
of),
Brazil, Chile,
Colombia,
Ecuador,
Guyana,
Paraguay,
Peru,
Suriname,
Uruguay and
Venezuela
(Bolivarian
Republic of)
17,730,93

~ 175

~ 418

~ 38

88.5
(79-98)

95
(88 – 98)

26.3
(18-32)

32.2
(21-42)

6,028
(1940-11880)

8,954
(2,620
15,580)

88
(61-100)
Data available
for 5 countries
21.6
(11.3-48.8)
Data
not
available
for
Haiti

–

10,219
(810-20,740)
Data
not
available
for
Cuba

World
(2015)

Bank

World Bank
(2015)
(National
statistics)
World
(2015)

Bank

World
(2015)

Bank

Governance in the Americas
For this Assessment “governance” will be discussed in several chapters, referring to structures and
processes that are designed to ensure accountability, transparency, responsiveness, rule of law, stability,
equity and inclusiveness, empowerment, and broad-based participation. Governance is more than the
institutions of the government, but encompasses all the ways that social units of people are structured and
7

On socioeconomic, cultural and historical grounds, the Dominican Republic could be considered part of Mesoamerica, and Guyana
part of the Caribbean.
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managed to meet a need or to pursue collective goals (UNESCO, 2017). In the Americas many different
types of governance arrangements have developed. These occur in different social, economic and
environmental contexts, associated with a diverse range of institutional arrangements and mechanisms
that operate at multiple scales of intervention.
The IPBES Assessment does not analyse governance structures and mechanisms. However, since
governance reflects the norms, values and rules through which public affairs are managed and includes the
culture and institutional environment in which citizens and stakeholders interact among themselves and
participate in public affairs, it is relevant to explaining many of the patterns and trends discussed
throughout the Assessment. It is also a relevant consideration in contemplating potential pathways and
policy options for the future. Consequently, some higher level features of governance in the subregions are
summarized below (Table 1.6).
In terms of governance, the single greatest difference among subregions may be simply in the size and
number of independent States, with North America, the geographically largest subregion, comprised of
only Canada, the USA, and Greenland (under Danish rule). The geographically smallest region, the
Caribbean, on the other hand, includes 13 independent States and 13 Protectorates. The indicators of
Governance are taken from the Worldwide Governance Indicators (Kaufmann et al., 2010) and The
Economist Group (http://www.economistgroup.com/) to provide some insight into the degree to which
governance processes can support efforts to conserve and sustain biodiversity and maintain deliver of NCP.
Table 1.6. Governance indicators by subregion
North
Descriptors 8
Mesoamerica
America*
4.05 (2.8-5.3)
Political Instability Index, Data
not 5.9
2009-2010
available for (3.5 -7.1)
Greenland
Political Stability and 88
Absence of Violence or (70-100)
Terrorism
(Percentile
42.12
Rank 0-100), 2015
(18-64)
92
Rule of law (0-100 rank),
34.1
(90-95)
2015
(15-69)
Control of corruption (0100 rank), 2015

89
(84-94)

40
(19-75)

South
America

Caribbean*

Source

6.06 (4.2-7.8)
Data available
for 5 countries

The
Economist
Group 9

68.76
(22-97)

Kaufmann
et al. (2010)

41
(11-87)

56
(10-82)

Kaufmann
et al. (2010)

39
(6-89)

59
(9-93)

Kaufmann
et al. (2010)

6.6
(5.1-7.7)

41.2
(12 – 83)

* Greenland and the 13 Caribbean Protectorates are still colonies of European States, so their governance aspects are
not included in this table

The Political Instability Index shows the level of threat posed to governments by social protest. The index scores are derived by
combining measures of economic distress and underlying vulnerability to unrest.
The Political Stability and Absence of Violence/Terrorism index captures perceptions of the likelihood that the government will be
destabilized or overthrown by unconstitutional or violent means, including politically‐motivated violence and terrorism.
The Rule of Law index captures perceptions of the extent to which agents have confidence in and abide by the rules of society, and
in particular the quality of contract enforcement, property rights, the police, and the courts, as well as the likelihood of crime and
violence.
The Control of Corruption index captures perceptions of the extent to which public power is exercised for private gain, including
both petty and grand forms of corruption, as well as "capture" of the state by elites and private interests.
The Worldwide Governance Indicators are available at: www.govindicators.org
9 http://viewswire.eiu.com
8
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Technical details: Methods and approaches in the Assessment
How this Regional Assessment deals with incomplete or absent information
An assessment on a continental scale is built on the basis of numerous sources of information. Although
there is immense value in an assessment that can incorporate many sources of information, there are also
many challenges to overcome, including incomplete or absent information, low quality information, limits
in representativeness of information sources. To address these issues consistently, this Assessment follows
the guidelines provided by the IPBES Task Force on Knowledge and Data. The identification and
classification of gaps in knowledge are necessary contributions to support decisions, conservation and for
ongoing and future assessment processes.
The collection, processing and use of data, information and knowledge followed certain key principles and
practices to meet quality standards to ensure that the target audiences have sufficient confidence in the
Assessment conclusions to use them in policy and decision-making. Among these principles and practices
are: i) inclusion of all relevant and available or readily mobilizable data, information and knowledge from
different knowledge systems and sources; ii) transparency at all steps of collection, selection, analysis and
archiving, in order to enable informed feedback on Assessments and replicability of results, and to enable
comparability across scales and time; and iii) systematic and well-documented methodology in all steps of
the assessment process, including documentation of the representativeness of the available evidence, the
remaining gaps and uncertainty, and iv) clear rationales in cases where a “weight of evidence” conclusion
was drawn from the broad range of relevant information presented in i).

How this Regional Assessment handles uncertainty

Uncertainty in assessments arises from several sources, including the incompleteness or
unrepresentativeness of information available; having information available that is of low accuracy,
precision or both (whether accuracy and precision have been estimated or not); and having multiple studies
that individually may report finding of moderate accuracy and precision, but are inconsistent with each
other across studies. In the case of uncertainty, each chapter of this report establishes the level of
confidence in relation to the key findings (data and information from the ensemble of knowledge systems)
presented in Executive summaries. Each key finding in an IPBES Assessment comes with a confidence
language statement. In Assessments, when we talk about confidence in relation to knowledge, we are
referring to how assured the experts are about the findings presented within their chapters. Low confidence
describes a situation where we have incomplete knowledge and therefore cannot fully explain an outcome
or reliably predict a future outcome, whereas high confidence conveys that we have extensive knowledge
and are able to explain an outcome or predict a future outcome with much greater certainty.
The communication of confidence in IPBES Assessments is important because interactions between humans
and the natural world are complex, as are the interactions among people relative to nature. To allow
decision makers to make informed decisions, author teams need to communicate not only the findings in
which they have high confidence but also those in which their confidence is weaker, in cases when the
finding is the best inference that can be drawn from the knowledge available. Furthermore, by following a
common approach to applying confidence terminology within an Assessment, authors are able to increase
consistency and transparency.
IPBES Assessments uses four specific phrases known as “confidence terms” in order to categorize the
experts’ level of confidence in their findings consistently (Figure 1.11). The categories depend on the author
team’s expert judgment on the quantity and quality of the supporting evidence and the level of scientific
agreement about what that evidence shows. The Intergovernmental Science-Policy Platform on Biodiversity
and Ecosystem Services Assessments use a four-box model of confidence (below) based on evidence and
agreement that gives four main confidence terms: “well established” (much evidence and high agreement),
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“unresolved” (much evidence but low agreement), “established but incomplete” (limited evidence but good
agreement) and “inconclusive” (limited or no evidence and little agreement).

Depending on the nature of the evidence supporting the key message or finding, quantitative assessments
of confidence may also be possible. Quantitative assessments of confidence are estimates of the likelihood
(probability) that a well-defined outcome will occur in the future. Probabilistic estimates are based on
statistical analysis of observations or model results, or both, combined with expert judgment. However, it
may be that quantitative assessments of confidence are not possible in all assessments, due to limitations
in the evidence available.

Data and indicators

The Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services uses indicators in
conducting its Assessments. Indicators are defined here as data aggregated in a quantitative or qualitative
manner that reflect the status, cause or outcome of an object or process, especially towards targets such
as the Aichi targets or those set by the SDG. Indicators can help simplify the enormous complexity of
datasets, variables, frameworks and approaches available to us. They are also useful tools for
communicating the results of assessments. It is, however, important to recognize the limitations of a given
set of indicators in capturing the complexities of the ‘real world’, since indicators are restricted to what can
be measured in a standardized way and for which appropriate data are widely available with good global
coverage. Notably, these limitations are especially significant when it comes to assessing non-material
benefits of nature to people and in quality of life. Moreover, the meanings of indicators are related to
diverse cultural perspectives. Hence, in IPBES Assessments, indicators are subjected to critical analysis and
review from a diversity of experts.
The Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services has consulted
widely in arriving at a list of 30 indicators for its Assessments, of which nine are intended to assess socioecological status and trends. Indicators have been selected to cover the Conceptual Framework
comprehensively as well as being interpretable in what relates to drivers, pressure, status, impact,
response´s approach to assessments. Table 1.7 lists the indicators with their role related to drivers,
pressure, status, impact, response and IPBES conceptual framework, and their sources in other agencies or
more thematically focused assessments.
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Table 1.7. Core and socio-economic indicators used in IPBES assessments
Aichi
Specific Indicator
DPSIR*
CF**
Source
target
Core indicators
Ecological Footprint
4
P
DD
Global Footprint Network
Water Footprint
4
P
DD
Water Footprint Network
Percentage of
nations in CITES

Category

1 4

Biodiversity Habitat Index
Species Habitat Index
Forest area as a percentage of
total land area
Trends in forest extent (tree
cover)
Protected area coverage of Key
Biodiversity Areas (including
Important Bird and Biodiversity
Areas, Alliance for Zero
Extinction sites)
Total wood removals

R

IGID

5
5, 12
5

S
P,S
S

Convention on International Trade in
Endangered Species of Wild Fauna and
Flora (CITES)
DD, BEF GEO BON – CSIRO
DD, BEF GEO BON - Map of Life
DD, BEF FAO

5

S

DD, BEF Hansen et al., 2013

5, 11, 12 R

IGID,
DD

5, 7, 14

Estimated fisheries catch and 6
fishing effort
Proportion of fish stocks within 6
biologically sustainable levels

P

DD,
FAO
NBP
DD, BEF Sea Around Us

S

BEF

Inland fishery production

S, I

BEF,
FAO
NBP
DD, BEF Sea Around Us
IGID
Marine Stewardship Council

6, 14

S,I

BirdLife International, the International
Union for Conservation of Nature
(IUCN), UNEP-WCMC

Marine Trophic Index
6
Trends in fisheries certified by 6
the Marine Stewardship Council

S
R

Proportion of area of forest 7
production under FSC and PEFC
certification
Nitrogen Use Efficiency
7

R

IGID,
DD

P

DD

Nitrogen + Phosphate Fertilizers
(N+P205 total nutrients)
Trends in pesticide use
Trends in nitrogen deposition
Protected Area Connectedness
Index
Percentage of areas covered by
protected areas - marine,
coastal, terrestrial, inland water
Species Protection Index

7

P

DD

8
8
11

P
P
R

11

R

DD
DD
DD,
IGID
IGID

11

P,R

Protected area management 11
effectiveness
Biodiversity Intactness Index
12, 14

R
P,S

FAO

Forest Stewardship Council (FSC),
Programme for the Endorsement of
Forest Certification (PEFC)
Lassaletta
et
al.,
2014
from
Environmental Performance Index (EPI)
FAO
FAO
International Nitrogen Initiative
GEO BON – CSIRO
UNEP-WCMC, IUCN

IGID,
GEO BON - Map of Life
DD
IGID,
UNEP-WCMC
DD, BEF
DD, BEF GEO BON – PREDICTS
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Red List Index

12

S

BEF

Proportion of local breeds,
classified as being at risk, notat-risk or unknown level of risk
of extinction
Percentage of undernourished
people
Number of countries with
developed or revised NBSAPs
Proportion of known species
assessed through the IUCN Red
List
Species Status Information
Index

13

S

BEF,
NBP

14

I

GQL

FAO

17

R

IGID

19

R

IGID

Secretariat of the Convention
Biological Diversity (CBD)
IUCN

19

R

IGID,
BEF

Specific Indicator

DPSIR*

GDP

IUCN, BirdLife International and other
Red List Partners
FAO

on

GEO BON - Map of Life

CF**

Source

Socio-economic indicators
S
IGID

World Bank

Food security: Countries requiring
external assistance for food
(famine relief)

S

GQL

FAO

Food security: Calorie supply per
capita (kcal/capita.day)

S

GQL

FAO

S

GQL

UNICEF/WHO

S

GQL

FAO

S

GQL

World Bank

S

NCP

FAO

S,P

NCP, IGID

Water security: Proportion of
population using safely managed
drinking water services (SDG
6.1.1)
Water
security:
Freshwater
consumption as % of total
renewable water resources
Equity: GINI index
Food: World grain production by
type/capita.year
Non-material NCP: Index
Linguistic Diversity (ILD)

of

UNESCO

* DPSIR – D: Drivers, P: Pressure, S: Status, I: Impact, R: Response
** CF (Conceptual Framework) – DD: direct driver, NCP: nature’s contributions to people/ ecosystem goods and
services, /biodiversity and ecosystem functions, IGID: institutions, governance and other indirect drivers, GQL: good
quality of life/human well-being
Source: IPBES (2017b) and https://www.ipbes.net/indicators/socioeconomic
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Process for the production of the Americas assessment report

This Assessment Report is the result of a four-year process containing five phases (Figure 1.12) and involving
more than one hundred experts. At the beginning of 2015 - during the IPBES-3 Plenary - the scope,
geographic area, rationale, utility and assumptions of this Assessment were agreed and approved. Then the
process of call and selection of experts (until April 2015) resulted in 92 experts from 20 countries. In
addition, through the Technical Support Unit Capacity Building, a pilot program for young researchers was
carried out and 6 fellows were selected throughout the continent (one fellow for each chapter).
During March 2015 to March 2018 the experts worked on the elaboration of this Report, which
encompassed the preparation of two drafts (which were submitted for external review by experts and
governments). After the second draft, a selection of experts working on the Regional Assessment also
worked in the construction of the summaries for policymakers. The process will conclude with the
presentation of the Americas Assessment and Summary for Policy Makers for approval by the sixth session
of the IPBES Plenary (IPBES-6) held in Medellin, Colombia in March 2018.
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2 Executive summary
1.

In the Americas, nature has an exceptional ability to contribute to human quality of life, due to its
high biological diversity and productivity (well established). Producing 40.5 per cent of the world’s
biocapacity, its residents have three times more resources per capita than an average global citizen
{2.6, Table 2.24}, but availability and nature’s benefits are not shared equitably among social groups,
countries, and subregions {2.5, 2.6, 2.7, Figure 2.36} (well established).

2.

In the Americas, nature is used more intensively than the global average {2.6}. The region hosts 13
per cent of the planet’s human population, causing 22.8 per cent of the global ecological footprint;
North America accounts for 63 per cent of the America’s total {Table 2.24}. Despite some cultures and
lifestyles sustainably managing natural resources and achieving good quality of life in all subregions,
the aggregate ecological footprint is unsustainable and has increased two to three-fold since 1960.
Patterns vary among countries and subregions {Table 2.24, Figure 2.36}; South America is the only
subregion to retain a “reserve” of biocapacity; the others exceed nature’s ability to renew its
contributions to human quality of life (well established).

3.

The Americas’ outstanding cultural diversity is highly threatened (well established). While the region
hosts 15 per cent of the world’s languages, 61 per cent of this linguistic diversity (and associated
cultures) is in trouble or dying {Table 2.1}. Major indigenous and local knowledge systems (e.g. in the
central Andes and the Arctic) have shown their capacity to wisely manage territories based on
particular values, technologies and practices, despite globalization processes {2.4} (well established).
The Americas’ diversity of cultures, including those arising from its immigrants, provide opportunities
to develop sustainable practices and respect for nature.

4.

Food production is increasing in the Americas and is important for food security from local to global
scales. Large-scale agriculture often replaces natural ecosystems with simpler ones, converting
multiple nature’s contributions to people and diverse livelihoods to one or many fewer nature’s
contributions to people or stakeholders. Since 1960, crop production increased, except in the
Caribbean. Natural habitat conversion and increased land productivity improved efforts to satisfy
human demands for meat, crops and other commodities {2.2.1} at the expense of reduced biodiversity.
This improved incomes for many rural people, while marginalizing others {e.g. Box 2.3}. Indigenous
peoples and local communities have millennial polyculture and agroforestry systems that provide
livelihoods, maintain biodiversity and shape landscapes {2.4} (well established).

5.

The region has largely overcome food insecurity, but disparities persist among countries and
subregions. Hunger remains a problem and obesity is increasing. Undernourishment affects more
than 40 million people in Mesoamerica and South America, and 3.6 million face severe food insecurity
in North America {2.3.1}. In Latin America and the Caribbean, undernourishment declined from 14.7
per cent of the population between 1990 and 1992 to 5.5 per cent between 2014 and 2016 {2.3.1},
while obesity greatly increased in all subregions (more than 30 per cent of adults in North America,
and more than 20 per cent elsewhere) {2.3.1} (well established). Nutrition indicator improvements are
associated with good economic performance, increased food/feed productivity {2.2.1}, but also social
policies, and is not merely a result of per capita Gross Domestic Product (established, but incomplete).

6.

Regionally, freshwater is abundant, but areas affected by water scarcity are increasing. Water
insecurity affects more than 50 per cent of the region’s population (well established). Imports of
“virtual water,” in food and other commodities, from water-rich areas helps offset scarcity, but at
the expense of environmental damage, like dead zones in the Gulf of Mexico from pollution and
agrochemicals (established but incomplete). Per capita freshwater availability decreased by around
50 per cent in 50 years due to population increases {2.2.10, Figure 2.19}. Management improvements
provide more people access to clean water but may reduce water supply to ecosystems {Figure 2.29}
(well established). Non-consumptive use by industry is the largest beneficiary in North America, while
agriculture is first in other subregions. Mesoamerica and South America consume less than 10 per cent
of the global water budget; North America uses around 15 to 20 per cent (more than three times
regional per capita use), but its water withdrawals are declining {2.3.2} (established but incomplete).
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7.

Energy produced from biodiversity (wood, biofuels) and hydropower increased regionally,
contributing to energy security. Large-scale bio-energy production has trade-offs with food
production and biodiversity, affecting local populations that depend on nature for livelihoods. In
about one third of countries, 100 per cent of people have access to electric power; in the rest at least
80 per cent have access (except one country). Only 11 countries depend on renewable energy (hydro,
solar, wind and biomass-based energy) for more than 60 per cent of their electricity {Table 2.6}.
Biofuels are increasingly important in South and North America’s energy matrix with the United States
of America and Brazil leading the world in ethanol production. Fuelwood is important for cooking,
heating and lighting in localities with little or no access to electricity {2.3.3}. In North America, wood
fuel is mostly for industrial use, whereas in South and Mesoamerica it is used in households {2.2.3}
(well established).

8.

Human health depends directly and indirectly on nature. Biodiversity is a source of medicinal plants
and animals, and chemodiversity with high potential economic value for pharmacological products.
Medicinal and aromatic plants in the Americas are valued at around $2 billion per year in 2016 dollars,
and international trade is expanding {2.2.4} (well established). Experiencing nature and other nonmaterial nature’s contributions to people positively affect mental and physical health. Urban green
spaces can decrease obesity in inner-city minority youth, and access to nature affects the recuperation
of cancer survivors and the well-being of elderly disabled people {2.2.5, 2.3.5}. In addition, nature
regulates pests and diseases and environmental quality. Ecosystem degradation, including biodiversity
loss, can increase incidence of vector-borne maladies like Lyme disease, dengue fever and Zika virus
{2.2.15}. Plus, over 8,000 children under the age of five years-old die annually in the Americas due to
water-related diarrhea {2.2.11} (well established).

9.

Comprehensively evaluating how nature’s contributions to people support good quality of life
requires assessing the multiple values and value systems that underlie humans’ relationships with
nature (2.5.1, Table 2.15, Table 2.21). For example, food and feed can be evaluated relative to their
biophysical metrics, like species richness or land cover occupied by biodiversity used as food {2.2.1}.
However, edible biodiversity has health effects that can be positive (malnutrition has decreased in the
last decades in the Americas) {2.3.1} or negative (agriculture-related pollution) {2.2.1}; and also relates
to meaningful socio-cultural practices and nature-based livelihoods {2.2.1, 2.2.6, 2.3.5, 2.4} (well
established).

10. When economic values are assessed, the Americas’ terrestrial nature contributions to people are
equivalent to its Gross Domestic Product. The regional monetary value of terrestrial ecosystem
services is estimated at $24.3 trillion per year, similar to the region’s $25.3 trillion Gross Domestic
Product (2011 values). Brazil, the United States of America and Canada accounted for the largest
monetary values ($6.8, $5.3 and $3.6 trillion per year, respectively). Antigua and Barbuda, The
Bahamas, and Saint Vincent and the Grenadines had the highest values per area ($22, $21 and $18
thousand per hectares per year, respectively). Countries’ size and the monetary value of specific
ecosystem types cause these differences; biomes like coastal wetlands and rainforests having
particularly high economic values {2.5.1, Table 2.22, 2.23} (established, but incomplete).
11. Value plurality in the Americas shapes use, management and conservation of nature {2.1.2, 2.5}.
Governance processes and tools, like prioritization and cost-benefit analysis, need to take into
account multiple values {2.5.1, 2.7} (established but incomplete). Doing so helps ensure nature´s
contributions to people are prioritized in policy interventions to achieve specific sustainable
development goals {Figure 2.37}. While it is clear that some material nature’s contributions to people,
like food and energy, are crucial to overcome Sustainable Development Goals 1 and 2 (no poverty and
zero hunger), it is evident that the values plurality involved in quality of life from non-material nature’s
contributions to people (learning and inspiration), and transversal nature’s contributions to people
(maintenance of options) are equally important {2.7, Table 2.25}.
12. Nature-based livelihoods, like fishers, farmers, loggers, ecotourism, depend on material nature’s
contributions to people (e.g. food) with high economic value that are quantified in national
accounting, non-material nature’s contributions to people that provide learning and experiences
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and support identities, as well as regulating nature’s contributions to people that control disasters
and disease. As the Americas’ population becomes increasingly urban, trade-offs between city
dwellers and rural residents mean that decision-making power rests with those who have a less direct
relationship to nature for their livelihoods {2.1.1, 2.2.1.3, 2.3.1, 2.3.5, 2.5.1} (well established).
13. While protected areas help ensure nature’s contributions to people, nature’s benefits also can be
enhanced within human-dominated landscapes. Multifunctional landscapes contribute diverse
nature’s contributions to people and maintain long-term access. Both preserving and restoring
ecosystems maintain nature’s contributions to people like pollination, pest control, water resources,
erosion control and humans experience with nature. In North America, the fraction of protected land
area (11.6 per cent) is less than the proportion of protected territorial marine waters (16.4 per cent).
In Mesoamerica, the Carribbean and South America, the fraction of protected land area (23.5 per cent)
exceeds the proportion of protected territorial marine waters (15.5 per cent) (well established).
Indigenous land also can protect nature and constitutes 19.5 per cent, 11.1 per cent, 1.2 per cent of
land in Mesoamerica, South and North America {2.2.8} (established but incomplete).
14. While poverty rates have decreased since the 1990s, large populations, particularly in Mesoamerica,
South America and the Caribbean are still vulnerable. Social inequality is high; 10 of the world’s 15
countries with the most unequally income distribution are in the Americas {2.3.5}. Data indicate that
South America has the most socioenvironmental conflicts (inconclusive). Even when nations enshrine
citizens’ rights to nature and nature’s contributions to people, like clean water, little information exists
regarding trends and status of actual access and benefits sharing for different social actors {2.5}
(established but incomplete).
15. Loss and degradation of wetlands and forests have reduced nature’s contributions to people for
climate regulation and adaptation to hazardous and extreme events (established but incomplete).
Carbon stored in wetland soils and forests is critical for climate regulation {2.2.9} (well established).
Wetlands reduce disaster risk and cleanup costs (e.g. the United States of America coastal wetlands
reduced storm damage by around $625 million during hurricane Sandy) (established but incomplete).
Peak flood flows are moderated by the presence of riparian wetlands, floodplains, lakes and ponds.
Natural vegetation also moderates the chances of avalanches and landslides {2.2.12} (established but
incomplete).
16. Information gaps detected during this assessment include: i) social data are generally collected at
the political scale, while ecological information is taken at the ecosystem or biome levels, impeding
integration and comparison, ii) some political entities are under-represented or absent from global
country-level databases (e.g. Greenland), iii) relative absence of long-term data, particularly for
some regulating and non-material nature’s contributions to people, and iv) relative absence of
multiple valuations and trade-off analysis of human-nature relationships {2.8}.
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Introduction
Humans and nature are inextricably and intricately linked (see Chapter 1, Figure 1.4). Human well-being
depends upon nature in ways that are direct or indirect, simple or complex, and reciprocal or uni-directional
(Pascual et al., 2017). In the Americas region, the strength and intensity of these human-nature
relationships vary over time (e.g. within and between generations), between subregions (e.g. North
America, Mesoamerica, Caribbean, South America) and among different social groups (e.g. primary and
secondary users of nature) (MEA, 2005). In addition, the ways we conceive, study, value, and manage these
links are variable, depending on one’s worldviews and value systems; therefore, appreciating the different
ways that nature is valued broadens our understanding of the benefits it provides. While it is increasingly
understood that human-nature connections are ubiquitous and important, however, their breadth and
nuance make them difficult to incorporate into political and technical decision-making processes (see
Chapter 6), and more fully describing and quantifying nature’s contributions to people (NCP) become crucial
for motivating, orienting and justifying policy development and management actions (Díaz et al., 2015).
The utilitarian assumptions that underlie the ecosystem services evaluations of human-nature relations are
not sufficiently broad to ensure a full understanding of how peoples around the world interact with and
benefit from nature. It provides a useful framework, however, for assessing the importance of ecosystems
and has become a core concept in wide use by many countries and organizations worldwide, providing
valuable language and tools for common discussion and understanding (Laterra et al., 2011; Seppelt et al.,
2011; Balvanera et al., 2012; Pascual et al., 2017). The Intergovernmental Science-Policy Platform on
Biodiversity and Ecosystem Services (IPBES) has introduced complementary concepts like NCP and quality
of life, which help interpret the significance of the globe’s biodiversity to diverse people and their
understandings of well-being. Therefore, the IPBES conceptual framework (Díaz et al., 2015; Pascual et al.,
2017) employs two strategies: 1) it builds upon the ecosystem services paradigm to assess how NCP affect
human well-being (section 2.1.1), and 2) it recognizes and seeks to incorporate multiple social actors, who
hold diverse values and knowledge systems in the appraisal of both NCP and quality of life (section 2.1.2).
In this context, Chapter 2 of the IPBES Americas Regional and Subregional Assessment reflects a shift in
emphasis from ecosystem services to NCP as a way to more explicitly highlight the role of nature in
supporting quality of life and broaden our appreciation to be more inclusive of worldview and value
plurality (Pascual et al., 2017). Current information on the values of nature is largely a result of the academic
history of the ecosystem services concept. As this approach has increased exponentially throughout the
world (Seppelt et al., 2011) and the Americas (Laterra et al., 2011; Balvanera et al., 2012), most studies have
concentrated on two aspects of human-nature interactions: (a) addressing how ecosystem properties (e.g.
biotic assemblages) and functions (e.g. biogeochemical cycles) are used by humans and human institutions
(i.e. managed) to produce “final services” (sensu Fisher et al., 2009), and (b) the economic valuation of these
benefits to human society. This chapter reflects these approaches to valuation and also seeks to enhance
them with a values plurality strategy that recognizes other valuation methodologies (section 2.5.1).

The diversity of nature’s contributions to people and links to quality of life

Nature’s contributions to people encompass a broad array of material, non-material and regulating
biophysical benefits to humans (geophysical benefits are not addressed here) (see Chapter 1, Table 1.1) and
underlie key components of human well-being that define a good quality of life (Daily, 1997; MA, 2005).
Specifically, the Americas’ biological and ecosystem diversity make material contributions, in the form of
food, fiber, energy, water, materials and assistance (fiber, dyes, cloth, decorations, labor, transportation,
pets), medicine, and biochemical and genetic resources, to the security of livelihoods and energy.
Regulating contributions of nature, including habitat and soil creation and maintenance, pollination and
seed dispersal, and the control of diseases, pests, natural disasters, climate, air and water quality, and ocean
acidification, strongly affect human health and the securities of food and water. Non-material
contributions, such as learning and inspiration, psychological and physical experiences, support for
identities, and the maintenance of options, are key to sustaining place-based livelihoods (or ways of living)
and cultural continuity. In turn, these NCP are constituted from the region’s high biological and ecosystem
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diversity, which provide such attributes and functions as habitat for species, biomass production, carbon
storage, or nutrient uptake (see Chapter 3), and as such, biodiversity and ecosystems are embedded in the
ecosystem services that produce NCP (Worm et al., 2006).
While it is critical to identify and account for the specificity of place, culture and community in any
assessment, studies have shown that biological and cultural diversity and extinction risk follow similar
geographic patterns at a global scale (Collard & Foley, 2002; Sutherland, 2003). The Americas present a
unique scenario for studying these patterns, though, and their implication for human well-being. First, the
region displays a greater latitudinal range than any other (~80°N-56°S). Furthermore, it hosts not only a
great diversity of species and biomes (see Chapter 3), but also numerous cultures. Indeed, the Americas
have the highest cultural diversity of any region (Collard & Foley, 2002), but many of these human groups
are small. Only about 6.5% of region’s total population of approximately 1 billion is categorized as
indigenous, but in the Mesoamerica subregion the percentage increases to 16.9% of the population (see
Chapter 1, Table 1.3). At the same time, the Americas host ~15% of the world’s living languages, but this
linguistic diversity is highly threatened. Globally, the Americas is the region with the greatest number of
dying languages (n=341, Table 2.1), and overall, ~61% of the Americas’ languages are considered “in
trouble” or “dying” (Simons & Fennig, 2017), which is greater than the percentage of biological species in
the equivalent threatened status (see Chapter 3).
Table 2.1. Languages from the Americas per subregion, indicating conservation status.
Total
Languages
Dying
Total
Languages
in Trouble
Languages
%Threatened
North America
256
80
157
92.6
Mesoamerica
326
91
42
40.8
Caribbean
23
3
3
26.1
South America
456
133
139
59.6
Americas Region
1,061
307
341
61.1
Global
7,099
1,547
920
34.8
Americas as % of Global
14.9
19.8
37.1
26.3
Source: Simons & Fennig (2017).

The interaction of the Americas’ social and ecological diversity provides multiple, often unapparent, ways
for humans to relate to nature. For example, the domestication of plants in the Amazon in the preColombian era continues to structure the vegetation composition of the modern forest (Levis et al., 2017).
However, the scholarship on the NCP-quality of life relationship does not fully address this complexity. The
number of studies on the benefits people receive from nature has a bias towards Western developed
nations; one major review found that 79% of such publications were from North America and Europe with
none from South America and Africa (Keniger et al., 2013). There are also gaps in the information available
on different biomes or valuation methodologies. For example, a review of the effects of conservation
interventions on human well-being in countries that were not members of the Organization for Economic
Cooperation and Development found that among 1,043 studies evaluated, there was a clear emphasis on
research in forested ecosystems and the material and economic benefits of conservation and the effects
on governance (McKinnon et al., 2016). Other aspects of well-being, such as health and livelihoods have
been less studied, and overall, only 9% of publications used quantitative methods. Therefore, although
there is clear consensus in the literature that NCP are important for human well-being, it is often difficult
to discern the status and trends in the ways the constituent parts interact.
At the same time, while long-term quantitative information is sometimes lacking, insights can be gained by
examining the qualitative ways that NCP and human well-being are related, including a mechanistic
understanding of how knowing, perceiving, interacting with and living in nature affects well-being (Russell
et al., 2013). This chapter seeks to highlight these relationships and the particular values at stake (see Table
2.1 in the document IPBES/3/INF/7 “Preliminary guide regarding diverse conceptualization of multiple
values of nature and its benefits, including biodiversity and ecosystem functions and services”, and also
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Table 2.21 in section 2.5.1 of this chapter). For example, there is a well-established and plural human-nature
relationship between salmon and various indigenous peoples and local communities in northwest North
America. On the one hand, salmon are used to help satisfy material needs of direct beneficiaries (e.g. meat)
and also represent an economic resource for indirect users. At the same time, some groups value salmon
for their aesthetic/spiritual properties that contribute to non-material NCP (NRC, 1996). Furthermore, the
value of an NCP to quality of life can vary over timing of its delivery. For example, in the case of habitat
conversion and pesticide application to increase crop yields, it is necessary to also account for the
concomitant reduction in pollinators that ultimately can jeopardize food security in the medium- to longterm (IPBES, 2016).
Consequently, IPBES’ current assessments of the NCP-quality of life relationship provide a way to
systematize and monitor how human development and environmental conservation relate to one another
and how different values and timescales are linked. This effort also advances and complements other
international programs like the United Nations (UN) Sustainable Development Goals (SDG) and the
Convention on Biological Diversity’s (CBD) Aichi targets, which share an expansive understanding of the
human-nature relationship and an emphasis on developing quantitative measures that allow
implementation in policy- and decision-making.

Understanding stakeholder, value and knowledge system diversity in the
human-nature relationship and its effect on quality of life

Evaluating the relationships that humans develop with nature requires taking into account the diversity of
stakeholders, their values and knowledge systems. For instance, the distribution of benefits and disservices
varies within and between social groups, whereby asymmetries in access to nature that are based on
gender, age, social role or status, and other characteristics affect outcomes regarding human well-being.
Stakeholders, in turn, may define their well-being based on group values, determined as a function of their
social role or way of life (e.g. farmers, decision-makers or local residents), or based on their personal
interests (e.g. users, providers or intermediaries of nature’s contributions to people). Consequently, social
valuation of nature and its ecosystem benefits and services varies, depending on individual stakeholder
traits, such as socio-economic status and literacy levels (e.g. factors that affect willingness to pay for
ecosystem services, Silva et al., 2016) and also on broader worldviews that are shared by specific cultures
or social groups (e.g. Andean cosmology, which considers the human-nature relationship reciprocal,
Zenteno-Brun, 2009) .
Furthermore, the loss of ecosystem services does not impact communities equally; often losses are felt
disproportionately by marginalized peoples (e.g. developing nations, lower income communities, and
ethnic groups with more direct traditional ties to nature) (MEA, 2005). Moreover, powerful stakeholders,
such as large industry and government agencies, have greater capacity to impose their worldview and
values upon others by more heavily influencing management decisions, compared to less powerful social
actors, such as small-scale farmers or indigenous hunters, whose quality of life depends more directly upon
local ecosystems (e.g. Darvill & Lindo, 2016). Indeed, different groups may not only have divergent power,
uses and interests, but they also may define the very concepts of nature and quality of life based on
different knowledge systems (IPBES/4/INF/13).
Balancing the contested needs, demands and conceptualizations of nature proves increasingly difficult, as
species and ecosystems are shared across a greater number of stakeholders and jurisdictions (i.e.
telecoupling). When conflicts between social groups arise, it is important that these also be understood
from the standpoint of stakeholder value and knowledge diversity, which must be incorporated for
successful management (Mouchet et al., 2014). For example, when confronted with the possibility of
building a dam on the Upper Peace River in British Columbia, Canada, environmentalists, government
officials and recreationists placed lower value on provisioning ecosystem services than First Nations
peoples, hunter/anglers and agriculturalists. In contrast, cultural ecosystem services, such as the aesthetics
and beauty of landscapes, landscapes for sense-of-place, and recreation were consistently ranked highly
across all groups (Darvill & Lindo, 2016). It is important, therefore, to recognize the multiple ways of
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understanding nature for decision-makers to incorporate the breadth of values at stake before conflicts
occur (Jones-Walters & Cil, 2011; Klain & Chan, 2012). By elucidating the stakeholders, values, and
knowledge systems at play, programs can determine the underlying preferences and motivations that
characterize social-ecological interactions and the subsequent valuation of ecosystem services (e.g. Silva et
al., 2016), and better management plans can avoid conflicts by not taking decisions that create asymmetries
in the availability of ecosystem services or that unwittingly prioritize one stakeholder or value over others
(Howe et al., 2014).
In the following sections, we assess the status and trends of NCP and how these ecosystem services impact
human well-being in the Americas. This assessment uses and expands upon the ecosystem services
paradigm (Ehrlich & Mooney, 1983), which rose to prominence in the ecological sciences as part of a
broader academic and intergovernmental understanding that human societies (including economies) are
bound by ecological constraints (Meadows et al., 1972; Brundtland et al., 1987). Subsequently, the concept
was developed as a central element in the fields of economics and natural resource management (GómezBaggethun et al., 2010), and today it is found expressed in policy instruments across the Americas (e.g.
native forestry laws in Argentina #26,331, Bolivia #1,700, Brazil #11,284 and Chile #20,283) and
international initiatives (e.g. World Bank’s Wealth Accounting and the Valuation of Ecosystem Services and
The Economics of Ecosystems and Biodiversity).
The IPBES approach aims to broaden the valuation of nature by explicitly incorporating stakeholders, values
and knowledge systems (Pascual et al., 2017). This socio-cultural valuation approach (see Scholte et al.,
2015) facilitates a broader understanding that integrates insights from environmental philosophy and ethics
(intrinsic, instrumental and relational values, Rolston, 1986; Callicott, 1989; Chan et al., 2016) and
environmental social science disciplines, such as sociology, social psychology and anthropology (Keen et al.,
2005; Clayton & Myers, 2009; Steg et al., 2013; Díaz et al., 2015), with an explicit recognition and validation
of the values and knowledge held by indigenous peoples and local communities. In keeping with this
approach to values, it is equally important to recognize from where one speaks, and this chapter (and the
entire Americas Assessment) was developed primarily by academic scientists with a natural science
education and background. However, by making this fact explicit and applying the integrated assessment
methodologies developed by IPBES, such limitations can be addressed, but should never be overlooked in
the interpretation and analysis of findings.

Status and trends of nature’s contribution to people in the Americas
In the following sub-sections we present: (i) data showing the status and trends of NCP in the Americas and
its subregions (North America, Mesoamerica, the Caribbean and South America); (ii) the contributions of
each category of NCP to quality of life (i.e. human well-being); (iii) select case studies to demonstrate
relevance, observed differences between subregions, and differences in cultural values or trends in a
particular variable; and (iv) where appropriate, a brief description of drivers affecting the NCP and it links
to well-being (see Chapter 4 for a quantitative discussion on drivers and impacts). The section is organized
by material, non-material and regulating NCP (see Table 1.4 in Chapter 1).

Food and feed

Agriculture is a dominant form of land management globally, and agricultural ecosystems cover nearly 40%
of the Earth’s terrestrial surface area. According to the Food and Agriculture Organization of the United
Nations (2014a) most farms are owned by the families that work them; they tend to be small and found in
rural areas of developing countries. Many small family producers are poor, food insecure and have limited
access to markets and services. Despite this, they cultivate their own land and produce food for a substantial
proportion of the world's population. In addition to agriculture, they engage in many other (often informal)
economic activities to supplement their reduced incomes. Agricultural ecosystems are managed by people
mainly to meet food, fiber (section 2.2.2) and fuel needs (section 2.2.3) (FAO, 2014a). An extensive body of
evidence shows that agricultural investment is one of the most important and effective strategies for
economic growth and poverty reduction in rural areas (FAO, 2015). Continuing growth of populations and
increasing consumption per capita means that the global demand for food will increase for at least another
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half-century. The competition for land, water, and energy, in addition to the overexploitation of fisheries,
will affect humans’ ability to produce food and contribute to the urgent requirement to reduce the impact
of the food system on the environment and other NCP. Plus, the effects of climate change are a further
threat (Alston et al., 2000, see Chapter 4 for more details).

2.2.1.1 Crops
The Americas play a key role in the sources and production of crops in the world’s economy, showing an
increase in production rates for some commodities that is higher than the global trend. The Americas
provided about 17% of global production in oil crops and 10% of coarse grain (primarily corn). The region is
also a net exporter of sugar and honey, with exports more than doubling between 2000 and 2011 (FAO,
2014a). This growth is due to the tremendous increase in exports from Brazil (from 6.5 million tons of sugar
in 2000 to 25.5 million tons in 2011), making it the world’s largest sugar exporter.
The average agricultural productivity in the Americas, measured as the real agricultural aggregate value per
farm worker was $3,070 from 2000 to 2009. This regional average is much lower than specific subregions
or countries. For example, in Canada it is $42,965 per farm worker (The World Bank, 2012). The increase of
the real agricultural aggregate value of the South American subregion was an extraordinary 10.8% in 2009,
almost three percentage points above the subregional Gross Domestic Product (GDP) increase (see Chapter
1), primarily due to record wheat yields in Brazil and Argentina and corn in Argentina (CEPAL/FAO/IICA,
2012).
Crop production increased overall between 1961-2013 (Figure 2.1). In the Caribbean, however, where sugar
had been the most important agricultural commodity, production significantly decreased (FAO, 2014a). This
was in part a result of the USA economic blockade of Cuba, and of more competitive sugar production in
other regions (FAO, 1997). In Mesoamerica, some crop decreases were mainly due to changes in trade
policies with a tendency to deregulate domestic markets and reduce trade barriers. On the other hand,
North America registers a constant growth for soybean and wheat crop production, while other crops
remained stable. In South America, soybean and corn production increased substantially in recent years.
By 2014, the area allocated per subregion for cereal cultivation stands at >127 million hectares, where
North America accounts for >50% of the region’s total and annual growth was only observed for cereal
production in Mesoamerica and the Caribbean (Figure 2.1).
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Overall, the Americas has positioned itself well in the international market of agricultural goods, and the
export of agricultural products has increased dramatically for all subregions in the Americas, except the
Caribbean. (CEPAL/FAO/IICA 2012). Without considering the type of crops, a comparative view shows
patterns with export and import values for the Americas (Figure 2.2). The Caribbean’s decrease in exports
is the result of reductions in sugar cane export since 1989, while the export of soybeans was the most
important crop commodity from South America (Figure 2.3). Throughout the past 50 years, corn, soybean
and wheat showed the highest export values for North America, and bananas, vegetables and sugar for
Mesoamerica.

73

IPBES/6/INF/4/Rev.1

74

IPBES/6/INF/4/Rev.1

75

IPBES/6/INF/4/Rev.1

With agricultural industrialization and the increasing use of commercially-distributed seeds, native cultivars
or breeds that are important for the long-term food security of American people are increasingly at risk of
extinction. For example, the availability of lands under adequate climatic and soil conditions restricts crop
production, and irrigation will become increasingly important in many subregions as agricultural land use
has expanded (Fischer et al., 2002). Based on currently available soil, terrain, and climatic data, the Global
Agro-ecologial Zones assessment estimates there are 10.5 billion hectaresof agricultural land globally and
4.2 billion hectares for the Americas (CEPAL/FAO/IICA, 2012). The increasing demand for crops, however is
evidenced by crop importation in all subregions (Figure 2.2). For example, corn imports increased in all
subregions, while wheat increased in all but the North American subregion.
The Americas region has a high diversity of useful plants that historically have been naturalized and
diversified creating crops, cultivars, and varieties based on properties such as weight and nutrition, and
value for local communities (section 2.4). Staple foods like potatoes, corn, pepper, many varieties of beans,
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and tomatoes, were developed as food products by people long before European settlement; these
traditions remain alive, especially in the farmers of indigenous descent from Mexico to Argentina (FAO,
2014a). The risk of extinction of native cultivars or breeds is a concern for the long-term food security of
people in the Americas; the largest contributor to the loss of wild relatives of today’s crop species is the
destruction of natural landscapes. The loss of genetic diversity is also a major concern; according to FAO
(1999), since the 1900s some 75% of plant genetic diversity has been lost as farmers worldwide have
abandoned their multiple local varieties and landraces for genetically-uniform, high-yielding varieties. In
addition, wild populations that can be genetically stronger and with better resistance to pests have also
disappeared or are no longer used to improve cultivated plants.
An example is the cultivation of corn (Zea mays). The primary gene pool includes maize and teosinte (Zea
mays subsp. parviglumis), with which maize hybridizes rapidly and produces fertile progeny. The secondary
gene pool includes Tripsacum species (approximately 16), some of which are at risk of extinction, and the
variability among native maize breeds (about 300 have been identified) exceeds that of any other crop
(GCDT, 2007). A second case is the cassava (Manihot esculenta), which is important not only for the
Americas region, but it is essential for food security in most parts of Africa. The gene pool is composed of
this species and between 70 and 100 wild Manihot species, such as M. flabellifolia and M. peruviana; the
wild primary sources of genes and genetic combinations of the new varieties are difficult to use and
preserve (Allem et al., 2001). A third example is an Andean tuber, the potato (Solanum tuberosum). A recent
study on the effect of climate change predicts that between 7 and 13 out of a total of 108 wild potato
species may be driven to extinction (Jarvis et al. 2008) and there are reports on the vulnerability of Solanum
phureja, a diploid species grown in the Andean zone (Terrazas et al., 2008).

2.2.1.2 Livestock
Livestock production is one of the fastest-growing agricultural sectors, especially in developing countries
(The World Bank, 2009), with large contributions to local, regional and global economies. Livestock
production systems provide several benefits including food for direct consumption or for commercial use
on local, regional, national or global markets. The most important marketable products are meat, milk and
eggs, with North and South America clearly leading in terms of export values (Table 2.2). Importantly, crop
production in some regions serves as feed and fodder for livestock in other parts of the world: Argentina
(31,200,000 Metric tons-MT), Brazil (15,500,000 MT) and the USA (11,068,000 MT) are the leading countries
in exports of soybean meal, with most of the production going to the European Union (19,500,000 MT),
followed by Asian countries (estimates for 2017; source: www.indexmundi.com, based on United States
Department of Agriculture data).
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Table 2.2. Livestock trade monetary values in the Americas.
Export Value (US $ in millions)
Item
CA
MA
NA
SA
Eggs
Meat
Bovine
Meat
Swine
Meat
Poultry
Meat
Sheep
Milk
Total

21.1

283.5

Import Value (US $ in millions)
CA

MA

NA

SA

5815.8

1149.4

903.2

1206.3

2015.8

1155.4

375.4 11690.2

91526.1

96448.0

3042.1

17610.0

99398.5

20061.2

7.5

4015.3

83110.3

18337.4

1556.7

10308.7

26719.0

3274.4

59.2

322.3

65792.7

72244.6

6574.8

11883.9

7066.9

6208.9

854.0
9886.7

1078.7
21703.2

11111.9
7992.1

5.8
10.7
431.7
2531.2
206.0 2611.1
31350.9
17362.7
674.
9
18.933.0 278.027.3 208.073.3

22.817.6

558.9
23747.1
55.005.
63.790.7 154.304.2 9

Caribbean (CA), Mesoamerica (MA), North America (NA), South America (SA). Source: FAOStat (2015)

Depending on the methods used, livestock production can have positive or negative effects on naturalresources, public health (e.g. through contaminated water supplies), and social equity (The World Bank,
2009). Drivers for production and choice of production systems are population growth (higher food demand
globally), urbanization (with infrastructure improvements, e.g. cold chains) and income growth (Thornton,
2010). Rising demands lead to the transformation of natural ecosystems into lands for food (Alkemade et
al., 2013). Global demand together with rising productivity has led to an increase in livestock, particularly
in South America (Figure 2.4), and the Americas are predicted to have the largest expansion of rangeland
area between 2000 - 2030 (Alkemade et al., 2013). Importantly, unlike crop species in the Americas,
livestock production depends almost exclusively on domesticated animals originally exotic to the Americas
that were introduced during European colonization of the region more than 400 years ago. Exceptions are
camelids (llama and alpaca, domesticated from guanaco {Lama guanicoe} and vicuña {Vicugna vicugna},
respectively) and some small rodents (e.g. guinea pig {Cavia porcellus}) in South America. However, the
total number of camelids in South America in 2014 represent only 0.25% of total number of cattle.
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Natural grasslands comprise almost 30% of the Americas (White et al., 2000), dominating the landscape in
a diversity of regions including the Patagonia steppe (Argentina), the Pampas grasslands (northern
Argentina, Uruguay, southern Brazil) and the North American prairie (USA, Canada). Here, sustainable
grazing by livestock can be an economic activity that does not deplete the resource, in contrast to row crop
agricultural land use (Herendeen & Wildermuth, 2002). This is because these natural grasslands evolved
under the presence of large herbivores, whose role is now at least partly taken by domesticated animals.
Natural rangelands provide many other benefits than those related directly to livestock production. For
example, natural grassland conservation contributes to carbon storage in soil, prevents soil erosion,
preserves groundwater quality and quantity, conserves native biodiversity and sustains local landscapes
(Tanaka et al., 2011).
In other biomes – the most prominent example being Brazil’s Amazon forest– livestock grazing occurs after
complete destruction of the natural ecosystems, or livestock may be raised in confined systems, based on
feed produced in the place of natural systems, such as soybeans. Rarely does economic data on livestock
distinguish the different production systems, which is a problem for measuring the relative degree of
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benefits and impacts regarding nature. Indeed, detailed sub-national characterization of livestock
production, trends, and changes in relation with the ecological features of the area in question is necessary
for an evaluation of the impacts of livestock production.
From a subregional perspective, in 2015, the livestock industry in the USA contributed over $60 billion to
the national economy (USDA, 2017), clearly showing the importance of livestock production across biomes
and production systems, including in small-scale systems, such has in the Great Plains where more than
85% of farms and ranches had less than 100 head of cattle (Mitchell, 2000). Trends of livestock numbers
over the past decades in North America vary; the numbers of cattle and sheep are decreasing, and pigs and
especially chicken – i.e., livestock raised mostly in confined systems – are increasing. For the near future,
meat production is expected to increase for pork and chicken, meaning an intensification of production.
In South America, the products derived from natural grasslands are an important basis for regional or
national economies. In 2013, the beef cattle population in southern Brazilian grasslands amounted to
13,592,000 heads (Souza et al., 2014) and just to the south Uruguay held 11,800,000 heads of cattle in 2014
(USDA, 2014). Together, Brazil and Argentina produced 19.6% of global beef production in 2015
(FAS/USDA). In Uruguay, where cattle are produced predominantly on natural rangelands, 240,150 tons of
beef were exported with a total value of $1.3 billion in 2013 (USDA, 2014).
Even though productivity and thus economic returns may be lower, grazing is also important in some
tropical savannas, such as in central Brazil (Carvalho, 2014) or the Llanos in northern South America (White
& Thompson, 1955), where it presents a type of land use compatible with conservation of natural
ecosystems and also of cultural significance. On the other hand, deforestation to gain land for other land
uses, including livestock production, remains a major issue in tropical forest regions (see Chapter 4). After
a clear reduction beginning in 2004, deforestation rates are on the rise again in Brazil, to cite just one
example.
Livestock production in Mesoamerica is characterized by extensive grazing systems and mixed croplivestock farming systems (Hellin et al., 2013), which are a key contributor to national food production and
rural livelihoods, and play a central role in food security and economic stability (sections 2.3.1 and 2.3.5).
In northern Mexico, where livestock grazing occurs in arid ecosystems and intensive feedlots, a variety of
supplementary feeds are used. Plus, livestock expansion by converting forests to pasture is projected to be
nearly insignificant in Costa Rica while impacting a considerable portion of Nicaragua’s and Panama’s forest
cover. This poses a risk to sensitive biological areas that have been identified (Wassenaar et al., 2007). In
Mexico, livestock in pastures with introduced grasses has been the principal cause of tropical dry forest
conversion (Trilleras et al., 2015).

2.2.1.3

Fish (wild, marine, and freshwater fisheries and aquaculture)

Wetlands, rivers, lakes, estuaries, and oceans have long been vital sources of fish and shellfish products,
and their contributions are widely recognized as one of the healthiest sources of animal protein for human
consumption (Nesheim & Yaktine, 2007; Fernandes et al., 2012; FAO, 2014b). This NCP, however, is
compromised in some locations and species by the contamination of fish tissues with toxic compounds
(United Nations Oceans and Law of the Sea, 2016; Bonito et al., 2016). The relative contributions of fish to
humans are indicated by yield, consumption, and economic data based on job number and economic
benefits (see Box 2.1 and 2.2). In the Americas, wild capture fisheries produced 17.9 million tons in 2012,
and aquaculture yielded about 3.2 million tons, or about 15% of the total (FAO, 2014b; United Nations
Oceans and Law of the Sea, 2016). Most of the wild capture fishery yield is marine, and inland continental
waters (mostly freshwater) produce only about 3% of the total capture in the Americas, which
notwithstanding the low absolute value can be locally important (FAO, 2014b). The locations of
exceptionally important freshwater fisheres in the Aemricas include the Amazon River in South America
(e.g. Bastos & Petrere, 2010; Isaac et al., 2015) and the Great Lakes and Upper Mississippi River in North
America (GLMRIST, 2012). While the ecological production of wild fisheries is a natural service, aquacultural
production is largely a function of human efforts. Aquaculture in the Americas (mainly Chile, Brazil and the
USA) contributes nearly 5% to the world fish yield (FAO 2014b), or at a subregional level is constitutes 9%
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to the total fish/shellfish yield in North America, 13% in Mesoamerica and the Caribbean, and 22% in South
America (FAO, 2014b). Aquaculture production often comes at environmental costs.
Fish is the major source of high quality protein in many countries (e.g. Islam & Berkes, 2016; Hanazaki et
al., 2013), but is less than 6% of the protein in the average diet in the Americas (FAO, 2014b). Overall, North
American per capita consumption (~20 kg/yr) is greater than in Mesoamerica, the Caribbean and South
America (~10 kg/yr) (FAO, 2014b). Variability in consumption among nations is high and may be related to
the proximity of a population to marine ecosystems, as well as cultural practices and preferences. At the
extremes, fish consumption averages only 2.2 kg/yr in inland Bolivia and 53.4 kg/yr on the Caribbean island
of Antiqua (FAO, 2014b). Commercial fisheries are also major sources of animal feed, fertilizer, and fish oil
(FAO, 2014b). Other products include glue, pearls, buttons, and medications.
Commercial fisheries provide employment for about 325,000 people in North America and 2,444,000
people in Mesoamerica, the Caribbean and South America (FAO, 2016d). Job numbers and per capita
income vary widely, depending on the specific fishery and its location. While fishers comprise less than 1%
of the North American work force, in the Caribbean they constitute about 5% (Masters, 2014). Employment
is, however, often physically difficult and hazardous; the second most deadly job in the USA (USBC, 2016).
Sport fisheries also provide jobs for many people. In the USA alone in 2010, they supported over 820,000
jobs and $35 billion in salaries and wages (FWS, 2011). Aquaculture employs 356,000 people in
Mesoamerica, the Caribbean and South America and 9,000 in North America (FAO, 2016). Small scale and
subsistence fisheries play a major role in providing food and income security for rural and coastal
communities, particularly in Mesoamerica and South America (e.g. Hanazaki et al., 2013), but also among
the indigenous group of North America (e.g. Islam & Berkes, 2016). Weeratunge et al. (2014) emphasized
the contribution of the material, relational and subjective dimensions of small-scale fisheries to the wellbeing of individuals and communities. The role of women directly or indirectly involved in many fisheries
contributes to household security throughout the Americas. For instance, the Sirionó of Bolivia, fishing
supplies an important contribution to family nutrition (23%), one that is accessible to women and children
who practice the activity daily (Townsend, 1995).
The world’s commercial production of wild fisheries increased until about 1990 and then plateaued (FAO,
2014b), largely in response to reaching nature’s sustainability limits (Pauly, 2002). While the wild fish yield
has been stable since the 1990s, catch composition has changed, as some stocks were depleted and others
increased in importance (Pauly, 2002; Rose & Rowe, 2015; Pershing et al., 2015). In the Americas, the yield
of wild fisheries also peaked in the 1990s (Figure 2.5) and has declined somewhat in North America and in
the Caribbean (FAO, 2014b), where overfishing threatens up to 70% of coral reef ecosystems (Burke et al.,
2011). The steep increase of freshwater yield in North and South America, shown in Figure 2.5, parallels the
increased importance of aquaculture as wild capture fisheries plateaued. Aquacultural yield has increased
rapidly since 1990, allowing the upward trend in total fish yield to be maintained (FAO, 2014b).
After sustained increases between 2004 and 2011, the fraction of fisheries catch certified for its legal origin
and process by the Marine Stewardship Council has recently plateaued in the Americas at less than 10%,
which is a value similar to East Asia and the Pacific, but less than half the percentage attained in Europe
(Figure 2.6).
Between 2000 and 2014 in North America, the number of people employed declined by 7% in commercial
fisheries and 44% in aquaculture (FAO, 2016d). During the same period in the rest of the Americas, the
number increased by 37% in commercial fisheries and 66% in aquaculture. These different trends may be
related to competition and the physical difficulty and dangers associated with wild fisheries in North
America, leading to further mechanization and job replacement; while in the other three subregions, a lack
of jobs and unregulated fisheries may drive many people to this sector to increase local food and livelihood
security.
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The main drivers of future impacts on the provision of these services are increased demand for fish, which
is a function of population number and per capita consumption. The pressure on wild fisheries is moderated
by harvest regulations, improved fisheries techniques, and aquacultural development (FAO, 2016d.) Total
aquacultural yield is projected to increase significantly in the future while the total yield from wild fisheries
remains generally stable as composition changes (FAO, 2014b). Fish protein consumption depends largely
on availability and price changes. The economic setbacks of some countries in the Americas has pushed
more people into lower-income fisheries (mainly artisanal, small-scale fisheries), which often exploit near
shore stocks unsustainably. Future trends indicate that the overall number of jobs will decrease in response
to mechanization.
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Box 2.1 Economic value of fisheries contributions to human quality of life.
Measuring the economic value of fishery services to human quality of life in a manner that allows
comparisons across different ecosystem types and subregions is complicated by inadequate data. Most
comparable economic estimates of fisheries’ ecosystem services, based on annual per hectare monetary
values, are for wetland ecosystems with readily definable boundaries (all values reported here are
adjusted to 2016 USA dollars). They vary widely among fishery locations and conditions. For inland
wetlands, Woodward and Wui (2001) estimated benefits between $488/ha/yr and $25,394/ha/yr for
numerous sites in North America and Europe, and Seidl and Moraes (2000) estimated $86/ha/yr for the
Pantanal in Brazil. Early estimates for coastal wetlands include $133 (Costanza & Farber, 1987), $179 for
shrimp alone (Barbier & Strand, 1998), and more recently, $3,959 for combined fishing and hunting
(Camacho-Valdez et al., 2013).
The dock-side value of marine and lake catch provides a high estimate of natural service benefits.
However, outside the USA, where it was recently valued at $5.5 billion per year (NMFS, 2016), the data
for dock-side sales (points of first sale) are inconsistently documented. A rough estimate of the world
dock-side value per unit area of oceans and the Laurentian Great Lakes in North America was estimated,
using production data from FAO (2014 a, b) and the Great Lakes and Mississippi River Basin geographical
area (GLMRIST, 2012) and an assumed $1/kg dockside value, like that of the USA. These estimates found
a much lower economic value for oceans and the Great Lakes, compared to wetlands, with
$0.025/hectare for oceanic fishery services and $0.035/hectare for the Laurentian Great Lakes.
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Box 2.2 Caribbean coral reef contribution to fisheries and human quality of life.
Coral reefs in the Caribbean provide a wide range of services for almost 40 million people, which affect
livelihood, economic progress, food security, cultural expressions and communion with nature (Jackson
et al., 2014). They are the basis of the tourism and fishing industries in the insular Caribbean and most
of Mesoamerica and the southeastern USA (UNEP, 2010). Both tourism and fisheries development are
major contributors to GDP and employment in the region. It is estimated that nearly 350,000 persons
were employed in the fishing section in 2011 in 17 Caribbean countries including Guyana and Surinam;
this represents about 5% of the total work force (Masters, 2014).
The annual value of services provided by Caribbean coral reefs has been estimated at between $3.1
billion and $4.6 billion, and the total economic impact of coral reef-associated fisheries was about $0.8–
1.1 million per year in Tobago and $0.5–0.8 million per year in St. Lucia (Burke and Maidens 2004). Mahon
et al. (2007), showed that as the fish moved through the various market pathways to the consumer it
increases in value, contributes to livelihoods, and that the overall additional value was 2.6 times the
landed value of the fishery. In 2011-2012, at ex-vessel prices (the point of first sale) the value of the
marine capture fishery production for the Caribbean region was estimated at $392.9 million annually and
the aquaculture fishery at $28.9 million annually, giving a total value of approximately $421.8 million
over the period (Masters 2014). It is estimated that the continued decline of coral reefs could cost the
region between $350 million and $870 million per year by 2050 (Burke & Maidens, 2004; Agard &
Cropper, 2007).

2.2.1.4

Wildlife

Wild game provides an important food resource to many people of the Americas, especially indigenous
peoples and local communities, but it also has important recreational and cultural values (sections 2.2.5,
2.2.6, 2.5.1). In Bolivia, for instance, if indigenous people had to replace the protein contributed by nature
through their hunting efforts, they would need to pay from $60 to $120 per family per month (Copa &
Townsend, 2004; Townsend & Gomez, 2010), and the estimated monetary value of this NCP in the state of
Santa Cruz alone is between $3 to $24 million a year (Gobierno Autonomo Departamental de Santa Cruz,
2009). In Caribbean island nations, which import most of their food, especially meat, wildlife management
can also be a way to search for food sovereignty (e.g. captive breeding programs for some Neotropical
mammals (Singh et al., 2016). Meanwhile, in Mesoamerica many of the harvested wildlife species are those
whose adaptation to humans (Linares, 1976). For example, the Maya consciously use their milpa, or garden
plots, to attract game and increase their hunting potential (Jorgenson, 1993; Santos-Fita et al., 2012).
Today’s Mesoamerican indigenous groups are mostly sedentary, without access to extensive hunting
territories and rely principally on their agricultural production (Santos–Fita et al., 2012), but they still
maintain an important cultural and spiritual relationship with wildlife, even though it has become mainly a
supplement to their family’s nutrition (Garcia del Valle et al., 2015; Santos Fita et al., 2015). Finally, Table
2.3 presents summary information about ungulates that are key subsistence species in North America.
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Table 2.3. Ungulate species most utilized in North America.
Scientific name

Common name

Distribution

Group size - Land use

Source

Rangifer
tarandus

Caribou

Large populations in
Arctic, subarctic and
boreal
regions
of
Canada, Alaska

Large herds - Migratory

White (1975)

Alces alces

Moose

Boreal regions of North
America

Resident, and
migratory

Franzmann
Schwartz
(2007)

Cervus elpahus

Elk

Small groups, local
seasonal migration

Thomas
&
Toweill (1982),
Houston
(1982)

Antilocapra
americana

Pronghorn
antelope

Small
to
larger
groupings,
generally
restricted due to limited
habitat

O’Gara
&
Yoakum (2004)

Bison bison

Bison, Buffalo

Western North America once
the
most
widespread
North
American deer ranging
almost coast to coast,
now found primarily in
western
mountain
regions
Dry
open
areas,
including
brushlands,
grasslands, and deserts
of interior western and
central North America.
In Canada, pronghorn
occur only in southern
Alberta
and
Saskatchewan
Wood Bison subspeciesboreal forest in the
Yukon and Northwestern
Canada.
Plains Bison - Southern
Great Plains of North
America.

Originally large herdsnow small groupings or
local herds restricted in
movement

Lott (2002)

Oreamnos
americanus

Mountain goat

Mountainous regions of
western North America

Small groups,
movements

Festa-Bianchet
(2008)

Ovis canadensis,
Ovis dalli

Rocky mountain
bighorn sheep,
Dall’s mountain
sheep

Social animals with local
altitudinal migration

Valdez
Krausman
(1999)

Odocoileus
hemionus/
Odocoileus
virginianus

Mule
deer/
White-tailed
deer

Southern
British
Columbia
and
southwestern Alberta,
Canada to northwestern
USA, including Alaska
From Mexico to Alaska/
North America through
northern South America

Individuals or small
groups, local, possible
altitudinal migration

Halls (1984),
Wallmo (1981)
Wilson & Ruff
(1999)

Ovibos
moschatus

Muskox

Islands and mainland in
the Canadian Arctic and
Greenland, introduced in
parts of Alaska

Localized groups

Wilson & Ruff
(1999)

Source: Kuhnlein & Humphries (2017).

some

local

&

&

A great diversity of species are harvested within susbsitence (non-commerical) economies in the Americas.
Indigenous groups incorporate a great diversity of wildlife into their diet and consume at least 527 animal
species of freshwater, marine, and terrestrial organisms (Kuhnlein and Humphries 2017). Ungulates are
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the most consistently hunted wildlife group used for food and subsistence (Robinson & Redford, 1991;
Townsend & Rumiz, 2004; Iwamura et al., 2014; Townsend & Gomez, 2010; Constantino, 2016), except
where their use might be prohibited by cultural controls such as cultural preferences (Ayala, 1997), taboos
(Reichel–Dolmatoff, 1971; Baleé, 1985, 1993), the absence of a species’ preferred habitat and/or its
deterioration (Cuellar, 1997), or over-exploitation (Mittermeier, 1991; Peres, 1990, 1991; Atunes et al.,
2016). Indeed, some tribes have strict taboos which dictate which taxa are edible. For instance, the Ayoreo
tribe of Bolivia and Paraguay forbid hunting most mammals and focus on land tortoises (Ayala, 1997), or
the Kalapalo people of Brazil consider that all terrestrial mammals are taboo, but can consume primates
(Basso, 1973). Urbani (2005) reviewed 56 wildlife hunting publications in South America, finding that 33 of
the studied human groups included primates in the species they hunted. Among mammals, hoofed animals
are very often top on the list of species used in all the Americas, but waterfowl and game birds are also
important, depending on specific ecosystems.
It has been estimated that sustainable hunting in tropical forests requires at least 1 km2/person (Robinson
& Bennet, 2000). In this context, sustainable production of the 8 most-harvested species in Mesoamerica
and South America (i.e. collared peccary, Tayassu tajacu; red brocket, Mazama americana; grey (or brown)
brocket, Mazama gouazoubira; South American tapir, Tapirus terrestris; lowland paca, Cunniculus paca;
brown agouti, Dasyprocta variegate; nine-banded armadillo, Dasypus novemcinctus; and Southern America
coati, Nasua nasua) could reach about 1.4 kg/ha/yr of wild meat in natural tropical forests (Gobierno
Autonomo Departamental de Santa Cruz, 2009). However, sustainable production is completely contingent
on maintaining the wildlife production lands in good condition (Altrichter, 2006; Silvius et al., 2004;
Townsend, 2010; Alvarez & Shany, 2012).
In North America, wildlife hunting requires a permit, so species populations can be managed and harvest
levels controlled. Indigenous people have prioritized access in some areas, including Canada where rights
to harvest wildlife and fish are protected where treaties have been signed. Historically, wildlife harvesting
represented a significant proportion of protein consumed; however, decreases in biodiversity of wildlife
species, habitat degradation and decreased access (e.g. physical and regulatory) has contributed to a steep
decline in wildlife harvesting in many areas of the Americas. While only 6% of the population participates
in recreational hunting (Mahoney, 2009), these programs generate revenue, not only to government
agencies via the permit process, but also an estimated $25 billion in retail sales yearly and $17 million in
wages and salaries is generated yearly (IAFWA, 2002). The tax revenue to the USA from retail and permits
is estimated to be more than $2.4 billion per year and trends in participation of recreational wildlife use in
USA have been stable over the past few decades. In addition, the sale of hunting permits provides in large
conservation benefits. In Canada, for example, the revenue generated from the sale of habitat conservation
stamps, affixed to the migratory game birds permits, funds habitat conservation projects, and since 1985,
>$50 million has been generated to support 1,500 habitat conservation projects across the country. Mexico
uses wildlife management units as a strategy to combine conservation of game species with economic
activities via the sale of animals or hunting. These wildlife management units can be part of community
activities or take place on private lands (http://www.biodiversidad.gob.mx/usos/UMAs.html). In some
instances, wildlife on common lands are managed as a common use resource, whereby different
organizations can develop hunting activities and sometimes there is no payment for hunting by external
people, but rather an exchange for external merchandise. These wildlife management units have been
underway in Mexico since 1997, and currently 37% of Mexican municipalities have them, recording 417
species (http://www.biodiversidad.gob.mx/ usos/UMAs.html).

2.2.1.5

Organic products

Over the past two decades, in the face of increase used of pesticides on plants and antibiotics and growth
hormones in animal products, more consumers are buying organic food to assure their quality of life. They
are willing to pay a premium for better health, environment quality and animal welfare (Dimitri & Greene,
2002). For example, the market value for organic foods in the USA, especially fruit and vegetables, nearly
tripled over the last decade (Figure 2.7), and the area of land under organic farming has increased over the
past decades (Figure 2.8, section 2.2.8).

88

IPBES/6/INF/4/Rev.1

According to FAO (2007), small-scale farmers have been successful in adopting organic practices and
marketing their products (e.g. in supermarkets or farmers markets in cities where organic and local
vegetables are sold). In this study, covering 14 farmer groups with more than 5,100 small farmers, each
with about two hectares of land in six countries (Argentina, Costa Rica, Dominican Republic, El Salvador,
Guatemala and Mexico), organic farming systems were found to 1) embody many elements of sustainability
that make them effective tools to help reduce poverty and improve food security including; 2) support longterm commitments to soil fertility, particularly reducing soil erosion and degradation or desertification; 3)
reduce external energy consumption and water requirements; 4) enhance the value of in knowledgeintensive rather than capital- and resource-intensive practices; 5) link traditional knowledge with modern
methods such as bio-controls and efficient nutrient management; and 6) integrate traditional knowledge,
joint problem solving and farmer-to-farmer exchange to improve community relations and lead to greater
involvement and commitment of producers.

89

IPBES/6/INF/4/Rev.1

Materials and assistance

Timber and fiber are essential provisioning services for a good quality of life. They provide shelter through
construction materials, clothing, and raw materials for industries and manufacturing. Extraction,
processing, production and trade of these services are also important livelihood activities of many
individuals worldwide (section 2.3.5). Production rates of this NCP have increased considerably over the
last several decades, helping improve the quality of life for many with some associated negative social and
environmental impacts notwithstanding. However, rates of production have slowed down and are expected
to continue declining as new technologies and production substitutes emerge. There are stark variations
between subregions in production and consumption of various timber and fiber services, as shown below.

2.2.2.1

Timber

North America is the largest producer and, in some cases, consumer of timber products. In this subregion,
for instance, coniferous sawnwood greatly outpaces other subregion’s production, peaking in the late
1990’s and early 2000’s (Figure 2.9).

90

IPBES/6/INF/4/Rev.1

Countries with the highest wood removals in the Americas are the USA, Brazil and Canada, as partially
reflected in their gross value-added USA dollars in the forestry sector (Table 2.4). In 2011, approximately
858 million m3 of wood were removed in the Americas region alone, and between 1990 and 2011, annual
wood removals in North America were varied, with a decrease following the 2008 financial downturn.
Furthermore, the share of woodfuel also varies by subregion, accounting for only 9% of total removals in
North America, whereas in South America and Mesoamerica it accounts for 78% and 88%, respectively
(Figure 2.10).
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Table 2.4. Top ten countries value-added (US $ in millions in 2011 prices and exchange rate) in the forestry
sector 1990-2011.
Country
1990
1995
2000
2011
AAGR
USA
110,346
132,476
135,498
95,664
-0.7
Brazil
24,732
24,522
19,928
22,513
-0.4
Canada
26,392
41,116
43,339
19,789
-1.4
Chile
2,605
4,449
5,432
7,596
5.2
Mexico
7,123
5,618
7,021
6,954
-0.1
Argentina
1,607
1,19
1,477
2,055
1.2
Colombia
2,192
1,906
1,956
1,826
-0.9
Ecuador
1,803
2,421
1,946
1,741
-0.2
Venezuela
658
747
675
1,43
-25.3
Peru
542
702
849
1,316
-24.9
AAGR: Average Annual Growth Rate. Source: Forest Resources Assessment (2015).
Timber extraction, as with many other production activities, is driven by various underlying factors
interacting synergistically in space and time (Geist et al., 2006). For instance, cultural factors drive
preferences for wood products; in many cases they covary with human population growth, technological
factors, and industrial growth. These drivers tend to be regional to global in scope, act in complex ways and
are usually mediated by institutional factors (Bryan, 2013; Lambin et al., 2001). Cultural preferences for
sustainably harvested wood have continued to drive market-based certification schemes in the forestry
sector (MacDicken et al., 2015). Regionally, since 2000, North American timber operations top other
Americas subregions in the total area under international forest certification schemes, as in the case of the
Forest Stewardship Council certification (Figure 2.11).
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Meanwhile, technological advancements continue to play an increasingly important role in driving
production of forest products. Remote sensing technologies, for instance, facilitate and inform forest
product operations, policies and decision-making (Romijn et al., 2015). Also, the increasingly widespread
use of electronic media and mobile technologies has substantially reduced demand for paper products in
many parts of the world, as have improvements in the production and commercialization of wood
substitutes (FAO, 2016a). Income growth continues to dictate both demand and production of wood
products. The largest economies in the world, particularly the USA, China, Germany and the United
Kingdom, lead as major consumers of many forest products, including industrial roundwood, wood pellets,
sawnwood, and paper and paperboard (FAO, 2016a), showing a strong link between demand and economic
might. Emerging markets and production sites in China and India have been pivotal in driving timber
demand and production in the Americas and elsewhere the last few decades, owing to their robust
manufacturing sectors as well as the expansion of their economic middle class. Policy and institutional
factors also have determined wood product demand. International agreements and policies in Europe, for
instance, have spiked demand for wood biofuels, as have forest policy incentives for some products in
certain locales (e.g. Farley & Costanza, 2010; Lawler et al., 2014). Forest management institutions and local
governance systems are key mediators between demand forces and production trajectories in the forestry
sector (FAO, 2016b).
Forest and timber extraction activities contribute to biodiversity loss through fragmentation, habitat
destruction and single-species plantation systems (Lawler et al., 2014) (see also Chapter 4). Some NCP are
negatively affected through soil degradation, reduced water regulation and quality, as well as impeded
carbon storage capacities. Further, timber activities may lead to losses of cultural traditions and diversity,
and reduced access to key ecosystem services for traditional forest-dependent communities. However,
positive ecological effects may ensue through restoration practices such as reforestation or afforestation
activities in previously degraded/cleared lands (FAO, 2016b). Some positive social impacts include
employment opportunities and subsistence means for rural populations, overall economic growth,
provision of energy supplies, and building materials (FAO, 2016b; Whiteman et al., 2015).
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2.2.2.2

Fibre

Fibres have been used by humans since early times, and are key components of well-being through
provision of shelter, clothing, and other benefits. They are used to fabricate products such as building
materials, paper, cordage, textiles, baskets, brooms, and rugs. Aside from plants, fibers are also obtained
from animal and mineral sources. Fibres have been widely used in the Americas for millennia. Cotton, flax,
hemp, jute and sisal are the most commonly produced vegetable fibres in this region (Table 2.5). North
America stands out as the highest producer of cotton, while production in South America is increasing
(Figure 2.12).
Table 2.5. Important plant fibers in the Americas and their uses.
Scientific
Plant
Family
Description
name
Cotton Gossypium
Malvaceae
The world's most popular
hirsutum;
natural fibre, cotton is
Gossypium
almost pure cellulose,
barbadense
absorbs moisture easily.
Flax

Linum
usitatissimum

Linaceae

The fibre is a cellulose
polymer, its structure is
stronger and stiffer and
absorb and release water
quickly.

Hemp

Cannabis
sativa

Cannabaceae

Jute

Corchorus
spp.

Malvaceae

Around 70% cellulose,
containing low levels of
lignin (8-10%). Is a heat
conductor, resist mildew
and has natural antibacterial properties.
Jute is long, soft and shiny
with high insulating and
anti-static
properties,
moderate moisture regain
and
low
thermal
conductivity.

Sisal

Agave
sisalana;
Agave
fourcroydes

Agavaceae

Sisal is coarse, hard,
strong,
durable
and
stretchable. Resists the
saltwater deterioration,
has a fine surface texture
appropriate for a wide
range of dyes.

Diameter
Fibre length
varies from 10
to 65 mm, and
diameter from
11
to
22
microns
Flax fibres
range in length
up to 90 cm,
and average
12
to
16
microns
in
diameter
The
fibre
diameter
ranges from
15
to
50
microns.

Use
Cotton cloth

Linen

Hemp cloth,
canvas,
cordage

The
fibre Burlap
length ranges
from 1 to 4 m
and
a
diameter of
from 17 to 20
microns
The
fibre Cordage,
measures up matting
to 1 m in
length, with a
diameter of
200 to 400
microns.

Source: adapted from Levetin & McMahon (2008), FAO (2009) International Year of Natural Fibres
(http://www.naturalfibres2009.org/en/fibres/index.html)
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South America and Mesoamerica have been important producers of plant fibres, such as agave and flax,
albeit with decreasing trends recently (Figure 2.12). Production of these fibres is strongly characterized by
peaks driven by diverse underlying factors. For instance, since the 1960s, agave production has been
intermittent with sharp increases starting in the 1970’s in South America and in the 1990’s for both
Mesoamerica and South America. The Caribbean, on the other hand, has shown a relatively stable trend
towards decline since the 1960s for agave. Production of sisal has shown a similar behavior, although with
more abrupt declines recently for some subregions. Production of jute in South America has shown similar
peaks, but with a more prominent decreasing tendency since the 1960’s (Figure 2.12).
Production of certain animal fibres also shows sharp production peaks. In South America, raw silk
production, for instance, is declining after a peak in the mid-1990’s (Figure 2.12). Wool production has also
declined over the last decades, particularly in South America. This is in large part due to the increasing use
of synthetic substitutes for clothing (Figure 2.12).
As with timber products, cultural factors play a pivotal role in driving large-scale fiber production and
demand (Graham-Rowe, 2011). Many consumers have preferences for particular types of plant and animal
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fibers, such as skins, furs, wood-based fibers, cotton, silk, wools and hairs used to fabricate a gamut of
product types including clothing, fashion accessories, ornaments, and furnishings. These preferences, in
turn, are driven largely by fashion trends propagated through globalized media. Population growth also
constitutes a significant driver of fiber production and consumption. In some cases, demand for certain
types of animal and plant fibers has stagnated or decreased thanks to the more pervasive use of alternative
synthetic. Agricultural biotechnologies also continue to strongly influence fiber production (Ali & Abdulai,
2010), as do policies and institutional factors largely through regulatory mechanisms such as controls and
restrictions on trade, poaching and illegal harvesting of fibers.
The environmental impacts associated with fiber production depend on the type of fiber, the extraction
methods, as well as the scale of production (Clay, 2004). This includes impacts through substantial pesticide
use, soil degradation and salinization, and water diversion for irrigation. Other environmental impacts
include significant reductions in the populations of wild species used for vegetable and animal fibers that
may lead to vulnerability of population declines for those species. Some of these species also play pivotal
roles in ecosystems, potentially leading to impacts in local to regional ecological function, and
compromising overall ecosystem integrity. Animal husbandry operations associated with fiber production
also can have environmental impacts through clearing of forests for pasture, which is typically associated
with reduced biodiversity, greenhouse gas emissions, soil degradation and reduced water quality and
regulation capabilities (Chhabra et al., 2006).
Finally, fibres are vital provisioning services for human well-being, and many livelihoods worldwide are
based on the production and trade of fiber goods (Ruiz-Pérez et al., 2004) (section 2.3.5). Fibres are not
only important for essential uses, such as clothing and shelter, but also for other non-essential commodities
that in many cases are an important component of well-being for many societies, such as elements of the
material culture of many traditional and non-traditional groups (Godoy et al., 2005).

Energy

Energy is an important input for the agricultural, industrial and transport sectors and private individuals,
constituting an important basis of human well-being. Energy consumption is directly linked to human
activities. For example, the amount of energy used by agriculture is increasing worldwide, as mechanization,
especially in developing countries, increases. Energy production and consumption vary greatly among and
within subregions in the Americas, with the highest level of consumption level occurring in North America
(Figure 2.13).
Natural ecosystems provide different kinds of renewable energy, such as heat (e.g. burning of wood or
charcoal), electricity (e.g. hydropower) and biomass fuels. Electricity derived directly from natural resources
has an extremely high importance in South America, where 81% of produced energy is from renewable
sources, mainly hydropower (Table 2.6). In 2011, 55% of the energy matrix of Mesoamerica, the Caribbean
and South America came from hydropower (WWAP, 2015). Brazil currently has 158 hydroelectric plants in
operation, which total more than 89 gigawatts, with 9 additional plants under construction and another 26
authorized (Tolmasquim, 2016). If micro-hydropower stations are included the number jumps to 1,100
hydroelectric stations (Rocha et al., 2015). Energy production by hydropower is increasing despite
substantial controversy over impacts to biodiversity, natural ecosystems, and local populations, including
indigenous peoples and local communities (Rocha et al., 2015).
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Table 2.6. Per capita annual energy consumption (total kWh/year) in the Americas and percentage (%) of
electricity consumption derived from renewable resources by country.
2003
2013
% Change
% Renewable
North America
Canada
86,127.7
84,057.2
-2.5
64.5
-3.6
14.3
USA
83,617.1
80,715.6
Mesoamerica
Costa Rica
El Salvador
Honduras
Guatemala
Mexico
Nicaragua
Panama
Caribbean

11,645.6
7,899.9
7013.7
8,318.9
18,328.0
6,325.5
12,519.6

12,009.4
8,093.6
7,731.6
8,958.9
18,040.4
6,928.6
12,341.7

3.0
2.4

92.2
60.7

9.3
7.1

45.1
68.1

-1.6
8.7

15.7
41.1

-1.4

64.1

Cuba
Dominican Republic
Haiti
Jamaica
Trinidad & Tobago
South America

11382.7
9803.9
2672.8
13190.2
18,5725.2

12,031.3
8,535.5
4,589.0
12,646.7
16,9668.6

5.4
-14.9
41.8
-4.3
-9.5

4.0
13.8
14.5
9.3
0.2

Argentina
Bolivia
Brazil
Chile
Colombia
Ecuador
Paraguay
Peru
Uruguay
Venezuela

21,554.7
8,605.6
15,902.4
21,086.6
8,127.0
9,760.9
8,658.2
7,786.0
14,482.3
31,145.6

22,112.2
9,167.5
16,780.8
25,689.6
7,801.7
11,434.4
8,918.5
8,267.2
15,762.1
26,507.5

2.5
6.1
5.2
17.9
-4.2
14.6
2.9
5.8
8.1
-17.5

31.1
34.9
84.0
37.7
82.5
56.2
100
57.6
63.0
66.0

Sources: Total energy consumption from World Bank (2017a) World Development Indicators. Indicator: Energy Use
Per Capita. https://data.worldbank.org/indicator (Energy & Mining – Energy use). Pecertange of electricity from EIA
(2016) during 2012, except USA (data from 2014) and Argentina (data from 2015).
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Biomass fuels are a direct benefit of nature for humans. Biomass can be used for heating (e.g. firewood,
charcoal), production of electricity and transportation fuel. There are many techniques to transform
biomass into energy (Figure 2.14), and biofuels could be an important energy source in the future, as they
have environmental benefits and can provide income for rural populations involved in production (Nigam
& Singh, 2011). Even in the highly developed USA, 2.5 million households (2.1%) use wood as the main
source for home heating. In an additional 9 million households (7.7%), wood is used as a secondary heating
fuel (EIA, 2014: https://www.eia.gov/todayinenergy/detail.php?id=15431). In Brazil, 53% of rural and 5%
of urban population rely on biomass as their principal energy source for cooking. The average for the other
South American countries is even higher (62% in rural and 9% in urban areas; IEA, 2006). Charcoal remains
an important energy source throughout the Americas (Table 2.7), both for household and industrial use
(e.g. Brazil, where most of the charcoal is used in industry; GIZ, 2014). While important especially for rural
populations with little access to other sources, there may be negative impacts on the environment due to
overexploitation, as well as negative effects on human health (section 2.3.4).
Table 2.7. Charcoal production (tons) in the Americas by subregion
1986
1996
North America
Mesoamerica
Caribbean
South America

500,000
166,318
115,447
10,779,511

789,000
117,691
130,704
8,,779130

2006

2016

901,800
190,742
132,801
9,532,494

982,260
195,272
177,774
8,283,537

Source: FAOStat (2017). Forestry Production and Trade. http://www.fao.org/faostat/en/#data/FO. Wood charcoal.
Last updated December 12, 2017.

On an industrial level, electricity derived from biomass is increasingly important, especially in South America
(Figure 2.13). Brazil particularly uses a great deal of bagasse, produced from sugar cane, that is left over
from ethanol production. The use of biomass for fuel production is an important part of the South and
North American energy matrix. The USA and Brazil are the world’s largest producers of ethanol fuel, 14.8
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and 7.1 billion gallons/year, respectively. In fact, the Americas is by far the most important region in the
world for ethanol production. Recently, the USA agricultural sector reported significant growth in cornderived ethanol production, which was encouraged in 2002 by oil price increases and after 2007 by
government support policies mandating ethanol use; one negative consequence was a trade-off in which
natural habitats were converted to high input agriculture for corn production (Faber & Male, 2012).
Gasoline in the USA contains approximately 10% ethanol and in Brazil, 25%. However, due to the large land
areas needed for production of first generation secondary biofuels, the biofuels also have the problem of
competing for land needed for food supply, necessitating the need for other solutions, for example, by third
generation biofuels (Nigam & Singh, 2011).

Medicinal, biochemical and genetic resources

Medicines are a crucial NCP derived from biochemical and genetic resources that are obtained from natural
and anthropogenic ecosystems, including medicinal plants produced commercially. Between 25-30% of
modern medicines come from natural products, including plants, animals and minerals (WHO, 2013).
Indigenous peoples and local communities have rich knowledge systems regarding the curative properties
of different taxa, as well as the recipes and instructions for their preparation and use. Between 65-80% of
the population in developing countries use medicinal plants as remedies (Palhares et al., 2015). Plus, this
NCP is intertwined with cultural beliefs and values held by diverse peoples. Plant medicines are made from
leaves, roots, flowers, barks, saps and gums, seeds, oils and can be infused in water or oil, ground, used
fresh or dried, imbibed, rubbed or inhaled, just to name a few of the diverse ways people use their
medicines. The same is true for the medicinal use of animals with products derived from hair, skin, blood,
bones, horns, bile, musk, and fats, as well as the whole body of certain insects like ants. Traditional
medicines heal physical, psychological and spiritual ills, often without a distinction between them. Although
the connection between humans and medicinal plants is long standing, the interest in medicinal products
derived from plants has increased since the 20th century. The industrial-scale use of medicinal plants ranges
from herbal teas, new drugs, pharmaceutical auxiliary products, health foods, phytopharmaceuticals and
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intermediates for drug manufacturing (De Silva, 1997). It is estimated that nearly 30% of commercially sold
therapeutic medications are derived mainly from plants and microorganisms. In areas such as oncology,
this number reaches 60%.
Many local medicinal plants and aromatic herbs used globally are grown in home gardens and not as large
scale crops (de Padua et al., 1999). Local and endemic species are almost always connected to a wild harvest
while introduced species tend to be used in larger scale productions (Walter & Gillett, 1998). Some herbal
supply companies reported to Rainforest Alliance that between 60-90% of their volume of primary material
was cultivated. However, this percentage was of only 10 to 40% of the species they use, and the rest were
harvested from wild populations (Laird & Pierce, 2002). A total of 546 medicinal plant taxa are used by
indigenous peoples of the Canadian boreal forest, from which the most frequently used plant parts are
roots, leaves, whole plants, fruits and rhizomes to the treatment of gastro-intestinal disorders,
musculoskeletal disorders, cold, cough and sore throat, injuries, respiratory system disorders, urinary
system disorders, and dermatological infections (Uprety et al., 2012). In Mesoamerica and the Caribbean
region, Alonso-Castro et al. (2016) documented 104 plant species belonging to 55 families that are used as
immune-stimulants, of which only 27% have been the subject of pharmacological studies. Kujawska et al.
(2017) registered 509 botanical species used as medicinal plants in Argentina, comparing their use by three
cultural groups of people: Guarani Indians, Criollos (mestizos), and Polish immigrants. The Guarani were
the most expert in medicinal plants, using the greatest diversity of species (n=397). Polish immigrants used
the least (n=137), in part due to the challenges of establishing a new pharmacopedia in their new, highly
diverse environment. In the tropical Atlantic forest of Brazil, Di Stasi et al. (2002) documented a
pharmacological inventory with people from rural and urban communities that includes 290 herbal
remedies prepared from 114 medicinal plants cited for 628 medicinal uses. Clearly the Americas host a large
percentage of the world’s 28,187 known medicinal plants (Willis, 2017). For example, at the country level,
numerous reports show the high levels of medicinal plant biodiversity used in the Americas, including 2,500
in the USA (Moerman, 1996), 4,000 in Mexico (Caballero et al., 1998), 5,000 in Colombia (Fonnegra &
Jimenez, 2007), and 1,529 in Argentina (Barboza et al., 2009).
In addition to medicinal plants, animal-based remedies (zootherapy) are found in the all the Americas
subregions, mainly used by indigenous peoples and local communities. Alves & Alves (2011) reviewed the
literature from Latin America and found that at least 584 animal species, distributed in 13 taxonomic
categories, are used in traditional medicine (Figure 2.15). The use of wildlife as medicine represents not
only an economic benefit from sales or by saving money for families, but it constitutes a knowledge and
value system tied to inheritance, belonging, and identity.
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International trade in medicinal plants is expanding (Table 2.8), and exports are largely in an unprocessed
or slightly processed form with much of the economic return going to intermediaries. As a consequence of
this increase in economic activity, the monetary value of medicinal plants has also grown. In 2000, $17
billion was spent in the USA on traditional herbal medicines. In 2002, the annual global market for herbal
medicines was estimate to be worth $60 billion (WHO, 2002) and by 2012 the global industry in traditional
chinese medicine alone was reported to be worth $83 billion (Royal Botanical Gardens Kew, 2017) Still
native chemodiveristy is an almost untapped source of economic development with a very low
environmental impact, since once isolated and tested the new compounds are synthesized to be produced
in the scale needed for a new medicine. New compounds can also be important for the food and for the
agrochemical industry (Kalin-Arroyo et al., 2009; Desmarchelier, 2010; Joly & Bolzani, 2017). Furthermore,
the advent of genetic techniques that permitted the isolation/expression of biosynthetic cassettes from
microbes may well be the new frontier for natural products lead discovery. It is now apparent that
biodiversity may be much greater in those organism, and the numbers of potential species involved in the
microbial world are many orders of magnitude greater than those of plants and multi-celled animals.
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Table 2.8. Volume of medicinal plant exports from the Americas by subregion and country.
Exports volume of medicinal plants
Region/country
1991
1994
1996
1998
2000
371.9
449.4
489.0
463.7
529.1
Global
8.0
13.8
15.3
19.3
19.7
North America
7.7
13.2
14.0
17.4
18.0
USA
0.3
0.6
1.3
1.9
1.7
Canada
8.1
5.9
15.9
14.9
43.1
Mesoamerica and the Caribbean
8.0
5.2
15.1
13.9
42.6
Mexico
0.0
0.0
0.0
0.0
0.1
Dominican Republic
0.0
0.1
0.2
0.1
0.1
Costa Rica
16.4
16.5
20.1
23.2
17.4
South America
9.7
10.4
13.7
15.8
9.9
Chile
3.2
2.3
2.4
2.2
1.6
Argentina
1.5
1.8
1.6
1.7
2.4
Peru
1.0
0.9
1.2
1.7
1.8
Brazil
0.6
0.5
0.6
0.6
0.3
Bolivia
0.1
0.2
0.2
0.2
0.8
Ecuador

2002
583.6
15.7
12.6
3.1
131.0
130.2
0.2
0.1
20.9
10.0
1.2
3.4
2.0
0.4
2.3

Source: FAO (2002)

Indeed, the history of peoples in the Americas is intimately linked to the land, water, plants and wildlife,
including medicinal uses of these (Toledo & Barrera-Bassols, 2008). However, medicinal species are being
harvested at ever-expanding volumes to fulfill the regional and international demand, mostly from the wild
(Kuipers, 1997; Lange, 1998). The technical advances in the pharmaceutical industry permit synthesis of
some active compounds, but of the 45 plant-based drugs developed from tropical rain forest species in the
1990’s none is known to be synthesized (Farnsworth & Soejarto, 1991). Efforts at synthesis of the
phytochemical complexity of tropical plants have not been economically successful, thus companies require
natural sources of raw materials (Laird, 1999). Therefore, the degradation and transformation of natural
habitats affects this NCP negatively impacts the primary health care option of millions of urban and rural
citizens (Shanley & Luz, 2003). In this context, the consequence of biodiversity loss affects not only potential
research into the pharmaceutical benefits of these species, but is particularly devastating to those people
without access to western medicines (Box 2.3).
Box 2.3 Traditional medicine in Cerrado, Brazil. Source: Dias & Laureano (2017).
In the Brazilian Cerrado (savanna-type biome), raizeiras (local healers –mainly women - and midwifes)
use a diversity of medicinal plants to treat the ailments of rural people. In the state of Minas Gerais alone,
264 different medicinal plants are used by raizeiras, 40% of them being wild plants (Dias & Laureano,
2010). Raizeiras organize themselves in “community pharmacies” to produce medicine to be sold locally,
where there is no access to state-supported medical nor conventional drugstores. Raizeiras are able to
identify the causes of illness, whether congenital, socioenomic, endemic or mental illness (often related
to spiritual causes). Local medicines are usually imbued by values attributed to faith and spirituality,
including prayers, religious rituals, and indigenous local knowledge. Also, such knowledge to collect and
manage plants in ways that conserve them for future generations. Nevertheless, the conversion of
Cerrado vegetation due to agribusiness expansion and the restriction of access to previously commonlyheld land are current threats to these “community pharmacies,” putting at risk the health of thousands
of people in central Brazil. This is one of many of examples from Mesoamericaand South America; see:
http://www.biodiversidad.gob.mx/Biodiversitas/Articulos/biodiv62art3.pdf
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Learning and inspiration

Landscapes and seascapes, whether natural or transformed by anthropogenic activities, as well as biotic
organisms, provide opportunities for learning and inspiration for humans in all biomes and subregions of
the Americas. Indigenous language, knowledge and practices, as well as local farm knowledge and practice
are transmitted through living in nature. Fishing and hunting knowledge too are transmitted through
practice. In the USA alone, each year an estimated 29.6 million people over 16 years of age fished in
freshwater ecosystems for a total of 463 million days, another 8.9 million people over 16 years of age fished
in marine environments for a total of 99 million days, and over 2.5 million people over 16 years of age
hunted for migratory birds (mostly waterfowl) for a total of 23 million days. Plus, about 22.5 million (9% of
all people over 16 years of age) travel away from home to watch wildlife, and 45 million actively observed
biodiversity around the home (e.g. bird feeders) (FWS, 2011).
In a global review of the strong benefits that interacting with nature has on cognitive ability and function,
Keniger et al. (2013) identified the following benefits: attentional restoration, reduced mental fatigue,
improved academic performance, education/learning opportunities, improved ability to perform tasks,
improved cognitive function in children, and improved productivity. In urban settings, the restorative
benefits of a view of nature, even if only from a window, has been documented (Kaplan et al., 2001). Keniger
et al. (2013) argue that there is good evidence that exposure to nature in both urban and wilderness settings
may improve cognitive performance, as demonstrated by studies in Michigan (Berman et al., 2008) and in
California (Hartig et al., 1991). On the other hand, Russell et al. (2013), in a review on how knowing and
experiencing nature influence human well-being, have discussed the relative lack of empirical studies
regarding the effects of nature on learning.
Some religions make use of plants and animals to connect humans to the spiritual world. For instance, the
use of ayahuasca, a drink made of two Amazonian plant species (Banisteriopsis caapi and Psychotria viridis)
has become more and more popular through the Santo Daime religion in many urban centers in parts of
South America (Labate, 2004). There are very few studies that investigate the role of nature as spiritual
inspiration for non-indigenous people in the Americas. Fredrickson and Anderson (1999) claim that outdoor
recreational trips act as spiritual inspiration for women experiencing wilderness in the USA, and in many
coastal and rural communities of the Americas, people with no access to weather forecast “read nature’s
signs” to plan their planting, harvesting or fishing activities. Nature is also an unlimited source for scientific
research, and environmental education programs are growing, often with the goal of increasing ecological
literacy (McBeth, 2011). In urban areas, green space, zoos, aquariums and botanical gardens are all facilities
to promote learning experiences for people. In the USA, more than 183 million people visit aquariums and
zoos annually (AZA, 2017). Additionally, a large portion of artwork produced by humankind is inspired in
nature, in particular those produced by indigenous peoples and local communities.
Quantifying how much learning and inspiration from nature contribute to human quality of life is not a
trivial task. However, one way to assess how the Americas’ peoples value nature for its power to inspire is
through institutions that establish rights to relational ecosystem values, as the case from the USA illustrated
in Box 2.4.
Box 2.4. Institutions to establish rights to relational ecosystem values.
Just as institutions and governance systems exist to manage instrumental values of ecosystems – the
benefits people receive from nature – so too do they exist to manage relational values. The USA provides
two prominent examples of national laws established to protect the relational values required for human
well-being, living in balance with nature, and spiritual fulfillment. The first is the National Park Service
Act of 1916, which established a federal agency to manage areas of extraordinary natural and historical
importance to people. Franklin Lane, Secretary of the Interior at the time of the establishment of the
National Parks Service, described its lands as “set apart for the use, observation, health, and pleasure of
the people.” Nearly 50 years later, the Wilderness Act was passed in 1964 to preserve and ensure
continued, but limited access by people to areas “in such manner as will leave them unimpaired for future
use and enjoyment as wilderness....” In signing the Wilderness Act, President Lyndon Johnson expressed
the purpose of the law as maintaining human well-being through a relationship with nature, indicating
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that “... once man can no longer walk with beauty or wonder at nature, his spirit will wither and his
sustenance be wasted.” Together the National Parks Service and the Wilderness Preservation System
protect nearly 80 million hectares of wild lands and sites of historic or spiritual significance and can serve
as a model for institutional approaches to ensuring the provision of relational services. The clear purpose
of these laws is to preserve current and future access to relational ecosystem values, including protecting
places of special significance to people and providing assurance that millions of hectares are available to
maintain peoples’ basic connection with nature for learning, inspiration and other non-material NCP.
Another way to assess how people value nature is through the impact of losing it. In the Americas, most
cities are growing at the expense of agricultural areas (HABITAT, 2012), leading to cultural transformations,
such as the loss of knowledge and appreciation for native biodiversity that is also linked to rituals and other
cultural uses. In fact, globally the capacity of ecosystems to provide cultural services have strongly
decreased in the past century (MEA, 2005). For example, the direct degradation of the environment or the
decoupling of the ways of living in a habitat also harm sense of place, language diversity and local ecological
knowledge (Rozzi et al., 2006, 2012). This is linked to the fact that 61% of the native languages of Americas
are either in trouble or dying (Table 2.1 , Simons & Fennig, 2017).

Supporting identities

Nature supports human identities by providing materials and physical places that in turn are part of
symbolic and social relationships that form cultural identities. For example, in the Bolivian Andes, the
maintenance of well-organized ancestral indigenous agriculture and llama herding emphasizes the
respectful use of the environment, conceived of as Mother Earth (or Pachamama) (Choque, 2017). Indeed,
nature provides the basis for religious and spiritual experiences in many cultures. In Brazil, Fernandes-Pinto
(2017) registered over 400 sacred natural sites representing a variety of ecosystems (e.g. streams, forest,
coastal habitats) associated with a diversity of cultures and religions. The author also observed the religious
use of public lands in over 100 Brazilian protected areas. Ecuador has recognized the important link of
biodiversity and local culture by declaring “Intangible Areas” (like the Tagaeri Taromenane of Yasuní
Biosphere Reserve), which are large extensions of biodiverse territory where indigenous peoples want to
be isolated from western culture. This is one of the best examples of zoning protected areas that take into
consideration the relationships between nature and society, with legally functioning frameworks
(http://wrm.org.uy/es/articulos-del-boletin-wrm/seccion1/ecuador-la-zona-intangible-tagaeritaromenane-del-yasuni/).
Material NCP, like food, also contribute to the cultural identity of indigenous people and local communities.
For example, apart from food, North American indigenous peoples value wildlife as an integral part of their
way of life and many follow complex rituals, which guide their relationship with their subsistence species,
including identity in clan names, oral histories (Erdoes & Ortiz, 1985), ceremonial preparation for hunting
and cooking, transformation and spiritual communication (http://www.traditionalanimalfoods.org)
(Kuhnlein & Humphries, 2017). In biomes like the Canadian tundra (Kuhnlein & Chan, 2000; Usher, 2002),
local economies are made up of a mix of cash and subsistence, depending strongly not only on the
availability of local resources, but also on cultural knowledge, traditionally transmitted from generation to
generation, regarding the ways of preparation, storage, and distribution of food and resources. Therefore,
Inuit identity is supported by their environment and the traditional cultural practices conducted in it,
especially hunting, and in this sense, the consumption of wild animal meat is vital not only for Inuit health,
but also their identity. Within the Inuit knowledge and value system, hunted animals, such as seals or polar
bears, and humans are linked together in a spiritual relationship that both depend upon (Borré, 1991;
Dowsley, 2010; Fialkowski, 2012). Among the Quileute this physical-spiritual connection is acknowledged
by throwing the bones and head of the first salmon caught back into the river to ensure good will of the
salmon spirits. This was also meant to symbolize taking only what was needed, but served as a reminder to
strive for balance (Fialkowski, 2012).
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While attempts at monetization of ecosystem services may lead to some insights on the values of nature,
broader considerations related to spirituality, cultural identity or social cohesion are not easily
characterized in this value system, making them too often underrepresented in decision making and in
scientific assessments at subregional and regional levels. Recent approaches to integrate social and
ecological factors, which can help to identify the instrumental, intrinsic and relational values of nature,
could improve attention to cultural and identity in the long-term (Chan et al., 2012). Notwithstanding the
lack of systematic data on status and trends, it is well established that nature substantively supports such
economic activities as hunting and fishing. In turn, hunting is inextricably related to leadership building,
territorial control, and cultural stories (Townsend & Macuritofe-Ramírez, 1995; Erdoes & Ortiz, 1985;
Urbani, 2005; Urbani & Cormier, 2015; Cormier & Urbani, 2008), art (Salinas, 2010) and rituals (Baleé, 1985)
of indigenous peoples and local communities throughout the Americas. Fishing too is valued for its
contributions to food and livelihood securities, and like hunting and fishing practices also connote cultural
values that have to do with a “way of life,” cultural continuity, knowledge systems and connections to place
(e.g. Trimble & Johnson, 2013).
There is strong evidence that both species and cultural diversity are decreasing in the Americas (see Chapter
3 and section 2.1) and changes in development models that act as drivers (see Chapter 4) also lead to an
erosion of nature’s support for identities and this trend is increasing. Drivers of such change include internal
migration (e.g. rural to urban), cultural assimilation, restricted access to nature (section 2.5), limiting the
practices and relationships with nature, which are the constituents of cultures and identities. For instance,
tropical dry forests are valued in additional ways aside from a utilitarian approach based on economic
market values of goods and services provided (Birch et al., 2010; Castillo et al., 2005; Maass et al., 2005).
Socio-cultural values in these forests are particularly important for many traditional and indigenous
populations whose identities, worldviews, cosmologies and traditions are closely linked with particular
characteristics and conditions of these ecosystems (Balvanera et al., 2011). In turn, identity and culture of
a place can feed back into well-being via other mechanisms, like tourism, as many people visit such places
for aesthetic enjoyment and spiritual fulfillment. These services are also less emanble to pecuniary
valuation methods than provisioning services or material NCP, yet in many instances represent a key factor
for good social relations.
Erosion of nature’s support for identity has a direct effect on well-being. For instance, in Canada, loss of
cultural identity has impacted the mental health of the First Nations, Inuit, and Métis, leading to high rates
of depression, alcoholism, suicide, and violence in many communities, with the greatest impact on youth
(Kirmayer et al., 2000). Many First Nations youth are unable to take on their traditional cultures because so
many practices have been restricted by losing access to traditional lands. For example, many tribes in the
USA plains states that revere the buffalo (Bison bison) for its power and the good fortune the buffalo spirit
brought to the tribe, no longer have access to the animal. The eroded cultural identity associated with losing
access to traditional lands has meant that many indigenous people now suffer from chronic socio-economic
problems (Carpenter & Halbritter, 2001). Unfortunately this trend is also observed among other American
indigenous peoples. For instance, the suicide rate among Guaraní Kaiowá and Nandeva youth in Brazil is
higher than the national average, and the rate appears to be increasing among young males (Coloma et al.,
2006).

Physical and psychological experiences

Literature reviews on how knowing and experiencing nature influences human well-being have clearly
shown its benefits on mental and physical health. Russell et al. (2013) conclude that “the balance of
evidence indicates conclusively that knowing and experiencing nature makes us generally happier, healthier
people.” Conversely, experiencing the loss of an ecosystem service, led respondents to report that their
emotional, psychological, or spiritual well-being is harmed; highlighting the importance that nature has on
their quality of life (Federal Provincial and Territorial Governments of Canada, 2012). Relative to other nonmaterial NCP, there is a large amount of literature linking nature with well-being through increased health
benefits. This is particularly important in urban environments, where increasingly larger proportions of
people live (Table 2.9), and where stressors like increased noise, over stimulation, and health problems
105

IPBES/6/INF/4/Rev.1

derived from sedentary lifestyles are frequent. For example, a recent and exhaustive review on the benefits
of interacting with nature presents a wide range of studies demonstrating benefits to physical health,
cognitive performance and psychological well-being with fewer, studies reporting on social cohesion and
spiritual benefits (Keniger et al., 2013). These same authors showed that studies on the benefits people
receive from interacting with nature have a regional bias towards Western developed nations with 79% of
the 59 studies assessed reporting results from North America and Europe and none for South America and
Africa. The authors conclude that, although a broad range of benefits that accrue from interacting with
nature have been described, most of the evidence is descriptive. Therefore, less is known about the
mechanisms by which benefits are delivered, the characteristics of natural settings and how these
characteristics may affect the resulting benefits in different geographical locations, cultures and socioeconomic groups. This complexity is important to understand, though, to improve urban and regional
planning that enhances well-being through nature interaction. This is particularly vital as most subregions
in the Americas are strongly urbanized and this trend is increasing (see also Chapter 1) so that the large
majority of the population has limited access to natural or wild landscapes and seascapes. Although
information is limited, the valuation of natural areas has been more studied in Northern Hemisphere cities
(see Niemela et al., 2010), where nature changes dramatically year round in contrast to countries located
in tropical regions. Low valuation of nature and/or the loss of human-nature interactions can have serious
consequences on people, not only in the decrease of benefits derived, but also the disconnection from
nature that results (Soga & Gaston, 2016). This can decrease favorable attitudes and behavior, decreasing
motivation to protect it (Lopez-Mosquera & Sanchez, 2012; Dallimer et al., 2014).
Table 2.9. Proportion and annual rate change in urban population in the Americas by subregion.
% annual rate change in
Subregions
% of urban population
urban population
1990
2014
2050
(2010-2015)
0.2
North America
75
81
87
0.4
Mesoamerica
65
73
82
Caribbean
South America

58
74

70
83

81
89

0.8
0.3

Source: United Nations Population Division ( 2014).

One way to assess physical and psychological experiences with nature is through nature-related tourism
assessments (Table 2.10). Nature-based tourism generates both livelihoods and income for providers,
ranging from small rural communities and protected areas to large coastal resorts. Overall, tourism is a
major resource for many economies in mountainous areas, and studies also have shown that protection of
watersheds provides greater economic value than resource extraction (The Mountain Institute, 1998;
UNEP, 2008). In addition, it generates leisure experience for costumers. For instance, in addition to being
associated with export earnings, coffee plantations provide cultural services and earnings from agrotourism
activities in places like Mexico and Guatemala (Lyon, 2013). Protected areas also provide income through
jobs and park fees. For example, some important national parks in the USA are located in the Rocky
Mountains (e.g. Yellowstone, Grand Teton, Glacier, and Rocky Mountain National Parks) and protect
outstanding examples of mid-latitude alpine and subalpine environments in North America (Funk et al.,
2014). Among Brazil’s national parks, 20 receive more than 10,000 visitors per year (data for 2013; de Castro
et al., 2015). Numbers of visitors are primarily determined by the natural beauty of the region and by the
variety of opportunities for recreation and associated services and infrastructure (de Castro et al., 2015). In
2013, Tijuca National Park, situated within the city of Rio de Janeiro, Brazil, and Iguaçu (Brazil) and Iguazu
(Argentina) National Parks, with their famous waterfall, received between 1.5 and 2.8 million visitors,
respectively (data only for the Brazilian portion of Iguaçu). Together this accounts for 74% of total visitation
in Brazilian national parks. Interestingly, the forests in Tijuca National Park are actually the result of a
reforestation program in the 19th century, when more than 70,000 trees were planted to protect local
water resources with their high importance for Rio de Janeiro.
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Table 2.10. Examples of economic valuation of the nature-related tourism sector.
Winter tourism (skiing) industry in USA for $12.2 billion
Burakowski
&
2009-2010
Magnusson ( 2012)
Tourism in the Caribbean
$28.4 billion
CARSEA ( 2007)
(13% of GDP)
Coral reef associated tourism and fishery $57.6 million
Bervoets (2010)
in St. Maarten
Coral reef associated tourism/recreation $101–130 million
Kushner et al. (2011)
in Tobago for 2006
Coral reef associated tourism/recreation $160–194 million
Kushner et al. (2011)
in St. Lucia for 2006
Sport fishing and waterfowl hunting on 1.3 $272 million
Bergstrom et al. (1990)
million acres in coastal Louisiana, USA
(converted from 1990 US $)
Maya Biosphere Reserve in the Petén area $47 million and provides
CBD ( 2008)
of Guatemala
employment to 7000 people
National protected areas in Costa Rica
$1.3 billion in 2009 (~5% of GDP) Moreno (2011)
The Caribbean’s islands are more dependent on income from tourism than that of any other part of the
world, accounting for 15.5% of total employment (CARSEA, 2007). In 2015, about 9 million tourists visited
the subregion (CTO, 2015). In 2013, international tourism receipts were 45% of total exports. For example,
the earnings from tourism were more than 80% of total service exports in The Bahamas and Saint Lucia,
and more than 70% in Aruba, the Dominican Republic, Grenada and Jamaica (IDB, 2016). The tourism sector
has required large investments in coastal development to cater for the high influx of tourists and the
associated demand for hotels, marinas, harbors, shops, and sports facilities. These rapid developments
have had major impacts on the coral reefs; with 32% of Caribbean coral reefs estimated to be threatened
by coastal development (Bryant et al., 1998). Additionally, in many areas the sheer numbers of dive and
snorkel tourists cause direct damage to coral reefs. Average coral cover declined by more than 50% from
1970 to 2011, but the disparity among locations was great (Jackson et al., 2014).
Nature contributes to tourists indirectly through the benefits gained from the recreational experiences.
Based on USA expenditures for sport fishing and dock-side expenditures for commercial fish, the benefits
from sportfishing rival the food and raw material benefits from commercial fishing. In the USA alone in
2010, an estimated 33 million people over 16 fished for sport for a total of 554 million days supporting over
820,000 jobs and $35 billion in salaries and wages (FWS, 2011). Over 80% of USA anglers fished in
freshwaters (FWS, 2011), spending in total, > $47 billion on the sport. The $4.9 billion spent by salt-water
anglers in 2014 rivaled the $5.5 billion for dockside purchases of commercial fish (NMFS, 2016), which is an
important trade-off consideration in fishery management decision-making. Since the tourist industry
benefits from greater recreational expenditure and the recreationists benefit from a less expensive
satisfying experience, there is an optimum balance of costs and benefits that maximizes benefits across
both groups.

Maintenance of options

An overarching benefit of ecosystems is their ability to provide services and maintain options for a good
quality of life for both present and future generations. These options are sustained by biodiversity and are
lost as biodiversity is eroded. Since the future is uncertain, any loss of the irreplaceable attributes of nature
diminishes the potential for improved quality of human life. Future options can be maintained by either
protecting species from loss or by setting aside areas that support the diversity of ecosystem elements in
all their characteristic complexity. Species protection through various laws like the USA Endangered Species
Act and the multi-lateral Convention on International Trade of Endangered Species (CITES) work toward
this end. But the strategic protection of land and water from destructive use may be the most widely
advocated policy instrument to maintain options sustained by biodiversity, including ecosystem restoration
where needed. These and other instruments are described in Chapter 6, including ecosystem restoration.
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Most nations in the Americas now recognize the value of protecting critical geographical areas and
threatened species from consumptive use and to maintain ecosystem functionality through sustainable use
of ecological resources. Furthermore, establishing protected areas for restoration of key resources for local
communities has also been demonstrated to provide important benefits (e.g. Aburto-Oropeza et al., 2011).
The proportion of land and marine areas with valuable ecological resources now claimed to be protected
from destructive use is 14.8% worldwide ranging from 11.6 % in North America to 23.3% in Latin America
and the Caribbean (World Bank Database, 2017b, http://data.worldbank.org/indicator/ER.LND.PTLD.ZS).
There is also recognition that indigenous lands may be a powerful instrument for protecting nature, and
initial estimates suggest that at least 1.2% of the land area of North America, 19.5% of Mesoamerica, and
10.5% of South America are protected through this designation (see Chapter 1, section 1.6.2).
Not all biomes are equally protected, however. Portillo-Quintero and Sánchez-Azofeifa (2010) found only
0.3% of the total area with tropical dry forest is under some category of protection in Mesoamerica, ranging
from less than 0.4% in Mexico and El Salvador to 15% in Costa Rica. About 12% of the northern temperate
forests of Canada are under protection and about 6% of all forest is being sustainably managed as described
by the Forest Stewardship Council (https://ic.fsc.org/en). In the southern temperate forest ecoregion,
extensive protected areas are owned by private individuals, NGOs and governments (Soutullo and Gudynas
2006, Rozzi et al. 2012). For example, 57.3% of the Magallanes Region in southernmost Chile is under
government protection (SIB Magallanes, 2017). Grasslands and savannas cover 30% of the Americas’
terrestrial surface, span from South to North America, and cover a broad altitudinal gradient. Nevertheless,
they are a poorly protected biome, primarily because grasslands have experienced extensive
transformation for agriculture production. Of the five biomes in Brazil (rainforest, dry woodlands, savanna,
grassland and wetlands), the Pampas grassland biome has the highest Conservation Risk Index (Overbeck
et al., 2015). Ecological restoration and rehabilitation are likely to be essential strategies for maintaining
endangered options in these highly degraded ecosystems (Galatowitsch, 2012).
Protected areas help to avoid habitat degradation and loss of biodiversity and so make significant
contributions to providing a variety of NCP (Bruner et al., 2001; Dudley et al., 2007; Andam et al., 2008;
Leverington et al., 2010; Joppa et al., 2008; Nagendra, 2008; Nelson & Chomitz, 2011; Ferraro & Hanauer,
2011). The capacity to maintain NCP is highly correlated with management ability and investments (Dudley,
2008) (see Chapter 6). In the USA, for example, ~28% of federal public land area is managed for multiple
uses, including protection of threatened species and their habitats (Bowes & Krutilla, 1989). World
protected areas are estimated to store over 312 gigatons of carbon or 15% of the terrestrial carbon stock
(Kapos et al., 2008). Marine protected areas have proven to be effective at preserving biodiversity, but
differing views on their goals have resulted in conflicts about whether to manage for preservation or
integrated sustainable use (Agardy et al., 2011). Wetlands (both coastal and inland) identified as sites of
international importance by the Ramsar Convention are the focus of national and international cooperation
for the conservation of biodiversity and are managed for sustainable or “wise-use” by fostering wetland
dependent human activities and livelihoods, for example food production (such as wild rice, waterfowl),
the regulation of water supplies, tourism and education. As of 2016, there were nearly 650,000 km2 of
wetlands
identified
as
internationally
important
in
the
Americas
(Figure
2.16;
http://www.ramsar.org/about/wetlands-of-international-importance-ramsar-sites).
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In the Americas, the areas protected by law or other official action increased rapidly between 1970 to 2010
to about 17% of the total area identified as key biodiversity areas by conservation organizations, but has
slowed down more recently (see Chapter 3). The creation of new protected areas peaked between 1980
and 2000 in North America and the Caribbean, and since 2000 in Mesoamerica and South America (Figure
2.17). In North America, the fraction of land area protected (11.6%) is less than the fraction of territorial
marine waters protected (16.4%). In Mesoamerica, the Carribbean and South America, the fraction of land
area protected (23.5%) exceeds the fraction of territorial marine waters protected (15.5%) (World Bank,
2017c, https://data.worldbank.org/indicator/ER.PTD.TOTL.ZS?view=chart).
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Present and future land and water protection and restoration could moderate some potential effects of
future climate change by protecting and enhancing vital NCP, such as the regulation of water flow and
quality, feeding and nursery areas for fisheries, wildlife and other species on which human societies depend,
resistance to invasive alien species, coastal erosion protection, reservoirs of wild crop relatives, and carbon
storage (World Bank et al., 2010). In the Brazilian Amazon, for example, protected areas and reserves for
indigenous peoples could prevent an estimated 670,000 km² of deforestation by 2050, representing 8
billion tons of avoided carbon emissions, contingent on effective management across diverse jurisdictions
including state, private sector, indigenous groups and local communities (Dudley et al., 2009). But
adaptation to climate change could also require even greater protection and restoration to conserve and
recover required connectivity in areas where biomes and ecosystems are highly fragmented. Despite the
conservation benefits, the establishment of protected areas requires consideration of trade-offs associated
with potential negative impacts on local livelihoods and well-being (e.g. displacement, restricted access to
medicinal plants and animals as well as food and sacred sites). Pullin et al. (2013) performed a systematic
review of the impacts of protected areas on human well-being globally, using cases from North,
Mesoamerica and South America and found that the existing evidence is inconclusive about the best way
to inform policy makers about win-win solutions for promoting both NCP and quality of life.

Climate regulation

Many ecosystems are effective at taking up and storing carbon, thereby helping to regulate climate. Carbon
uptake and storage helps mitigate the accumulation of greenhouse gasses in the atmosphere that result
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from fossil fuel combustion (270+30 Pg C released since the Industrial Revolution), land use change (136+55
Pg released from deforestation, biomass burning, wetland drainage and conversion to agriculture), and soils
due to land degradation (78+12 Pg C) (Lal 2004). Micro-climate regulation is facilitated by the presence of
natural vegetation that helps modify temperatures and soil water content, due to the effects of vegetation
on albedo (the ability of an area to reflect solar energy). It should be noted that while the use of fossil fuels
is changing the biosphere it also has contributed to improvements in human health and prosperity (Costello
2009).
Human well-being is directly and indirectly linked to climate. For instance, the redistribution of species (i.e.
latitudinal shifts) predicted to occur in response to climate change is expected to have far reaching effects
with changes in agricultural production and the abundance of species that many people rely on for food
(e.g. species of fish, crops, pollinators), impacting food security (Pecl et al., 2017). Shifting climate zones
will affect local communities’ use of traditional travel routes where, for example, they pursue activities such
as reindeer herding, hunting, and berry harvesting. The range of disease carrying organisms will also change,
potentially introducing vector-borne diseases to new areas with increased incidence of virus transmission
like malaria and Zika (Pecl et al., 2017). Generally, climate change poses a threat to water and food security,
and is expected to lead to an increase in extreme events that may, in turn, cause human migration (‘climate
refugees’) from storms, floods, and wildfires, particularly in urban settings (Patz et al., 2005). The impacts
of climate refugees for countries in the Americas will be felt both for those sending out and receiving
refugees. Increases in human mortality rates between the mid-1970s and 2000 due to climate change are
estimated to range from 0-70 deaths per million people in the Americas; this risk is projected to more than
double by 2030 (Patz et al., 2005). Ultimately, the impact of climate change is expected to be largest for
populations with limited access to resources and who have contributed little to its cause (Costello et al.,
2009), thereby invoking issues related to environmental justice. For its part, biodiversity can modify both
exposure and impacts from extreme events.
In general, carbon dioxide uptake through plant photosynthesis is the world’s greatest carbon sink. Forest
growth can store carbon dioxide for up to 800 years; rates of carbon uptake vary with climate and can also
increase due to the deposition of atmospheric nitrogen, which acts as a fertilizer and increases tree growth
rates (Luyssaet et al., 2008). The Amazon rainforest alone is estimated to hold 90,140 billion metric tons of
carbon (Fauset et al., 2015). Deforestation is a leading contributor to climate change, responsible for an
estimated 15% of global greenhouse gas emissions. Millions of hectares of tropical forests are cleared
annually, primarily for agriculture (small scale and large scale farming and grazing) (FAO, 2016), and the loss
of soil carbon in cleared areas can amount to 40% over the first 5 years (Detwiler, 1986). In cases where
harvested wood is used to make consumer products, carbon is stored through the life cycle of the wood,
and subsequent forest regrowth sequesters additional carbon, mitigating greenhouse gas emissions (Smyth
et al., 2014). Recovery or restoration of degraded and deforested lands can increase carbon uptake from
the atmosphere, increase the flow of ecosystem services, and help alleviate rural poverty (Lamb et al.,
2005).
Globally, soils are a major reservoir of carbon, second only to that which is held in ocean waters (Schlesinger
& Bernhardt, 2013). Soil carbon content varies dramatically by region and ecosystem type, from agricultural
soils that contain an average of only 0.5%–2 % carbon, to peat soils that can be more than 50% carbon
(Immirzi et al., 1992; Lal et al., 1995). Wetlands are one of the most effective carbon sinks; with coastal
wetlands (which hold so-called “blue carbon”) and peatlands that collectively store about 30% of the
world’s total soil carbon (Lal, 2008; Mitsch & Gosselink, 2007). The rate of annual carbon burial for salt
marshes (87.2 ± 9.6 teragrams of carbon per year) exceeds that of tropical rainforests (53 ± 9.6 teragrams
of carbon per year), despite their much smaller aerial extent (Figure 2.18, Mcleod et al., 2011).
Despite widespread wetland losses, particularly in North America, these ecosystems play a critical carbon
capture role. For example, the soil carbon held in wetlands in the conterminous USA is estimated at 11.5
Pg C, or nearly 1% of the world’s total soil carbon (Nahlik & Fennessy, 2016). Canada is home to 25% of the
world’s wetlands despite losing 32 hectares of wetland area each day, which results in a carbon release
equivalent to putting an additional 2,247 cars on the road each day (NAWCC, 2017). Thawing permafrost
due to global warming increases microbial decomposition of previously frozen organic carbon, releasing
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carbon dioxide to the atmosphere, causing a significant positive feedback process (Schuur et al., 2008). For
Canadian permafrost, Tarnocai (2006) estimated that 48 Pg C could be released within the current century
if the mean annual air temperature increased by 4°C. Wetland protection is critical to prevent further loss
of habitat and carbon release. Consequently, Canada has begun to use wetland protection to meet its
international greenhouse gas emission targets.

The release of methane from wetlands and other ecosystems offsets some of this natural carbon uptake.
Wetlands emit an estimated 115-227 teragrams of methane (CH4), a potent greenhouse each year,
amounting to 20-25% the total global methane emissions. Rates vary by region, for example wetlands in
the continental USA emit an estimated 5.5 teragrams per year, while those in Costa Rica produced about
0.80 teragrams per year (Nahlik & Mitsch, 2011), or approximately 0.6% of global tropical wetland
emissions. Conversion of wetlands to rice agriculture creates a substantial source. Livestock production also
contributes because of cattle’s unique digestive tract (enteric fermentation), contributing an estimated 2.2
billion tons of carbon dioxide equivalent greenhouse gases annually (or 35% of total anthropogenic
methane emissions). South, Mesoamerica and the Caribbean contribute the most methane (equivalent to
almost 1.3 gigatons carbon dioxide) from the production of specialized beef, while North America produces
0.6 gigatons carbon dioxide equivalent (Gerber et al., 2013).
Terrestrial ecosystems affect climate through biophysical feedbacks between vegetation and the
atmosphere, and in most circumstances, this is expected to increase the effects of climate change. For
example, changing land use alters the surface albedo, or the fraction of solar energy that is reflected from
the earth’s surface. As tundra snow and ice melt and boreal forests migrate north, highly reflective, white
surfaces are replaced by darker vegetation with lower albedo. Areas with darker surfaces absorb more solar
energy, leading to higher temperatures. This can increase warming by an additional 1.6oC over the 3.3oC
warming predicted if atmospheric carbon dioxide doubles. Similarly, the conversion of tropical forests to
pasture replaces forest canopies with pasture grasses, whose leaves are smaller, with lower surface
roughness and shallower roots. These traits reduce the cooling effect of evapotranspiration leading to
higher local temperatures. At the regional scale, this can reduce annual rainfall and lead to a net warming
effect of 1-2oC (Costa & Foley, 2000; Foley et al., 2003).

Regulation of freshwater quantity, flow and timing

There is no substitute for freshwater; it is an essential contribution of nature to people. As water cycles
through the biosphere, its distribution varies in ways that determine its utility for domestic consumption
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(drinking, cleaning), agriculture, industry (including hydropower), transportation, and recreation (Feldman,
2012; Soloman, 2010; Gleick, 2014). Freshwater supply is regulated by terrestrial, wetland, river, floodplain
and lake ecosystems. Water is also central in many cultures as a source of identity, livelihoods, as well as a
source of customs that inform techniques to use and manage water (Wouters & Tran, 2011).
Freshwater ecosystems are a function of their watershed, or the hydrologically defined land area that
integrates the terrestrial areas from which water drains. This includes any stressors that alter water quality
and quantity, and the stakeholders that depend directly on the goods and services they supply. The seasonal
stability and timing of water supplies are as important as the total annual supply for many domestic,
industrial, and navigation uses (Soloman, 2010; Feldman, 2012). Some of this service provision is
geophysical, including properties of reservoirs engineered to improve upon natural regulation of freshwater
quantity, flow and timing. Vegetation and soils interact with the geophysical of watersheds to intercept
rainfall and surface flows, store groundwater, and discharge it more uniformly into surface flows (Brooks
et al., 2012). Vegetation and soils interact with the geophysical characteristics of watersheds to intercept
rainfall in the canopies (Carlyle-Moses & Gash, 2011), intercept surface flows, store groundwater, and
discharge it more uniformly into surface flows (Brooks et al., 2012). Removal of native vegetation as well as
afforestation over grasslands or savannas (Jackson et al., 2005) alters the patterns of regional water delivery
(Mueller et al., 2013).
The ecosystems most recognized for the regulation of freshwater supplies are wetlands (MA, 2005; Purkey
et al., 1998) and forests (Oswalt & Smith, 2014); including mountain forests in semi-arid to arid regions
(Mueller et al., 2013). Wetlands contribute to groundwater storage and the stability of freshwater delivery
(Lehner & Doll, 2004; SCBD, 2012). Forests contribute an estimated 53% of human water supplies for the
conterminous USA (Oswalt & Smith, 2014). Deforestation decreases evapotranspiration and the
interception of rainfall, increasing surface runoff (Foley et al., 2007) and decreasing base flows, such as
from the deforested slopes of the tropical Andes (Buytaerti & Breuer, 2013). Throughout the Americas,
many wells, human-made water supply impoundments, and water distribution systems have been
constructed to increase the reliability of freshwater supply (Cech, 2010).
Freshwater supply has been the subject of economic valuation for a few wetland ecosystems. Values per
hectare per year (all values are adjusted to 2016 USA dollars) range from $6 (Troy & Wilson, 2006), to $141
(Roberts & Leitch, 1997), to $8,942. In Brazil, the economic value assigned to the exceptionally large
Pantanal wetland is $54/ha/yr (Siedl & Moraes, 2000). Values vary widely as a function of the numbers and
distribution of users, scarcity of freshwater supplies, and estimation methods. Market valuation of water
supply for various uses may not capture the total value, which can include the nonuse value of scarce
biodiversity maintained by part of the supply and various other social-cultural values.
In general, the Americas are rich in freshwater resources, contributing nearly 50% of the total global
discharge into the oceans (Fekete et al., 1999). However, water supply varies widely across regions,
especially in South America. The supply of freshwater has been subject to increasing pressure as
consumptive use, pollution, and populations continue to increase (Postel, 2000; WWAP, 2009; Gleick,
2014), with an average 50% decrease in availability per capita (Figure 2.19). Still, the overall per capita
availability is considered to be high in most subregions, except for the Carribean. The availability of
renewable freshwater per capita in 2014 was 8,836 m3 in North America and 22,162 m3 in Latin America
and the Caribbean. However, individual nations vary widely from 315,480 m3 in Guyana to the lowest
supplies in the Caribbean—as low as 282 m3 in Barbados (World Bank, 2017). Latin Americans use less than
10% of the global total while North Americans use about 15-20%, reflecting the fact that per capita use is
over three times as great.
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In general, per capita water supply remains sustainable in the Americas, with the exception of the
Caribbean, but locally severe water scarcity occurs where high population density intersects with aridity,
small river basins and declines in water storage in wetlands and glaciers (e.g. Bogota, Quito, La Paz, Lima;
Buytaert & De Biever, 2012). In many high altitude (e.g. Andes) and high latitude regions, glaciers play a
significant role in providing water resources for large human populations (Chevalier et al., 2011; Francou et
al., 2003). In early 2000 tropical glaciers covered a total area of 1,920 km2, primarily in the Andes from
Colombia to Bolivia, concentrated in Peru (70%) and Bolivia (20%) (Francou & Vincent, 2007; Herzog et al.,
2012). Climate warming and deglaciation poses a threat to water supplies for local communities throughout
the region, and this is exacerbated by El Niño events (Francou et al., 2003). These circumstances increase
reliance on technological solutions for water storage and transport, including foods imported from water
rich areas (UN, 2015). For example, infrastructure such as dam building is a common means to stabilize
water supplies and regulate flows, although dams also have impacts on other NCP (Palmer, 2010).
However, a trade-off is that technology often adds additional stressors that can impact NCP. Water supply
dams, for example, degrade fish habitat services and decrease total water quantity through surface
evaporation (Lindstrom & Granit, 2012).
Water supply service are significantly reduced by the conversion of land to agricultural and urban-industrial
uses that are less capable of intercepting runoff (Postel & Thompson, 2005). Even where forested
ecosystems remain largely intact, past wildfire and livestock management practices can contribute to
reduced and more variable total water discharge (Postel & Thomson, 2005; Mueller et al., 2013). Trends
show that the conversion of natural ecosystems to agriculture, urban-industrial and other human use is
decreasing in the Americas, largely as a consequence of natural areas protection, but significant rates of
conversion continue in the Amazon basin and other locations in South America (Soares-Filho et al., 2006),
leading to altered precipitation and water supply services.
The restoration of freshwater ecosystems along with improvements in the efficiency of water use (e.g. for
agriculture) can reverse many trends associated with impacts to the services they provide (Postel, 2000;
Bossio et al., 2009). Large-scale projects in Mesoamerica and North America, for example efforts to restore
the Florida Everglades, are designed in part to quantifiably increase various benefits such as groundwater
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recharge as a source of drinking water for adjacent urban areas. Payment for ecosystems services can
incentivize landowners to undertake reforestation and promote water security (NAS, 2016; Lamb et al.,
2005).

Regulation of freshwater and coastal water quality

Water of suitable quality is an essential contribution of nature that directly supports human health, high
levels of biodiversity, and many types of economic development. High quality water is needed for domestic,
agricultural and urban uses, and indirectly contributes to the maintenance of natural fish and shellfish
production, water-based recreation, option maintenance, waterborne pest and disease regulation, and
other benefits addressed elsewhere in this chapter (Palmer et al., 2009; Layke, 2009; Postel & Thompson,
2005; Mitsch et al., 2001). The capacity of undisturbed terrestrial, riparian, and aquatic ecosystems to
regulate water quality is well documented (e.g, Borman & Likens, 1965; Fontescue, 1980; Brauman et al.,
2007; Mitsch & Gosselink, 2015; Chapin et al., 2011; Schlesinger & Bernhardt, 2013). Wetlands and riparian
zones are particularly effective per unit area (Mitsch & Gosselink, 2015), but upland ecosystems,
particularly intact forests and grasslands, are vital because of their larger expanse. Water quality
improvement is derived largely from the filtration, retention and sequestration of sediment, nutrients,
pathogens, and toxic metals released into the environment by agriculture, industry and mining that, left
unchecked, degrade water quality (Starr, 2000; Grigal, 2003; Verhoeven et al., 2005; Sheoran & Sheoran,
2006; Kahn et al., 2009; Ali et al., 2013; Brown & Froemke, 2011).
The benefits of water quality regulatory services have been economically valued for a variety of specific
ecosystem and geographical settings, particularly wetlands. As illustrated in Table 2.11, estimates are highly
variable, being dependent on environmental and social context, as well as methodology.
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Table 2.11. Estimated monetary benefit per hectare provided by the water quality regulatory services in
various ecosystem types and locations.
Economic Value
Ecosystem type
Location
References
(US $/ha/yr)
Inland Wetlands
North America
1,011 - 2,087 Jenkins et al. (2010)
North America
31,235 Troy &Wilson (2006)
South America (Brazil)
14 Siedl &Moraes (2000)
Coastal Wetlands
North America
260 Troy & Wilson (2006)
North America
3,060 - 135,330 Breaux et al.. (1995)
North America
17,840 Costanza et al.. (2006)
North America
19,013 Thibodeau & Ostro (1981)
Mesoamerica
1,757 Cabrera et al. (1998)
Mesoamerica
28,529 Camacho-Valdez et al. (2013)
Forests
Mesoamerica
17 Ammour et al. (2000)
Global Tropical
20 – 1150 Pearce (2001)
Global Temperate
7 – 68 Pearce (2001)
Degraded water quality is a growing risk to public health, food security and biodiversity (UN Water, 2016).
Clean water is a prerequisite to reduce the spread of water borne diseases and vectors that spread disease,
such as mosquitoes. Globally, one in nine people do not have access to clean water and more than 3.4
million people die each year from water borne disease (WHO, 2008). These are spread by a variety of
species, such as the marsh snail (Biomphalaria glabrata), which transmits Schistosoma mansoni, and
mosquites (Aedes spp.) that spread viruses causing, for instance, chikungunya, dengue, and zika. Diarrhea
caused by contaminated water and poor sanitation is a leading killer of children and, while declining,
accounted in 2015 for 9% of deaths of children under age 5 globally. The Americas have the lowest rates of
any region, and by subregion diarrhea accounted for 1% (North America) 5% (Mesoamerica) 2% (Caribbean)
and 3% (South America) of deaths for children under age 5, which totals 8,228 for the entire region (WHO
& MCEE estimates, 2015). Water pollutants can also contaminate aquatic species used as sources of food,
for example the accumulation of toxic compounds in fish tissues in some locations (United Nations Oceans
and Law of the Sea, 2016). For example, mercury contamination of fish is reported widely across the
Americas, from northern Canada (Scheuhammer et al., 2015), the USA (where fish consumption advisories
are in effect in every state; Wentz et al., 2014), and Amazon basin rivers (Webb et al., 2015). Exposure to
mercury from fish consumption carries human health risks because it is a neurotoxin (causing damage to
the central nervous system at higher concentration) that causes impairments to brain function in children,
and acts as an endocrine disrupter at lower concentrations (Wentz et al., 2014).
The variation in water quality between and within subregions is a function of the type, extent, and intensity
of land use; how water is used; the degree of economic development, and other stressors (Palmer, 2010).
Developing countries typically have less capacity to improve degraded water quality, thus water of
substandard quality is often relied on for many uses, including drinking water (Zimmerman et al., 2008).
Even if engineered solutions to water quality degradation were available to them, it may not solve all
problems. Low enforcement of the law in some developing countries and corruption are responsible for
water pollution in basins where industrial activities are prevalent. Some news about Río Santiago in Jalisco,
México: http://interactive.fusion.net/river-of-death/
The negative trends in ecosystem regulation of water quality in the Americas are largely due to the
conversion of original ecosystems to agricultural and urban-industrial ecosystems maintained for human
use. Only recently have we recognized trade-offs between the benefits from ecosystem conversion and lost
water quality benefits (Foley et al., 2005; Brown & Froemke, 2012; section 2.7 for a more thorough
discussion of trade-offs). Agricultural lands, with characteristically high nutrient runoff, cause widespread
eutrophication of inland and coastal waters, as well as hypoxic ‘dead zones’ throughout the Americas, most
famously in the Gulf of Mexico off the shore of the USA (Diaz & Rosenberg, 2008), all of which can degrade
commercial fishery and recreational services, influencing culture and livelihoods. The occurence of dead
zones has increased exponentially since the 1960s (Diaz & Rosenberg, 2008). Where data on trends are
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available, water quality is often declining, for example national survyes in the USA streams and rivers show
that more than 40% of stream miles suffer from nutrient pollution, and over the period 2004-2009, 9%
fewer stream miles were rated as having good overall water quality and high levels of nutrients.
Degradation of water quality diminishes its use for human consumption, for instance algal blooms of
Microcystis spp. and other cyanobacteria can release microcystin, a potent liver toxin that has safeguards
set by the World Health Organization. Between 2007 and 2012, an assessment of USA lakes showed a nearly
10% increase in the detection of micocysitn. Extreme events result in beach closings and contaminate
potable water supplies, such as the drinking water ban that occurred in Toledo, OH during the summer of
2011 (Paerl & Huisman, 2008; Michalak et al., 2013). Wetland restoration has been suggested as a means
of recreating the ecosystem services that reduce nutrient runoff and regulate water quality in highly
agricultural watersheds (Mitsch et al., 2001).
Future trends in the Americas are uncertain but as human populations and economies grow, the demand
for clean water will increase and could exceed supply by 40 % (UN, 2013). Water quality issues are increasing
in some developing areas where rapid urbanization and industrialization are responsible for acute water
pollution problems. The Río Santiago in México, which has toxic levels of arsenic from industrial waste, is
an example (Rizo-Decelis and Andreo 2015; Fusion, 2015 http://interactive.fusion.net/river-of-death/).
Engineering solutions to water quality problems have been effective in the past, but are expensive, rely on
fossil fuels for power, and are impractical for dispersed (non-point) sources of pollutants in agricultural and
urban ecosystems.

Regulation of hazards and extreme events

People are periodically exposed to hazardous and extreme events that diminish their quality of life (Smith,
2013; Shi & Kasperson, 2015). Nature often contributes to the moderation of extreme events that include
floods, storm damage and storm surges, landslides (including avalanches), droughts, extreme heat,
windstorms, and fire.
In river flooding, the peak discharges of streams and rivers are moderated by the capacity of watersheds to
divert water into surface and groundwater storage (Dunne & Leopold, 1978; Bosch & Hewlett, 1982;
Deberry, 2004; Brooks et al., 2012). Among the better predictors of peak stream discharge are watershed
slope, soil saturation, and the amount of impervious surface, either natural or human made. The presence
of plant and animal communities typically increase surface roughness, which slows water flows and
increases infiltration into short- and long-term groundwater storage (Brooks et al., 2012). In mountainous
areas, evergreen trees help hold the snow in place and shade it from rapid melting (Bosch & Hewlett, 1982;
Harr, 1986).
Vegetation also moderates the chances of snow avalanches and landslides that are caused by events such
as earthquakes and extreme precipitation events. While the slope and underlying geological structure are
major determinants of the size and extent of avalanches and landslides (Lu & Godt, 2013; Ren, 2015),
vegetation can have moderating effects on surface structure, such as the ability of tree roots to bind slope
substrates into forms more resistant to slope slippage. For instance, in the Andes, the likelihood of
landslides increases with land use and time since deforestation (Vanacker et al., 2003).
Extreme heat, drought, and fire are typically viewed as threats to ecosystems (Daily, 1997; Allen &
Breshears, 1998; Sun et al., 2015), but many ecosystems have evolved with natural drought, heat, and fire
and some natural ecosystems can moderate local drought, heat, and fire effects, largely through their
influence on water storage capacity (Brooks et al., 2012), shade and transpiration (Jenerette et al., 2011).
Climate regulation at global scales is addressed in section 2.2.9. The vulnerability of forest ecosystems to
fire and other sources of stress increases when they are stressed by disease, heat or water deficiencies
(Barnes et al., 1998), or by poor management (Omi, 2005). The costs of wildfire damage and management
are increasing (Gorte, 2013). Part of this cost appears to be due to degraded natural services resulting from
poor management practices (Omi, 2005). Improved management includes proactive actions such as
prescribe burns and managed buffers between forests and residential areas, but is costly. Reactive wildfire
management costs alone are high, in part because of insufficient investment in proactive management. For
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example, the Federal appropriations for fighting wildfires in the USA was nearly $3 billion in 2012 and has
in general been increasing as the size and frequency of fires has increased in response to environmental
changes (Gorte, 2013).
While storms (including hurricanes) have significant effects on coastal ecosystems (Lugo, 2008; Mitchell,
2012; Morton & Barras, 2011), coastal wetlands and coral reefs moderate hurricane impacts on coastal
communities, buffering against storms and storm surges (Costanza et al., 2008; Bravo de Gueni et al., 2009;
Barbier & Enchelmeyer, 2014; McIvor et al., 2012; Van Zanten et al., 2014). For example, existing coastal
wetlands reduced damage from “Superstorm Sandy,” which hit the USA east coast in 2012, by an estimated
$625 million. In response, shoreline modification in the New York City region now includes restoring salt
marsh habitat as an alternative or accompaniment to ‘hard’ infrastructure (Grime et al., 2016). Although
studies are few, mangrove ecosystems can moderate storm surges by slowing water flow and reducing
wave action, with an estimated 5 to 50 cm decrease in water levels per kilometer width of mangroves
(McIvor et al., 2012).
Anticipated climate change could increase the impacts of hazardous events in various ways (IPCC, 2007),
placing more stress on ecosystems and more pressure on whatever mitigating services they may provide.
The impacts of climate change, however, may be moderated by reducing local human impacts on
ecosystems. Recent trends indicate that more ocean, land, and wetland areas are now protected than in
the past (section 2.2.8).
Nature can improve quality of life by providing necessary resources and space to recover after extreme
events. For example, in a study conducted in Valdivia, Chile, urban wetlands were found to be one of the
most mentioned urban spaces that were used for earthquake recovery. However the actual use of those
spaces vary depending on their biophysical characteristics that modify their utilitarian benefits and
therefore the level of protection they provide (Barbosa & Villagra, 2015). Other examples are places such
as plazas, parks and free areas, which after catastrophes, are used as places for refuge and can potentially
satisfy the need for adaptation (Villagra et al., 2014). This is consistent with the services that the use of
green spaces offers. As recognition of the role of natural ecosystem functions has increased, they are
increasingly included in what is called “green infrastructure” or “nature-based infrastructure (Niemela,
2011) as management measures (Benedict & McMahon, 2002; Cunniff & Schwartz, 2015).

Habitat creation and maintenance

In landscapes dominated by anthropogenic land use, such as agriculture and silviculture, but also in cities,
the presence of natural habitat in sufficient amount is of high importance both for biodiversity maintenance
and for humans. In Buenos Aires, Argentina, for example, a study recognizes the importance of green spaces
as places of opportunity for education and engagement with nature (Morello & Rodriguez, 2001). In
Colombia, the Medellin Green Belt project´s aim is to “create a healthier urban living environment for
humans and nature alike” and eventually devote this area for landscape restoration to better support native
biodiversity (Pauchard & Barbosa, 2013). These initiatives in the southern hemisphere are important, as
urban vegetation has not nearly achieved the same attention as it has in northern hemisphere cities (see
Niemelä et al., 2011). In urban areas, green spaces underpin ecological functions that result in NCP to
society (Barbosa et al., 2007), which corresponds to the concept of green infrastructure that not only
includes natural vegetation or green spaces in general, but also human modified green structures such as
green walls and roofs, eco-bridges and corridors, artificial wetlands etc., all of which provide some benefits
for biodiversity or humans, especially in, but not restricted to, cities.
In agriculture ecosystems, the creation of habitat for biodiversity maintenance has been related to several
benefits to people directly (habitat for fisheries, for game species, medicinal plants, water quality
improvement and to prevent soil loss), and indirectly by benefiting their crops or other production systems
(biological control, pollination, dung burial by beetles; e.g. Steel et al., 2017; IPBES, 2016; Weyland &
Zaccagnini, 2008; Viers et al., 2013). A variety of ecosystem types such as natural and created wetlands,
riparian areas, hedgerows, vegetation strips, and vegetation islands placed between continuously cropped
areas, serve as corridors for the movement of different species groups increasing biodiversity locally
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(Goijman & Zaccagnini, 2008; Zaccagnini et al., 2014) and regionaly (Goijman et al., 2015). They also
contribute ecosystem services by improving downstream water quality by filtering agricultural chemicals
(Peterjohn & Correll, 1984; Hilty & Merenlender, 2004; Fennessy & Craft, 2011). Ecosystem services such
as pollination, can increases with a proper landscape design such as interspersing crops with wild lands and
native habitat patches (Brosi et al., 2008). For example, coffee yields increased fully 20% in Costa Rica as
distance between fields and native forests decreased (Ricketts et al., 2004).
Legislation that aims at maintaining natural vegetation within agricultural landscapes is of high relevance,
for example in Brazil, where by law at least 20% of natural ecosystems (80% in forest area and 35% in
savanna areas in the Legal Amazon Region; Federal law 12.651 from May 25th, 2012) must be maintained
in any rural property above a certain size in the so-called Legal Reserve, and where ecosystems adjacent to
rivers, on steep hillslopes and hill tops are placed in Permanent Protection Areas. However, it is important
to consider the scale (extent and distances) of natural elements in the landscape: optimum values will
depend on the benefits to be achieved. Landscape heterogeneity and multifunctionality usually provide
most habitat functions and several other benefits (Landis, 2017).
Nonetheless, throughout the Americas, natural ecosystems have been widely destroyed, mostly for
production of food or other benefits. An example is Brazil’s Atlantic forest region, one of the regions that
first were subjected to dramatic land use change in the Americas. Here, today only 11-16% of area are
covered by natural ecosystems remain, and most of them small and fragmented (80% of area in patches of
less than 50 hectares; Ribeiro et al., 2011). In many other countries, some regions have seen similarly strong
land use change and thus losses in biodiversity and ecosystem services. Ecological restoration has been
recognized as critical to maintain or recover biodiversity, NCP, and human wellbeing (Aronson et al., 2006;
Perring et al., 2015), and ambitious goals have been established throughout the world. A prominent
example is the Bonn Challenge, where more than 30 countries, including 13 from the Americas, committed
to restore 150 million hectares of the world’s deforested and degraded lands by 2020 (including 44.9 million
hectares in the Americas), and 350 million hectares by 2030 (Table 2.12; www.bonnchallenge.org). The
importance of these efforts is highlighted by the fact that the Americas house one-third (or eight) of the
originally proposed 25 biodiversity hotpots (Myers et al., 2000), including in the Caribbean and
Mesoamerica. Recovery of NCP means that restoration goals must go beyond the restoration of biodiversity
and consider ecological processes and services, as well as social and economic aspects (e.g. Wortley et al.,
2013; Kollmann et al., 2016). Where possible, care must be taken to ‘restore’ an ecosystem that is based
on the characteristics of the original one (see Veldman et al., 2015). However, it may not always be possible
to restore original conditions, especially as global climate change shifts habitat conditions and species
distribution ranges. In the context of climate change, the maintenance or restoration of reasonable
amounts of natural habitats and of corridors that connect them is critical to promote the adaptation of
natural ecosystems to climate conditions: ecological corridors are critical for dispersal processes in the
landscape and the migration of species in reaction to human activities (Robillard et al., 2015; Haddad et al.,
2000). For example, these serve as stepping stones for migrating species through California’s agricultural
landscapes (Hilty & Merenlender, 2004).
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Table 2.12. Restoration commitments of countries from North America, Mesoamerica and South America
to the Bonn Challenge (no Caribbean countries have made commitments).
Country
Bonn Challenge Commitment (hectares)
North America
USA
15 million
Mesoamerica
Costa Rica
1 million
El Salvador
1 million
Guatemala
1.2 million
Honduras
1 million
Mexico
6.5 million
Panama
1 million
South America
Brazil
12 million
Peru
3.2 million
Argentina
1 million
Colombia
1 million
Chile
0.5 million
Ecuador
0.5 million
Source: www.bonnchallenge.org
A top priority is to protect and maintain natural habitats in agricultural landscapes (Scherr et al., 2008).
Such ‘ecoagricultural’ landscapes simultaneously provide multiple benefits of nature to people, including
food production, biodiversity support, with less environmental impact. Here, organic farming also makes
important contribution. Organic farming has increased considerably in the past years throughout the
Americas, with Argentina (3,073,412 ha), the USA (2,029,327 ha), Uruguay (1,307,421 ha), Canada (944,558
ha), and Brazil (750,000 ha) leading as countries with the most area under organic farming practices (Willer
& Lernoud, 2017). Still, this is only a small fraction of total agricultural area in most countries in the
Americas.
Before intensive agriculture was spread globally, fueled by the green revolution, agricultural activity relied
entirely on ecosystem services such as soil formation and fertilization, natural pest control. Some of these
natural ecosystem functions have diminished or disappeared from intensive crop fields – and been replaced
by chemical (e.g. pesticides, fertilizers) and energy inputs (combustibles).
Importantly, indigenous and local management practices can contribute to enhance NCP both in terrestrial
and aquatic ecosystems. For instance, Begossi (1998) describe how the diversity of management practices
regarding small-scale slash-and-burn agriculture and fisheries produce NCP and increase resilience in local
communities of Cablocos from the Amazon rain forest and Caiçaras from the Atlantic forest in Brazil.
Another example is the many First Nations groups in Canada restoring and/or enhancing stream habitats
for salmon fisheries (Garner & Parfitt, 2006).

Regulation of air quality

Ecosystems have an important role in regulating air quality through the exchange of trace gasses and
deposition of particulate matter. This can have positive effects on air quality as pollutants are removed by
interception by, or deposition on vegetation. The deposition of nutrients (e.g. nitrogen) in moderate
amounts can increase primary productivity, particularly in areas where nitrogen is limiting (Dise et al.,
2011). However, excessive deposition may damage vegetation, reducing its capacity to provide this and
other benefits to human well-being. In some cases vegetation can have a negative effect by emitting
precursors to other, more serious air pollutants.
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Human activities related to industry, energy generation, and transportation generate emissions that
diminish air quality by releasing particulate matter, nitrogen oxides, ammonia, sulfur dioxide, and carbon
monoxide (Smith et al., 2013). The costs of particulate and gaseous air pollutants to human health can be
considerable, although these are not well quantified in many subregions of the Americas. Outdoor air
pollution is a major environmental health risk, particularly in urban areas where sources of pollutants are
concentrated. Fine particulate matter (<2.5 µm, or particulate matter2.5) is strongly linked to diseases such
as lung cancer, and pulmonary and cardiovascular diseases. In 2014, an estimated 90% of people globally
living in cities experienced particulate matter at levels above World Health Organization guidelines. Limited
progress in improving air quality over the past decade points to the difficulty in reaching the Sustainable
Development Goal 11.6, related to reducing the adverse environmental impacts of living in cities, including
those related to air quality (WHO, 2016). In regions where air pollution is high, other services such as crop
production and those related to forest growth (carbon sequestration, support of biodiversity) can be
impacted (Grimm et al., 2008; Dise et al., 2011). Globally it is recognized that production of air pollutants
in one region (e.g. from industrial activities or forest/biomass burning) can circulate to other regions
contributing to negative human health effects and crop damage (Akimoto, 2003; Hollaway et al., 2012). For
example, nitrogen oxides emissions from North America lead to ozone formation and crop production
losses, particularly to corn and soybean) in Europe and other portions of the northern hemisphere
(Hollaway et al., 2012).
Urban forests and street trees are increasingly recognized as contributing to improved air quality with
associated reductions in health risks. The ability of trees to absorb pollutants and promote deposition of
particulates can directly benefit human health, although much of the evidence is through modeling
estimates at regional scales, making site specific predictions difficult (Salmond et al., 2016). The benefits
that trees and other vegetation provide have resulted in programs to promote tree planting and the
‘greening’ of cities (Salmond et al., 2016). The demonstrated value of urban trees includes cooling of local
temperatures and mitigation of heat stress, both by shade and evaporative cooling. The removal or
particulates from air provides substantial benefits. Modeling studies show that urban forests in Santiago,
Chile remove an estimated 14.8 – 17.3 g particulate matter10 per m2 per year, effectively increasing air
quality (Escobedo et al., 2008). Parks can also have substantial benefits, for example, vegetation in a periurban park in Mexico City, one of the most air polluted cities in the Americas, reduced ozone by 1%,
particulate matter10 by 2%, and carbon monoxide by 0.2% of the annual concentration (Baumgardner et
al., 2012). In a recent review, 89% (34 of 38) of studies examining air quality showed a demonstrated
improvement due to the reductions in particulate matter, ozone, sulfur dioxide, nitrogen dioxide, and
carbon monoxide (Roy et al., 2012). Economically, tree planting in urban areas has been reported to have
a net benefit, with cost benefit ratios of 3.8:1 to 4.5:0 (Salmond et al., 2016).
Some ecosystems are sources of air pollutants (disservices), for example agricultural systems that emit
ammonia and nitrite as a result of fertilizer use and livestock operations. A disservice of urban trees is the
emission of gasses that are precursors to secondary pollutants for example, volatile organic compounds
that are involved in the formation of ground level ozone (so called “bad ozone” to distinguish it from good
ozone in the upper atmosphere that blocks harmful UV radiation) (Horowitz, 2006; Salmond et al., 2016).
The emission of these compounds has been shown to vary by tree species (Roy et al., 2012). Increasing
ground level ozone has been linked to reduced lung function and worsening of existing conditions such as
emphysema (WHO, 2005). Ozone pollution has also been documented to reduce crop production through
damage to staple crops such as soybean, maize, and wheat. In 2000, global reductions in yield due to ozone
exposure were estimated as 8.5-14% for soybean, 3.9-15% for wheat, and 2.2-5.5% for maize, worth an
estimated $11-18 billion (Avnery et al., 2011).
Finally, trees and other vegetation, particularly in urban areas, also provide important social and cultural
values by providing opportunities for recreation, aesthetic enjoyment, and allowing residents an
opportunity to ‘connect with nature’ (Roy et al., 2012).
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Regulation of organisms detrimental to humans

Human health is intimately interconnected with biodiversity and the health of our ecosystems. There are
different ways in which biodiversity can provide health and well-being to humans, thus improving quality
of life, including psychological, physiological (e.g. food provision), and traditional and modern medicines.
Another important benefit from biodiversity to human health is the capacity to regulate the transmission
and prevalence of some infectious diseases.
The causes behind disease emergence in humans are similar to those affecting the loss of biodiversity,
including habitat change, overexploitation and destructive harvest, pollution, invasive alien species and
climate change (Romanelli et al., 2015). In particular, the connections between animals and environment
and the emergence of infectious diseases in humans are highly relevant (Taylor, 2001). For example, the
majority of human infectious diseases emerged from zoonotic pathogens (transmitted from animals), with
most of these caused by pathogens with a wildlife origin, including the emergence of HIV/AIDS (Human
Immunodeficiency Virus Infection / Acquired Immune Deficiency Syndrome; from primates hunted for
human consumption), which has caused millions of human deaths as well as an economic and health burden
for the past 40 years (Jones et al., 200; Allen et al., 2017; Ostfeld, 2017).
Land use changes driven by road building, deforestation and expansion of agricultural fields are a main
cause of outbreaks of infectious diseases, including the emergence of new pathogens (Loh et al., 2015;
Romanelli et al., 2015). Documented examples exist for increased transmission of Dengue fever, yellow
fever, leishmaniasis (Walsh, 1993; Willcox & Ellis, 2006) and malaria (Walsh, 1993; Vittor et al., 2006;
Pattanayak & Yasuoka, 2008). Models that link malaria epidemiology with socio-economic and demographic
data shows an increase in prevalence in early stages of land development, followed by a decrease in cases
over time (Baeza et al., 2017). Depending on the type of land cover and socio-economic factors, land use
change can lead to a higher or lower rates of malaria transmission compared to undisturbed areas. Mining
activities and hydroelectric dam building have been shown to be reservoirs for malaria (Bardach et al., 2015;
Castellanos, 2016). In general, vector-borne disease incidence is also likely to increase as hydroelectric dams
proliferate on the Amazon and its tributaries, even as some consider hydropower a clean energy source. In
regions with large hydropower plants, the rate of malaria is 278 times higher than in forested areas (Afrane
et al., 2006).
Increased harvest and exploitative practices, such as hunting and mixing of wildlife and domestic species in
markets, can also change the pathogen dynamics and favor the spillover and further spread of pathogens
in humans. For example, in 2009 an outbreak of influenza-like respiratory illness started in Mexico and
quickly spread through the world. When the pathogen responsible for this outbreak (H1N1 virus) was
isolated, the genetic composition showed a reassortment of genes from a variety of domestic, wildlife and
human origin, including the North American and Eurasian avian virus, human virus and swine virus
(Neumann et al., 2009). One month after the initial outbreak 41 countries reported more than 11,034 cases,
including 85 deaths (Novel Swine-Origin Influenza A (H1N1) ((Novel Swine-Origin Influenza A (H1N1) Virus
Investigation Team, 2009). The economic impact to Mexico’s tourism industry totaled nearly $3 billion in
losses plus a pork trade deficit in the tens of millions of USA dollars (Rassy, 2013).
Environmental pollution poses direct threats to biodiversity and human health. In particular, the use of
antimicrobials for humans and animal medicine as well as food production can disrupt microbial
composition and also can lead to develop anti-microbial-resistant infections. Similarly, contaminated water
could enable the long-term persistence of human pathogens such as Vibrio cholerae, leptospirosis and
parasitic worm-transmitted schistosomiasis, and may promote growth of harmful algal blooms that may be
toxic to marine life (including food sources) and even directly to humans.
Biodiversity and human health are also likely to be affected by climate change and extreme weather events.
For example, shifts in species ranges may facilitate the redistribution of hosts and their pathogens (Pecl et
al., 2017). Future forecasts of precipitation and temperature suggests that mosquito vectors (e.g.
Anopheles, Aedes) will reach new suitable areas with the poleward and elevation migrations, particularly in
tropical regions (Siraj et al., 2014). For example, climate change may play an import role shaping the
suitability for vector-borne diseases such as malaria (Caminade et al., 2014). Human populations may also
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suﬀer health impacts from extreme weather (e.g. heat or cold exposure injuries and water-borne diseases
from flood events).
Alteration of species diversity dynamics, particularly community composition can potentially affect
infectious disease transmission (Terborgh et al., 2001; Ostfeld & Holt, 2004; Rocha et al., 2013) and have
further negative effects on humans. For example, increased acai plantations and removal of wildlife in the
Brazilian Amazon has led to a higher number of Chagas disease cases in the region (Araújo et al., 2009; da
Xavier et al., 2012). By feeding on already ill or disabled individuals, predators may also play an important
role in controlling the emergence and spread of diseases. Changes to species migration (e.g. via habitat
fragmentation) can displace wild animal populations, and may create negative novel species interactions,
particularly around forest edges.
In addition, other studies have proposed the dilution effect hypothesis stating that high biodiversity could
reduce the risk of pathogen transmission (Norman et al., 1999, Ostfeld & Keesing, 2000; Johnson &
Thieltges, 2010). This pattern has been observed in different disease systems such as Hantavirus (Suzan et
al., 2009), Lyme disease (Werden et al., 2014), West Nile virus (Allan et al., 2009) among others (a detailed
review can be found in Ostfeld & Keesing, 2012). Several studies have also contested the generality of the
dilution effect and consider that it only applies under specific circumstances (Salkeld et al., 2013; Wood et
al., 2014). In general, studies should take into account the particular host-pathogen system, the scale of
analysis and the risk indicator used (Huang et al., 2016).
Even non-zoonotic disease may have indirect impacts on human health and well-being. For example,
declines in bats due to disease like white nose syndrome in North America could affect the production of
the ecosystem services they provide – among them, pest control and pollination (Boyles et al., 2011). Avian
scavengers, such as vultures ,provide an essential ecosystem service through their scavenging on carrion,
preventing pathogen contamination of water bodies and food sources. However, certain chemicals,
including some insecticides and rodenticides, can be highly poisonous to scavengers. The scarcity of
research on scavenger exposures to toxins (e.g. lead) in Latin America has been noted, which is particularly
concerning given the continued use of some potent pesticides in South America (Lambertucci et al., 2011).
In some cases, wildlife may serve as sentinels for human disease risk. In 2012, a report of six howler monkey
carcasses found near a wildlife sanctuary in Bolivia led to rapid specimen collection and screening. The
Ministry of Public Health was notified upon detection of a Flavivirus, and preventive vaccination and public
health awareness campaigns were launched. Further testing ultimately indicated infection with Yellow
Fever virus – the first such mortality event in howler monkeys ever reported in the country. No human cases
were reported, likely due to the swift information sharing and mobilization of prevention measures (Uhart
et al., 2013).

Pollination and dispersal of seeds and other propagules

Pollination is an ecosystem function that is fundamental to plant reproduction, food production and the
maintenance of terrestrial biodiversity. As an ecosystem service, more than 75% of the leading types of
global food crops benefitting from animal pollination (IPBES, 2016). As a result pollination is also important
to social and economic systems that directly affect human well-being. For example, this NCP represents
billions of USA dollars annually to local and national economies (Table 2.13).
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Table 2.13. Economic valuation of nature contributions to people via pollinators and pollination in the
Americas.
Subregion
Economic contribution of pollination NCP
It has been estimated that insect-pollinated crops directly contributed $20 billion
to the USA economy in the year 2000. If this calculation were to include indirect
North America
products, such as milk and beef from cattle fed on alfalfa, the value of pollinators
to agricultural production would be raised to $40 billion in the USA alone (Marks,
2005).
In Mexico, the overall income generated by non-pollinator-dependent crops is
considerable smaller amount compared to that obtained from pollinator
Mesoamerica
dependent crops which represents 54% of the yield value, it means, in terms of
productivity, pollinator-dependent crops produce significantly more volume
(Ashworth et al., 2009)
Giannini et al. (2015) estimated the economic value of pollination for 44 crops in
Brazil and found that the highest values obtained were for soybean (~$5.7 billion,
DR=0.25), coffee ($1.9 billion, DR=.25), tomato ($992 million, DR=0.65), cotton
($827 million, DR=0.25), cocoa beans ($533 million, DR=0.95), and orange ($522
million, DR=0.25). The total value of annual production of dependent crops was $45
billion, and the total contribution of pollinators corresponded to $12 billion, that is,
30% of the total production.
Pollination provided by wild bees is a biodiversity-linked ecosystem service that is
likely to common in the Andean montane environment. Biotic pollination is
South America
common at all latitudes and altitudes of the Andes (Arroyo et al., 1982, Kessler,
2001b, Aizen et al., 2002, Kay et al., 2005, Kromer et al., 2006, Barrios et al., 2010,
Smith-Ramirez et al., 2014).
In Colombian coffee plantations, the value that could be lost in farmers’ income
from a reduction in pollinators for native bee pollination (i.e. stingless bees) was
calculated to be $16.5 ± 33.2 per hectare per 2010/2011 harvest (1.7 ± 0.8% of
farmer’s net revenue), and $129.6 ± 65.7 per hectare per 2010/2011 harvest (3.7
± 0.9% of farmer’s net revenue) for honeybees. The large difference in valuation
between stingless and honeybee values is noteworthy and the narrow range of
variability for stingless bees (Bravo-Monroy et al., 2015).
Dependence rate on pollinators (DR) is classified as being: essential, DR=0.95 (meaning that the value of
pollination-driven yield lies between 90 and 100%); great, DR=0.65 (40–90% of yield is dependent on
pollination); and modest, DR=0.25 (10–40% of yield is dependent on pollination).
Plants in the Americas are pollinated by several wild species including native bees and bumblebees,
butterflies, moths, wasps, beetles, birds, bats and other vertebrates. Crops are mainly pollinated by
introduced honey bees (Apis mellifera) and bumblebees (e.g. Bombus terrestris) (Committee on the Status
of Pollinators, 2007). Although bees are considered to be the most important pollinators, insects other than
bees are efficient pollinators as well and provide 39% of visits to crops (Rader et al., 2015). There are also
local products in which pollinators play a key role; for instance, the kapok is a bat-pollinated tree that
produces silky fibers used in bedding and cushion materials and also many bat-pollinated cacti throughout
the Americas produce edible fruits (Garibaldi & Muchhala, 2011). In addition, seagrasses that form
extensive meadows in shallow marine waters are pollinated by invertebrate fauna (van Tussenbroek et al.,
2016). These seagrasses are amongst the world’s most productive ecosystems and provide several NCP,
such as habitat maintenance, regulation of freshwater and coastal water quality and protection and
decontamination of soils and sediments.
Indigenous and local knowledge of native bee species included specific emphasis on stingless bees (Table
2.14). Today, managed pollination is largely based on A. mellifera, an exotic species for America, which has
become the major commercial pollinator, as well as other bee species and bumblebees. Displacement of
native pollinators by A. mellifera has also occurred in Mexico (Pinkus-Rendon et al., 2005) and by B.
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terrestris in Chile and Argentina (Morales & Aizen, 2008). In the Americas region, the number of managed
colonies in the last 50 years has increased from 10 to 11.3 million beehives in 2014; in South America the
number of colonies has increased, but in North America this trend has decreased (Figure 2.20). As a
reduction in colony numbers will lead to a reduction in pollination services, this relationship is not fixed.
For example, in the USA beekeepers face trade-offs between the quantities of honey they can produce and
the earnings they get from pollination services, since the movement of colonies places stress on the bees
and reduces honey productivity (Burgett et al., 2010). Honeybees play a key role to increase yields and the
quality of many crops for food production, considering that 50% of the cultivated area relies on pollination,
around 1.5 million of colonies are needed to satisfy the global demand (Pirk et al., 2017). The importance
of bees for food production (cereals, vegetables, fruits and honey) has stimulated a detailed indigenous
knowledge in this pollinator (Box 2.5.).
Table 2.14. Bee species diversity links with indigenous and local knowledge of stingless bee pollinators.
Total
Stingless Bees
Stingless Bees Used
Country
Bee Species
# (%)
# (%)
Mexico
1,795
46 (2.6)
19 (41.3)
Costa Rica
785
58 (7.3)
2 (4.2)
Colombia
541
101 (20.0)
17 (16.8)
French Guiana
210
80 (38)
2 (2.5)
Peru
688
100 (14.5)
12 (12)
Brazil
1,814
236 (13.0)
21 (8.9)
Source: Ayala et al. (2013).

Wild pollinators have declined in occurrence and diversity at local and regional scales. Some of the drivers
of pollinator decline are: i) land-use change; ii) intensive agricultural management and pesticide use; iii)
environment pollution; iv) introduction of alien species: plants, pollinators, pests and pathogens and v)
climate change (IPBES, 2016; Potts et al., 2010). Recent studies suggest that viruses found in (A. mellifera)
have recently been detected in other wild bee species (Tehel et al., 2016) and has the potential to make
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that population decline in those species. The predicted climate change may affect negatively several species
associated with tomato production in Brazil (Elias et al., 2017).
Box 2.5. The importance of indigenous and local knowledge of bee pollinators
According to Jones (2013), in Argentina one of the first travelers from Europa wrote: “An Indian goes into
a wood with an axe and the first tree he comes to that has an entrance hole to a bees’ nest. By boring
other holes he gets five or six jugs of pure honey. These bees are small and have no sting…” Breeding and
handling of the stingless bee Melipona beecheii, also known as xunan kab, is the longest traditionally
managed bee in Mesoamerica (Villanueva-Gutierrez et al., 2013). The practice of beekeeping by ancient
Mayans was documented by one of the Mayan codices (the Tro-Cortesianus codex), dating from the
Postclassic period of Mesoamerican chronology (circa 900–1521 CE), and it is estimated that there are
46 stingless bees species in the Mayan territority (Lyver et al., 2015). In Brazil, the Kayapó also breed
stingless bees, using the honey for both daily and ritual uses. Studies have also registered the knowledge
of the Guarani and Pankararé tribes related to morphologic and ethological descriptions, distribution,
and dispersal of bees, as well as practical issues related to manipulation and extraction of honey. The
Enawene-Nawe group recognized 48 stingless bee species, and this knowledge even helps clarify the
biology of some species (dos Santos & Antonini, 2008). In Costa Rica, there are 20 stingless bee genera
and 58 species present, and 20 different hived or semi-domesticated species have been reported in the
provinces of Guanacaste, Puntarenas, San José, Cartago and Heredia (Vit et al., 2013). In summary,
stingless bees are economically, ecologically and culturally important to many indigenous peoples and
local communities in the Americas. They are one of the most important pollinators of native and
cultivated tropical plants, while products such as honey, pollen and cerumen have also been used by
indigenous and non-indigenous people in the Americas (Ayala et al., 2013).

Regulation of ocean acidification

One fourth of the carbon dioxide released into the atmosphere from anthropogenic activities is absorbed
by the ocean (Le Quéré et al., 2010), and since the industrial revolution about 375 billion tons of carbon
have been emitted to the atmosphere as carbon dioxide (WMO, 2012). When carbon dioxide enters the
ocean it changes seawater chemistry, resulting in increased seawater acidity; the ocean has become 27%
more acidic since the beginning of the industrial revolution. Increased acidification reduces the
concentration of calcium carbonate (CaCO3), which poses a major threat to calcifying marine organisms,
such as coral (Raven at al., 2005; Kleypas et al., 2006). Yields from commercial and subsistence fisheries are
expected to be reduced substantially, especially for shellfish fisheries (Cooley & Doney, 2009), although the
magnitude of reductions depends on many social and economic aspects of the fisheries and their capacities
to adapt (Voss et al., 2015). Both coastal warm-water and deep-sea cold water coral reefs, are biodiversity
hotspots (see Chapter 3), and also seriously threatened by increasing ocean acidity (Mora et al., 2016), with
again limits to capacity for adaptation ecologically (Khan et al., 2015) and for the communities dependent
on coral reefs for livelihoods.
Ocean acidification is affecting not just marine biota directly dependent on CaCO3 for physical structure,
but also the people that depend on the marine biota for livelihoods and food security. However, coastal
ecosystems can help to address this threat from climate change. Coastal blue carbon ecosystems
(mangroves, tidal marshes, and seagrasses) represent important climate mitigation opportunities due to
their ability to function as carbon sinks, sequestering carbon dioxide from the atmosphere and oceans
(Chmura et al., 2013; Lavery et al., 2013). For instance, vegetated wetlands occupy only 2% of seabed area,
yet represent 50% of carbon transfer from oceans to sediments (World Bank et al., 2010). Evidence is
emerging that suggests mangroves may be able to partially mitigate acidification of coastal tropical waters
(Sippo et al., 2016).
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Formation, protection and decontamination of soils and sediments

Soil is a multiphase system composed of solids (minerals, organic matter and biota), liquids and gases
(Ugolini & Spaltenstein, 1992). It is a source of water and nutrients for plants and microorganisms and is
the physical support systsem for terrestrial vegetation, playing a key role in the global reduction–oxidation
cycles of carbon and nitrogen (Chapin et al., 2011). Soil systems are subject to natural changes, including
both directional and cyclic changes that occur over time scales ranging from days to millennia.
Soil properties result from the dynamic balance of soil formation (it can take up to 1000 years to form 1 cm
of soil, Wall & Six, 2015) and soil loss. Soil formation depends on the balance between soil development,
deposition, and erosion (Chapin et al., 2011), and was originally governed by at least five independent
control variables: climate, topography, parent material, potential biota and time (Amundson & Jenny,
1997). For thousands of years, humans have altered soils, but this influence has greatly increased since the
early twentieth century. Humans are now an important agent of soil formation (Schmidt et al., 2014) and
alteration, and soils around the world have been irrevocably altered (Amundson & Jenny, 1997) – a process
called soil degradation. Irreversible loss of soil is a result of human depletion, including soil erosion,
salinization, and other degradation processes. Human-induced soil degradation in America with high and
very high severity occurs mainly in Mesoamerica and Caribbean, but extensive land areas are also on
human-induced soil degradation in both North America and South America, notably due to agriculture
(Karlen & Rice, 2015, see Chapter 4).
Soil is the largest terrestrial carbon pool (Scharlemann et al., 2014). Carbon content in the topsoil in the
Americas ranges from 2 to 3% by weight (Figure 2.21), although some soil types (e.g. wetlands, peatlands)
have much higher soil carbon content. Soil degradation and changes in land use can strongly affect its
capacity to store carbon (section 2.2.9).

According to Guo & Gifford (2002), land use change can either reduce or increase carbon storage up to 80%.
In general, changes in forest to crop lands can reduce carbon storage by 40% and a change from pasture to
crops can reduce it by up to 60%. On the other hand, soil carbon stocks can increase after some types of
land use change, for example from native forest to pasture (~10%), crop to pasture (~20%) and crop to
plantation (~60%). The increase in soil organic matter stocks may be due to several factors, including (i) the
large amount of fine roots which contribute to the reduction of water and gas exchange, decreasing soil
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organic carbon decomposition rates and (ii) the fact that soil under pasture is not disturbed (plowed) as are
croplands among others (Rittl et al., 2017)
Soil biodiversity is another component strongly affected by human-induced changes (Wall et al., 2015).
These changes may have a cascade effect on soil diversity and extend beyond the site of the disturbance
(Haddad et al., 2015). Wall et al. (2015) suggest that reducing soil biodiversity may lead to an increased risk
of diseases caused by: (i) human pests and pathogens, (ii) less nutritious foods, and (iii) lack of water for
the environment (Figure 2.22) as shown below. Soil biodiversity can be maintained and partially restored if
well managed. Good soil biodiversity management practices should focus on maintenance of amount and
quality of soil organic matter and the prevention of soil erosion. Additionally, agricultural systems with
fewer inputs may promote self-regulating systems and higher biodiversity (Thiele-Bruhn et al., 2012). This
is particularly important to approach the SDG2 (Zero hunger), SDG3 (Good health and well-being), SDG12
(Responsible production and consumption) and SDG15 (Life on land). Maintaining the soil-clean water-clean
air dynamic is fundamental to food production, the quality and quantity of water and its effects on food
security and quality of life (Wall & Six, 2015; Wall et al., 2015).

Effects of trends in nature’s contributions to people on quality of
life
Links between NCP and quality of life have been conceptually described in many instances (e.g. Diaz et al.,
2015; Pascual et al., 2017). Nevertheless, to our knowledge, a clear picture of what bundles of NCP
contribute to each aspect of well-being has not been shown. In this sense, our team performed a Delphi
process (Hasson et al., 2000; Landeta, 2006), which relied on a panel of experts (11 leading authors of this
chapters) to build consensus through interactive rounds of scoring the links between each of the 18 NCP
and six elements of quality of life: food security, water security, energy security, health, livelihood security
(as well as securing ways of living), and experiencing nature (e.g. the emotional and spiritual securities that
may contribute, for instance, to cultural continuity). The emerging picture is presented in Table 2.15. In the
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following subsections, each of these six elements of quality of life will be discussed in turn with the focus
on the SDGs, supporting the 2030 Agenda of the United Nations Development Program, as well as the CBD
Aichi targets.
Table 2.15. The relationship between 18 of nature’s contributiosn to people (NCP) and six elements of a
good quality of life were assessed based on the expert opinion of 11 chapter lead authors, using the
Delphi method. Mean valuesstandard error of a two-round scoring exercise are reported. Authors were
asked to evaluate the strength of the relationships with 0 = none, 1 = weak, 2 = moderate and 3 = high.

Food Security

Food is an essential part of human well-being. It provides us the energy and nutrients, and ensuring access
to food is crucial to achieve a healthy and productive life. Food security is “a situation that exists when all
people, at all times, have physical, social and economic access to sufficient, safe and nutritious food that
meets their dietary needs and food preferences for an active and healthy life” (FAO, 2006) and this concept
is determined by three factors: availability, access to adequate resources or entitlements, and utilization of
food through an adequate diet. Those factors are intrinsically hierarchical, in which availability is required
but not sufficient to ensure access, which is not necessarily stable, and may not be sufficient for effective
utilization (Barrett, 2010). However, this concept has been in part criticized for being too narrow, and failing
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to consider other relevant factors, including policy, equity, and diversity (Wittman et al., 2016), as well as
for not taking full account of the traditional food practices (Power, 2008). Recently, the ethical and human
right dimension of food has come into focus through the SDG 2, which aims to end all forms of hunger and
malnutrition by 2030, making sure all people – especially children – have access to sufficient and nutritious
food all year round (UN, 2016). Food production systems are supported by the services provided by natural
ecosystems, such as pollination, biological pest control, maintenance of soil structure and fertility, nutrient
cycling and hydrological services. In turn, this activity also generates ecosystem services such as soil
regulation, climate stabilization through greenhouse gas mitigation, biodiversity support and water
purification, but it is also responsible for damage such as, nutrient pollution, biodiversity loss, and
greenhouse gas emissions (Power, 2010; Pretty, 2008; Robertson et al., 2014; Stallman, 2011). Historically
the availability of food has increased thanks to advances in agricultural production, and increased yields.
According Schmitz et al. (2014) during the pre-industrial period, cropland expansion was the source of
increased agricultural production, but since the mid-20th century intensification through new technologies
is the main cause of growth. As a result, while the area of cropland increased by about 15% worldwide
between 1955 and 2005, agricultural production increased by more than 200%.
Although some crop yields are increasing faster than the rate of population growth (see Figure 2.23) much
of the agricultural production is exported to other regions or devoted to other sectors. For example,
soybeans have become one of the most important agricultural commodity in Brazil (Pashaei Kamali et al.,
2016) and Argentina (Vazquez et al., 2017), due to an increase in global demand for soybean flour and oil
of which about 70% of the production is exported to China (USDA, 2016). In the last 10 years, the use of
maize for fuel production has increased, accounting for approximately 40% of the maize production in USA,
and affecting maize prices for animal and human consumption (Ranum et al., 2014). Wheat, maize, rice and
soybean are projected to provide 85% of the increase in food cereal consumption to 2050, and maize and
soybean will continue to provide the animal food calories, converting crops into secondary protein supply
for humans (Fischer et al., 2014). However, increasing yields will address only one aspect (availability) of
food security, which requires multiple approaches and solutions (Poppy et al., 2014).

In the Americas region, per capita calorie and protein demand increased during the period between 1961
and 2013, mainly from animal products in developing countries (Figure 2.24) showing differences between
regions. Products from livestock are the principal protein source in all regions, and according to Sans &
Combris (2015) meat consumption has surged over the last 50 years, rising from 61 g per person per day in
1961 to 80 g per person per day in 2011 worldwide. In Mesoamerica, maize has been the major source of
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food energy, where the highest consumption was 267 and 187 gram per capita per day in Mexico and
Guatemala, respectively. During the last 30 years in the USA, 43% of maize production is used to feed
animals to support the high consumption of animal products (Ranum et al., 2014). In North America, wheat
has historically been the main source of calories and protein from cereals, whereas rice has the highest
importance in the Caribbean region, and both wheat and rice rank high as cereal food sources in South
America. Despite the low per capita intake of fish and shellfish, when data are aggregated by subregion,
fish and shellfish are vital for food security in coastal area and in wetlands of all subregions of the Americas,
particularly for small-scale fishers and their families (Béné et al., 2007), as fish is considered the healthiest
sources of animal protein for human consumption (section 2.2.1.3 for more details).

The Americas’ population is projected to reach 1.2 billion by 2050, an increase of 22.7% over the current
population (UN Department of Economic and Social Affairs, Population Division, 2015). Although as a
region, the Americas has largely overcome food insecurity during the last few decades, differences exist
between countries and subregions. Undernourishment in Mesoamerica, the Caribbean and South America
has been reduced from 14.7% to 5.5% in the past 20 years, but over 40.7 million people remain
undernourished in Latin America and 3.6 million face severe food insecurity in North America (FAO, 2017,
p. 90). In North America, food insecurity is linked to households with incomes near or below the federal
poverty line, households with children headed by single women or single men, women and men living alone,
and black- and hispanic-headed households (Coleman-Jensen et al., 2016). In Mesoamerica, the percentage
of undernourished people has declined from 14.7% in 1990–92 to 5.5% in 2014–16 (FAO, IFAD & WFP,
2015), but in the Caribbean this proportion still varies widely, with the average at a staggering 19.8% (Table
2.16). Progress in reducing poor nutrition is associated with good economic performance, growth in the
agricultural sector, and social protection policies, and not because of better household income alone.
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According to Barret (2010), most severe food insecurity is associated with chronic poverty. In the Americas,
agriculture is the principal driving force of the rural economy and, for those developing countries without
substantial mineral resources, often the whole economy. Agriculture on its own can lead to growth in
countries with a high share of agriculture in GDP (FAO, 2015). Nevertheless, in the poorest areas of Latin
America (northeastern Brazil, southern Mexico, the Andes, and the densely settled hillside areas of Central
America and the Caribbean), rural poverty, population growth, and unsustainable agricultural systems are
leading to the degradation of many NCP as well as the breakdown of indigenous communities and their
natural resource management systems (Pichon & Uquillas, 1997). Then, more sustainable forms of land use
and efficient agricultural production systems (Pretty, 2010) are needed for poverty reduction and improve
the food security.
Table 2.16. Prevalence of undernourishment in the Americas.

Proportion of undernourished in total
population (%)
2005-07

2010-12

2014-16

Chang
e
19902016

2000-02

Chang
e
19902016

1990-92

2014-16

2010-12

2005-07

2000-02

Subregio
ns

1990-92

Number of people undernourished

(millions)
%
North
<5.0 <5.0
America
Mesoam
12.6
11.8 11.6 11.3 11.4
–9.6
10.7 8.3
erica
Caribbea
8.1
8.2
8.3
7.3
7.5
–7.2
27
24.4
n
South
45.4
40.3 27.2
ns
ns
<–50.0
15.1 11.4
America
na: not applicable; ns: not statistically significant. Source: FAO et al. (2015)

%
<5.0

<5.0

<5.0

%
na

7.6

6.9

6.6

–38.2

23.5

19.8

19.8

–26.6

7.2

<5.0

<5.0

na

The Global Food Security Index (http://foodsecurityindex.eiu.com/) addresses the issues of affordability,
availability and utilization to understand the risk of food security in countries and regions. The countries
are grouped in quartiles based on: best environment, good environment, moderate environment and those
that need improvement. Based on the analysis of this index, the North American subregion and Canada and
the USA at the country-level do not face food insecurity, but certainly certain social sectors still face hunger
and malnutrition (Table 2.16). Data from the FAO (Figure 2.25) indicate that Mesoamerica, the Caribbean
and South America are making greater progress towards food security and achieving SDG 2 (Zero hunger),
compared to other global regions. Yet, the Caribbean subregion is still particularly vulnerable and some
countries in Mesoamerica and South America maintain high levels of food insecurity.
Considering the role of family farmers in food security, Graeub et al. (2016) provide a rough estimate of the
calorie requirements in each country currently being supplied by family farmers. While countries in North
America and Mesoamerica are, on average, 60% sufficient, South America achieved only 36% sufficiency
(the lowest level of any world region).
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Food consumption patterns also showed a transition. During the last decades, they passed from the high
prevalence of under-nutrition to over-nutrition (Kearney, 2010). Drivers such as the increase in the human
population, rural-to-urban migration and income increases in developing countries created challenges in
managing a balanced diet (Nantapo et al., 2015); in addition, the increased intake of high sugar and high
fat foods characteristic of modern diets lead to a growing number of diseases associated with unbalanced
nutrition, such as obesity (Figure 2.26) and diabetes (Pretty et al., 2010). Hence, this leads to the greater
pressure on the food supply system, increased competition among food producers for land, water and
energy, ultimately leading to negative effects on the environment (Godfray et al., 2010). According to World
Health Organization, the cause of obesity and being overweight is an increased intake of energy-dense
foods high in fat and an increase in physical inactivity associated to urban lifestyles and modes of
transportation. Today, obesity has reached epidemic magnitudes worldwide, with at least 2.8 million
people dying each year because of being overweight or obese (WHO, 2017). Findings suggest that the
increase in food energy supply explains the increase in average population body weight, mainly for highincome countries (Vandevijvere et al., 2015), but now also for low and middle-income countries.
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Another important issue of concern regarding food security regards the production of Genetically Modified
Organisms (GMO). In the Americas, GMO technology is widespread in USA, Brazil and Canada. For instance,
the production of GMO soybean, cotton and corn skyrocketed in the past two decades (Figure 2.27).
Nevertheless, there is concern about the safety of GMOs, and there is no scientific consensus on GMO
safety to date (Hilbeck et al., 2015).
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Water security

Water is vital for the survival of humans and ecosystems. It is fundamental for material, recreational,
aesthetic, and spiritual basis of life, and ensuring access to safe water is essential for the provision of other
rights such as food, health and welfare. Water security refers to a supply of water of adequate quantity and
quality needed to sustain health, livelihoods, economic development, and ecosystems, and protect against
water-borne pollution and water-related disasters (UN, 2013; Grey & Sadoff, 2007). The finite amount of
available freshwater can limit the progress made towards the three dimensions of sustainable development
(social, economic, environmental), and this constraint is increasing. Sustainable Development Goal 6
addresses this, with the target of ensuring the availability and sustainable management of clean water and
sanitation by 2030, taking into account issues related to both water quantity and quality (UN, 2016). SDG 6
is, in turn, linked or relevant to the Aichi Biodiversity targets 8, 11, 14, 15, which refer to water security as
an essential element of quality of life.
Water insecurity occurs when human and environmental factors create variability in the availability of
water, relative to its need. Factors such as climate change, population growth, changing land use (increasing
agricultural and urban lands), and pollutants alter water quality and affect its supply; this is exacerbated by
economic disparity and poor governance and in some cases, for example in Nunavut, Canada, the loss of
indigenous knowledge systems (Gain et al., 2016; Vorosmarty et al., 2015; Medeiros et al., 2017). Water
security index scores, which are based on indicators derived from SDG 6, indicate relatively high scores for
most of the Americas, with low scores in western Peru and southern Bolivia (Figure 2.28). In some areas
facing water scarcity (e.g. portions the southwestern USA and Mexico) water security index scores are
higher than predicted due to the mitigating effects of technology based water management. Engineering
solutions to replace the ecosystem services can be effective but expensive, and tend to rely on fossil fuels.
A heavy dependence on technology to meet water demands may produce false security. Desalination plants
are one example. In northwest Mexico desalination plants are in widespread use despite their high
environmental impacts, including those to adjacent marine ecosystems where plant effluents decrease
coastal productivity and the livelihoods of local communities (Cortes et al., 2012; McEvoy & Wilder, 2012).

Considerable progress has been made in the Americas in providing access to improved water sources since
1990, with access in nearly all regions at or above 90% of the population; only the rural populations in South
and Mesoamerica lag at about 80% (Figure 2.29). The proportion of the rural poor in South America with
access to potable water has increased only 10% in 30 years, leaving 18% without access in 2015. Overall
demands for water in the Americas are increasing, particularly in areas of high economic development. At
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the same time, human activities lead to increasing pollutant loads that compromise both the support of
biodiversity and the safety of water supplies. Assessments of water demands by subregion mask the high
degree of spatial variability in water demand for production, and the threats they pose to water security
(Hoekstra et al., 2012).
Access to sanitation and hygiene is also a key part of the definition of water security. As a right of all humans
it helps safeguard health and well-being, and is a key in alleviating poverty. Access to sanitation is
increasing, although it lags behind access to improved drinking water sources, particularly for rural
populations and the poor. There are still 2.4 billion people globally who lack access to basic sanitation
services, such as toilets or latrine (WWAP, 2015).

Water use in the Americas is dominated by agricultural needs (Table 2.17, Gleick, 2014). In Mesoamerica,
South America and the Caribbean, about 74% of freshwater is used for agriculture and domestic use is the
second largest consumer. In contrast, use in North America is dominated by industry, largely due to water
withdrawals for industrial cooling, for example by power plants, that account for almost 50% of freshwater
withdrawals. This use is not consumptive; consumptive uses of water by industry are much lower (Kenny et
al., 2009; Gleick, 2014). Forecasting future water withdrawals under climate change indicates increasing
future demand in South America, mostly for industrial use, and relatively stable future demands in North
America (IPCC, 2002; Alcamo et al., 2007). Locally non-sustainable use of freshwater, such as the withdrawal
of fossil groundwater from aquifers with no long-term net recharge for irrigation is common in the arid
regions, particularly in North America (Shilkomanov & Rodda, 2003). The use of groundwater in the USA
has greatly increased food production and been a source of water for decades, providing drinking water for
about half the total population and nearly all of the rural population, as well as providing over 50 billion
gallons per day for agricultural needs. However, it’s cumulative depletion, for example between 1900 and
2008 was about 1,000 km3—equivalent to about twice the water volume of Lake Erie (Konikow, 2013) - now
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poses a threat to water security as aquifers are drawn down, particularly in the plain states (Vorosmarty et
al., 2010).
Nature’s provision of freshwater supplies often requires human intervention to withdraw, divert, and
transport water to engineered storage sites and sites of use (Viessman & Hammer, 2008; Verma et al.,
2015). Many wells, human-made water supply impoundments, and water distribution systems have been
constructed to increase the reliability of freshwater supply (Cech, 2010), although these may reduce water
available to support biodiversity. Dam building and the creation of other structural facilities (e.g. canals,
channels and pipes) are a common means to manage water supplies and stabilize flows (Grigg, 2005),
although dams are increasingly recognized for their heavy impacts on other NCP (Palmer, 2010). The
impacts to local communities are equally as great through the disruption or displacement of local
communities, a loss of a sense of belonging, and loss of farmland and cultural heritage (Tucker et al., 2016)
Table 2.17. Water withdrawals (cubic kilometers/year and %) by use category. The highest use in each
subregion is highlighted.
Region
Municipal Use
Industrial Use
Agricultural Use
Total
km3 yr-1

% of total

km3 yr-1

% of total

km3 yr-1

% of
total

km3 yr-1

North America

68.0

13.0

281.5

53.1

179.8

34.6

610.0

Mesoamerica

14.7

16.0

8.6

9.0

79.1

75.0

92.4

Caribbean

4.4

21.0

4.7

22.4

12.1

67.6

21.1

South America

36.0

17.0

26.0

12.0

154

71.0

216.0

Source: FAO Aquastat (2015)

Human appropriation of freshwater supplies (water volume consumed) can be assessed using the water
footprint (Figure 2.30), represented by three components: blue water (the surface and ground water
consumed, for example in irrigated agriculture, industry, and domestic), green water (rainwater stored in
soil that is consumed, e.g. in crop production) and grey water (freshwater required to assimilate waste
using existing water quality standards; Figure 2.31). The global water footprint between 1996-2005 was
9,087 billion cubic meters per year; agricultural production contributes 92% to the total footprint.
A substantial portion (20%) of the global water footprint supports agricultural production for export to
other countries, or virtual water (the flow of water hidden in food and other commodities). This allows
water poor regions to support larger human populations by importing water intensive crops, thereby
preserving local water resources. Subregions in the Americas tend to be major water exporters, particularly
the USA, Brazil, Argentina, and Canada (Figure 2.32, Mekonnen & Hoekstra, 2011).
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Effective water management is dependent on effective land management (Bossio et al., 2010). Natural
ecosystems such as forests, wetlands, riparian zones and floodplains, and grasslands help to maintain water
quality through filtration, groundwater renewal, and maintenance of natural flows (Honda & Durigan,
2016). The loss of natural ecosystems reduces their benefits, presenting risks to human health in the form
of decreased drinking water quality, higher water costs that have a greater impact on the poor, and
decreases in crop yields and hydroelectric power due to reduced flows in the dry season (Postel &
Thompson, 2005). The benefits of maintaining healthy watersheds to preserve water supplies are well
supported, although insufficient, across the Americas. For example, in Quito, Ecuador, more than 1.5 million
residents receive drinking water from two protected areas in the Andes, the Cayambe - Coca (400,00 ha)
and Antisana ecological reserves (120,000 ha). As part of Ecuador’s National Parks System, these areas are
also used for cattle, dairy, and timber production, and supports a human population of 27,000. A trust fund
was established to provide payments to landowners in return for their work to protect water quality
(Pagiola et al., 2002). In the Dominican Republic, the Madre de las Aguas Conservation Area conserves the
source of 17 rivers that provide water for irrigation and domestic use to over half of the country’s
population. The area makes up about 5% of the area of the Dominican Republic, and contains many local
stakeholders that live in small rural communities. It also supports a rich diversity of species. The protected
watershed of Banff National Park in Canada flows into Alberta’s Bow River Basin that is home to 1.2 million
people. These areas support mixed use while supplying drinking water, for example by providing
recreational opportunities and support to farmers and industries (WCPA, 2012). In Central America, the city
of Tegucigalpa in Honduras is one of several large Latin American cities that protect surrounding cloud
forest to guarantee water supplies, in this case in the La Tigra National Park (Hamilton, 2008). In Costa Rica,
Agua Tica is an initiative to contribute to water security of the Greater Metropolitan Area of San Jose
through watershed conservation. In California, USA, around 85% of San Francisco’s drinking water comes
from snowmelt captured in a reservoir in Yosemite National Park (CBD, 2008). In nearly all of these cases
(and there are other examples) the beneficiaries of the water supply services are not the same as those
who bear the costs of providing those benefits. Linking the providers to the beneficiaries is important in
designing the mechanisms that make agreements possible, for example direct payments and/or trust funds
to provide grants to support environmentally sustainable development projects for communities in the
watersheds. Thus, watershed protection can be integrated with rural development and livelihoods (Postel
& Thompson, 2005).
Wetlands are particularly effective at regulating flows and purifying water. The Ramsar Convention lists
wetlands that have been designated as Wetlands of International Importance and promotes their wise use
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in the context of sustainable development to benefit people and biodiversity (www.ramsar.org). Nearly
650,000 km2 of wetlands have been designated as internationally important in the Americas, over half of
which is in South America (see Figure 2.16). This reflects their links to food security and livelihoods, for
example over 660 million people globally rely on fishing and aquaculture for a living, and many fish species
reproduce in coastal wetlands, contributing to dietary diversity. Ramsar wetlands also allow for continued
socio-cultural traditions and income generation (Horwitz et al., 2012). For this reason, Mexico proposed
and the Ramsar Convention accepted in its 12th Conference of the Parties (Uruguay 2015) the Resolution
XII.12 for ensuring and protecting the freshwater incomes from the wise use of wetlands and so conserving
benefits
provided
to
society,
at
the
present
and
in
the
future
(http://www.ramsar.org/sites/default/files/documents/library/cop12_res12_water_requirements_e.pdf).
Despite the benefits of designation, there are gaps in the designation of internationally important wetlands,
for example the Cerrado wetlands (Veredas) are vital for the regulation of water flows of most rivers in
Brazil yet have not been recognized. Over the next 20 years, there will be unprecedented pressure on
resources in the Americas as global demands for food, energy, and shelter increase. At the center of the
crisis is water (UN, 2013).

Energy security

The UN defines energy security as being able to have access to clean, reliable and affordable energy, which
is crucial for such human activities as cooking, heating, lighting, communications and production, but in
addition we must consider the reliability and price of the energy source (IEA, 2017). From the perspective
of sustainability, energy has been described as “the golden thread” connecting economic growth, social
equity, and environmental sustainability. With this in mind, the UN General Assembly in 2012 embraced
the ‘Sustainable Energy for All’ objectives for 2030, aiming to: 1) achieve universal access to modern energy,
2) double the historic rate of improvement of energy efficiency, and 3) double the share of renewable
energy in the global energy mix. In 2015, SDG7 was adopted for 2030, to “ensure access to affordable,
reliable, sustainable, and modern energy for all,” building further on the three Sustainable Energy for All
objectives. Later in 2015, at the historic 21st Conference of the Parties to the UN Framework Convention
on Climate Change, countries from around the world committed to nationally determined contributions,
many calling for progress on the sustainable energy agenda (IEA, 2017). As a result, SDG 7 is interconnected
with all other SDGs.
In about 33% of the countries of the Americas, including the North American countries of Canada and USA,
100% of people have access to electric power, in the other 67% at least 80 % have access, with exception
of Haiti where only 38% of the population receives electric power. The role biodiversity plays in providing
energy through fuelwood for cooking, heating and lighting in localities with little or no access to electric
power is enormous, although it is often poorly quantified. Hence, unsustainable use of fuelwood in such
areas is a major threat to energy security, particularly for the already disadvantage people.
When discussing energy security in the context of NCP, it is important to realize that only part of the past,
current and future energy supply comes from nature: other sources not considered in this framework,
including fossil fuels and those renewables that are derived from solar and wind. Considering the fast
changes in the energy sector, in terms of main energy sources, production and transportation structure and
also demands, embedded in complex political settings and unequal distribution of different energy sources
around the world, an assessment of NCP contribution to energy security is difficult. Overall energy security,
including aspects related to energy equity and sustainability, is high for North American countries,
intermediate for South American countries and low for Caribbean and Central American countries.
The World Energy Council (2017) considers Latin America, with its high dependence on hydropower for
electricity production, as vulnerable to extreme climate events and facing socio-economic challenges from
the impacts of large hydropower projects. The report also acknowledges the surprisingly low use of
renewable energies based on sun and wind, despite high potential. Development of these techniques could
not only be efficient in terms of energy security, but also to decrease pressures on NCP by reducing
emissions of climate-relevant gases from fossil fuels and impact of hydropower or biomass extraction. In
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the USA, in contrast, electrical generation from non-hydro renewables (including solar, wind and biomassbased energy) has more than tripled over the past decade, surpassing in 2014 hydro-power electrical
generation (EIA, 2017), thus reducing direct pressures on NCP. In many parts of the Americas, however we
can expect conflicts between energy security and food security, in particular as fossil fuels will be replaced
by fuels derived from biomass (Fischer et al. 2009, Koizumi 2014). This is also expressed in the values of the
World Energy Council’s Energy Trilemma Index that ranks countries based on the three dimensions energy
security, enerqy equity (accessability and affordability) and environmental sustainability (Table 2.18).
Table 2.18. The Energy Trilemma Index is shown from countries in the Americas. This index includes
energy security, energy equity and environmental sustainability to produce an overall score. Country
rank indicates the position of each in the context of the global list, which goes from 1 (Switzerland) to
125 (Benin).
Environmental
Country rank
Subregion/Country
Energy Security
Energy Equity
Sustainability
Caribbean
77
Dominican Republic
121
75
13
79
Panama
118
76
47
90
Trinidad & Tobago
99
48
123
98
Jamaica
120
89
72
Central America
42
Costa Rica
89
64
5
52
Mexico
59
71
55
71
El Salvador
87
83
21
110
Honduras
107
101
118
North America
14
USA
4
13
73
22
Canada
5
11
96
South America
27
Uruguay
40
51
16
38
Chile
44
66
48
41
Colombia
36
80
10
50
Ecuador
50
46
79
57
Brazil
68
70
46
58
Argentina
48
69
69
62
Venezuela
21
68
87
64
Peru
54
84
38
89
Paraguay
96
86
57
Source: World Energy Council available at: https://trilemma.worldenergy.org (accessed March 9, 2017).

Health

Human health is a core component of quality of life, which has many measurable attributes (Salim et al.,
1999). According to the World Health Organization, “health is a state of complete physical, mental and
social well-being and not merely the absence of disease or infirmity,” and also, healthy living conditions
have physical, biological, cultural and spiritual components (Corvalán et al., 2005). Health is determined by
social, economic and environmental factors, and biodiversity supports a diversity of NCP that are essential
to human health and quality of life, including food (provide nutrition), medicinal organisms and their
products, physical and psychological experiences, regulation of water quality, regulation of air quality,
regulation of hazards and extreme events, and regulation of organisms detrimental to humans; thus
biodiversity is a key determinant and the conservation and sustainable use of biodiversity can benefit
human health (World Health Organization and Secretariat of the Convention on Biological Diversity, 2015).
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Attaining good health and wellbeing is the aim of SDG3. In fact, health is intrinsically related to food and
water security (sections 2.3.1 and 2.3.2).
Biodiversity plays a key role for a dietary balance. However, population increase, urbanization and industrial
agriculture have changed production and consumption patterns. Calories obtained from meat, sugars and
oils have increased during the last decades. In contrast, the consumption of fiber-rich foods such as whole
grains, pulses and roots have declined (World Cancer Research Fund International, 2014). This nutrition
transition affects dietary patterns in many countries of the Americas region, where the increase in
consumption of meat and processed food has favored the occurrence of noncommunicable diseases
(Webber et al., 2012; Claro et al., 2013; Pou et al., 2016).
Historically, biodiversity has sustained medicine around the world. Plants have been used for health
purposes by indigenous people and local communities, as a result of practicing the traditional medicine,
defined as “the sum total of the knowledge, skill, and practices based on the theories, beliefs, and
experiences indigenous to different cultures, whether explicable or not, used in the maintenance of health
as well as in the prevention, diagnosis, improvement or treatment of physical and mental illness” (World
Health Organization, 2013). Nevertheless, medicinal plants are not only used by locals, but also for
international trade to produce extracts, phytopharmaceuticals and cosmetics. It is estimated that the
average global export of medicinal plants during the year 2014 was around 702,000 tons valued at $3.6
billion. Chile and Peru are important suppliers, while USA is the major consumer (Vasisht et al., 2016). The
penicillins, as well as nine of the 13 other major classes of antibiotics in use, are derived from
microorganisms, and more than half of the approved drugs by the USA Food and Drug Administration
between 1981-2010 had natural product origins. This is in spite of the fact that only a small fraction of the
total plant species that populate the earth have been studied for pharmacological purposes (World Health
Organization & Secretariat of the Convention on Biological Diversity, 2015).
In North America, there is a robust body of literature regarding the health effects of access to nature for
different social groups. Specifically, in urban areas, access to parks and green spaces improves health not
only by the physical activities one can conduct in these places, but also simply providing views from
windows and even indoor plants can produce a similar, positive health outcome (Grinde & Patil, 2009). In
Vancouver, Canada, providing elderly adults (65-86 y.o.) access to nature was shown to provide greater
mental, social and physical health. This was in response to therapeutic landscapes with “green” (i.e.
vegetated) and “blue” (i.e. aquatic) features that, given the limited mobility of some elderly citizens, were
accessed not only via direct interaction, but also via perception (i.e. looking from window) (Finlay et al.,
2015). Similarly, inner-city hispanic youth in Houston, Texas (USA) were found to have improved health
when there were larger and more abundant trees near them, as well as smaller distances between tree
patches (Kim et al., 2016).In terms of regulation of organisms detrimental to humans, freshwater wetlands
as riparian buffer may improve the bacterial water quality, by eliminating livestock manure in streams as
well catching of bacteria by the riparian vegetation (Collins & Rutherford, 2004). Deforestation degrades
the disease regulation services and may increase disease transmission such as with Dengue fever, yellow
fever, leishmaniasis (Walsh, 1993; Willcox & Ellis, 2006) and malaria (Walsh, 1993; Vittor et al., 2006;
Pattanayak & Yasuoka, 2008). Mining operations in Colombia have been shown to be reservoirs for malaria
(Castellanos, 2016). Both selective logging and general deforestation may amplify other disease risks (Foley
et al., 2007).
Beyond the direct impact of diseases on human health, forest degradation also impacts medicinal plant
populations. Forest degradation and transformation negatively impacts the discovery of potential remedies
for people in the developed world and also causes the erosion of one of today´s primary health care options
for Amazonian’s urban and rural citizens (Shanley & Luz, 2003). An increase in insect-vector diseases is also
likely as hydroelectric dams proliferate on the Amazon and its tributaries, despite the fact that some
consider hydropower a clean energy source. The necessary access to water and sanitation for good health
is discussed in section 2.3.2. Nevertheless, an effort to assess the health and social status of indigenous and
tribal peoples relative to benchmark populations from a sample of 23 countries (including five from South
America, two from North America and one from Mesoamerica) provide evidence of poorer health and social
outcomes for indigenous peoples than for non-indigenous populations (Anderson et al., 2016). The reduced
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access to land and its biodiversity, and consequent change in indigenous diet has contributed to this
scenario.
Despite biodiversity’s important role in regulating air quality, the complex mixture of emissions from
industrial activity, households, cars and trucks have a harmful effect on health. In high-income countries,
urban outdoor air pollution ranks in the top ten risk factors to health, and is the first environmental risk
factor. Air pollution, natural disasters, disease outbreaks, environmental contaminants such as lead
exposure, unsafe water and lack of sanitation, all contribute to the high percentage of deaths attributed to
environmental causes (Figure 2.33).

Coastal ecosystems can alleviate the impacts of an extreme event on human systems (Bravo de Guenni et
al., 2009). For example, mangroves reduce the risk of wave damages, large storms, tsunami damage,
erosion and bind soils together and keep up with the sea level rise (Spalding et al., 2014); forest and
wetlands combat flash flooding, acting like sponges to absorb the excess of water after storms and releasing
it more slowly (Delach, 2012); forests prevent landslides by reinforcing soil layers with roots and reduce soil
moisture through interception, evaporation and transpiration (FAO, 2010), and the control of invasive
species in forest could reduce the impact of destructive fires (Delach, 2012). Suitable management of
ecosystems can be an important mechanism to reduce vulnerability and reduce negative impacts of
extreme events.
Finally, direct drivers of biodiversity loss that affect human health include land-use change,
overexploitation, habitat loss, pollution, invasive species and climate change (World Health Organization &
Secretariat of the Convention on Biological Diversity, 2015). The largest health impacts due to biodiversity
losses are projected to be increases in undernutrition, and higher rates of disease, injuries and deaths from
natural disasters. The interaction between biodiversity and health are both positive and negative (Figure
2.34), resulting in trade-offs that will be critical for decision making.
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Sustainable livelihood

Livelihoods depend upon economic conditions, such as employment and income, as well as broader sociocultural aspects that affect “ways of living” and incorporate nature via cultural identity, sense of place, and
social cohesion. As seen in section 2.2, numerous NCP directly support income security, but in different
ways between subregions. For example, between 1995 and 2012, the number of people employed as
commercial fishers and fish farmers declined by 15.4% in North America, but increased by 49.8% elsewhere
in the Americas (FAO, 2014b), mostly associated with the rise of aquaculture rather than native fisheries.
In the Caribbean, however, coastal ecosystems continue to support a fisheries industry, which contributes
about $1.2 billion annually in export earnings (CARSEA, 2007). The importance of fisheries to livelihoods in
the Caribbean is reflected not only in monetary figures; fish products account for ~7% of the protein
consumed by people in the Caribbean subregion and is a “way of life” for fishermen, which transcends being
a merely “job” or income. Furthermore, sustainable small-scale fishing livelihoods can be compatible with
marine protected areas and in turn contribute to the implementation of these conservation initiatives
(Charles et al., 2016). In this way, coastal ecosystems can be used for multiple benefits to multiple
beneficiaries, providing food, income and livelihoods to fishermen, but also tourism and travel to other
stakeholders, which in the case of the Caribbean constituted 15.5% of the subregion’s total employment in
2004 (nearly twice the global average). In this same time period, coastal tourism and travel in the Caribbean
contributed $28.4 billion to the subregion’s GDP, which is 13% of total economic production (CARSEA,
2007).
Similarly, in the Andes mountains, sparsely-vegetated highland ecosystems support the livelihoods of about
6% of the biome’s 85 million human inhabitants, while another 34% of the population live off grazing lands
often interspersed with other habitat types. Plus, in this area, approximately 5% of people live in and their
livelihoods depend on protected areas (Huddleston et al., 2003). In the Andean altiplano (3,900 – 4,900
m.a.s.l), shared between Argentina, Bolivia, Chile, and Peru, various indigenous communities derive not
only their economic security from the NCP of this biome, but their rich cultural tradition of beliefs and
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rituals, and a particular worldview that mediates their interaction with the environment, are also based on
the particular elements that nature provides here (Lichtenstein & Vilá, 2003). Furthermore, secondary
stakeholders depend upon these ecosystems for their livelihoods, given that mountain ecosystems
contribute to the human populations at lower elevations via the regulation of water flow, energy, waste
assimilation and drinking water (Bradley et al., 2006; Buytaert et al., 2006; Vuille et al., 2008).
For the temperate forests of North and South America, we can distinguish the contribution of nature to
specific stakeholders, including direct users, such as many rural communities of both indigenous and
immigrant ancestry, whose livelihoods depend on benefits from these forest ecosystems for material
subsistence (e.g. logging, Nelson et al., 2008) or cultural practices (e.g. non-timber forest products, Ladio,
2011). Research in both North and South America has described how community-based restoration and
management not only improve ecosystem services and benefits, but also can be part of work security and
increasing social capital (e.g. Donoso et al., 2014). However, in the negotiation of trade-offs between
livelihoods of primary and secondary beneficiaries, rural communities often comprise a smaller portion of
the total population in the Americas, and most people reside in urban areas, indicating that decision-making
power rests with “secondary users” who have a less direct relationship to NCP for their livelihoods.
In the Americas, we are confronted with major challenges in addressing sustainable livelihoods, in part
because there are great disparities in economic security, which represents an obstacle in achieving SDG8
and SDG10. Income distribution both between and within subregions is very heterogeneous. For example,
the mean per capita GDP is $50,935 (±$1,711 Standard Deviation) for countries in North America, $9,883
(±$5,965) in the Caribbean, $8,436 (±$4,585) in South America, and finally $5,477 (±$3,554) in Mesoamerica
(IMF World Economic Outlook Database, 2015). As can be seen from the standard deviation, the betweencountry variability is high in all subregions except North America (i.e. Canada and USA). Furthermore, while
from 1993 to 2013, Mesoamerica, the Caribbean and South America reduced their overall rates of moderate
poverty ($2.5 to $4 per day) from 16.8% to 12.9% and extreme poverty (less than $2.5 per day) from 26.6%
to 11.5%, at the same time 25-30 million people are still considered vulnerable to falling back into
detrimental economic conditions (UNDP, 2016). In addition, both Canada and the USA have seen increases
in income inequality, attaining levels of inequality that are higher than the Organization for Economic
Cooperation and Development (OECD) average (OECD, 2008). For its part, Mesoamerica, the Caribbean and
South America together also have 10 of the world’s 15 countries with the most unequal income distribution
(UNDP, 2016).
Yet, biodiversity-based livelihoods can be sustained when people have the social capital to cope with and
recover from stresses and shocks, while maintaining or enhancing their capabilities and assets both now
and in the future without undermining the natural resource base (Chambers & Conway, 1992). At the same
time, though, broader policies and strategies are necessary, considering that sustainable livelihoods in
today’s world depend on telecoupled and globalized processes. As such, increases in corporate social
responsibility and environmental sustainability initiatives are important to harness market forces and orient
them towards favoring desired outcomes like specific sustainable livelihoods (e.g. small-scale farming, wellmanaged fishing). Meanwhile, government strategies, such as multi-use protected areas, create the
conditions to not only conserve nature, but protect the livelihoods that have evolved for millennia in these
same ecosystems. Indeed, such multi-faceted strategies are requisite to achieve SDG14 (Life below water)
and SDG15 (Life on land), which in turn are underlain by sustainable livelihoods.

Contributions of indigenous people and local communities to
biodiversity and nature’s contributions people
Cultivated plants, or cultigens, are a main inheritance we receive from nature. This heritage contributed
greatly to the development of mankind, and the history of cultigens is part of our own history as they were
created by humans and have been used for millennia (Krapovickas, 2010). For example, maize is the cereal
of the peoples and cultures of the Americas. Known or postulated geographic zones of domestication for
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some neotropical crops, on the basis of molecular, archaeological, and ecological evidence, show various
origin areas (Piperno, 2011, Figure 2.35).

The oldest civilizations of America - from the Olmecs and Teotihuacans in Mesoamerica, to the Incas and
Quechuas in the Andes of South America - were accompanied in their development by potato plants
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(Serratos Hernández, 2009). The first cultivated potatoes were probably selected between 6,000 and 10,000
years ago, north of Lake Titicaca in the Andes shared between Peru and Bolivia, and Solanum L. sect. petota
grows from the southwest of the USA to the south of Chile (Rodríguez, 2010). Archaeological and genetic
evidence has helped to understand the origin of three of the oldest and most important American crops in
pre-Columbian and present times: maize, common bean and Lima bean (Chacón, 2009). Archeological
evidence has also pointed out least 83 Amazonian native species containing populations domesticated to
some degree before European conquest, indicating that Amazonia was also major center of crop
domestication (Clement et al., 2015).
According to the Vavilov concept of plant origin centers, major food crops developed over millennia and
originated from a central point from which humans dispersed them. These ‘‘centers of origin’’ represent
locations with great genetic diversity of crop species (Hummer & Hancock, 2015). The Americas host a
diverse and rich variety of species that have been cultivated by humans for food and a wide variety of
resource uses. Cultures throughout the Americas have continually enriched world food and nutrition
(Janick, 2013, Table 2.19).
Table 2.19. Selected indigenous crops of native plant species used throughout the Americas.
New World crops
Species
New World origin
Cereals and pseudocereals
Amaranth
Amaranthus spp.
Mexico
Maize
Zea mays
Mesoamerica
Quinoa
Chenopodium quinoa
Andean highlands
Wild rice
Zizania palustris
Northern North America
Legumes
Common bean
Phaseolus vulgaris
South America
Lima bean
Phaseolus lunatus
South America
Peanut
Arachis hypogaea
Bolivian-Brazilian-Paraguayan center
Cucurbits
Chayote
Sechium edule
Mexico, Central America
Pumpkin
Cucurbita maxima
South America
Squash
Cucurbita moschata, C. pepo
Mexico
Solanaceous fruits
Capsicum peppers
Capsicum annuum, C. bacattum, South America, northern Peru, central
C. chinenese, C. frutescens, C. Bolivia
pubescens
Ground cherry, husk Physalis
peruviana,
P. Central America
tomato
philadelphica
Pepino
Solanum muricatum
Tropical America
Tomato
Solanum lycopersicum
Western South America
Roots and tubers
Cassava
Manihot utilissima
Brazil
Potato
Solanum tuberosum
Peru and Bolivia
Sweetpotato
Ipomoea batatas
Central America
Fruits and nuts
Annona
Annona cherimola
Brazil
Avocado
Persea americana
Mesoamerica
Black raspberry
Rubus occidentalis
North America
Brazil/Amazonian nut
Bertholletia excelsa
Amazon
Blueberry
Vaccinium corymbosum
North America
Cacao
Theobroma cacao
Tropical America
Cactus
Opuntia ficus-indica
Mexico
Cashew
Anacardium esculenta
Brazil
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Cranberry
Guava
Jaboticaba
Mamey
Papaya
Pejibaye palm
Pineapple
Pitaya
Strawberry
Soursop
Industrials
Asai palm
Cotton
Quinine
Rubber
Tobacco
Ornamentals
Dahlia
Fuchsia
Petunia
Sunflower

Vaccinium macrocarpon
Psidium guajava
Myrciaria cauliflora
Mammea americana
Carica papaya
Bactris gasipaes
Ananas comosus
Stenocereus spp.
Fragaria chiloensis
Annona muricata

North America
Tropical America
South America
West Indies, northern South America
Tropical America
Southwestern Amazon
Tropical South America
Mexico
Pacific coast: North and South
America
Peru-Ecuador

Euterpe oleracea, E. precatoria
Gossypium
hirsutum,
G.
barbadense
Cinchona calisaya
Hevea brasiliensis
Nicotiana rustica, N. tabacum

Amazon
Central America, Brazil

Dahlia spp.
Fuchsia triphylla
Petunia spp.
Helianthus annuus

Mesoamerica
Hispaniola, South America
South America
North America

Source: Modified from Janick (2013).

Peru-Bolivia
Amazon
Mexico, Central America

Over the centuries, indigenous management practices also shaped landscapes (Balèe, 2013 and contributed
to highly productive soil formation, such as the dark soils in Amazonia (Schmidt et al., 2014). Modern tree
communities in Amazonia are structured to an important extent by a long history of plant domestication
by Amazonian peoples (Levis et al., 2017). A recent review on agrobiodiversity in the Amazonia pointed out
that swidden agriculture may increase diversity in ecosystem ensuring in situ conservation. Another review
confirms the importance of indigenous people and local communities for conserving and enhancing
biodiversity in the Americas, and the important role of women in agrobiodiversity innovation,
experimentation, selection and diffusion (Emperaire, 2017). Like their pre-Columbian ancestors, indigenous
peoples and local communities are also contributing to high forest biodiversity in the Amazonia. As pointed
out by Carneiro da Cunha & Morin de Lima (2017) “there is no clear-cut division between management of
forests and agriculture as long as traditional long fallow systems endure. After all, fallows are intended to
revert to forest, and to a large extent, it is fallow management that will result in humanised forests” Another
example of agroforestry productive systems with edible plants is the milpa in Mexico, that is based on the
culture around cocoa plantations in Tabasco or the culture around coffee plantations in Chiapas (González,
2004; De Beenhouwer et al., 2013; Cruz-Coutiño, 2014). Also significant are the systems based on the
association of production of commercial cacao with wild species with the association of shade trees and
nitrogen fixation in humid forests of Bolivia and Peru.
On-farm conservation of germplasm diversity is observed through great numbers of varieties of cultivated
plants by indigenous people as local communities of mix-heritage people (Carneiro da Cunha & Morin de
Lima, 2017). Table 2.20 shows the varieties cultivated for only one species (manioc) in different parts of
Amazonia. According to Mendoza (2010), in Bolivia 19 wild species are widely represented, ranging from
the lower Andean to Amazonian and Cerrado landscapes.
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Table 2.20. Varietal diversity of Manioc (Manihot esculenta, Euphorbiaceae) in terms of taste in South
America.
Indigenous Peoples & Local
Sweet +
Location
Sweet
Bitter
Communities
Bitter
Amuesha (Aruak)
Peru
204
Wanana, Tukano, Arapaso
Middle Uaupés,
137
AM, Brasil
Pluri-ethnic communities: Barcelos
Middle Rio Negro,
120
AM, Brazil
Piaroa (Piaroa-Saliban)
Cuao and Manapiare
113
(Orinoco
basin),
Venezuela
Pluri-ethnic
communities:
Upper-Middle Rio
106
Santa Isabel
Negro, AM, Brazil
Tukano (Uaupes)
Uaupés, AM, Brazil
100
Aguaruna (Jivaro)
North Central Peru
100
Huambisa (Jivaro)
Peru
100
Tatuyo (Tukano)
Uaupés, AM, Brazil
100
Wajãpi (Tupi-Guarani)
Amapá, Brazil
94
3
97
Aluku (“quilombola”)
French Guiana
90
Makushi (Karib) e Wapishana
Roraima,
Brazil
76,77
(Aruak)
Guyana, Venezuela
Cubeo, Piratapuia e Tukano
Cuieiras
river,
65
5
70
(Tukano), Tikuna (Tikuna) e SateréLower Rio Negro,
Mawé (Mawé)
AM, Brazil
Wayana (Karib)
French Guiana
65
Pluri-ethnic communities
Middle Rio Negro,
64
AM, Brazil
Bare (Aruak)
Upper Rio Negro,
60
AM, Brazil
Local communities Mamirauá
Middle Solimões,
54
and Amanã
AM, Brazil
Kayapo-Mebêngôkre (Jê)
Pará, Brazil
46
Kuikuro (Karib)
Upper Xingu, Mato
36-46
Grosso, Brazil
Pataxó (Macro-Jê)
Bahia, Brazil
34
Paumari (Arawa)
Purus, AM, Brazil
14 - 30
Krahô (Timbira-Jê)
Tocantins, Brazil
9
12
21
Canela-Ramkokamekra (Timbira-Jê)
Maranhão, Brazil
7
9
16
Kaiabi (Tupi-Guarani)
Mato Grosso, Brazil
9
6
15
Enawenê-Nawê (Aruak)
Mato Grosso, Brazil
14
1
15
Source: compiled by Carneiro da Cunha & Morin de Lima (2017).

Indigenous knowledge and management practices also play an important role in conserving aquatic
resources in both freshwater and marine environments. The First Salmon ceremony practiced by many
indigenous groups in the Pacific Northwest of North America is an example: it indicates the annual opening
of the fishery and its ecological function is also consistent with cultural values encoded in stories and rituals
about respecting salmon, allowing creatures to reproduce, not interfering with the leaders in migration,
and reciprocal obligations of humans and non-human beings, in general (Berkes, 2008). For example in the
Amazonian hydraulic system of embankments (locally known as camellones) in the Llanos de Moxos
(Bolivia) and Acre and Rondonia (Brazil) has been a way of taming the landscape in the face of continuous
floods, instead of taming species, designing a variety of permanent and seasonal habitats and ecotones for
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the fish fauna and other wild foods may proliferate; in addition to providing elevations for crops, housing
and ponds to store water and food, such as mollusks, fish, reptiles, generating more attractive conditions
for the fauna of interest (Denevan, 1966; Erickson, 2010). Also in the highlands of the Andes, the agricultural
infrastructure of the suka kollus in relation to the Titicaca Lake (shared by Peru and Bolivia) is the oldest
one in South America (Erickson, 2006). Basically, these structures consist of a series of land platforms
surrounded by water channels and arranged in different ways according to the slope and are constructed
by digging the ground for the formation of earth channels and the soil of the channels is distributed above
the platforms, raising the original surface of the ground. The suka kollus form a microclimate that allows to
obtain high yields (potatoes and fish farming), reduce the effects of frost on crops, recycle the nutrients
contained in the organic matter of the canals, drain excess water and irrigate crops (Erickson, 2006).
Indigenous and local knowledge systems plays a key role in food production systems, they are important
resource in the conservation of domestic crop varieties for many species and wild plant as well as animal
communities (Nakashima & Roué, 2002). For example, traditional livestock production systems include
animals as an integral part of the landscape; in some parts of the highlands of Peru alpaca and vicuña are
considered flagship species, and this has allowed rural tourism (Hoffmann et al., 2014), while in
Mesoamerica and South America, oxen or bulls have been used for plowing and horses or mules for
cultivation (Starkey, 2010). However, in the conversion of natural ecosystems to those altered for intensive
food production, many of the properties linked to cultural services of indigenous peoples are reduced, and
one of the major problems indigenous peoples face is land use change and degradation, which leads to the
transformation or loss of traditional knowledge (Danver, 2015). For example, the aynuqas system applied
in the Andes of Bolivia and Peru, organizes the agricultural production to dry land as the livestock by the
use of the grasses (Benavidez, 1999). It is part of the historical memory of the community and is one of the
constituent elements of its identity; the succession and rotation of the plots function as a spatial and
temporal reference that preserves the recollection of the crops, good or bad (Riviére, 1994). Traditional
management has varied like the intensive use of fodder, the use of chemical fertilizers and pesticides, as
well as incentives for raising cattle (Hervé & Ayangma, 2000).

Addressing access, benefit sharing and values
Access is fundamental to obtain the benefits that accrue to well-being from the direct use and experience
of nature; benefit sharing too is required for nature’s contributions to people to be distributed among
different stakeholders, particularly those that are not directly connected to an ecosystem and/or have less
power. For example, family farmers account for more than 80% of all farmers in the Americas (excluding
the Caribbean), which is below the global proportion of 98%. Nevertheless, only 18% of agricultural lands
are held by family farmers in South America and 68% in North America and Mesoamerica (Graeub et al.,
2016). Inequity in land access, particularly in South America, conditions the human-nature relationships
that can take place in a given location, which in turn leads to different benefits but also affects the values
that are represented in decision-making regarding how ecosystems are used towards quality of life.
Consequently, specific policies have been developed to promote access and benefit sharing (see examples
in Chapter 6), but while many nations enshrine these as rights, even delineated in their constitutions,
legislation and jurisprudence (e.g. more than half of Mesoamerican and South American countries
recognize a legal right to water (Mora Portuguez & Dubois Cisneros, 2015)), little information exists on the
broad-scale status and trends of the relationship between access and benefit sharing, values and wellbeing, limiting comparisons between subregions or biomes.
Nonetheless, it is possible to find the consequences of a lack of access and benefit sharing when socioenvironmental conflicts arise throughout the region, which are based not only on divergent uses and
interests between social groups, but also on inherent differences in values and knowledge systems that are
at play in these trade-offs (Temper et al., 2015). For example, conflicts over access and benefit sharing can
occur due to discrepancies over resource use (e.g. mining versus water rights) or the distribution of
costs/benefits (e.g. pesticides to increase crop yields versus health impacts to adjacent communities), but
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also broader social constructs based on worldviews regarding property tenure (e.g. indigenous versus
private rights) and management jurisdictions (e.g. traditional or commons management versus state
protected areas). The ecosystem services literature has emphasized payment for ecosystem services
(Wunder, 2005, see Chapter 6), which is one attempt to re-connect human societies and relate diverse
stakeholders to not only receive a benefit, such as food or water (FAO, 2011a), but also contribute to its
continuation or compensate the stakeholders who provide the service. This approach has also been
identified as a way to monetarize the contribution of protected areas to social well-being and better include
them in decision-making, specifically in Latin America (FAO, 2009). For example, to better link the use and
provision of water, in Quito, Ecuador, city dwellers pay small landowners in the headwaters of streams and
rivers to conserve riparian vegetation (Espinosa, 2005). In 2013, Colombia also implemented a payment for
ecosystem services initiative for water resources (Decree 953/13). Similarly, Costa Rica’s national payment
for ecosystem services scheme aims to conserve forests, and their associated ecosystem service, but while
being lauded for its innovation, the program has also been criticized for not actually translating into
economic benefits for participants (Arriagada et al., 2015). Therefore, while payment for ecosystem services
has received significant attention from academics and governmental institutions, other proposals are also
needed, including ecotourism development models, land use zoning and informed consent for
development projects (see Chapter 6 for a full discussion on policy).
Nonetheless, conflicts regarding access and benefit sharing of nature appear to be increasing. Regional
observatories have been established with a particular emphasis on mining (see https://www.ocmal.org/).
Data from the Environmental Justice Atlas indicate that there are important differences in the number of
conflicts per country and subregion (e.g. 137 in North America, 137 in Mesoamerica, 4 in the Caribbean,
490 in South America), which could be due to variation in the issues surrounding the use of nature, but it
can also be the result of social factors, such as leadership, social capital, organization capacity and power
relationships. Chile’s National Human Rights Institute (http://www.indh.cl/mapadeconflictos) has shown
that approximately 30% of socio-environmental conflicts in its jurisdiction occur in indigenous territories,
but only 18% are caused by mining. Agro-industrial expansion has also been identified as an important
driver of socio-environmental conflicts in subtropical and tropical portions of South America, where
concentrated land tenure displaces local users and affects not only livelihoods (section 2.3.5), but also
broader measures of biodiversity and ecosystem services (Cáceres et al., 2015). Some state protected areas
can also have a similar effect to limit access and benefit sharing for local stakeholders who conducted
traditional management of an area for hunting, fishing or swidden agriculture, giving rise to the term
“conservation refugees” that are particularly problematic in areas like the Atlantic forest biome of Brazil
(e.g. Bahia et al. 2014, see Chapter 1, section 1.6.2).
In conclusion, while payment for ecosystem services is one of the principal mechanisms proposed to help
achieve Aichi target 3 and SDG10 and reconcile the distribution of the costs and benefits of providing
nature’s contributions to people, it does not necessarily account for inter-generational equity, nor does it
account for alternative values and value systems. Since the current use of forests, fisheries, freshwater and
other natural resources in most parts of the world is judged to be unsustainable and species loss to
extinction has accelerated (Travis & Hester, 1991; Cohen, 1995; Jackson et al., 2001; Brown et al., 2005;
MA, 2005; IPCC, 2007; Dawson et al., 2011, see also Chapter 3), the options and actions of future
generations and stakeholders with alternative worldviews are compromised unless significant efforts are
made to not only maintain and/or restore the capacity of nature to provide benefits to people, but also
reconcile the access and benefit sharing of nature between social groups and generations (section 2.6 on
Ecological footprint and biocapacity section). Such efforts require institutional change at several levels (see
Box 2.6).
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Box 2.6. Institutions mediating access to nature´s contributions to people.
Institutions link changes in the production of ecosystem services to changes in human well-being. BerbesBlazquez et al. (2016) define institutions as “the arrangements that people design to regulate their
interactions with ecosystems and may include organizations as well as rule systems”. While studies have
assessed the value of nature to people and the effects of nature’s services on quality of life, scholarship
has less frequently focused on the formal and informal institutional systems that determine the type of
access members of a community have to nature’s contributions. Berbes-Blazquez et al. (2016) identify
three specific gaps in knowledge in this area: 1) data concerning the effects of improved ecosystem
service flows on human well-being, when power dynamics impact the distribution of benefits; 2) data
concerning the co-production of ecosystem services, which involves a relationship between social and
ecological systems; and 3) data concerning the historical factors that have shaped power relations
between institutions and social groups that use and distribute ecosystem services.
Power dynamics between institutional and governance systems and various social groups are in large
part responsible for shaping the way nature’s contributions to people are conceived and valued and
subsequently produced and distributed. Understanding and changing such dynamics is particularly
relevant to attain SDG10 (Reduced inqualities). At times, power dynamics leads to unequal access to
nature’s services. For example, Costa Rica’s Limón Province produced $822 million of foreign exchange
in bananas (a provisioning ecosystem service) and yet is ranked among the poorest provinces in the
country (Sánchez Rojas et al., 2013). In this case, nature’s benefits became commodities in a market
economy that contribute to foreign actors within powerful institutions at a cost to the quality of life of
the community that produced and exported the goods (Berbes-Blazquez et al., 2016). This case also
illustrates that local communities, which are most impacted by the degradation of nature and its services,
often are also least able to advocate for themselves because external institutions exert a
disproportionate amount of control over local management decisions.
Institutional relations also impact access to other services. Protected areas were first established in the
USA at the end of the nineteenth century by way of the national park system. As subsequent decades
saw the creation of protected areas across the globe, the social impacts of some became evident (Adams
& Hutton, 2007). For example, the largest protected area in Central America, ‘Bosawas’ National Natural
Resource Reserve in Nicaragua, was created in 1991 without the consultation of the indigenous
communities and mestizo farmers inhabiting the area (Kaimowitz et al., 2003). NCP in this reserve are
numerous: from land for agricultural production of corn, beans and rice, to coveted species of trees such
as mahogany and cedar, to countless animals, all of which constitute the full range of services from
provisioning to cultural. In the interest of conservation, the creation of protected areass has facilitated
institutional actors to make rules about the use of nature’s contributions to people. With the
establishment of protected areass as an institutional way to conserve nature and its benefits, it is also
essential to understand the issues that arise with regards to access and sharing of those benefits.
Institutions regulate the control and access to ecosystem services. Well-functioning institutions may
contribute to making ecosystem services become ecosystem benefits to all members of a community.
However, there is a severe lack of empirical data on the accessibility of nature’s contributions to various
social groups, as regulated by institutions. This means there is a lack of understanding about how power
relations, values and knowledge systems vary between social groups and how these affect the
institutions that shape environmental outcomes and access to benefits.

Nature’s contributions to people valuations
As noted in section 2.1, IPBES understands the multiple values and valuation methods involved in
assessing NCP. This value plurality has been demonstrated throughout Chapter 2 with numerous
quantitative and qualitative data. In Table 2.21, we synthesize examples of valuation from the
perspectives of biophysical, health, socio-cultural and holistic ILK approaches. Then, we highlight the
economic values of nature in the subsequent section and tables (see below). Specifically, the summary
(Table 2.21) illustrates how a specific NCP can support different aspects and dimensions of good quality of
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life for humans. Indeed, it is crucial to understand that while the provision of ecosystem services depends
upon their biophysical elements and dynamics (e.g. biodiversity, ecosystem functions), the translation of
these ecological features into human well-being requires each NCP to be understood in terms of
differential values and value systems.

153

IPBES/6/INF/4/Rev.1

Table 2.21. Nature’s contributions to people support human well-being via multiple values and value systems.
NCP

Biophysical

Health

Valuation approaches
Socio-cultural

Food and feed

Edible plant and animal species
(both domestic and wild) can be
evaluated
regarding
such
attributes as species richness or
the surface area they cover. For
example, section 2.2.1 highlights
the extensive increases in
monocultured commodity and
industrial -scale crop and
livestock species (e.g. corn,
soybean,
cotton,
cattle)
throughout the Americas. Also, in
the Americas, though, we find
traditional management practices
that
promote
agricultural
biodiversity (2.4) and use wildlife
and fisheries for both food and
feed (2.2.1, 2.3.1).

Food and feed clearly constitute a
basic human need for good health,
and significant improvements are
observed
in
the
Americas
regarding overcoming malnutrition
based
on
increased
food
availability
(2.3.1).
However,
efforts are also increasing to
enhance food production without
pesticides (e.g. organic farming,
sustainability certifications) to
reduce health risks associated with
industrial-scale food production
(2.2.1).

Food-related
activities
(e.g.
farming, livestock management,
hunting, fishing) are closely related
to regional cultures and ways of life
(2.3.5). For example, North
American cowboys Mesoamerican
vaqueros and South American
gauchos all work with and produce
livestock, but these terms also
represent
regional
identities
reflected in music, culinary
customs and handicraft (2.2.6).

Materials and
assistance

Biodiversity used for fiber and
other materials include extensive
lands used for forestry and
certain crops, like cotton and flax
(2.2.2).

Materials derived from nature
provide shelter and clothing, which
in turn are fundamental for a
healthy life (2.2.2).

As with food and feed, certain
livelihoods are associated with the
production of this NCP (e.g.
loggers), but materials derived
from nature also constitute
elements used in cultural practices
(2.3.5).

Holistic ILK

In indigenous and local communities,
mixed economies of cash and
subsistence depend not only on the
availability of local resources, but also
on cultural knowledge regarding the
ways of preparing, storing and
distributing food (2.2.1, 2.2.6). For
example,
within
the
Inuit
knowledge/value
system,
hunted
animals (e.g. seals, polar bears) and
humans are linked together in a spiritual
relationship that both depend upon.
Among the Quileute, this physicalspiritual connection with food is
acknowledged by throwing the bones
and head of the first salmon caught back
into the river to ensure the salmon
spirits’ good will. Plus, ILK values
systems often incorporate limits (e.g.
taboos about when food items are
temporally or spatially restricted) that
promote conservation and protection of
some species. Similarly, in the Bolivian
Andes, ancestral agriculture and llama
herding emphasizes respectful use of
the environment linked to Mother Earth
(Pachamama) (2.2.6, 2.4).
Many of the health and socio-cultural
benefits related to materials and
assistance provided by nature is derived
via the knowledge systems that allow
their use and incorporation (e.g.
methods of construction or tools and
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Energy

Medical,
biochemical and
genetic resources

Learning and
inspiration

Supporting
identities

Biodiversity-derived
energy
includes the species and biomass
produced specifically for this
purpose (e.g. biofuels) and also
secondary products of other
activities (e.g. left over forestry
biomass). Also,
hydropower
depends on biophysical dynamics
of the watersheds related to
hydrological regime (2.2.3).
Plant and animals species found
in both domestic and wild settings
are the source of numerous
medical biochemical and genetic
resources (2.2.4). For example, in
the Brazilian state of Minas
Gerais, 264 different plants are
known to have medicinal
properties, and 40% of them wild
(Box 2.3).

Energy is a crucial element for
human health (e.g. in colder
climates that require heating), but
pollution derived from energy use
and production (e.g. air pollution,
water contamination, ecosystem
conversion
for
monoculture
biofuels) is also an important driver
of human health problems (2.2.3,
2.3.3).
Throughout
the
Americas,
medicinal plants and animals can
be meaningful contributions to
human health (2.2.4, 2.3.4). For
example, in the Brazilian Cerrado
savanna, a diversity of medicinal
plants is a significant component of
the treatment that rural peoples
can access for their own medical
care (Box 2.3).
Benefits of the learning and
inspiration derived nature are well
established regarding their effects
on mental and physical health
(2.2.5).

The same elements of nature that
are part of one’s identity also
directly affect health. For example,
in Canada, loss of cultural identity

elements produced
elements) (2.4).

from

natural

From this same example in Brazil,
local healers –mainly women – are
known as raizeiras, specializing in
the use of these contributions from
nature as part of their local identity
and culture (Box 2.3).

Use of medical plants is intrinsically
linked to indigenous and local
knowledge and people who use and
integrate them into their lives (2.2.4).

Many social, cultural and economic
practices, (e.g. outdoor recreation)
provide spiritual regeneration and
leisure possibilities (2.2.5, 2.3.5).

Nature’s relevance for spiritual
practices is clear for many indigenous
and local peoples. For example, hunting
and wildlife are integral to indigenous
cultures and their continuity, and the
antiquity of this relationship is
demonstrated from the depiction of
wildlife and hunting in artwork from
pre-Colombian
ceramics
and
petroglyphs. Plus, nature-based rituals
and dances still accompany indigenous
persons from birth to death (2.2.6).
Some indigenous peoples use clan
names, construct totems or have
relatives from other species, and
therefore a species’ extinction means

Nature-based elements of cultural
identity can be found throughout
the Americas. For example, in
Brazil, over 400 sacred natural sites
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Physical and
psychological
experiences

Maintenance of
options

Climate regulation

Regulation of
freshwater
quantity, flow and
timing

Protected
areas
are
one
biophysical measurement of
maintaining the options of
nature. These, in turn, can be
evaluated in terms of terms of
their extent or connectivity
(2.2.8).
Species distributions -and the use
species in agriculture- is linked to
climatic factors that are a
principal component of the
ecological niche of all species.
Plus, changes in climate affect
such biophysical measures as sea
level, weather patterns and
freshwater
distribution
and
dynamics (2.2.9).
Aquatic (rivers, streams, lakes)
and
terrestrial/aquatic
(watersheds,
wetlands)
ecosystems, as well as their
biodiversity, are crucial for

is associated with negative mental
health consequences for First
Nations peoples, leading to high
rates of depression, alcoholism,
suicide, and violence with the
greatest impact on youth (2.2.6).
A systematic literature review
showed that conclusive evidence
supports that knowing and
experiencing nature makes us
generally happier, healthier people
(see Russell et al. 2013) (2.1.1,
2.2.7, 2.3.4)

are found in a variety of natural
environments (e.g. streams, forest,
coastal habitats) and are associated
with a diversity of cultures and
religions (2.2.6).

the loss of cultural identity, as well,
based on a familiar understanding of the
relationship between humans and other
elements of biodiversity (2.2.1, 2.2.6).

Experiences in nature are the basis
for nature tourism in many regions
of the Americas (expand, give
examples), including visits to
protected areas and coral reefs,
snow skiing and birdwatching
(2.2.7).

Preserving natural areas also
allows experiences in nature that
provide physical and mental health
and happiness (see above).

The maintenance of options for
nature permits specific cultural and
social activities that allow relational
values, which are important for
both individuals and also social
groups (2.2.8).

Physical and psychological experiences
with nature form an important part of
ILK systems. In some indigenous
communities, for example, hunting
prowess is a sign of leadership potential,
and sharing hunting gains with family
and others gives a good measure of
community standing and self-esteem
(2.2.6).
Preserving natural areas and the species
they contain often means preserving
the cultural context of indigenous
people (2.4).

A change in climate has led to
range shifts of disease carrying
organisms, potentially introducing
vector-borne diseases to new
regions, with increased incidence
of, for example, malaria and zika
virus (2.2.9). Climate change also
poses a threat to food and water
security that ultimately affect
health (2.3.1, 2.3.2).
Access to freshwater in sufficient
quantity is essential for human
health, and currently in the
Americas there is not only water
scarcity in arid zones, but per

Extreme events can cause not only
death and incur large economic
costs, but also drive human
migration (‘climate refugees’) that
affect
regional
and
global
demography and culture. In cities,
improvements in design and
planning can create microclimates
can mitigate heat waves or heat
islands (2.2.9).
Lakes and rivers allow for many
cultural and recreational activities
and are the location for significant
relational values inherent in the
places where humans interact
(2.2.10).

Damming of rivers in the Pacific
Northwest of North America affected
salmon harvests, which are important to
First Nations peoples. Accordingly, their
cultural knowledge includes bio-specific
and local bio indicators which are
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controlling the dynamics of water
cycles and regimes (2.2.10).

capita availability is also decreasing
(2.3.2).

Regulation of
freshwater and
coastal water
quality

Water quality depends heavily on
maintaining intact biodiversity
and ecosystems (2.2.11).

Regulation of
hazards and
extreme events

Hazards and extreme events can
be studied from a biophysical
perspective, such as effects to
biodiversity or changes in
geomorphology as a result of
erosion or landslides (2.2.12).
Habitat
creation
and
maintenance can produce higher
connectivity, and enhance other
NCP, such as pollination, pest
control, water provision, and
erosion prevention. In cities,
improvement of microclimatic
and hydrological conditions by
presence of more and highquality green infrastructure
(2.2.12, 2.2.13).
The constituents and dynamics of
air quality can be studied
regarding their chemical and
physical properties (2.2.14).

Contaminated water is associated
with vector-borne diseases (2.3.4).
For example, diahera cuased poor
water sanitation is the cause of 1%
(North
America)
5%
(Mesoamerica) 2% (Caribbean) and
3% (South America) of childhood
deaths (<5 years) (2.2.11).
In its worst form, natural hazards
(e.g. earthquakes) and extreme
events (e.g. hurricanes) can cause
human death (2.2.12).

Habitat creation
and maintenance

Regulation of air
quality

Regulation of
organisms
detrimental to
humans

Harmful
species,
including
viruses, plants and animals (both
native and exotic) constitute an
element of biodiversity in

The high importance of green
spaces for improvement of living
conditions and quality of live in city
is especially important (2.2.12,
2.2.13).

Air quality is a key factor that
determines healthy environments.
In 2012, there were more than 5
million deaths and disabilityadjusted life years in the Americas
(2.3.4).
The reduction of organisms that
are detrimental to human health,
especially tropical diseases (e.g.
malaria, dengue, zika) has

interpreted in specific management
rituals and other activities regarding
water regulation (2.4).

Ultimately, natural disasters affect
human livelihoods via impacts to
economies and entire societies
(2.2.12).

Traditional practices of subsistence
harvesting of mangrove ecosystems
have maintained vegetation cover and
protected islands and mainland from
storm surge and erosion (2.2.12).

Urban green spaces also constitute
places that affect not just the
health of inhabitants, but also
provide the location of important
cultural activities that constitute
the relational values of nature
(2.2.5).

Some traditional agriculture practiced
by indigenous people is based on a
rotation system of multi-aged and
multi-species farm plots, which can
increase diversity and create productive
successional stage (2.4).

Indigenous and local knowledge
includes organic compounds that were
used as poisons by some indigenous
peoples, especially on arrows and
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Pollination and
dispersal of seeds
and other
propagules

Regulation of
ocean acidification

Formation,
protection &
decontamination
of soils &
sediments

themselves that can be studied as
such (2.2.15).

immediate benefits for human
health (2.2.15, 2.3.4).

Pollination and seed dispersal are
important ecosystem functions
and the species that conduct
these processes are part of the
region’s
biodiversity.
For
example, there may be upwards
of 500 species of native bees in
Bolivia (2.2.16).
Ocean acidification has been
shown to have severe negative
effects on ecosystem processes
and on a large number of marine
organisms (2.2.17).
Protection of soils from erosion
and pollution is essential to
prevent ecosystem degradation
(2.2.18).

Pollination and seed dispersal are
crucial for food production, which
directly affect health and nutrition
(see above Food and feed NCP).

Beekeeping not only provides
pollination and food, but also
constitutes an economic activity
and
livelihood
for
people
throughout the Americas (2.2.16).

Due to ocean acidification, marine
fisheries can be negatively
impacted, which could ultimately
affect food that sustains healthy
human populations (2.2.17).
Good soil and sediment conditions
clearly underpin other NCP, like
Food and feed, that affect human
health (see above).

Furthermore, the loss of fisheries
also constitutes the loss of the
fishing way of living (2.2.17).
Likewise,
this
NCP
affects
livelihoods based on nature, such
as farming, forestry, livestock and
also affects access to nature for
cultural practices.

spears, and in food. Some of these
compounds are used today in
insecticides (2.2.15).
Indigenous local knowledge is rich in
detail about local native bee species
(Box 2.5).

Indigenous management practices have
shaped landscapes and contributed to
highly productive soil formation, such as
the dark soils in Amazonia (2.4).
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At the same time, the monetary economic values of nature are especially important and can be directly
incorporated into national budgeting and accounting procedures to rationalize cost-benefit analyses and
planning. The ecosystem services monetary value in millions of USA dollars per year for the 33 countries of
Latin America and the Caribbean is presented in Table 2.22. These estimates were based on data from
Costanza et al. (2014), which updated the seminal Costanza et al. (1997) study. Furthermore, for Table 2.22,
we incorporated data on Canada and the USA from Kubiszewski et al. (2017). Based on these studies, the
total terrestrial ecosystem services monetary value for the Americas region was $24.3 trillion per year in
2011, which is equivalent to the region’s 2011 GDP ($25.3 trillion per year, The World Bank Database,
2017a, accessed November 15, 2017).
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Table 2.22. Monetary valuation of ecosystem services in the Americas.
Country
Ecosystem Service Monetary Value
Subregion

total US $ (x 1 million) / yr

US $ / ha / yr

US $ per capita / yr

Canada
USA
North America
Belize
Costa Rica
El Salvador
Guatemala
Honduras
Mexico
Nicaragua
Panama
Mesoamerica
Antigua and Barbuda
The Bahamas
Barbados
Cuba
Dominica
Dominican Republic
Grenada
Haiti
Jamaica
St. Kitts and Nevis
St. Lucia
St. Vincent & the Grenadines
Trinidad & Tobago
Caribbean
Argentina
Bolivia
Brazil
Chile
Colombia
Ecuador
Guyana
Paraguay
Peru
Surinam
Uruguay
Venezuela
South America
Americas Total

$3,584,661
$5,331,051
$8,915,712
$11,647
$42,444
$14,953
$58,364
$66,954
$848,935
$87,309
$51,622
$1,182,228
$985
$28,623
$322
$68,757
$586
$26,451
$289
$15,837
$6,156
$201
$537
$692
$6,016
$155,453
$2,212,877
$1,294,751
$6,768,369
$298,938
$717,015
$160,915
$182,562
$496,869
$922,717
$141,562
$125,929
$691,372
$14,013,877
$24,267,270

$3,590
$5,422
$4,056
$5,070
$8,306
$7,107
$5,355
$5,952
$4,322
$6,697
$6,845
$4,754
$22,378
$20,622
$7,495
$6,257
$7,815
$5,435
$8,252
$5,707
$5,601
$7,734
$8,667
$17,755
$11,728
$7,081
$7,926
$11,786
$7,948
$3,954
$6,280
$6,277
$8,492
$12,216
$7,179
$8,641
$7,146
$7,580
$7,872
$5,711

$99,985
$16,586
$24,951
$32,442
$8,828
$2,441
$3,571
$8,292
$6,684
$14,355
$13,139
$6,844
$10,703
$73,771
$1,135
$6,037
$8,029
$2,512
$2,699
$1,479
$2,258
$3,591
$2,905
$6,353
$4,424
$4,090
$50,969
$120,723
$32,564
$16,656
$14,867
$9,967
$238,021
$74,841
$29,407
$260,703
$36,693
$22,225
$33,492
$24,599

Source: Total country-level values prepared by M. Hernández-Blanco from data in Costanza et al. (2014) and
Kubiszewski et al. (2017). Greenland and French Guyana are not included.
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Economic valuation of natural capital in this case was made using the benefit transfer methodology, which
represents a first approach in estimating the monetary value of ecosystem services, especially when the
area of scope is as large as an entire region. Further work must be developed to refine these findings. In
addition, it is worth noting that the monetary value of each biome assessed here depends on the availability
of research, and some are much more studied than others. Likewise, some ecosystem services have been
more investigated than others, and therefore sometimes these can represent a significant portion of the
ecosystem service monetary valuation in such summary exercises.
Nonetheless, from these data, we see that Brazil has the largest monetary value for its ecosystem services
at $6.8 trillion per year, due to its size and the vast cover of its rainforest biome. The USA and Canada
followed with $5.3 and $3.6 trillion per year, respectively (Table 2.22). Yet, when the monetary value of
ecosystem services was assessed on a per unit basis, a different vision emerges. For example, per hectare,
the highest values are found in the Caribbean, where countries like The Bahamas and Antigua & Barbuda
have > $20,000 per hectare per year. In South America, both Bolivia and Paraguay also have very high
values, at > $10,000 per hectare per year. Meanwhile, when expressed on a per person basis, Guyana
($238,021 per capita per year) and Suriname ($260,703 per capita per year) are about 10-fold greater than
the average regional value of $24,599 per capita per year. Other countries that are at least 2-fold greater
than the regional value include Argentina ($50,969 per capita per year), Paraguay ($74,941 per capita per
year), Canada ($99,985 per capita per year) and Bolivia ($120,723 per capita per year). Furthermore, the
economic contribution of nature varies by biome. Using the Ecosystem Services Partnership’s database (Van
der Ploeg & de Groot, 2010), we see that in particular coral reefs and wetlands are highly valuable in
economic terms (Table 2.23). Kubiszewski et al. (2017) have shown globally that coral reefs and wetlands
(coastal and inland) have extremely high economic value per hectare ($352,249 / ha, $140,174 / ha,
respectively), while among terrestrial biomes, tropical forests are highest ($5,382.00 / ha) for natural
environments and urban areas ($6,661.00 / ha) for anthropogenic habitats.
Table 2.23. Literature review of the habitat-specific monetary value of ecosystem services calculated for
biomes in the Americas.
Range
Median
Biome
Number of studies
(US $ / ha / yr)
(US $ / ha / yr)
Boreal/Temperate Forests
Coastal/Coastal Wetlands
Coral Reefs

7
14
48

0.01 – 4,400.00
25.00 – 2,243.47
2.13 – 955,419.00

82.72
423.95
1,789.89

Grasslands
Inland Wetlands

8
2

83.22 – 8,483.59
83.22 – 8,483.59

157.00
--

Tropical Forests

25

0.60 – 1,627.50

24.27

Source: Data from Van der Ploeg & de Groot (2010,) and selected based on studies since 1997 that expressed their
results in US $ / ha / yr. The range in monetary values is wide due to the diversity of ecosystem services evaluated
in these studies, which also heavily affects the median of some biomes, especially tropical forests.

Ecological footprint and biocapacity
Ecological footprint accounting assesses how much humans are demanding from the planet (i.e. ecological
footprint), compared to what the planet’s ecosystems are capable of renewing (i.e. biocapacity). Many
human activities place demands on the planet’s biodiversity and ecosystems (e.g. food production, housing
and infrastructure, transportation). All of these demands compete for biologically productive space.
Therefore, both demand on and availability of regenerative capacity can be approximated by adding up the
mutually exclusive biologically-productive areas for providing these benefits of nature. By comparing the
amount of capacity demanded for human uses with the amount of total biocapacity available, ecological
footprint accounting measures the extent to which human demands on nature exceed the biosphere’s
capacity to meet those demands. If human societies take more than what nature can renew, then
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biodiversity and ecosystems services inherently will be put under stresses that threaten their continuity
and ability to contribute to human quality of life in the future.
By 2003, the global ecological footprint exceeded the Earth’s biocapacity by over 25% (Loh & Goldfinger,
2006). In 2012, demand exceeded capacity by 60%, and projections are that by 2020 it will be 75% greater
than the planet’s ability to sustain these uses (WWF, 2016). The status and trends of the Americas’
ecological footprint coincide with this overall global increase (Table 2.24), which is occurring at the same
time as observed declines in biodiversity (Wilson, 1988; Botkin et al., 2007) and decreases in the provision
of many ecosystem services (MA, 2005, sections 2.2.1 to 2.2.18). Based on Global Footprint Network data,
the Americas represent 22.8% of the total global ecological footprint, but only have about 13% of its human
population. This higher than average resource use also is reflected in the Americas’ per capita ecological
footprint, which is 169% higher than the global average. Since 1960, all subregions in the Americas have
experienced increases in their ecological footprint, with declines in the per capita biocapacity during this
same time period. Nonetheless, the Americas hosts a great wealth of natural resources compared to the
rest of the planet, as evidenced by the fact that the region contributes 40.5% of the world’s biocapacity,
and has 299% more resources available from nature per capita than an average global citizen (Table 2.24).
Intra-regionally, though, there are large variations in both ecological footprint and biocapacity. For
example, North America has a 2.7, 4.1 and 4.6 times greater per capita ecological footprint than South
America, Mesoamerica and the Caribbean, respectively (Table 2.24). At the subregional level, only South
America retains a “reserve” of biocapacity for future use, due to its relative low ecological footprint and
extremely high biocapacity; the other three subregions currently are exceeding nature’s ability to renew
the resources and services that contribute to human well-being.
Table 2.24. Overall, the Americas region has a high ecological footprint and biocapacity with large
variation between subregions. Ecological Footprint Network data from 2012 are shown as global hectares
per capita and the total number of global hectares. Negative values are presented in (red).
Ecological
Reserve
Ecological
footprint
Biocapacity
Biocapacity Reserve
(gl ha per
footprint
(gl ha per (gl ha per capita)
(gl ha)
(gl ha)
capita)
(gl ha)
capita)
North
America
8.2
5.0
(3.2)
2894.5
1751.6
(1,142.9)
Mesoamerica
2.7
1.3
(1.3)
436.7
218.3
(218.4)
Caribbean
1.8
0.7
(1.2)
69.5
25.0
(44.5)
South
America
3.0
7.4
4.4
1195.2
2969.1
1,773.8
Americas
Region
4.8
5.2
0.4
4595.9
4964.0
368.0
Global
2.8
1.7
(1.1)
20114.4
12243.5
(7,870.9)
Americas as
% of Global
169.0
299.4
22.8
40.5
Source: Global Footprint Network (2016) and see also WWF (2016).

Based on the world’s overall biocapacity to produce 1.7 global hectares per person in 2012, only four
countries in the Americas are consuming (i.e. their ecological footprint) within these sustainability limits:
Haiti, Dominican Republic, Honduras and Nicaragua. However, only the Dominican Republic is considered
to have both a sustainable ecological footprint and a high HDI (Human Development Index). Indeed, the
relationship between the consumption of natural resources and HDI is not uniform. For example, in the
Caribbean, countries attain similar development outcomes (i.e. low variation in the x-axis for HDI), but have
extremely different ecological footprints (i.e. high variation along the y-axis for global hectares consumed
per capita). In contrast, in South America, countries attained very different development outcomes (i.e.
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high variation in the x-axis for HDI) with similar ecological footprints (i.e. low variation along the y-axis for
global hectares consumed per capita) (Figure 2.36).
In conclusion, most countries in the Americas are exceeding their biocapacity, and the fact that local
environments are increasingly teleconnected to other parts of the planet means that biocapacity in one
region or subregion may be used by beneficiaries in another. However, these findings also indicate that the
relationship between consumptive uses of nature and development is not linear (i.e. high ecological
footprints within a subregion do not always lead to increases in HDI). Consequently, policy-makers have an
opportunity to implement strategies that reconcile sustainable use and human development (see Chapter
6).

Prioritizations and Trade-offs of Nature’s Contributions to People
Policy-making regarding nature and its contributions to people requires approaches that allow decisionmakers to maximize their time, resources and effectiveness. Two such tools are prioritization and trade-off
analyses. We lay out two specific aspects to consider: i) prioritization by experts regarding specific NCP
required to meet development targets and ii) trade-offs that take into account value and stakeholder
plurality.
To determine the relative importance of specific NCP for attaining the SDG, the Americas Regional
Assessment conducted a Delphi evaluation-consensus process among its network of experts. The purpose
of this exercise was to provide guidance regarding the most important NCP that a decision-maker would
need to incorporate into policies to attain these SDGs. All experts involved in the Assessment (Chairs,
Coordinating Lead Authors, Lead Authors and Fellows) were invited to participate in this evaluation, which
consisted of an expert assessment of the “top three” NCP for each SDG. As per the Delphi methodology
(see Landeta, 2006), this process consisted of four steps: 1) An initial survey was conducted based on each
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individual’s determination between 0 and 3 NCP a policy-maker would need to prioritize most to achieve
each SDG; 2) Survey coordinators then synthesized the results into summary tables and figures; 3) This
synthesis information then was provided only to those experts who responded to the survey in step 1, and
they were asked to compare the group’s collective knowledge to their individual responses. Upon
reflection, each respondent was offered the opportunity to a) modify their NCP/SDG evaluation in a second
survey or b) keep their responses as originally submitted; 4) Finally, the product of the entire process was
developed from the final answers based on step 3 responses. This iterative process, inherent to the Delphi
methodology, is meant to facilitate group learning and to achieve a greater level of consensus and
precision in the establishment of this prioritization.
Results are presented as the percentage of respondents who identified each NCP as a “top 3” for a given
SDG. These values were color-coded to indicate the level of consensus among respondents, with darker red
indicating a greater level of agreement between experts (Figure 2.37, see also Figure 10 of the Summary
for Policy Makers (SPM)). In addition, we calculated the importance value (IV, maximum = 2) of each NCP,
considering its “relative abundance” among all responses identified as a priority for any of the SDGs (ni /
ntotal, where ni is the number of times a specific NCP was identified as priority across all 17 SDGs and ntotal =
31 responses x 17 SDGs = 547) and “relative frequency” (fi / ftotal, where fi is the number of SDGs that
included a specific NCP as priority, and ftotal is all 17 SDGs).
We found that some NCP/SDG relationships are intuitive and have a clear consensus among respondents.
For example, Food and Feed is essential to overcoming SDG1 (End poverty) and SDG2 (Zero hunger). The
two NCP related to water regulation also are clearly necessary for SDG6 (Clean water and santiation). Other
SDGs, though, lack a clear relationship with priority NCP. For example, SDGs 8, 9, 10 and 11 fall into this
category, and overall we can say that their relationship with nature is either less direct or more multifaceted, given their focus on such aspects of development as promoting sustained and inclusive
development based on resilient infrastructure.
If we consider the categories of material, non-material and regulating NCP, material NCP are related to
SDGs 1, 2, 3, 7 and 12, which can be explained by their importance to food security, energy security and
health, as well as reducing the ecological footprint by changing patterns of production and consumption.
Non-material NCP were related to SDGs 4, 5, 16 and 17, given their importance for subjective aspects of
development, including education and gender equity, but also because they take into account intangible
values related to global policies and cooperation to achieve sustainability. Finally, the regulating NCP are
specific to climate, water and soil and are related to SDGs 6, 13, 14 and 15; these show some most
consistent declines across the units of analysis (Figure SPM 10).
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The importance value, which integrates both the number of times a NCP was prioritized by experts and the
frequency of SDGs for which it was prioritized, demonstrates that material, non-material and regulating
NCP must be considered to achieve the SDGs. In the case of Maintenance of Options, which obtained the
greatest importance value (Table 2.25), it is transversal to SDGs and is also a transversal to all three NCP
categories. These IV scores do not, however, suggest the importance of a specific NCP to a given SDG. Rather
they demonstrate the overall importance to the suite of SDGs. For example, Pollination and Seed Dispersal
is ranked low overall, but are crucial to SDG2 (Zero hunger) (see Table 2.25).
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Table 2.25. Importance values (IV) were calculated for each of nature’s contributions to people regarding
its role in the achievement of all Sustainable Development Goals. Maximum IV = 2.
NCP
Maintenance of options
Energy
Learning and inspiration
Food and feed
Materials and assistance
Climate regulation
Regulation of freshwater quantity, flow and timing
Supporting identities
Regulation of hazards and extreme events
Habitat creation and maintenance
Regulation of freshwater and coastal water quality
Formation, protection, decontamination of soils & sediments
Medicinal, biochemical and genetic resources
Regulation of ocean acidification
Physical and psychological experiences
Regulation of organisms detrimental to humans
Regulation of air quality
Pollination and dispersal of seeds and other propagules

Category
--M
N
M
M
R
R
N
R
R
R
R
M
R
N
R
R
R

IV
1.24
1.18
1.16
1.13
1.06
1.00
0.98
0.96
0.90
0.89
0.78
0.69
0.67
0.60
0.57
0.45
0.32
0.30

Such trade-offs between NCP are inherent in decision-making. Indeed, trade-offs occur when an ecosystem
loses or has reduced one or more NCP to increase or gain another NCP, for instance, through economic
development or restoration of some previous more natural state (e.g. Elmqvist et al., 2010). The analysis of
these trade-offs examines not only the overall gain in human quality of life, but how those benefits are
distributed; that is, who loses and who wins. A frequent objective of government trade-off analysis is to
seek the mix of “co-benefits” that maximizes human well-being over both present and future generations
(see example in Box 2.6).
Trade-off analysis is an essential aspect of any decision to invest in the protection or restoration of NCP
(Leader-Williams et al., 2010). Figure 2.38 (Foley et al., 2005) illustrates the types of trade-offs that may
occur when natural landscapes are protected or converted to agricultural use, or when some of the
ecosystem services of agricultural landscapes are restored. This agricultural example applies generally to
any land or water development. For example, electing to maintain and protect natural landscapes foregoes
the benefits of agricultural development but maintains a potentially wide variety of benefits from natural
services (see Figure 2.38 left). On the other hand, electing to farm comes at the cost of these other NCP to
obtain the benefits provided by intensive agriculture. However, the maximum human benefit may be
produced when natural services are partially restored in farmed landscapes, while retaining sustainable
crop production. Nonetheless, an adequate cost-benefit analysis of these trade-offs must take into account
the fact that some benefits are valued in monetary units (e.g. agricultural commodities) while other are
often not acceptably measured in economic terms (e.g. sustainable livelihoods, sense of place) (Fig. 2.37
right). Preserving biodiversity, also identified in Figure 2.38, denies destructive use and the monetary
measurement of the non-use value that justifies the preservation is controversial and not accepted all
stakeholders (NRC, 2005). Therefore, government agencies concerned with development policies that
reconcile environmental and social outcomes are required to recognize the different units of measure for
use and nonuse values and integrate this subjectivity into the benefits that are being traded off and
analyzed. It has been clearly shown that in governance and decision making, inequities in the distribution
of benefits among stakeholders must be considered in addition to the risks that management plans may
fail (Hanley & Spash, 1993; Boardman et al., 2011), which requires taking into account this value plurality
in the trade-off assessment.
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Trade-off analysis may be relatively simple when the benefits from different services and the costs of
protecting, developing, or restoring them can be measured in the same units of value, such as monetary
currency (Boardman et al., 2011). For instance, tourism is a major resource for such mountain economies,
and studies in many regions have shown that protection of watersheds provides greater economic value
than resource extraction (The Mountain Institute, 1998; UNEP, 2008). In Figure 2.38, most ecosystem
services are material or regulating NCP and have use value, which can, in general, be measured monetarily
(NRC, 2005; Tietenberg & Lewis, 2014; Harris & Roach, 2014). Nevertheless, we may also need to address
non-use values, such as trade-offs between use and protection to preserve options for future generations,
between material and non-material NCP, or when the same NCP are valued through different values
systems, or even when they are provided at different scales. An example of the latter is given by RaudseppHearne et al. (2010), who observed in Quebec, Canada, that landscape-scale trade-offs between
provisioning (material NCP) and almost all regulating and cultural (regulating and non-material NCP)
ecosystem services, and they show that a greater diversity of ecosystem services is positively correlated
with the provision of regulating ecosystem services. Trade-off analysis is also complicated by consideration
of who benefits and who bears the costs, and by inexperience in communicating across different value
systems and worldviews.
Below, we pose some of the questions that we tried to address in the prior sections (with different levels
of success, in part due to knowledge gaps).
•
•
•
•
•

•
•
•
•
•
•
•
•
•

What are the trade-offs of expanding cropland and rangeland over natural ecosystems to feed
animals or other nations?
What are the trade-off between food security and energy security regarding biomass production?
What are the trade-offs of building hydropower plants and dams (such as Belo Monte in Brazilian
Amazon) over the land of indigenous groups with high risk of culture and language extinction, and
the loss of aquatic and terrestrial biodiversity?
What are the trade-offs of mining over indigenous land or protected areas (e.g. the development
of oil sands extraction and pipelines built over First Nations and Métis settlements living in northern
Alberta, Canada)?
What are the trade-offs of implementing no-take protected areas for conserving future options
while creating “conservation refugees” and decimating cultures? No-take protected areas
(International Union for Conservation of Nature, category I and II) are an important strategy to
maintain options for the future, but may affect cultural continuity and livelihoods of displaced
indigenous groups and local communities?
What are the trade-off of GMO production, conventional agriculture and organic production?
What are the trade-offs of fisheries closures for conservation purpose and increased aquaculture
production (including all its environmental impacts) versus the devastation of thousands of local
fisher livelihoods?
What are the trade-offs of increased urbanization and economic growth versus health and
livelihood security?
What are the trade-offs of water usage for agriculture production versus human needs, and the
needs of resident species?
What are the trade-offs of conserving watersheds versus extracting its resources?
What are the consequences of protecting or restoring landscapes for food, water, raw materials,
energy, and cultural security?
How much could the health, pleasure, and other aspects of well-being for future generations be
compromised by a massive loss to extinction of options maintained by species?
Is service restoration always an option, or are the risks and uncertainties often too great to rely on
as a correction for what turns out to be a bad development decision?
How can the uncertainty associated with subjective comparisons of relative service value, as
expressed in different units of measure, be improved?
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These and many others are questions that decision–makers face when planning policies, strategies, actions.
The consequences of trade-offs made during decision making may extend well into the future and require
complex trend analysis for forecasting future needs across the full spectrum of benefits and costs. This
chapter is intended to shed some light on these questions by showing how NCP affect quality of life in
different biomes and subregions of the Americas.
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Knowledge gaps
Despite many advances in ecosystem service science and the connection of ecosystems to human wellbeing, more comprehensive assessments of costs, benefits and values are necessary to more fully
understand the relationship of nature and quality of life at the regional and subregional scales. There is still
a narrow focus on one or few services (NCP), and without a proper understanding of their relationships and
interactions (Bennett et al., 2009). More holistic evaluations should put greater attention on the role of
regulating and non-material (cultural) NCP when assessing land change processes and well change in the
ocean. Admittedly, there are more difficulties in quantifying and valuing these less tangible NCP, which are
more amenable to the standardization of monetary values via market mechanisms (sections 2.2.5, 2.2.6,
2.2.7). At the same time, we should point out that non-material NCP, like identities, are closely linked to
human rights considerations, which in fact makes economic, cost-benefit type analyses inappropriate, and
in violation of international agreements. Plus, we observed frequent gaps in databases, due to the fact that
most social data is collected at the political scale, while ecological information is often specific to an
ecosystem or biome. Even so, some political entities (e.g. Greenland) are almost entirely absent from global
databases managed by the UN, World Bank and others, thus limiting country-level comparisons on all
aspects of both social and ecological data.
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3 Executive Summary
1. The Americas house a large fraction of the Earth’s terrestrial and freshwater biodiversity
distributed across 140 degrees of latitude (well established). Around 29 per cent of the
world´s seed plants, 35 per cent of mammals, 35 per cent of reptiles, 41 per cent of birds and
51 per cent of amphibians are found in the Americas (established but incomplete) {3.2.2.2}, as
well as the world´s most diversified freshwater fish fauna of over 5,000 species (well
established) {3.2.3.1}. The South American subregion is by far the richest subregion for plants
and vertebrates (well established) {3.2.2.2}. However, the smaller Caribbean and
Mesoamerican subregions are very rich for their areas, and North America contains both
biodiversity hotspots and unique lineages {3.2.2.2}. The moist tropical lowland forests and
tropical high Andean ecosystems contain high biodiversity on a global scale (well established)
{3.4.1.1, 3.4.1.5}. Numbers of species and total evolutionary distance are generally higher in
the tropics, while evolutionary distinctiveness tends to be higher in temperate latitudes
{3.2.2.2}. Phylogenetic endemism is important for different taxa in different regions, and
geographic patterns of plant functional diversity depend on the trait considered {3.2.2.2}.
Biodiversity in all subregions has conservation significance {3.2.2.2} and all biomes provide
nature´s contributions to people; the five most important terrestrial biome contributors are:
Tropical and subtropical moist forests; Temperate and boreal forests and woodlands; Tropical
and subtropical dry forests; Mediterranean forests, woodlands and scrub; Tundra and high
elevation habitats (established but incomplete) {3.4.1.10}. For aquatic systems, freshwater
habitats stand out (established but incomplete) {3.4.1.10}.
2. The biodiverse American tropics became a major center of origin for domesticated plants
(well established) and of traditional agriculture. Many plants domesticated in Mesoamerica,
the Andean region, and the Amazon Basin have become important crops globally (well
established) {3.3.3, 3.4.1.1, 3.4.1.5}. Traditional agricultural systems harbor high levels of
biodiversity and represent a high-quality matrix that allows forest species movements among
patches (established but incomplete) {3.3.3}. Traditional farming systems have a structural
complexity and multifunctionality that benefit people and ecosystems; they allow farmers to
maximize harvest security and reap the benefits of multiple use of landscapes with lower
environmental and biodiversity impacts (established but incomplete) {3.3.3}.
3. Many terrestrial biomes, or large parts thereof, in the Americas have lost around 50 per cent
or more of habitat, leading to losses in biodiversity and ecosystem functions (well
established). A few biomes, however, are now showing recuperation or are fairly stable
(established but incomplete). Close to 50 per cent of the Great Plains grasslands, including
over 95 per cent of tallgrass prairie; some 88 per cent of the south atlantic forest; nearly 70
per cent of the South American Río de la Plata grasslands; 82 per cent of mesic broadleaf forest
in Mexico; 72 per cent of tropical and dry forest in Mesoamerica; 66 per cent of tropical dry
forest in the Caribbean; 50 per cent of the broader South American Mediterranean-climate
biome; and 50 per cent of Cerrado has been transformed, mostly ongoing, leading to declines
in native species richness and population sizes and nature’s contributions to people (well
established) {3.4.1.1, 3.4.1.2, 3.4.1.4, 3.4.1.6, 3.4.1.7, 3.4.1.10}. Notwithstanding a perceptible
trend for conversion of páramo and puna in some parts of the northern Andes, the tundra and
high elevation habitat biome is the least transformed {3.4.1.10}. Agriculture and deforestation
have led to depletion of soil organic carbon, lowering of carbon stocks and affected the water
cycle (established but incomplete) {3.2.1.1, 3.2.1.2}. Presently Caribbean forests are expanding
(well established) {3.2.2.1, 3.4.1.1} and North American forests are stable to slightly increasing
(established but incomplete) {3.2.2.1}.
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4. Experimental evidence and empirical observations support linkages between biodiversity
and ecosystem productivity, stability and resistance to stress (well established). A large
number of studies across taxonomic groups and biomes (temperate and tropical forests,
grasslands and marine systems) show greater productivity, stability, and stress resistance of
ecosystems with higher biodiversity {3.1.2, 3.1.3}, indicating that biodiversity is relevant to
sustainability. The majority of studies within the Americas were conducted in North America,
but studies in Mesoamerica and South America are consistent with results for North America
and global findings.
5. The transformation of wetlands in the Americas has led to loss of biodiversity (established
but incomplete) and ecosystem functions (well established). From 1976 to 2008, the Brazilian
pantanal experienced a huge loss of floodplains (well established) affecting biodiversity
(established but incomplete) {3.4.1.9}. One-third of the freshwater marshes in the lower Paraná
delta were converted between 1999 and 2013 (well established) {3.4.1.9}. The vast biologically
rich South American Pantanal has been increasingly degraded due to cattle ranching and
cropping (well established) {3.4.1.9}. Mechanized peat mining in southern temperate peatlands
has promoted invasive plant species, increased beaver presence and produced hydrological
changes (well established) {3.4.1.9}. In recent years, the United States of America lost an
average of 5,600 hectares per year of wetland habitat, lowering capacity for water filtration
{3.4.1.9}. In the past four decades, invasive species have become an increasing threat to
biodiversity in the Florida Everglades and other wetlands (established but incomplete) {3.4.1.9}.
Some wetlands in Mesoamerica have been contaminated with heavy metals and pesticides
(established but incomplete) {3.4.1.9}.
6. Oceans of the Americas contain high biodiversity, can have high numbers of threatened
species, and include large numbers of species that are important for human well-being
(established but incomplete). Respectively, over 12,000 marine organisms have been found in
the Caribbean, 10,000 in the Humboldt Current system, and 9,000 on the Brazilian shelves
{3.2.4.1}, numbers that are considered to be conservative. Oceans of the Americas contain
three of the seven global threat hotspots for neritic and epipelagic oceanic sharks in coastal
waters (established but incomplete) {3.4.2}. The highest number of threatened or endangered
marine mammal stocks around the globe are found in the Pacific, but some populations have
recently begun to recover (well established) {3.4.2}. Stock assessments for a number of
chondrichthyes in the Americas report declines of 20 to 80 per cent from unfished conditions.
In Canada, marine fish populations declined by an average of 52 per cent from 1970 to the mid1990s and then remained stable (established but incomplete) {3.4.2}.
7. Biodiversity in coastal habitats has experienced major losses in recent decades (well
established). Coral reefs in the Caribbean declined in cover by more than 50 per cent by the
1970s, with only 10 per cent remaining by 2003, followed by widespread coral bleaching in
2005 and subsequent mortality from infectious diseases (established but incomplete) {3.4.2.1}.
Coastal salt marshes and mangroves are rapidly disappearing (established but incomplete)
{3.4.2.1}. Considerable declines in seagrasses have occurred (established but incomplete)
{3.4.2.1}.
8. Urban expansion constitutes both a threat to biodiversity and an opportunity for biodiversity
conservation {established but incomplete). Urban areas are now home to 80 per cent of the
population of the Americas {3.3.4}. Urban encroachment is associated with declining native
species richness and shifts in species composition, yet increased total plant diversity with
cultivation of non-native species (established but incomplete) {3.3.4}. Remnant vegetation in
cities can support significant native biodiversity, such as bees and birds (well established).
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Botanical gardens, major reservoirs of ex situ conservation, and important for recreation and
environmental education, found mostly in urban areas, are unequally distributed among
subregions and biomes (well established) {3.3.4}. Green areas that incorporate native
biodiversity have the potential to accomplish the dual goals of conservation and human wellbeing{3.3.4}.
9. Alien species continue to appear in terrestrial, freshwater, and marine habitats in the
Americas, but rates of introduction, where known, differ among subregions (established but
incomplete). Terrestrial and marine habitats house outstanding numbers of alien plants and
bird species {3.2.2.3, 3.2.4.2}. North America and the Caribbean are the mostly strongly
invaded subregions (established but incomplete) {3.2.2.3}. Rates of appearance of alien species
are currently somewhat lower in North America than in South America (established but
incomplete) {3.2.2.3}. Marine habitats of the North American subregion are more heavily
invaded than other subregions, with the Pacific Ocean more invaded than the Atlantic
(established by incomplete) {3.2.4.2}. For freshwater, temperate piscivorous, and carnivorous
fish cause negative impacts on the native fish fauna (established but incomplete) {3.2.3.2}. In
the Americas, several endangered and threatened species have declined as a result of
emerging infectious diseases {3.2.6}. Strongly invasive alien species can entail significant
economic costs for infrastructure {3.2.3.2}, and significantly lower productivity (well
established) {3.2.2.3}.
10. Overall, species threat level is high in the Americas, but the underlying causes vary among
subregions (established but incomplete). Based on 14,000 species assessed that occur in the
Americas, close to a quarter of species face extinction risk (established but incomplete) {3.5.1}.
Aggregate threat risk over the past two decades was highest in South America and the
Caribbean (well established) {3.5.1}. Since 1989, the number of threatened North American
freshwater fishes has increased by 25 per cent, with 7.5 extinct taxa per decade post-1950
{3.2.3.1} (well established). In Central America, 42 per cent of close to 500 known amphibian
species have been assessed as threatened (well established) {3.2.3.1}. The International Union
for Conservation of Nature category “Invasive species, other problematic species, genes and
diseases” is the main cause for extinction risk in the North American subregion, while the
categories “Biological resources use” and “Agriculture and aquaculture” are the most
important causes in the Mesoamerican, Caribbean and South American subregions
(established but incomplete) {3.5.1}.
11. While protection measures in the Americas have increased and diversified over the past 30
years, major differences in protection effort persist between terrestrial and marine
ecosystems and among biomes (well established). The increase in protection has been
notable in South America where 25 per cent of this subregion is now protected. South America,
Mesoamerica, and the Caribbean lag behind North America in terms of marine protection (well
established) {3.5.2}. Twenty percent of all designated key biodiversity areas globally are found
in the Americas (well established} {3.5.2}, yet, less than 20 per cent of these are completely
covered (well established). Certain biomes are still poorly protected (well established) {3.5.2}.
Temperate grasslands in general and South American Mediterranean forests, woodlands and
scrub and drylands are among the least protected biomes {3.5.2}. Tropical and subtropical
savanna and grasslands, tropical and subtropical dry forests, and tropical and subtropical
coniferous forests are poorly protected {3.5.2}. Indigenous reserves and private initiatives and
are increasingly important {3.5.2}.
12. Many Aichi targets are unlikely to be met in some countries (established but incomplete).
Although the rate of loss of natural habitat has decreased in some biomes, degradation and
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fragmentation continue {3.4.1.10}, making it unlikely to achieve Aichi target 5. Unsustainable
fishing continues {3.4.2} (Aichi target 6). Likewise, many intensive agricultural, silvicultural and
aquacultural systems do not follow biodiversity-friendly practices {3.3.5} (Aichi target 7). Alien
and invasive alien species are widespread and continue to appear across the Americas {3.2.2.3,
3.2.3.2, 3.2.4.2, 3.4} (Aichi target 9). Coral bleaching continues in response to coastal pollution
and global warming {3.4.2.1} (Aichi target 10). Total protected area coverage for the Americas
is 14 per cent, with 18 per cent terrestrial and 9 per cent marine, but some biomes remain
severely under-protected {3.5.2}. Better biome representation would allow meeting Aichi
target 11. Although conservation efforts have improved, overall extinction risk for species has
increased in some subregions {3.5.1} (Aichi target 12).
13. Major biodiversity data and knowledge gaps persist across the Americas (well established).
Basic exploration is incomplete, especially in the richest biodiversity areas. Brazil contributed
the largest number of new plant species to the global inventory from 2004 to 2016, and 42 per
cent of recently described new mammals species worldwide between 1993 and 2008 came
from the Americas (well established) {3.6}. In South America experts predict that around 50
per cent of marine biodiversity remains undiscovered (established but incomplete) {3.6}.
Research on functional diversity and the relationship between biodiversity and ecosystem
functions across taxonomic groups is growing but remains scarce in some subregions.
Enormous data gaps persist at the biome level in all subregions. Despite its very high
biodiversity, South American houses the fewest georeferenced species occurrence records per
unit area, while the highest number is in North America, despite much lower richness {3.6}.
Major challenges for the future are: scaling up from ecological studies to the biome level,
coordinated conservation efforts in biomes that cross country boundaries, making all
biodiversity data available online, and the production of standardized biodiversity data useful
for policymakers {3.6}.
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Background
Setting the stage
The Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services (IPBES) recognizes
that humans benefit both consciously and unconsciously from ecosystem functions and biodiversity,
through the ecosystem services they are coupled with, referred to as nature’s contributions to people
(NCP).
The biodiversity of the Americas comes from many different marine, freshwater, and terrestrial sources
and offers humankind numerous products and services. To protect the enormous potential of this
biodiversity to provide NCP, it is critical to understand the geographic distribution of biodiversity as well as
how biodiversity, and the ecosystem functions that both depend on and support biodiversity, have been
changing over time.
This chapter assesses: (1) our current understanding of the distribution, status and recent trends of
ecosystem functions and biodiversity across the Americas; (2) how people interact with biodiversity,
highlighting the importance of local and indigenous knowledge; (3) how biodiversity and ecosystem
functions vary within and have changed across the units of analysis in each subregion; (4) current
understanding of the extent to which biodiversity is imperiled and protected; and (5) major data and
knowledge gaps in all of these realms. The chapter focuses on biodiversity and ecosystem function (Figure
3.1) in the context of how they contribute to NCP (Chapter 2) and are impacted by drivers of change
(Chapter 4).

How is biodiversity linked to ecosystem functions and ecosystem services?

Biodiversity loss is known to substantially decrease ecosystem function and stability (Cardinale et al., 2011;
O’Connor et al., 2017). Consequently, biodiversity loss and ecosystem degradation diminish the ability of
humans to benefit from or establish spiritual relationships with other living beings.

213

IPBES/6/INF/4/Rev.1

The relationships between biodiversity and ecosystem function have been rigorously investigated in
numerous experiments (e.g. Cardinale et al., 2011) and in theoretical (Loreau, 2010; Tilman et al., 1997)
and observational studies in a wide range of ecosystems, including grasslands (Grace et al., 2016; Hautier
et al., 2014), forests (Gamfeldt et al., 2013; Liang et al., 2016; Paquette & Messier, 2011), drylands (Maestre
et al., 2012) and marine systems (Dee et al., 2016; Duffy et al., 2016), many conducted in the Americas.
Recent studies have also revealed many potential benefits of increasing plant diversity in managed
production systems, including enhancing the production of crops, forage, wood, and fish; stabilizing
productivity; enhancing pollinators and pollination; suppressing weeds and other pests; and accumulating
and retaining soil nutrients and carbon (Balvanera et al., 2006, 2014; Cardinale et al., 2012; Kremen & Miles,
2012; Letourneau et al., 2011; Quijas et al., 2010; Scherer-Lorenzen, 2014).

Conceptual and theoretical linkages between biodiversity and ecosystem
functions and services
Biodiversity loss can alter ecosystem function. Here, we focus on relationships between plant diversity and
productivity. Theory (Thébault & Loreau, 2003) and experiments (Lefcheck et al., 2015) have shown that
these relationships are largely generalizable to other trophic levels. Furthermore, given that rates of
primary productivity limit the energy available to animals at all higher trophic levels, effects of changes in
biodiversity on productivity have many cascading effects on other pools and fluxes of matter and energy in
ecosystems (McNaughton et al., 1989).
Plant species richness increases primary productivity when interspecific competition is reduced relative to
intraspecific competition (Loreau, 2004; Vandermeer, 1981). Reduced competition among species for
resources can occur in diverse communities because different plant species consume somewhat different
resources (e.g. different forms of nitrogen) or consume the same resources at somewhat different times
(e.g. phenological niche partitioning) or places (e.g. different rooting zones) (McKane et al., 2002; Tilman et
al., 1997). Such resource partitioning likely contributes to both coexistence and positive effects of plant
diversity on ecosystem productivity in many ecological communities (Turnbull et al., 2016). Similarly,
increased plant species richness can lead to increased ecosystem productivity when there is reduced
apparent competition in diverse communities because plant species can avoid natural enemies, such as
specialized herbivores or pathogens, that become diluted in diverse communities (Petermann et al., 2008;
Turnbull et al., 2016). Strong effects of complementarity between species or groups of species (Brooker et
al., 2008), such as between grasses and legumes (Temperton et al., 2007), contribute to the positive effects
of plant diversity on ecosystem productivity. Results from the five longest-running grassland biodiversity
experiments suggest that these complementarity effects grow stronger over time, while the importance of
individual species that are particularly productive become less important for ecosystem productivity
(Fargione et al., 2007; Isbell et al., 2009; Marquard et al., 2009; Reich et al., 2012; van Ruijven & Berendse,
2009). Based on abundant empirical evidence, it is now well-established that local complementarity effects
often explain positive effects of biodiversity on ecosystem productivity (Cardinale et al., 2011; Loreau &
Hector, 2001), especially in long-term studies (Cardinale et al., 2007; Fargione et al., 2007; Isbell et al., 2009;
Marquard et al., 2009; Reich et al., 2012; van Ruijven & Berendse, 2009), but the precise mechanisms are
not always possible to discern and are the subject of ongoing research.
Biodiversity experiments address limitations of observational studies and have been designed and
conducted to tease apart effects of changing numbers of species (richness) from effects of changing
identities of species (composition) (c.f., O’Connor et al., 2017). Such experiments have revealed some
surprisingly productive species and combinations of species, even when excluding legumes (van Ruijven &
Berendse, 2005; Wilsey & Polley, 2004) or mixing species within functional groups (Bullock et al., 2007;
Reich et al., 2004). Changes in grassland plant species richness can influence plant productivity as much as
changes in species composition (Hector et al., 2011), intensive agricultural management (Weigelt et al.,
2009) and many other factors long known to regulate plant productivity (Hooper et al., 2012; Tilman et al.,
2012). Similar strengths of biodiversity effects on ecosystem function have been found in terrestrial and
aquatic habitats (O’Connor et al., 2017). Meta-analysis reveals that herbivore diversity influences more
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ecosystem functions than plant diversity (Arias-González et al., 2016; Lefcheck et al., 2015). Additional
examples of biodiversity links to ecosystem functions in different biomes and other units of analysis can be
found throughout the chapter.

Continental distribution of ecosystem functions and biodiversity
Status and trends of ecosystem functions linked to biodiversity
3.2.1.1 Carbon cycling and energy fluxes
Status. The carbon cycle is strongly linked to land cover change (section 3.3.2) and energy flux since energy
enters and moves through ecosystems in the form of carbon-based molecules. Therefore, the carbon cycle
has major implications for ecosystem function and provisioning of ecosystem services. Land use change
increases carbon emissions or sequestration depending on the nature of vegetation replacement.
Agriculture and deforestation are the main land use changes that have altered carbon fluxes and stocks.
Overall, agriculture has reduced carbon inputs to ecosystems through harvest and/or increased carbon
output from cultivation; human appropriation of primary production (a measure of the amount of energy
captured by humans from ecosystems) is particularly high in agricultural regions of the Americas (Haberl et
al., 2007). Agricultural soils lose carbon when monocultures of annual crops are planted without rotations
(Ernst & Siri-Prieto, 2009; Franzluebbers, 2005). However, recent trends in double cropping, no-till practices
and used cover crops have the potential to at least partially restore soil organic carbon stocks
(Franzluebbers, 2005; Poeplau et al., 2015; Rimski-Korsakov et al., 2016).
Forest ecosystems of Americas contain near 250 picograms of carbon (Köhl et al., 2015), with large amounts
of biomass carbon stored in South American forests and high soil carbon stocks located in the permafrost
boreal regions of Canada (Jackson et al., 2017). Deforestation (section 3.2.2.1 and Chapter 4) has
significantly decreased plant biomass stocks (80 to 95%) throughout the Americas (Chapin et al., 2012) and
also soil carbon stocks (Villarino et al., 2016) except in moist forests replaced by pastures that may increase
soil organic carbon stocks (Eclesia et al., 2012; Guo & Gifford, 2002). Maintaining the integrity of forests in
the Americas thus is essential for climate regulation. Croplands today in the Americas contain 20 to 40%
less carbon than under native forest, savannas or grasslands (Alvarez, 2005; Guo & Gifford, 2002).
Recent trends. Forest regrowth in some parts of the North American subregion increased between 1990
and 2015 (Keenan et al., 2015), and primary production in plantation forests mostly in South America has
sequestered significant atmospheric carbon (Wright et al., 2000). Recent decreases in deforestation rates
in Amazonia have favored net atmospheric carbon sequestration (Davidson et al., 2012; Nepstad et al.,
2014; Zarin et al., 2016). Afforestation of grasslands has increased carbon uptake (primary production) and
biomass carbon stocks (Vassallo et al., 2013), and increased soil organic carbon on dry sites but decreased
soil organic carbon contents on humid sites (Berthrong et al., 2012; Eclesia et al., 2012). While recent woody
encroachment in the USA and Argentina has increased biomass stock, it may have negative impacts on deep
carbon storage (Asner & Archer, 2010; Jackson et al., 2002). Satellite-detected trends in the Normalized
Difference Vegetation Index (a proxy of primary production) support observed changes in carbon stocks
(Hicke et al., 2002; Paruelo et al., 2004). Finally, oceans around the Americas must be storing significant
amounts of carbon, given they represent a significant fraction of the 2 picograms/year global ocean total.
The Americas total is not available.
The net impact of land use on climate change is still under debate (Anderson-Teixeira et al., 2012;
Houspanossian et al., 2017; Jackson et al., 2008). Meanwhile, it is clear that soil organic carbon loss severely
affects soil fertility and plant production and that such losses are associated with nutrient releases and
erosion that promote the eutrophication of rivers, lakes and oceans, all affecting human well-being. Several
studies show negative impacts of land use changes on water cycling and other ecosystem services (Jackson
et al., 2005; Trabucco et al., 2008).
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3.2.1.2 Water cycle and regulation
Status. The water cycle is strongly regulated by evapotranspiration, which reduces water available for
runoff and groundwater recharge (Brauman et al., 2007). Evapotranspoiration depends on the physical
structure of vegetation and characteristics of individual species, particularly rooting depth, which controls
plant access to water in water-limited environments (Le Maitre et al., 2015). Woody vegetation generally
has higher evapotranspiration than other vegetation, reducing streamflow (Bosch & Hewlett, 1982; Brown,
et al., 2005; Sahin & Hall, 1996). Studies supporting this conclusion are largely from temperate regions
(Andréassian, 2004), athough some research has also been carried out in the tropics (Cashman, 2014;
Tomasella et al., 2009). The reduction in woody vegetation is also associated with higher soil infiltration
(Farley et al., 2005; Ochoa-Tocachi et al., 2016). Changes in infiltration have been also attributed to the
impact of conversion on soils, which are compacted by timber harvesting and cattle grazing (Tomasella, et
al., 2009). The hydrologic impact of forest conversion to pasture depends on grazing intensity, with highdensity grazing causing more surface flow (Ochoa-Tocachi et al., 2016). These kinds of links with biodiversity
are important for water regulation.
Recent trends. Reduced evapotranspiration can lead to reduced rainfall. Measurements and models of
climate impacts of deforestation demonstrate a threshold by which complete deforestation of the tropics
would substantially reduce rainfall (Lawrence & Vandecar, 2015). More realistic measurements and models
of deforestation in the Amazon and non-Amazonian South America, however, show land use change to
reduce precipitation only on the order of a few percent (Lawrence & Vandecar, 2015). The impact of
changing climate on streamflow is complex, and most large rivers worldwide have not changed measurably
at this point. Ten of the 14 large rivers that show increasing discharge are in the Americas. These rivers
mostly correspond to places where rainfall has measurably increased (Milliman et al., 2008).

3.2.1.3 Nutrient cycling
Status. Over the past century, land use change, new agricultural practices, and fossil fuel combustion have
drastically disrupted nutrient cycles worldwide (Canfield et al., 2010). Latin America showed high biological
nitrogen fixation in native ecosystems until the mid-1990s (26.6 teragrams of nitrogen) and maintained
fertilization and legume crops at relatively low rates (5.0 and 3.2 teragrams of nitrogen, respectively). In
contrast, North America is characterized by relatively low natural fixation (11.9 teragrams of nitrogen), and
high fixation by legume crops (6.0 teragrams of nitrogen) and fertilization (18.3 teragrams of nitrogen)
(Galloway et al., 2004). While increased nitrogen input into agricultural ecosystems in the Americas has
increased food production, it has promoted a four-fold increase in river nitrogen exports and a four- to
seven-fold increase in nitrogen emissions to the atmosphere (Galloway et al., 2004) resulting in reduced
drinking water and air quality, freshwater eutrophication, biodiversity loss, rain acidification, stratospheric
ozone depletion, climate change and coastal ecosystem destruction (dead zones). Severe pollution occurs
with the discharge of the Mississippi River into the Gulf of Mexico, of several rivers on the eastern coast of
North America and from some rivers in South America associated with agriculture (Diaz & Rosenberg, 2008).
Recent trends. As a result of the green revolution, nitrogen inputs increased in the Americas, particularly in
South America over the past two decades (Austin et al., 2006). Soybean crops expanded from 17 to more
than 46 million ha between 1990 and 2010 (FAO, 2011). Some 48% of all croplands in southern South
America (Brazil, Argentina, Uruguay, Paraguay, and Bolivia) are soybean (FAO, 2011). In addition, both
North and South America have become key grain exporters; currently around 8 teragrams of nitrogen are
being exported from the Americas, mainly to Europe and Asia, while around 6 teragrams of nitrogen come
back as fertilizers, generating an imbalance in the region of 2 teragrams of nitrogen per year as a result of
international trade (Galloway et al., 2008). However, the Americas show a better nutrient balance in
agricultural systems than other regions of the world (Vitousek et al., 2009). Although technology is available
for improved nutrient recycling in cities and farms, it is seldom used in the Americas (Grimm et al., 2015;
Snapp at al., 1998). The use of legumes and catch crops (i.e. fast-growing crops that are grown between
successive plantings of a main crop) to tighten or close the nitrogen cycle via synchronization of nutrient
uptake and mineralization to avoid nutrient loses is a challenging issue for the Americas.
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Status and trends of terrestrial biodiversity
3.2.2.1 Land cover status and trends
With better technology and availability of country surveys, we now have fairly reliable estimates of land
cover in the Americas, especially for forests (Figures 3.2. and 3.3). More than two-thirds of the Americas is
composed of closed to open vegetation, including forests, savannas, and grasslands, as well as mosaics of
those vegetation types. About 16% of the region is occupied exclusively by croplands (e.g. corn, soybeans,
wheat, sugarcane, and grazing land) and 1% by urban or bare land (Tuanmu & Jetz, 2014).

Forest cover in the Americas represents ca. 40% of the global forest cover, with ca. 842 millions of hectares
in South America, 723 millions of hectares in North America and 20 millions of hectares in Central America
(Keenan et al., 2015). Following the last update of Global Forest Watch (2017), which differentiates native
from planted forests, the Americas have 1.668 millions of hectares of natural forest and ca. 67 millions of
hectares of planted areas (e.g. timber, oil palm, rubber). Around 870 millions of hectares of the natural
forest cover is considered primary forest (no clear indications of human activity or significant disturbance)
and 797 millions of hectares is naturally regenerated native forests with clear indications of human activities
(Global Forest Watch, 2017).
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Forest cover has changed throughout the Americas in recent decades (Figure 3.3). It continues to decline in
most subregions except in the Caribbean where forest regrowth predominates (see also 3.4.1.1). In North
America the overall amount of forest has slightly increased (Figures 3.2 and 3.3). Further details on declines
can be found for the specific biomes assessed in section 3.4.
Grasslands and shrublands are frequently confounded with agricultural areas or pasturelands at coarse
scales and usually represented as a “mosaic of vegetation and cropland” (Arino et al., 2012). This mixed
class covers about 12% of the Americas (and includes almost 80% of the croplands) (Arino et al., 2012)
distributed predominantly in the USA (Central Great Plains), Canada (e.g. northern grasslands), Chile
(Patagonian grasslands), Brazil (campos sulinos) and Argentina (pampas, Patagonian grasslands).
Shrublands or savannas represent another 10% of the Americas’ land cover, with extensive coverage in the
USA (e.g. Californian chaparral, arid shrublands, Great Plain shrublands) and Brazil (Cerrado). For details of
changes in the different biomes of the Americas (section 3.4).

3.2.2.2 Status and patterns of diversity for taxonomic groups
Overall richness patterns. Despite several centuries of exploration, accessible and accurate data for
biodiversity across the entire Americas is limited to a very small number of taxonomic groups. Data
compiled at the subregional level for such groups confirms that the Americas region (comprising 28% of the
world´s land area, including water bodies), holds significant proportions of the world’s biodiversity, as high
as 51% for amphibians and 41% for birds (Table 3.1). Species richness is highest for all taxonomic groups in
the South American subregion and far higher in South America than in North America (Table 3.1).
Mesoamerica and the Caribbean are very rich in relation to their land area. For example, the Caribbean
subregion (<1% of the Americas´ land area) is more diverse than North America (51% of the Americas´ area)
for reptiles and is not that far behind for plants (Table 3.1). Mesoamerica (6% of the Americas´ land area)
has more species in all taxonomic groups — in three out of five cases over twice as many — as the much
larger North American subregion. The Americas account for some 33% of plants that have been recorded
to be useful to humans globally (Table 3.1). The absolute numbers of useful plants in Table 3.1 are likely to
be conservative, given that comprehensive surveys of useful plants have still to be undertaken in many
parts of the Americas.
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Table 3.1. Species richness for taxonomic groups where data could be compiled for IPBES subregions of
the Americas. The percentages under the subregional headings give the amount of land (including water
bodies) in relation to the total for the Americas. The percentages for the different taxonomic groups and
useful plants in each subregion are calculated in relation to the totals for the Americas.
Taxon
Plants 1,8
(seed plants only)
Useful plants 3
(seed plants only)
Birds 4 – breeding
species
Mammals5
native
–
terrestrial
Amphibians6
Reptiles7

Total for
Americas
98,473
(108,320) 2
10,188

% of
world
total
29
33

4,374

41

1,963

35

3,928

51

3,652

35

North
America
(51%)
13,214
(13%)
4,252
(42%)
649
(15%)
458
(23%)
307
(8%)
431
(12%)

Mesoamerica
(6%)

Caribbean
(<1%)

26,551
(27%)
4,217
(41%)
1,191
(27%)
627
(32%)

11,473
(12%)
2,915
(29%)
320
(7%)
185
(9%)

South
America
(42%)
63,725
(65%)
5,621
(55%)
3205
(73%)
1,266
(64%)

812
(21%)
1231
(34%)

234
(6%)
637
(17%)

2,809
(72%)
1,990
(54%)

1 Compiled by

the Royal Botanic Gardens, Kew. Seed plants include angiosperms and gymnosperms and both native and non-native
species. Data are from the World Checklist of Selected Plant Families (published and unpublished), which is 90% complete. The
families Melastomataceae and Asteraceae and the genus Solanum are not included at this stage.
2 Estimate if the two missing families and Solanum are included. Percentage of the world total in the Americas is based on the
estimated total and a world total of seed plants of 370,492 (Lughadha et al., 2016). The subregional totals have not been adjusted
and thus are conservative.
3The useful plant data come from the Royal Botanic Gardens, Kew Useful Plants Data Base. This database is formed from a
combination of resources amounting to 31,128 species. The data are for seed plants only and include exotic species, but not
commercially-grown crops.
4Compiled by Chapter 3 from Del Hoyo et al., 1992a, b; Gill and Donsker (2017); Rodewald (2015); Wetmore et al. (1957). World
total data from Gill and Donsker (2017).
5North America – Bradley et al. (2014); Caribbean – Upham (2017) and IUCN, (2014); Mesoamerica – IUCN, (2014); South America
– IUCN, (2014). Total for calculation of world %: IUCN Red List.
6amphibiaweb.org.
7reptile-database.org
8After the Summary for Policy Makers (SPM) for the Americas assessment was completed in early December 2017, in a paper
published in Science on 14 December 2017, Ulloa Ulloa et al. (2017) reported 124,993 species of vascular plants (seed plants, ferns
and fern allies) for the Americas region found in 6227 genera and 355 plant families. The number of species reported corresponds
to 33% of the world total.
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Continent-level spatial patterns. The development of new biodiversity metrics that go beyond traditional
species richness and better spatial data coverage of species over the past 15 years have greatly improved
our understanding of how biodiversity is distributed at a finer geographical scale within the Americas. New
patterns have emerged that are highly relevant for the valuation of biodiversity across the region. See the
glossary for definitions of the biodiversity metrics assessed.
Reflecting the subregion-level survey data (Table 3.1), amphibians, birds, mammals, and plants all show
high species richness in tropical South America and Mesoamerica (Figure 3.4a). For mammals and
amphibians, the highest richness is found in the Andes, the coastal northwest of South America and the
Atlantic coast of Brazil; plants (Figure 3.4a) reach their highest richness in Mesoamerica, the Andes and
other regions of South America. Avian richness shows peaks in both the lowlands and parts of the Andes.
Evidence from ants (Dunn et al., 2009) and soil fungal communities (Tedersoo et al., 2014) suggests that
these taxa may also reach their peak diversity in tropical regions, although considerable gaps exist in spatial
sampling for these groups. Outside of the tropics, amphibians and plants show moderately high species
richness in the southeastern USA (Figure 3.4. a) (Buckley & Jetz, 2007), and plants and mammals both reach
high or moderately high richness in the western USA.
In contrast to species richness, which is broadly congruent across taxa and reaches its peak in tropical South
America, highest evolutionary distinctiveness is found outside of the tropics for all taxa (Figure 3.4. b). For
the taxa where information is available, this indicates that the regions where co-occurring species are more
distantly related on average tend not to be found in the tropics. Among amphibians, high evolutionary
distinctiveness is found in western North America and parts of Mesoamerica. Mammals have high
evolutionary distinctiveness throughout the Americas, especially in the Mediterranean region of
southwestern South America. Birds and plants both have hotspots of evolutionary distinctiveness at high
latitudes, indicating that even in these regions where low numbers of species persist, the species that do
occur are drawn from distinct branches across the tree of life. Birds also achieve moderately high
evolutionary distinctiveness in the tropical lowlands of South America. Overall, these trends indicate that
subtropical, temperate or boreal regions can be rich in certain dimensions of biodiversity. This, of course,
does not mean that the tropics have less overall evolutionary diversity, but rather that tropical species often
co-occur with many close relatives, reducing their evolutionary distinctiveness.
In all taxa, high phylogenetic endemism occurs in Mesoamerica and in parts of tropical South America,
particularly the coastal northwest and tropical Andes (Figure 3.4. c). Amphibians, mammals, and plants have
further hotspots of phylogenetic endemism in the western USA, and amphibians and plants also have high
phylogenetic endemism in the southeastern USA. Central and part of southern Chile also stand out for some
groups. With some deviations, geographic patterns of phylogenetic endemism in these particular areas of
the Americas tend to mirror species richness, signifying overall that they generally house large numbers of
evolutionary distinct species and lineages not found elsewhere. Such areas are worthy of special concern
in conservation decision-making but are sometimes located where protection measures are still poor
(3.5.2).
Variation in functional traits, a measure of functional diversity, can tell us about the diversity of ecological
adaptations among a set of organisms and the potential of particular ecosystems to adjust to environmental
change. Data are available on three functional traits for plants; specific leaf area, seed mass and plant
height. Specific leaf area (the area of a leaf divided by its dry weight) is tightly linked to photosynthetic rates
and nutrient content. It is indicative of the life history strategy of the plant along a spectrum ranging from
rapid growth and competitive resource capture to slow growth and stress tolerance (Wright et al., 2004).
Seed mass is indicative of reproductive and dispersal strategy (Leishman et al., 1995; Moles et al., 2005),
and plant height is a critical indicator of life history, indicating growth form and habit (Loehle, 2000). These
three traits are important for understanding major axes of variation in plant function and ecological strategy
(Westoby, 1998). As with species richness, we tend to see the greatest diversity in seed mass and height of
vascular plants in tropical regions of the Americas (Lamanna et al., 2014) (Figure 3.4. d). Nevertheless,
temperate regions tend to be enriched in functional diversity for specific leaf area relative to tropical areas
(Figure 3.4. d). This might reflect a tendency to retain more diversity in leaf economic strategies under
harsher and less equitable climatic conditions (Lamanna et al., 2014; Swenson et al., 2012). Variation in
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different plant functional traits is maximized in different regions. Likewise, different components of
diversity are highest in different regions and these patterns vary by taxonomic group. As a consequence,
conservation efforts across regions will be crucial for maintaining both the diversity of ecological strategies
we observe in plants and the full spectrum of biodiversity across the tree of life, the basis of many NCP.

3.2.2.3 Patterns and trends in alien and invasive alien species
Status. We define alien species as species that become distributed beyond their native ranges intentionally
or unintentionally aided by humans. The introduction and spread of alien species in the Anthropocene has
led to greatly heightened levels of dispersal of organisms around the globe. Invasive alien species are alien
species that modify ecosystems, causing potential damage to the environment, human health, and
consequently, the economy. The distinction between these two categories is not always clear because
designating an alien species as an invasive species requires detailed studies and objective and comparable
criteria. The economic damage caused by alien invasive species can be severe. For example, globally,
invasive insects (some of which carry diseases) are estimated to cost a minimum of $70.0 billion per year,
while associated health costs exceed US$6.9 billion (Bradshaw et al., 2016). Control of invasive species
requires knowledge of global and local introduction trends and distinguishing harmful alien species from
the more benign ones; that said, not all alien species are harmful (Table 3.2).
Comprehensive data on naturalized alien species for the Americas is available for plants and birds. Currently
the North American (which includes Greenland and Mexico) and the South American (which includes
Mesoamerica south of Mexico and the Caribbean) biogeographic regions are home to 3,513 (39%) and
1,806 (20%) respectively of the world’s 9004 plant species that have been introduced from one continent
to another (Van Kleunen et al., 2015, and personal communication). Additional intra-continental plant
movements beyond their natural ranges within North and South America, bring the total numbers of alien
records to 5,958 and 3,117, respectively. North America has been a much larger donor of alien plant species
to other continents than has South America; additionally North America, as defined by IPBES, is one of the
most heavily invaded areas of the world (Van Kleunen et al., 2015). The Caribbean subregion is also strongly
invaded in relation to its land area (see also Figure 3.5, where there are many plant species).
Some 3,661 alien bird introductions (first known occurrence of a given species in a given country) were
reported across the globe from 1500 to 2000 (Dyer et al., 2017). Relative to other regions the Americas,
particularly the North American and Caribbean subregions, support large numbers of alien birds (Dyer et
al., 2017). Reports of introduced birds are currently lacking in some tropical areas in northern South
America (Dyer et al., 2017).
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Table 3.2. Multiple effects of mostly recent terrestrial alien introductions in the Americas. Alien species
can have both negative and positive impacts on humans and biodiversity. See chapter 4 for additional
examples. See chapter 4 for additional examples. • = negative impact; • = positive impact.

Although much progress has been made, we currently cannot say how many alien species in the Americas
are harmful. Comprehensive risk analyses are lacking in most countries. In general, the number of harmful
species is likely to higher than currently visualized because detailed studies are lacking and due to the fact
that many potentially strongly invasive species will be still in a lag phase. In Mexico, a comprehensive risk
analysis found 41% of 472 species (including aquatic species) analyzed out of a total of 1,683 potentially
invasive species to be very high-risk species (Gonzalez Martínez et al., 2017).
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Across all taxonomic groups, some 521 species considered to be harmful to biodiversity in Global Invasive
Species Database are known to be strongly invasive somewhere in the Americas. North America has far
more such species than the other subregions, but for its small land area, the Caribbean is clearly very
susceptible to invasion (Figure 3.5). Additional species found in Global Invasive Species Database that are
not considered to be invasive at the moment in a particular subregion could eventually become invasive
(Figure 3.5). For the World’s 100 Worst Invaders found in Global Invasive Species Database, 78% have been
recorded to occur in at least one subregion of the Americas. Beyond invasive species that harm biodiversity,
many alien species have negative impacts on agriculture and forestry. For example, in Brazil, more than 500
species of alien pathogenic fungi, 100 viruses, 25 nematodes and one protozoan attack crops and reduce
crop production an estimated 15% (Pimentel, 2002). Chapter 4 provides more information on the effects
of harmful invasive species and on their drivers.
Recent trends. Globally, 37% of all recorded naturalized aliens from a wide spectrum of taxonomic groups
were recorded for the first time as recently as 1970–2014 (Seebens et al., 2017). This signifies that invasion
risk is currently high and with increasing globalization will not cease. For the Americas, rates of appearance
for different groups have varied over time, with a tendency for steeper early climbs and an earlier tendency
to decline in North America than in South America (Figure 3.6). Insects showed a very rapid rate of increase
in South America as of the 1950s.
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For birds, half of the naturalized alien introductions worldwide occurred after 1956, in concert with
increasing globalization and economic growth. As with plants, early bird introductions came mostly from
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Europe. However, more recently the Indian subcontinent, Indochina, and sub-Saharan Africa have become
important sources of alien birds (Dyer et al., 2017). For the Americas, as of 1983, at the country level, 102
new alien birds were registered for the Caribbean subregion, 8 the Mesoamerican subregion, and 19 for
South America. At the individual state (USA) or province (Canada) level, 163 were recorded for the North
America subregion - calculated from Supplementary material (Dyer et al., 2017).
Box 3.1. Alien species in the Galápagos Islands.
Described by UNESCO (United Nations Educational, Scientific and Cultural Organization) as a “living museum and
showcase of evolution”, the Galápagos Islands, a World Heritage site, are today a major tourist attraction. Some
1,476 of 1,579 alien terrestrial (and marine) species have become established on the islands (Toral-Granda et al.,
2017); 50% of aliens were first reported after the 1990s and just over 50% were introduced through unintentional
human assistance. The rate of introduction represents an average of around three species per year. Geographic
origins and modes of introduction have diversified over time, reflecting the increase in human influence on the
islands. In general, islands are prone to invasions. The mythical oceanic Robinson Crusoe islands are also strongly
invaded (Wester, 1991).

Overall, alien introductions and their spread are likely to continue in the Americas (Seebens et al., 2017)
opening the door to additional negative effects on biodiversity, forestry and agriculture. Modeling suggests
that many established alien species in the Americas do not yet fully occupy their climatic niches (Arriaga et
al., 2004; Peña-Gómez et al., 2014) and thus can be expected to expand further, facilitated by disturbance.
We are currently in a modern era of assisted dispersal heightened by global travel, tourism, and the
introduction of pets and pest-carrying plant parts (see Chapter 4). A dramatic example of how alien species
have increased recently in relation to increasing vector availability is seen in the Galápagos Islands (Box 3.1,
Figure 3.7).
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Knowing which geographic areas are likely to receive more alien species is useful for the development of
early-warning systems. According to a recent analysis of current invasion vectors and environmental
susceptibility to invasion, the threat of invasion is very unevenly distributed across the Americas (Early et
al., 2016) (Figure 3.8). The dominant invasion vectors differ between high-income countries (imports,
particularly of plants and pets) and low-income countries (air travel). Climate change, further biome
transformation (e.g. 3.4.1.6) and increased fire frequency (e.g. 3.4.1.4) are expected to hasten the spread
of invasive alien species once established. Given that strongly invasive alien species, in addition to signifying
economic costs, have been the cause of many extinctions (Bellard et al., 2016), alien species are a
component of biodiversity that requires attention.

Status and trends of freshwater biodiversity
3.2.3.1 Patterns of diversity for taxonomic groups
Taxonomic groups. The Americas hold the most diversified freshwater fish fauna in the world, with 1,213
species in the North American biogeographical region and 4,035 in the South American biogeographical
region for a world total of over 13,600 species (Burkhead, 2012). Other freshwater taxonomic groups of
note include crayfishes, with high diversity in the southeastern USA (Crandall & Buhay, 2008); amphibians,
with nearly half of all salamander species found in North America; 40% of all water-dependent frog species
found in the Neotropical realm (Vences & Köhler, 2008); 11 of the world’s 23 crocodilian species (Martin,
2008); the vast majority of the world’s temperate freshwater turtle species in North America (Bour, 2008);
the most diverse freshwater bivalve fauna globally also in North America (Bogan, 2008); and an especially
diverse assemblage of decapods in Central America (Wehrtmann et al., 2016).
Freshwater species contribute NCP in numerous ways. Freshwater mussels cleanse water (Nobles & Zhang,
2011). Fish regulate nutrients in water (Holmlund & Hammer, 1999). North American Pacific salmon
transfer nutrients from marine to freshwater realms when they die en masse after migrating upstream
(Flecker et al., 2010). In the Amazon, Orinoco, and parts of Central America, frugivorous fish disperse seeds
for floodplain forest trees (Flecker et al., 2010). An estimated 450,000 tons of riverine fish are landed each
year in the Amazon, with important implications for the food security of local people (Junk et al., 2007;
McIntyre et al., 2016). However, riverine fish catch is estimated to be low in large North American rivers
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like the Mississippi, where recreational fisheries dominate commercial or artisanal fisheries (McIntyre et
al., 2016). Overall, reported inland fish catch in the Americas is low compared to other regions (Bennett &
Thorpe, 2008).
Status. Much freshwater biodiversity in the Americas is threatened, derived largely from catchment land
use, water use and direct habitat alterations (Vörösmarty et al., 2010) (see Chapter 4 for discussion of
drivers). Some 23% for the Nearctic and 22% for the Neotropics of freshwater mammals, amphibians,
reptiles, fishes, crabs and crayfish collectively fall here. The well-studied North American biogeographical
region freshwater fish fauna in the 20th century had the highest extinction rate worldwide among
vertebrates (Burkhead, 2012). Some 72% of freshwater mussels in the USA and Canada were considered
imperiled as of the early 1990s (Williams et al., 1993). In Central America, 42% of ca. 500 known amphibian
species have been assessed as threatened, with stream-dependent species at particular risk (Whitfield et
al., 2016). Regions with low threat are remote areas in northern Canada, Alaska, and the Amazon.
Recent trends. In North America (including Mexico), since 1989, the number of threatened freshwater
fishes has increased by 25%; extinctions peaked after 1950 with 7.5 extinct taxa per decade post-1950
(Burkhead, 2012). This level of extinction gives reason for great concern. In the Caribbean native fish species
continue to decline and be extirpated with dam building, pollution and overharvesting exerting
considerable pressure (Cooney & Kwak, 2010). In the 1970s, a noticeable decline in populations of
freshwater turtles in the Amazon was observed (Eisemberg et al., 2016). Amphibian population declines in
Mesoamerica and South America have been documented largely beginning in the 1970s–1990s, with the
majority in the 1980s (Young et al., 2001). Freshwater mussel extinctions have been documented in the
USA from the beginning of the 20th century, with a peak of eight extinctions in the 1920s through the 1940s
and seven documented extinctions in the 1970s (Haag, 2009).

3.2.3.2 Patterns and trends in alien and invasive species
Status and recent trends. Data on freshwater alien species is scattered, making it difficult to provide an
overall picture for the Americas and its subregions. Where databases are available, numbers of alien species
can be high, as seen in over 1000 species in the USA (plants excluded) (Fuller & Neilson, 2015) and 50 species
of fishes (including marine species) in Mexico (Mendoza & Koleff, 2014) (see also Box 3.2). The impacts of
aquatic alien species are multiple and can be severe (Table 3.3). The spread of some aquatic invasive alien
species, moreover, has been very rapid, leaving cause for concern.
In North America, alien freshwater species have been arriving for close to two centuries and continue to
arrive. Some of the earliest known introductions occurred in the late 1800s when fish were transported
from coast to coast (Benson & Boydstun, 1999). Crayfish and other freshwater organisms were moved from
the southeastern USA to the western USA to serve as game species or forage for game species. Temperate
piscivorous and carnivorous fish species have been reported to cause much harm to native fish fauna,
especially in Cuban freshwaters, Lake Atitlán (Guatemala) and Lake Titicaca (Bolivia and Perú) (Revenga &
Kura, 2003).
The zebra mussel (Dreissena polymorpha), native to Europe, and the Asian clam (Corbicula fluminea) are
estimated to cost the $1 billion a year, largely through impacts to infrastructure (Pimentel et al., 2005).
Their spread has been recent, with the first established zebra mussel population recorded in the USA in
1988 (Benson, 2012). Some freshwater invasive species in South America have also spread very rapidly. For
example, the exotic freshwater water-fouling mussel, Limnoperna fortunei, was introduced into Río de la
Plata estuary in 1991; from there it spread at a rate of up to 250 km.year-1 and is now found in freshwater
systems in Argentina, Uruguay, Paraguay, Brazil, Bolivia (Darrigran et al., 2012; Darrigran & Ezcurra de
Drago, 2000; Oliveira et al., 2015). This mussel, which is similar to invasive Dreissinids in North America, has
altered benthic communities and is predicted to expand further. This example shows that insufficient
measures to prevent the introduction of invasive aquatic species can have severe consequences. The most
invaded freshwater system in the Americas, and a warning to what can happen without adequate control
from the beginning, are the Great Lakes of North America (Box 3.2, Figure 3.9). Other examples of
freshwater invasions are shown in Table 3.3.
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Table 3.3. Multiple effects of freshwater invasive species in the Americas. See Chapter 4 for additional
examples. for additional examples. . • = negative impact; • = positive impact; ? • = unsure negative
impact.
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Box 3.2. The Great Lakes history with invasive species.
The Great Lakes in North America have accumulated an excess of 165 alien species in what is still an
ongoing process (Figure 3.9). Some species have had significant negative impacts on aquatic ecosystems
(Higgins & Vander Zanden, 2010). Among the most damaging is the sea lamprey (Petromyzon marinus),
which appeared in the 1830s and spread throughout the Great Lakes during the 20th century, impacting
several fisheries. Zebra mussels and quagga mussels, first detected in the late 1980s, create dense
colonies that harm ecosystems, harbors and waterways and clog water intakes in water treatment
facilities and power plants.

Marine biodiversity
3.2.4.1 Patterns of diversity for taxonomic groups
Status. Marine life in the Americas is found in the Atlantic, Pacific and Arctic oceans, and in the Caribbean
Sea. Atlantic and Pacific offshore and deepwater areas (> 200 m) encompass a range of habitats with a wide
diversity of species (OBIS, n.d.) (Figure 3.10). Exceptional diversity is being revealed for the oceans.
Including all taxonomic groups (except bacteria and phytoplankton), 12,046 marine species have been
found in the Caribbean realm (Miloslavich et al., 2010), 10,201 in the Humboldt Current System, 6,714 in
the Tropical East Pacific, 9,103 on the Brazilian shelves, 2,743 in the Tropical West Atlantic, and 3,776 on
the Patagonian shelf in South America (Miloslavich et al., 2011). These numbers are considered to be
conservative (see 3.6). Marine mammals in the Americas include 74 cetacean species, 22 pinnipeds, 3
sirenians, 3 mustelids and the polar bear. Additionally, six of the world’s seven sea turtles and more than
400 chondrichthyan species occur in the Americas. The Arctic Ocean, in its waters, ice and seafloor, hosts
unique biodiversity of many thousands of species, including mammals, seabirds, fish, invertebrates, and
algae (Gradinger et al., 2010) in a rapidly changing environment (see Chapter 4). The Caribbean basin deepsea species database (OBIS. n.d.) lists 1,530 species from 12 phyla, but much more work is needed
(Miloslavich et al., 2010). The Caribbean Sea holds most of the Americas’ biodiversity associated with coral
reefs.
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In many species of coastal fish, mangroves, seagrasses, squids, non-oceanic shark species, and corals,
diversity generally peaks near the equator (Tittensor et al., 2010). In contrast, pinniped (seals and sea lions)
diversity is highest in polar regions. Cetacean species diversity peaks in the subtropics in both oceans, and
is highest on the Atlantic coast of Argentina (Tittensor et al., 2010). Shark species peak in biodiversity
between 30 and 40 degrees N and S; southeastern Brazil and the southeastern USA are considered global
hotspots of shark biodiversity with high species richness, functional diversity, and endemism (Lucifora et
al., 2011). Brazil alone has 31 endemic shark species (Lucifora et al., 2011). Seaweed biodiversity peaks in
temperate regions around 35 degrees latitude N and S in the Pacific (Gaines & Lubchenco, 1982), although
it is also highly diverse in the Caribbean (Kerswell, 2006). Kelp diversity is greatest in colder parts of both
oceans, and algal diversity reaches its nadir in the southeastern Atlantic (Argentina, <100 species) (Kerswell,
2006). The America’s host hundreds of thousands – if not millions – of invertebrate species; their
biogeographic patterns are still poorly known (Sala & Knowlton, 2006). Invertebrate diversity within many
distinct taxonomic groups generally (with some exceptions) follows the latitudinal trend of increasing
species diversity per area at lower latitudes, as seen in South American crabs on both coasts (Astorga et al.,
2003), and fish (Rohde et al., 1993), molluscs (Roy et al., 1998) and foraminifera (Rutherford et al., 1999) in
North America. Different biogeographic regions, reflecting major oceanographic features, have distinct
invertebrate species assemblages off South America, North America, the Arctic and the Caribbean. This
pattern is exemplified by the spatial distribution of the estimated 1,539 species of echinoderms inhabiting
Latin America (Pérez-Ruzafa et al., 2013). The Western Atlantic and the coast of South America host an
exceptionally high diversity of the world’s 2064 ophiuroid echinoderms (335 species) with high rates of
endemism (Stöhr et al., 2012).

3.2.4.2 Patterns and trends in marine invasive species
Status. Pagad et al. (2017) document 2,103 introduced marine species worldwide, of which 305 are
considered strongly invasive. According to this source, the North American continent has 388 alien marine
species (70 invasives); Mexico, 94 (6 invasives); the Caribbean Sea, 47 (5 invasives); Brazil, 49 (9 invasives);
Argentina, 25 (1 invasive) and Greenland, 1 (not invasive).
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In general, North American waters are more heavily invaded than those of other subregions (Figure 3.11).
However, differences between North and South America are less evident when considering invasive algae
(including native invasive species) (Figure 1.A in Seebens et al., 2016). Miloslavich et al. (2011) report more
alien species at cooler latitudes in South America, but this difference might be influenced by sampling
density at other latitudes. Most alien and invasive invertebrate and algal species are found in bays and
estuaries, with few occurring on outer coasts (Ruiz et al., 2015). San Francisco Bay, USA, may the most
invaded marine region on Earth, with more than half its fish and most of its benthic invertebrates being
non-native (Cohen & Carlton, 1998).
As in terrestrial habitats, recent invasions may not be detected for many years. Controlling the introduction
of marine species and their impacts, however, is far more difficult than controlling terrestrial and
freshwater species given that they are not so obvious. Moreover, introduced marine species can transport
many other alien species. For example, the American oyster, Crassostrea virginica, was introduced to the
Pacific coast to supplement stocks of local species. Oyster drills (Urosalpinx cinerea), slipper shells
(Crepidula fornicata and C. plana), polychaetes (Polydora cornuta), and cordgrass (Spartina alterniflora)
may have been introduced with them (Ray, 2005). Worms used for live bait (Glycera dibranchiata) are
shipped packed in seaweed, which carries many potentially invasive organisms such as snails, crabs,
isopods, insects, plants and algae (MD Sea Grant, n.d.). Some species arrive by multiple mechanisms, e.g.
the Chinese mitten crab (Eriocheir sinensis) may have arrived in ballast water and in live trade as food (Ruiz
et al., 2000) or as pets from the aquarium trade (Dee et al., 2014; Smith et al., 2008). Overall strategies to
deal with marine invasion require international collaboration.
Recent trends. As is occurring in terrestrial and freshwater systems, the spread of alien species in marine
systems of the Americas continues. Marine species once established, can spread very rapidly. The Asian
green mussel Perna viridis, native to the Indo-Pacific, was first observed in Caribbean waters in 1990 (Agard
et al., 1992). Within 10 years, green mussels were found along the coasts of Venezuela, Jamaica and Tampa
Bay, Florida (Benson et al., 2001; Buddo et al., 2003; Ingrao et al., 2001; Rylander et al., 1996). Rates of
marine introduction seem to be increasing in some places. For example, Cohen and Carlton (1998)
estimated that the San Francisco Bay and Delta ecosystem has received about one new invasive species
every 36 weeks since 1850: as of 1970, the rate increased to one new species every 24 weeks. A huge
number of marine species (280) were recently found to have crossed the Pacific from Japan to the west
coast of North America on debris swept to sea by the 2011 tsunami (Carlton et al., 2017), warning that
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increasing amount of debris in the oceans are a potential source of invasive marine species. Invasions
related to human food production are a current concern. Non-native shrimp (Asian tiger shrimp, Penaeus
monodon), oysters (Ostrea edulis) and Atlantic salmon (Salmo salar) cultured in marine enclosures, have
generated concern over disease and other impacts that might arise from their escape.

Biodiversity and people
Cultural diversity: How many indigenous groups and languages are
represented in the Americas?
Cultural diversity is defined as the spiritual, material, intellectual, and emotional processes and dynamics
developed by a social group. It is composed of livelihoods, values, traditions, knowledge, and beliefs
centered on nature (Berkes, 2008; Posey, 1999; UNESCO, 2002). Traditional cultural and spiritual values
provide the context in which environmental stewardship can be nurtured (Kothari, 2009; Robson & Berkes,
2012).
In the 1980 census, half of the Latin American countries quantified their indigenous populations based on
linguistic criteria (CEPAL, 2014; Correa, 2011). As of 2000, 16 out of 19 countries identified their indigenous
populations on the basis of self-determination, common origin, territories, and linguistic and cultural
dimensions (Bartolomé, 2006; CEPAL, 2014; F. Correa, 2011; International Labour Organization, 1989).
Based on these criteria, in 2014, 826 native populations were legally recognized in the Americas (305 in
Brazil, 102 in Colombia, 85 in Peru, 78 in Mexico, 39 in Bolivia) and 15 First Nations populations were
recognized in Canada and the USA (United Nations Development Programme, 2014). In Latin America in
2010, indigenous peoples numbered about 45 million. Mexico is home to 17 million (15.1% of the total
population); Peru, 7 million (24%); Bolivia 6.2 million (62.2%) and Guatemala, 5.8 million (41%) (CEPAL,
2014). In Canada, First Nations population was less than 1 million (2.6% of the total population) and in the
USA, 5.1 million (1.7%) (United Nations Development Programme, 2014). In the 2011 census, aboriginal
peoples in Canada totaled 1.4 million, or 4.3% of the population. Some 600 First Nations governments or
bands with distinctive cultures, languages, art, and music were recognized. In the USA, 566 distinct Native
American tribes are recognized by the government as of 2016, including indigenous peoples of Alaska and
Hawaii (Federal Register, 2016). In 2010, the US Census Bureau estimated that about 0.8 or 0.9% of the USA
population was of native American descent; one-third of that population lives in California, Oklahoma and
Arizona (USA quickfacts census, 2012).
Languages underpin ethnobotanical, ethnozoological and ethnoecological knowledge and guides a people´s
spirituality and worldview. Indigenous and local knowledge (ILK) is transmitted by language and thus
conserving languages is crucial for understanding biodiversity as it relates to human well-being. Over 1,000
indigenous languages are spoken across the Americas. Most of the indigenous American languages in North
America are in trouble, dying or already extinct. Other subregions also face language extinction but are
somewhat more stable (Chapter 2, Table 2.2).

Cultural and biological diversity: Traditional knowledge and worldviews
among the indigenous communities of the Americas
Traditional knowledge. “Traditional knowledge is the ancestral wisdom and the collective and integrated
knowledge that indigenous, Afro-descendants, First Nation peoples, and local communities share based in
their praxis in the interrelationship human-nature, transmitted from generation to generation” (De la Cruz
et al., 2005). Biodiversity has significance to indigenous communities for human nature, culture and
spirituality. Traditional knowledge is collective, intergenerational and linked to the right of free
determination and worldview (De la Cruz, 2011; Robson & Berkes, 2012). These interrelationships
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constitute the biocultural heritage of indigenous people that is intimately related to their connection to
land and sacred or spiritual places, and influence how people interact with and manage land. A good
example is seen in the indigenous Menominee people who inhabit the Great Lakes region (Box 3.3).
Worldview. The “worldview” is the structured group of diverse ideological systems by which a social group
understands the universe and the order of systems, knowledge, and interrelationships with nature. (LópezAustin, 1990). Recognition of worldview signifies appreciation for a system that has the potential to be less
damaging to the environment than many current dominant practices. The worldview is interrelated with
territory, nature, religion, politics and the economy (Zolla & Zolla, 2004). Most indigenous populations share
principles that derive from their worldview, including the principle of reciprocity, the principle of
correspondence between the micro-cosmos and the macro-cosmos and the principle of complementarity,
in which the cosmos functions with all of its parts (Zolla & Zolla, 2004).
Box 3.3. The Menominee Nation: an example of indigenous knowledge and practice.
The Menominee Nation is a nation of indigenous people of North America that has existed for
thousands of years. Currently situated in Wisconsin (USA), it stewards one of the significant regions of
contiguous vestiges of old growth hardwood forest that remain in the Great Lakes Region. The presentday Menominee reservation is only a fraction of the estimated 4.05 million hectares of ancestral lands
accessed by the Omaeqnomenewak prior to European contact. Treaties with the USA government
between 1817 and 1856 resulted in a large loss of land, down now to approximately 95,313 ha
(Omaeqnomenew Masenahekan, 2004). Much of the Menominee forest is old growth due to efforts
by early leaders to manage the resource sustainably in a time when land barons were harvesting what
they perceived were unlimited supplies of timber. Some 68% of the region was covered by old-growth
forests in the late 1800s (Frelich, 1995), but only about 1% of Wisconsin’s old-growth forests remain
today as a consequence of producing more than 8.26 million cubic meters of timber annually in the
late 1800s. Guided by tribal leaders’ philosophy for managing forests and processing of forest
products, Menominee forested land provides economic benefits not only through sustainable timber
harvesting and wood product manufacturing but also through access to culturally important plant and
animal species and ecosystems. As a result, the Menominee forest is home to ecosystems not seen in
Wisconsin since before the great forest clear-cuts of the 1800s. The current sustainable forest
management is a reflection of the worldview of early tribal leaders expressed in the following
management goal: Maintain the diversity of native species and habitats, continue to improve
environmental and cultural protection, improve planning efforts, further develop economic
opportunities, promote communication, and increase environmental education for the Menominee
people, while maximizing the quantity and quality of forest products grown under sustained yield
principles (Menominee Tribal Enterprises, 2012).
For the Otomi people, an indigenous group in Mesoamerica, worldview explains the universe; the origin
and destiny of humanity; the origin of their territory and mountains as the source of fertility and force; the
dialogues between humans and animals to seal protection; the creation of plants, health, and sickness as a
unity among body, soul and land; and the circle of time and space (Galinier, 1997; Pérez, 2008). Humans
are integrated with land, animals, plants, and mountains. Well-being consists of finding equilibrium among
these parts. “To be fine is to dominate our soul (ro mui)” (Pérez, 2008). Among the Kichwa people in
Ecuador, the Sumak Kawsay (“good living”) is based on a communitarian space, continuous dialogue with
Mother Nature or Mother Earth (pachamama), the conservation of ecosystems, different ways to produce
knowledge by all members, social organization based on the principle of reciprocity and solidarity (minka,
ranti-ranti, makikuna, uyanza). For Manuel Castro (ECUARUNARI, Ecuador), Sumak Kawsay implies social
equity, justice, and peace (Houtart, 2014). For Eugenia Choque, suma jakaña means to achieve food
sovereignty, and for Xabier Albó it denotes to “live together well” (Houtart, 2014). This worldview
constitutes an alternative for development and a “cosmic ethic” (Gudynas, 2009, 2011; Houtart, 2014).
Much can be learned from the worldview of indigenous peoples when it comes to sustainability and
biodiversity conservation.
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Domestication and use of biodiversity and agroforestry
Domestication. The northeastern USA, Mesoamerica, the Andean region of Peru, Ecuador and Bolivia, and
the Amazon basin are widely recognized as primary sites of management and domestication of biological
diversity in the Americas (Casas et al., 2007; Chacón et al., 2005; Clement et al., 2010; Galluzzi et al., 2010;
Harlan, 1971; Kwak et al., 2009; Parra & Casas, 2016; Perry et al., 2007; Smith, 1994) (see also Chapter 2).
Many plants were domesticated in Mesoamerica (mainly 30 food species, such as maize, beans, tomatoes,
cacao, squash, and chili), and the Andean region (potato, quinoa, squash, maize, beans, chili), Brazil,
Paraguay (mate, pineapple, some nuts) (Harlan, 1961; Kloppenburg, 1991; Nemogá Soto, 2011) (see also
Chapter 2). In the northeastern USA, native peoples domesticated perhaps 20 plant species, dogs, and
turkeys; in the Mesoamerica subregion nearly 200 plant species, dogs, turkeys, and cochineal were
domesticated (Casas et al., 2017; Zarazúa, 2016). In the Andean region of Peru, 182 plant species, dogs, and
two species of camelids (llamas and alpacas) were domesticated (Wheeler, 2017), as well as the guinea pig
and possibly the duck Cairina moschata (Torres-Guevara et al., 2017). In the Amazon, at least 80 species of
edible plants have been domesticated (Clement, 2017; Clement et al., 2016). In Mexico, incipient
management may include 800 to 1,200 plant species, whereas in Peru nearly 1,800 species are incipiently
managed (Casas et al., 2016; Casas et al., 2017; De Jong, 1996; Fraser et al., 2011; Moreno-Calles et al.,
2016; Moreno-Calles et al., 2016; Peri et al., 2016; Somarriba et al., 2012; Torres-Guevara et al., 2017).
In addition to agricultural development, local populations manage a high diversity of forests (tropical, dry,
temperate, boreal) and ecosystems (coastal, wetland, mountain, plain, desert, aquatic) from which they
obtain food, medicine, wood, fuelwood, water, tools, handicrafts, colorants, fodder, ornamental, biological
control and instruments. Traditional agricultural systems in the Americas, a result of millennia of cultural
and biological evolution, harbor high levels of biodiversity, planned and associated, and represent a highquality matrix that allows forest species movements among patches (Galluzzi et al., 2010; Larios et al., 2013;
Perfecto & Vandermeer, 2008). Traditional farming systems can have a structural complexity and
multifunctionality that benefit people and ecosystems and allow farmers to maximize harvest security and
reap the benefits of the multiple use of landscapes with low-environmental impacts (Altieri, 2000; Galluzzi
et al., 2010). For example, Mayan milpa systems, characterized by open field gaps, reforested plots, and
mature closed-canopy forests are recognized for their high agrobiodiversity. In Mayan milpa systems of
Greater Petén on the Yucatán Peninsula, around 99 cultigens of native species have been reported as
dominant plants on the open multi-crop maize fields, and more than 30 native tree species are managed or
protected inside the long-lived perennial reforestation plots and under closed canopies (Ford & Nigh, 2015).
Saving such biodiversity should be a priority.
Use of biodiversity. Besides domestication, the biologically-diverse Americas contain a large amount of
other biodiversity used by people, including plants, vertebrates, arthropods, fungi, lichens, bacteria, and
yeasts. For Mexico, the ethnobotanical data bank at the Universidad Nacional Autónoma de México records
close to 7,000 useful plant species out of a total of 24,000 for the country (Casas et al., 2017; Casas et al.,
2016). Studies in some regions of Mexico indicate that, on average, nearly 40% of plant species are useful.
Such information leads to an estimate of around 10,000 useful plants in Mexico. In Peru, different studies
have recorded some 4,400 useful plant species (Torres-Guevara et al., 2017). Mesoamerican peoples are
known to use about 7,000 plant species, mainly for medicines; 3,000 animal species (including insects); and
120 fungal species (Caballero & Cortés, 2001; Hernández, 1985; Rojas, 1991).
Agroforestry. In Latin America, an estimated 200 to 357 million ha are under agroforestry (Somarriba et al.,
2012). About 12 recognizable types are found, seven in the tropics and five in temperate zones (AFTA,
2017; Jose et al., 2012; Kort et al., 2014; Nair, 1985; Nair et al., 2008; Peri et al., 2016; Somarriba et al.,
2012). Agroforestry systems in North America and part of southern South America are of recent origin,
while central and northern South American agroforestry systems are bound to highly diverse cultural zones,
where societies have preserved their traditional knowledge over thousands years (Casas, Parra et al., 2016;
Casas, Parra-Rodinel, Rangel-Landa et al.,2017; De Jong, 1996; Fraser et al., 2011; Moreno-Calles, Casas,
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Rivero-Romero et al., 2016; Moreno-Calles, Casas, Toledo et al., 2016; Somarriba et al., 2012; TorresGuevara et al., 2017). Ethnoagroforestry management conserves native wild plants, wild and domesticated
animals, and the interactions among them (Moreno-Calles et al., 2016; Pell, 1999). Species richness of nonvolant mammals and amphibians is similar for agroforestry systems and forests (Chaudhary et al., 2016;
Danielsen et al., 2009; García-Morales et al., 2013; Mendenhall et al., 2014; Philpott et al., 2008). However,
forest birds, particularly specialist species, and phytophagous bats have declined over time in richness and
abundance, respectively, in agroecosystems (Danielsen et al., 2009; García-Morales et al., 2013;
Mendenhall et al., 2014; Philpott et al., 2008; Gonçalves et al., 2017).
Agroforestry systems are being lost due to human migration, access to commercial markets, land use
change, and the disinterest of government agencies (Montes-Leyva et al., 2017; Van Vliet et al., 2012). The
creation of agroforestry systems based on traditional indigenous and local knowledge and novel
technological advances promises improvement of ecological interactions, provision of multiple products
and ecosystem services (Jose et al., 2012; Moreno-Calles et al., 2016; Moreno-Calles et al., 2016; Peri et al.,
2016), and if stimulated, would contribute to biodiversity conservation.

Status and trends of biodiversity in urban anthropogenic systems
Status. Urban areas are home to about 80% of the population in the Americas. Urban land in the North
American (excluding Greenland) and Mesoamerican subregions accounts for 5% of the total land (Güneralp
& Seto, 2013). The Caribbean subregion has the highest urban land fraction (16%) and South America the
lowest (2%). Currently, the Americas host eight (20%) of the world´s 40 Megacities (population over 10
million): two in the North American subregion, one in the Mesoamerican subregion and five in the South
American subregion. There are many other large cities in the Americas that do not qualify as megacities
(Figure 3.12A). Urban ecosystems in the Americas are expected to continue to expand and coalesce (Seto
et al., 2012). This signifies that urban areas will be the main contact point with nature for an increasingly
large proportion of the Americas population. Policies that conserve and enhance urban biodiversity will
thus enhance human well-being.
Urban areas in many parts of the Americas are surrounded by high-diversity ecosystems. Major changes in
species richness, species composition, and ecosystem functioning have accompanied urbanization
(McPhearson et al., 2013; Pauchard & Barbosa, 2013) although cities may be hotspots of plant biodiversity
because of human cultivation (Müller et al., 2013). A survey of spontaneous and cultivated flora across
seven USA cities found a positive association between species richness and urbanization (Pearse et al.,
2018), a pattern that has been observed in other regions (Hope et al., 2003; Walker et al., 2009). However,
urbanization can lead to loss of spontaneous species richness and phylogenetic diversity and selects for
plants with functional traits that allow them to disperse and reproduce well in the urban environment
(Knapp et al., 2012). That is, the urban flora is a non-random sample of plant biodiversity.
Cultivated plant species in North America, and perhaps across the Americas, include a high number of
introduced species (Pearse et al., 2018). Such introduced species can escape cultivation (Knapp et al., 2012;
Pearse et al., 2018) and interact with native species, changing the floral composition in urban areas and
beyond (Shochat et al., 2010). Indeed, the proportion of exotic plants is expanding, and the number of
native species is declining in urban areas in the Americas (Reichard & White, 2001; McKinney, 2002;
Kowarik, 2008; MacGregor-Fors & Ortega-Álvarez, 2013), while urban floras are tending to homogenize (La
Sorte & McKinney, 2007). Consequently, urbanization affects community assembly and leads to more
simplified (Aronson et al., 2014; McKinney, 2002; Stranko et al., 2010) and more homogenized ecosystems
(Groffman et al., 2014; Hall et al., 2016; La Sorte & McKinney, 2007; McKinney, 2006; Steele et al., 2014).
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Box 3.4. Botanical gardens in the Americas.
otanical gardens are stores of plant biodiversity that provide ex-situ conservation and biodiversity
education to urban populations. However, there is a large imbalance in the distribution of botanical
gardens across the subregions. Of the 2,728 botanical gardens registered globally with the botanic
gardens Conservation International, 765 occur in North America, 127 in Mesoamerica, 46 in the
Caribbean, but only 164 in South America (Figure 3.12. B). South America’s relatively low number is
noteworthy given that it houses higher plant species richness and more megacities than North America.
Some very rich biomes, like the South American Mediterranean forests, shrublands and scrub biome,
have a very poor representation of certified botanical gardens (Figure 3.12. B).

Some plant and animal species tend to do well in the physical structure of the urban landscape and are able
to take advantage of the availability of resources such as human garbage. However, animal species richness
tends to decline along urbanization gradients (Aronson et al., 2014; Chace & Walsh, 2006; González-Urrutia,
2009; Groffman et al., 2003; Hamer & McDonnell, 2008; McKinney, 2002, 2008; Moore & Palmer, 2005;
Ortega-Álvarez & MacGregor-Fors, 2011; Paul & Meyer, 2001; Stranko et al., 2010; Urban et al., 2006). That
said, nonlinear relationships have also been reported for animal species along these gradients (Blair &
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Launer, 1997; Faggi & Perepelizin, 2006; Germaine & Wakeling, 2001; McIntyre et al., 2001; McKinney,
2008).
Urban environments are associated with a decline in native mammals, with the rare exception of species
able to thrive near humans. Carnivorous and large mammals have been progressively excluded from urban
areas, while middle-size omnivorous mammals that eat anthropogenic foods tend to persist (McCleery,
2010; Pereira-Garbero et al., 2013). Many small mammals in the Americas are poorly represented in cities
except rats and mice (Cavia et al., 2009; Childs & Seegar, 1986; Himsworth et al., 2013). The response of
reptile biodiversity to urbanization is poorly understood, although positive trends were reported for turtles
and snakes (Barrett & Guyer, 2008). In Arizona, lizard diversity and abundance follows a humped pattern
on a residential density gradient (Germaine & Wakeling, 2001).
Birds are among the most studied urban animals. Avian diversity and urbanization are negatively correlated,
while the total abundance of birds may increase with urbanization (Chace & Walsh, 2006; González-Urrutia,
2009; Ortega-Álvarez & MacGregor-Fors, 2011). As in other taxa, these trends are associated with shifts in
functional traits along urbanization gradients (Chace & Walsh, 2006; Leveau, 2013; McKinney, 2002) and
species ability to use waste as food (Marateo et al., 2013). Urban bird diversity is enhanced by increases in
the number, size, connectivity and habitat heterogeneity of urban parks and vegetation remnants (Beninde
et al., 2015; Díaz & Armesto, 2003; Garitano-Zavala & Gismondi, 2003; González-Urrutia, 2009; Juri & Chani,
2009; Manhães & Loures-Ribeiro, 2005; Maragliano et al., 2009; Ortega-Álvarez & MacGregor-Fors, 2011;
Perepelizin & Faggi, 2009; Sacco et al., 2013; Villegas & Garitano-Zavala, 2010). Significant raptor diversity
has been reported, even in larger cities. For example, more than 20 raptor species were recorded in Buenos
Aires, Argentina (Cavicchia & García, 2012). Some 24 species (83% of Chilean raptor species) were observed
in the Chilean Metropolitan Region of which 18 occur in the vicinity of Santiago; seven are considered urban
or suburban (Jaksic et al., 2001). In Baja California, Mexico, raptor richness was unaffected by the
anthropogenic transformation of the habitat (Rodríguez-Estrella et al., 1998). At the same time, non-native
avian species have progressively established in urban areas. In Mesoamerica some urban areas now have
non-native avian abundances similar to those observed in developed countries at temperate latitudes
(González Oreja et al., 2007). In the midwestern USA, raptors such as the peregrine falcon, whose
populations plummeted with pesticide use in the mid-20th century, have been successfully reintroduced in
cities where tall buildings provide suitable nesting sites (Tordoff & Redig, 2001).
Arthropods show a range of responses to urbanization (McIntyre, 2000; Müller et al., 2013, Raupp et al.,
2010). In the Phoenix area, for example, birds were found to be a dominant force controlling arthropod
ecology (Faeth et al., 2005). While some urban gradients involve small changes in richness or abundance of
arthropods, community composition may change considerably (McIntyre et al., 2001). In Palo Alto,
California, butterfly diversity has progressively declined with increasing urbanization (Blair & Launer, 1997).
However, several studies show a positive relationship between urbanization and some bee guilds (e.g.
cavity-nesters within urban areas, Potts et al., 2010).
Recent trends. An increase in high-rise buildings has greatly increased population density in many cities of
the Americas. Urban ecosystems within these cities have increased in size as the human population has
grown (Grimm et al., 2008). This portends large-scale transformations for the provision of water, food, and
services (Vörösmarty et al., 2000). Associated transportation systems have created a network of
interconnected urban habitats that has grown significantly in extent, density and flow (Kohon, 2011;
Rodrigue et al., 2017).
Over the past two decades, the uneven accessibility of urban greenspace has become recognized as an
environmental justice issue as awareness of its importance to public health has become recognized (Dai,
2011). Some cities in Latin America have begun to set goals to plan for a minimum of 9m2 of green area per
inhabitant 10. Data on green areas for cities in the Americas is scarce and this is an area that needs better
attention. The percentage of urban areas dedicated to green areas is highly variable across the Americas
(Figure 3.13). Considerable variation, moreover, can occur within individual cities. For example one of the
10

http://ipco.gob.mx/images/documentos/estudios/piam_colima_final_2010.pdf
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wealthiest suburbs of Santiago, Chile has 56m2 per inhabitant, while one of the poorest has only 2.4m2
(Reyes & Figueroa, 2010). Generally, the incorporation of green areas of any kind has promoted urban
biodiversity (Cameron et al., 2012), although the development of green areas has not been commensurate
with the population increase in urban areas. Thus, conserving biodiversity in urban areas should be a
priority. The establishment of green areas using native species can simultaneously contribute to biodiversity
conservation and human well-being and should be a priority.

The Americas are projected to experience significant increases in urban land extent (Figure 3.14. a)
(Güneralp & Seto, 2013). Moreover, North America is expected to have more than 50% of its total urban
lands within 25 km of protected areas and 90% of its urban lands within 50 km of protected areas by 2030;
in contrast, South America is projected to have about 65% within 50 km while Mesoamerica and the
Caribbean are projected to have somewhat more (Figure 3.14. b) (Güneralp & Seto, 2013). Documented
changes in hydrology with urbanization, including alteration of wetlands (Steele et al., 2014), pollution,
simplification of freshwater environments and loss of riparian vegetation, will tend to reduce biodiversity
among algae, plants, invertebrates and vertebrate communities (Groffman et al., 2003; Moore & Palmer,
2005; Paul & Meyer, 2001; Stranko et al., 2010; Urban et al., 2006). Amphibians are particularly vulnerable
to urban development (Hamer & McDonnell, 2008), habitat loss, homogenization and isolation (BirxRaybuck et al., 2010; Cushman, 2006; da Silva et al., 2011, 2012; Delis et al., 1996; Fahrig, 2003; Fahrig et
al., 1995; Sutherland et al., 2010) and changes in hydrodynamics (Barrett et al., 2010; Eskew et al., 2012;
Price et al., 2011).
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Long-term data on biodiversity in cities of the Americas still tends to be limited and fragmented. In the USA,
two urban Long-Term Ecological Research sites (Baltimore and Phoenix) have been established to gather
social and ecological data (Redman et al., 2004). Such Long-Term Ecological Research sites are valuable for
the purpose of comparative international research on urban socio-ecological systems and their links to
decision-making. The City Biodiversity Index (“Singapore Index”), which integrates biodiversity data, has
been widely used in South East Asia to assess the role of cities in conserving biodiversity. This, or some
similar index, could be adapted for use in the Americas.

Status and trends of biodiversity in agricultural, silvicultural and
aquacultural anthropogenic systems
European colonization simplified agricultural systems and landscapes across the Americas, reducing crop
diversity, marginalizing several native crops and eroding knowledge associated with traditional farming
practices (Galluzzi et al., 2010; Galluzzi & López Noriega, 2014; Khoury et al., 2014; Kremen & Miles, 2012;
Winograd et al., 1999). As a consequence, large amounts of land in the Americas are today devoted to
intensive cropping and forestry (c.f., Beddow et al., 2010). Conversion of land from natural systems to crop
production and agriculture has important impacts on habitat for biodiversity and differs by biome
(Ramankutty et al., 2010) and type of farming system. For Latin America, expansion of pastures is the main
cause of habitat loss and is responsible for more than two-thirds of deforestation in the Amazon region,
with agrofuel and fodder (soybean) monocultures also adding pressure to forests (Altieri, 2009; Pacheco et
al., 2011; Thornton, 2010). Agricultural intensification changes and diminishes ecological functions
(Goijman et al., 2015) and can lead regionally to shifts in species composition (section 3.4 for details of
impacts in different terrestrial biomes). Traditional knowledge and systems for the maintenance of crop
genotypes have been lost as agriculture has been commercialized. For example, there is evidence of a loss
of large numbers of native potato in Cusco (Gutiérrez & Schafleitner, 2007), due to the introduction of
commercial strains. This is a vast area of knowledge that was not possible to cover in the present
assessment and warrants an assessment on its own merits.
Non-native species are often the base of production systems and can impact ecosystem services needed to
support production in the long term. Fishes in aquaculture represent a good example, as nearly all countries
culture tilapias, carp and trout, none of which are native to the Americas. Although Brazil contains 20% of
the world’s fish species, aquaculture is based solely on non-native species – some are native to the country
but produced beyond their native ranges (I3N, 2016). The same trend is present in silviculture. Pines (Pinus
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spp.) are widely invasive in the southern hemisphere, with at least 16 species that have spread from
planting sites into natural or seminatural vegetation (Richardson et al., 1994), while acacias (Acacia spp.)
and gums (Eucalyptus spp.) are either not planted as much or are less aggressive. These taxa, either in
plantations or invasions, have been documented as intensive water users; areas invaded with these trees
tend to have low economic value and low productivity (Versveld et al., 1998).

Recent trends. The Americas have led world production of high-demand agricultural products like soybeans,
sugarcane, and cattle meat over the past five decades. During this period, the net agricultural production
of the region has grown together with its population (Ramankutty et al., 2002). This has led to increases in
the conversion of land to agriculture (Figure 3.15). The apportionment of land to agriculture (aggregated
within each subregion) shows the greatest increases in Mesoamerica followed by South America, but recent
declines in the Caribbean and North America. The total extent of arable and pasture lands in Latin America
has increased at an annual rate (1990–2008) of 0.87% for South America (16.4 million ha) and 0.15% for
Mesoamerica (828,000 ha). Pasture land grew by 11.3 million ha (0.14% per year) in South America, while
in Mesoamerica it declined 2.7 million ha (−0.17% per year) (Pacheco et al., 2011). Conversion of land for
agricultural purposes has often come at the expense of forest, woodland, and other vegetation types
(section 3.4).
From 1992 to 2010, richness and phylogenetic diversity of crop production and exports from all subregions
have been relatively constant. However, South America and Mesoamerica have higher phylogenetic
diversity in crop production than does North America, and Mesoamerica has higher crop species richness
than both North and South America (Nelson et al., 2016). In contrast, North America has a higher
consumption of species richness than other subregions, even while all subregions have similar phylogenetic
diversity in crop consumption (Nelson et al., 2016).
Pollinator-friendly agricultural systems can help maximize crop yields by preserving the pollination services
offered by wild bees (Garibaldi et al., 2014; Shaver et al., 2015). Pollinator loss has been particularly rapid
in tropical regions (Ricketts et al., 2008) as well as in extensive temperate regions that have experienced
drastic land use transformations, like the Pampas of South America (Medan et al., 2011) and the USA
Midwest and Great Plains (Koh et al., 2016). The high use of pesticides across the Americas (Liu et al., 2015)
is an important additive and interactive cause of bee declines (Goulson et al., 2015).
Aquaculture has increased in the Americas. In the USA, aquaculture growth for marine fish and shellfish has
been below the world average, rising annually by 4% in volume and 1% in value (Naylor, 2006). The main
marine species are Atlantic salmon, shrimp, oysters, and hard clams, which together account for about one-
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quarter of total USA aquaculture production. In South America, Chile is now the second largest producer of
salmon globally after Norway (Buschmann et al., 2006). Excessive use of antibiotics in Chilean salmon farms
have resulted in antibiotic resistance (Burridge et al., 2010), and this trend may be widespread.

Emerging diseases and biodiversity
Emerging infectious diseases have become a major concern (Hatcher et al., 2012). Bacteria, viruses,
protozoan, fungi, helminths and drug-resistant microbes are commonly reported in emerging infectious
diseases outbreaks worldwide affecting a wide taxonomic spectrum (Jones et al., 2008; Pedersen et al.,
2007). Multiple mechanisms and causes for emerging infectious diseases have been recognized, including
biodiversity loss, land use change, urbanization, climate change, human demographics, international travel
and commerce, species invasions, pollution, microbial adaptation, war and famine, poverty, and breakdown
of public and animal health measures (Hatcher et al., 2012; Jones et al., 2008; Loh et al., 2015). Individually
or synergistically, these causes affect patterns of species distributions and favor invasions of reservoirs,
hosts, vectors, and pathogens affecting native species (Keesing et al., 2010; Suzán et al., 2009).
Emerging infectious diseases are reported in marine and terrestrial ecosystems and are responsible for
several species and populations extinctions worldwide. Coral reef fragmentation, pollution, and warming
have favored toxins and pathogens like Serratia marcescens (white pox disease) and Vibrio AK-1 (coral
bleaching), producing widespread coral reef mortality (Sutherland et al., 2010; Vega Thurber et al., 2014).
Likewise, marine mammals have been threatened by morbilliviruses, poxviruses, and papillomaviruses
globally (Harvell, 1999). In terrestrial systems, plant communities have been decimated by emerging
infectious diseases such as Dutch elm disease (Ophiostoma spp.), chestnut blight (Cryphonectria parasitica),
and jarrah dieback (Phytophthora cinnamomi) that affects hundreds of host plants (Anderson et al., 2004).
Several examples of emerging infectious diseases have been reported to affect vertebrates, including
Batrachochytrium dendrobatidis, a fungal infection producing population and species extinction in
amphibians worldwide, and malaria infection in Hawaiian birds (Smith et al., 2009). In the Americas, several
endangered and threatened species have declined as a result of emerging infectious diseases such as West
Nile virus in native birds (Robinson et al., 2010; Smith et al., 2009), plague in prairie dog colonies (Stapp et
al., 2004) and White-nose syndrome in North American bats (Frick et al., 2017). Several infections affect
top predators, including canine parvovirus in wild carnivores (Pedersen et al., 2007) and canine distemper,
which is associated with extinction in the wild of the black-footed ferret (McCarthy et al., 2007; Thorne &
Williams, 1988). Increasing spread of infectious diseases can be expected with globalization, calling for
greater vigilance.

Status and recent trends of biodiversity by units of analysis
Terrestrial biomes
In this section, snapshots of the status and recent trends in biodiversity for the major terrestrial biomes are
examined in each subregion where they occur (see Chapter 1 for official units of analysis map of the
assessment). Although coverage is extensive, space limitations prevented assessment of all biomes in each
subregion and exhaustive treatments for the biomes that are assessed. Status and recent trends in
biodiversity and the relative importance of NCP are synthesized in Figures 3.24 and 3.25, respectively.
Summary data on species richness for the biomes assessed in each subregion can be found in Table 3.4.

3.4.1.1 Tropical and subtropical moist forests
Mesoamerican subregion
Status. Species diversity in the Mesoamerican broad-leaved tropical/subtropical moist broadleaf biomes is
high, with low to moderate species endemism (Myers et al., 2000; Ray et al., 2006). In Mexico, moist wet
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forests and montane cloud forests have the highest diversity of plant species per unit area among
vegetation types (Rzedowski, 1991). Tropical lowland broadleaf moist forests house around 17% of the flora
of Mexico, while montane mesophyll forests contain around 9% of the flora (see also, Table 3.4 for
numbers) (Challenger & Soberón, 2008). Mesoamerican coniferous forests in general support low to
moderate species diversity. Notably, however, Mexican coniferous forests contain very high numbers of
pine and oak species (Table 3.4). Species diversity and endemism for amphibians are high in the moist
forests of the Mesoamerican highlands (Köhler, 2011; Lamoreux et al., 2015). In Mesoamerican lowland
rainforests, the diversity of mammals decreases from eastern Panama to southern Mexico (Voss & Emmons,
1996). The mesic forests of southeastern Mexico have been classified as critically endangered (Hoekstra et
al., 2005).
Recent trends. Over the past 50 years, loss of lowland moist forest in Mexico was acute, the yearly
deforestation rate reaching 2.6% for 1976-1993 and 1.3% for 1993–2002 (Challenger & Dirzo, 2009); by
2002 primary forest was down to only 17.5% of the original area. Before the late 1980s, forest loss was
generally caused by small-scale slash-and-burn agriculture. In the past 25 years, however, large-scale
cropping and pastures became the main causes of tropical habitat loss (Gibbs et al., 2010; Laurance, 2010).
Montane mesophyll forest (including cloud forest) was reduced from less than 50% to 28% of its original
extent over the period 1976 -2003; coniferous forests fared better, with around 50% still remaining
(Challenger & Dirzo, 2009).
Removal and fragmentation of moist forest have led to a significant decrease of regional species diversity
(Ray et al., 2006). Many amphibian species have experienced severe local and regional declines across the
moist forests of the Mesoamerican highlands due to habitat destruction, emerging infectious diseases and
other factors (Lamoreux et al., 2015; Stuart et al., 2008). The increased use of pesticides and fertilizers, loss
of live fences, and decline of natural habitat fragments within agroecosystems – have also exacerbated
biodiversity losses due to habitat reduction (The Nature Conservancy, 2005).
In general, tropical forests seem to be resistant to the impacts of invasive plant species (Denslow & DeWalt,
2008), and compared with habitat loss and fragmentation, exotic invasive species are considered a
relatively minor threat to moist forest biodiversity as seen in Mexico (Challenger & Dirzo, 2009; Dirzo &
Raven, 2003). Of the 42 exotic species reported by Rejmánek (1996), most are confined to pastures,
clearings, or other highly disturbed sites (Foster & Hubbell, 1990; Hammel, 1990). However, there is some
evidence that invasive species are increasing (Aguirre-Muñoz & Mendoza, 2009; Espinosa & Vibrans, 2009).
The Asian house gecko, Hemidactylus frenatus, has been widely introduced in Mesoamerica and is replacing
the native leaf-toe gecko, Phyllodactylus tuberculosus, especially along the forest edge and in disturbed
forests (G. Köhler unpubl. data). It is known to carry the pentastomid parasite, Raillietiella frenata, native
to Asia, and has been shown to transfer this parasite to Rhinella marina, a toad native to Mesoamerica
(Kelehear et al., 2015). Several species of Caribbean frogs of the genus Eleutherodactylus have been
documented as invasive species in Mesoamerican Tropical/Subtropical Moist Broadleaf Forests (Crawford
et al., 2011; Köhler, 2008).

Caribbean subregion
Status. The tropical moist forest biome is thought originally to have covered around 81,000 km2 in the
Caribbean (Dinerstein et al., 1995). As of European colonial times and especially before the 1900s (Gould
et al., 2012; Lugo et al., 2012), much forest was cleared for agriculture (Fitzpatrick & Keegan, 2007).
Dinerstein et al. (1995) estimate that 50% of the original wet forest in the Greater Antilles (90% in Jamaica
and Hispaniola) and 25% in the Lesser Antilles was removed or degraded. Land too steep or distant from
coastal markets was often left untouched and today forms the core of the remaining biodiversity in
Caribbean islands. Vegetation at higher altitudes on the islands of the Lesser Antilles was often retained for
“attraction of the rains” (Fitzpatrick & Keegan, 2007; Lugo et al., 2012).
In general, endemism is high for plants and vertebrates in the Caribbean subregion, as is plant species
richness. The biodiversity data for the subregion (Table 3.4) to some extent correlates with Caribbean
tropical moist forest extent, given that this biome contains a high proportion of Caribbean terrestrial
biodiversity. In the Lesser Antilles, the upland moist forests are more species diverse and host the majority
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of the endemic plant species due to biogeographic factors and human deforestation of the lowlands
(Adams, 1997). On the other hand, montane moist forests in the Dominican Republic appear to have lower
rates of species richness and endemism than do dry forests (Cano-Ortiz et al., 2015). Cuban invertebrates
seem to show high endemism levels similar to those found in vertebrates (e.g. Alayo, 1974; Alayón García,
1999; Starr, personal communication). Among those assessed, some 316 species of plants and vertebrates
in the Caribbean are considered threatened (Anadón-Irizarry et al., 2012; IUCN, 2017).
In the Caribbean, terrestrial habitats, including productive areas, are affected by a multitude of invasive
alien species — among them, agricultural pests that were introduced with crops. Adverse impacts of
invasive species are most severe in the Greater Antilles and Northern Lesser Antilles on islands that have
been isolated for the longest time periods and have the greatest degree of human degradation and
disturbance (Kairo et al., 2003). However, there is speculation that some invasive exotic plants may act as
nurse plants for native species and will decline in importance once native species recover from human
disturbance (e.g. Leucaena in Puerto Rico) (Lugo et al., 2012). There is also growing acceptance that exotic
species have become important components of many island ecosystems (Lugo et al., 2012).
Recent trends. Forests at mid- to high altitudes began to regenerate when agriculture declined after World
War I (Gould et al., 2012; Lugo et al., 2012). In Puerto Rico, forest cover increased from approximately 5%
to over 30% between 1940 and 1990 (Aide et al., 2000). Tropical moist forest tends to regrow in
mountainous areas where agriculture is more likely to be small scale (Asner et al., 2009); 2,550 km2 of
mountain tropical moist forest regenerated between 1984 and 2002 in the Dominican Republic (Grau et al.,
2008) and 1,036 km2 of dry/moist/wet mountain forest regenerated between 1991 and 2000 in Puerto Rico
(Parés-Ramos et al., 2008). The area of Caribbean forests in general increased by an average of 0.81%
between 1990 and 2010 (FAO, 2011), but in Puerto Rico, the increase has now ceased (Grau et al., 2008).
Loss of native predators and herbivores due to introduced predators in post- and pre-Columbian times
continues (Kairo et al., 2003).

South American subregion
Status. In South America, this biome is centered on the Amazonian wet forest, Atlantic coastal forest, and
Andean tropical montane forest. It is also found on the western side of the northern Andes (at low altitudes)
and in lowland Venezuela, Guyana, Suriname, and French Guiana. Amazonian wet forest covers 6.7 million
km2 — half of the planet’s remaining tropical forests. Around 17% of Amazonian wet forest has been
destroyed (Charity et al., 2016) (see also Figure 3.16). Andean tropical montane forest comprises cloud
forests (northern Andean forests, Yungas forests and Bolivia-Tucuman forests) and seasonal (wet) forest
mostly found above 1,500 m.a.s.l. Atlantic coastal forest once covered around 1.5 million km2 but today is
down to ~12% of its original pre-colonial extent (Ribeiro et al., 2011). Continuous expanses of forest
(measured as the proportion of forest more than 1 km from the forest edge) have decreased from 90%
(historical) to 75% (today) in Amazonian wet forest and from 90% to less than 9% in Atlantic coastal forest
(Haddad et al., 2015). The Amazon, long thought to be a pristine forest, is now recognized as having been
subject to long-standing indigenous management and transformation (Roberts et al., 2017). At least 138
crops in 44 plant families, mostly trees or woody species, were cultivated, managed or promoted in
Amazonia upon European contact, although some were subsequently lost (Clement, 1999). Human use of
biodiversity has been associated with the origin of many new varieties of manioc in both Amazonian wet
forest and Atlantic coastal forest (Emperaire & Peroni, 2007).
Exceedingly rich (Table 3.4), Amazonian wet forest is estimated to house one-tenth of all known species of
plants and animals (Charity et al., 2016), although these estimates require careful verification. Although
opinions differ widely regarding total tree species richness (Table 3.4), it seems that relatively few species
account for the bulk of the Amazonian wet forest trees (ter Steege et al., 2013, 2016). Also very rich, Atlantic
coastal forest has high endemism (Kier et al., 2009; Mittermeier et al., 2005; Tabarelli et al., 2010). For
example, 16–60% of birds, mammals, reptiles, and amphibians in Atlantic coastal forest are endemic
(Mittermeier et al., 2005; Tabarelli et al., 2010). Andean tropical montane forest likewise has many rangerestricted species (Fjeldså & Rahbek, 2006), high bird species diversity (Table 3.4), high species turnover
along altitudinal gradients and high endemism. Epiphytes, which have high water storage, are especially
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abundant in Andean tropical montane forest (Brown, 1990; Kessler, 2001; Kramer et al., 2005; Krömer et
al., 2006; Küper et al., 2004; Roque & León, 2006), as they are in Atlantic coastal forest (2,256 species of
hemi-epiphytes, the equivalent of 15% of all vascular plants in these forests) (Freitas et al., 2016).
South American tropical and subtropical moist forests provide important biodiversity-linked NCP.
Amazonian wet forest stores 10% of global carbon and places seven trillion tons of water per year into the
atmosphere, contributing to the stabilization of local and global climate and nurturing agriculture (Charity
et al., 2016). Although globally less relevant than Amazonian wet forest, mature Andean tropical montane
forest has higher above-ground biomass than was originally thought (Spracklen & Righelato, 2014). Slope
stability, critical in Andean countries, is higher in secondary Andean tropical montane forest than in forest
land converted to pastures (Guns & Vanacker, 2013). Pollination provided by wild bees and birds, and
animal dispersal are additional biodiversity-linked ecosystem services provided by this biome (see Box 3.5).
Currently, many orchids in Ecuador are grown commercially (Mites, 2008), and orchid greenhouses are now
a major tourist attraction.
Recent trends. Deforestation rates in the Amazon decreased during the past decade but increased again as
of 2015 (RAISG, 2015). Habitat loss in Atlantic coastal forest remains high in most regions, attaining annual
rates of 0.5% for the whole biome (Teixeira et al., 2009, see also Chapter 4). Between 2000 and 2012, the
net loss of Atlantic coastal forest was proportionally lower than for other tropical woody biomes (Figure
3.19), but this is considered to be due mainly to the establishment of exotic tree plantations (Salazar et al.,
2015). Andean tropical montane forest was lost in all Andean countries between 2005 and 2010: between
1985 and 2000 Colombia lost close to one million ha of montane forest (Tejedor Garavito et al., 2012).

Deforestation has impacted tree species in Andean tropical montane forest, judging by the 235 species
classified as globally threatened according to the International Union for Conservation of Nature (IUCN)
Red List of Categories and Criteria (Tejedor Garavito et al., 2014). Upon taking recent deforestation into
account, some Andean species representing different taxonomic groups in the IUCN lists were judged as
requiring updating in terms of extinction risk (Tracewski et al., 2016), suggesting heightened impacts.
Reductions in habitat and biodiversity in Andean tropical montane forest are in part due to down-burning
fires set in páramo and puna (e.g. Román-Cuesta et al., 2011). Ongoing deforestation is affecting range sizes
(Peralvo et al., 2005; Ocampo-Peñuela & Pimm, 2015), genetic connectivity among populations (Klauke et
al., 2016) and stream quality (Iñiguez-Armijos et al., 2014). Moreover, hydrologic connections between the
atmosphere and surface waters and their downstream effects have been altered in Andean tropical
montane forest - soil moisture can be significantly lower in pasture compared with forest (Ataroff & Rada,
2000).
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Forest fragmentation has been associated with long-term losses in species richness and changes in species
composition (Haddad et al., 2015; Metzger, 2009; Laurance et al., 2017). In Atlantic coastal forest, oldgrowth forest patches operate both as irreplaceable habitats for forest-obligate species and as stable
source areas (Tabarelli et al., 2010). Fragment size distribution, structural connectivity, matrix quality,
remaining forest cover, presence of old-growth forest patches and/or proportion of edge-affected habitats
have been identified as key correlates of species richness and abundance in bats, reptiles, birds,
canopy/emergent trees, small mammals, mammalian carnivores, butterflies, chironomid insects, and frogs
(Tabarelli et al., 2010). Multi-taxa data collected at regional and local scales in the northern Amazon
demonstrate reduced species richness with increasing anthropogenic disturbance and considerably more
biotic homogenization in arable croplands and cattle pastures than in disturbed, regenerating and primary
forest (Solar et al., 2015). Likewise, multi-taxa studies reveal a threshold forest cover that triggers local
extinctions (Joly et al., 2014). A survey of a wide range of taxa within a large forest mosaic recorded only
about 50% of old-growth forest species richness within patches of tree plantations (Araucaria, Pinus and
Eucalyptus) (Fonseca et al., 2009). Overall, habitat degradation has driven a fraction of Atlantic coastal
forest´s unique biodiversity to near extinction (Joly et al., 2014; Tabarelli et al., 2010). Nevertheless,
landscape dynamics suggest young secondary forests are beginning to expand in the Amazon, reducing
forest isolation and maintaining a significant amount of the original biodiversity (Lira et al., 2012). On the
other hand, reduction of traditional practices in Atlantic coastal forest has led to the local loss of cultivar
varieties (Peroni & Hanazaki., 2002).
Box 3.5. Nature´s contributions to people (NCP) of the South American Atlantic coastal forest.
Reflecting the very high NCP contribution of tropical and subtropical moist forest (Figure 3.25), the
importance of the Atlantic coastal forest goes beyond its rich and diverse biota. First, Atlantic coastal
forest provides water for 125 million people, representing three-quarters of Brazil’s population and for
electricity production. Additionally, Atlantic coastal forest provides food. The fruits of the Myrtaceae
species, palms, legumes, and passion flowers are important components of the diet of traditional and
local people, while other species provide raw materials such as fibers and oils. Many traditional
populations rely on Atlantic coastal forest vertebrates as a source of protein. This part of the more
inclusive tropical and subtropical moist forest biome plays an important role in climate regulation and
soil stability. Disrupting this stability signifies increased landslides and floods, with disastrous
consequences for human populations. In terms of agriculture-related NCP, Atlantic coastal forest hosts
some 60 species of Euglossini bees, known to be long-distance pollinators. Finally, the cultural value of
Atlantic coastal forest dates back >8,000 years. Atlantic coastal forest remnants are increasingly
important for recreation in urban areas, where they serve as parks or urban forests (Joly et al., 2014).
Overharvesting in Amazonian wet forest has caused recent declines in animal populations and basinwide
collapse in aquatic species (Antunes et al., 2016). Likewise, many species have proven susceptible to road
kill, predation or hunting by humans near roads (Laurance et al., 2009). Hunting of large mammals that
disperse seeds of many Neotropical trees can lead to important losses in above-ground biomass (Peres et
al., 2016). Defaunation thus has the potential to erode carbon storage, even when only a small proportion
of large-seeded trees are extirpated (Bello et al., 2015). The conservation of large frugivorous vertebrates
is therefore important to reduce emissions from deforestation and forest degradation.

3.4.1.2 Tropical and subtropical dry forests
Mesoamerican subregion
Status. Tropical and subtropical dry forests are rich in biodiversity, particularly insects, as seen for data for
mostly northwestern Costa Rica and Mexico (Table 3.4). The flora of Mexican lowland dry forests shows
outstanding endemism (25% at the generic level and 40% the species level) (Challenger & Soberón, 2008).
An estimated 72% of this biome, found mostly along the Pacific side of the Mesoamerican subregion, from
Panama to western Mexico, is converted (Portillo-Quintero & Sánchez-Azofeifa, 2010). Today Tropical and
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subtropical dry forests are considered among the most threatened of all terrestrial ecosystems worldwide
(Calvo-Alvarado et al., 2013; Janzen, 1988; Frankie et al., 2004). Mexico contains the largest remaining
extent in the Mesoamerican subregion (181,461 km2) (Portillo-Quintero & Sánchez-Azofeifa, 2010).
Tropical and subtropical dry forests have attracted far less attention than tropical moist forests. Not
surprisingly, comprehensive information on population trends is less abundant. However, several large
mammals have gone locally extinct, including the greater anteater (Myrmecophaga tridactyla) from Costa
Rica (Janzen, 2002). For the dry forests of Mexico, seven mammals, one reptile, and seven birds have been
reported as extinct: twelve plant species have been registered as extinct in states of Mexico dominated by
dry forest extinct (Baena & Halfflter, 2008; Flores-Villela & Gerez, 1994). For the Chamela-Cuixmala region
of Mexico, at least 40 vertebrate species (fishes not included) are at risk of extinction, representing about
15% of the regional vertebrate diversity (Ceballos et al., 1993).
More open Tropical and subtropical dry forests is more susceptible to invasion than closed moist tropical
forest. Invasive species, especially plants, abound. In Chamela, Jalisco, Mexico, 20 exotic species from seven
families of plants have been recorded, the grass family (Poaceae) being amply represented, along with three
exotic animal species, one rodent (Mus musculus) and two birds (Bubulcus ibis and Passer domesticus)
(CONABIO, 2016). For Yucatan forests, 90 species of plants from 28 families have been registered as exotic
(again, the most species-rich family is Poaceae, followed by legumes) as well as 18 species of animals,
including three birds, one rodent and five reptiles (CONABIO, 2016).
Recent trends. Tropical and subtropical dry forests in Mesoamerica have disappeared rapidly over the past
50 years (Bawa et al., 2004; Janzen, 1988). The deforestation rate in Mexico was estimated to be 0.5% per
year for the period 1993–2002; by 2002 only 26% of the original cover, by the authors’ definition, remained,
and only 38% of that is considered to be old-growth forest (Challenger & Dirzo, 2009). Most of this
deforestation may be attributed to conversion to pastures and agricultural crops (Masera et al., 1995).
However, a major effort to promote natural regeneration of Guanacaste dry forest is ongoing (CalvoAlvarado et al., 2009) and should serve as a stimulus for other countries in the Mesoamerican subregion for
the recuperation of this biome. In the 1970s, the scarlet macaw (Ara macao) still occurred in the Guanacaste
Conservation Area (Janzen, 2002); reintroduction can be expected in the future as forests regenerate.
The Africanized honeybee (Apis mellifera) arrived in the Guanacaste Conservation Area in the early 1980s
and now is a low-density member of the local bee fauna (Janzen, 2002). In the 1990s, wild native bee
diversity and abundance severely declined throughout Guanacaste Tropical and subtropical dry forests; this
is thought to be a possible consequence of reduced flower abundance due to the elimination of pastures
and forest not counterbalanced by Tropical and subtropical dry forest restoration (Janzen, 2002). The
flammable African pasture grass jaragua (Hyparrhenia rufa) has now reached high abundance in
Guanacaste, increasing fire frequency with complex impacts on biodiversity (Bonoff & Janzen, 1980; Janzen,
2002; Janzen & Hallwachs, 2016).

Caribbean subregion
Status. Some 92% of the areas suitable for Tropical and subtropical dry forests in the Caribbean are found
in Cuba and the Dominican Republic, a total of 124,488km2, which is close to 9% of this biome in Latin
America overall (Portillo-Quintero & Sánchez-Azofeifa, 2010). Around 66% of Tropical and subtropical dry
forests has been converted to nonforest in the Caribbean (66% in Cuba, 78% in Haiti, 58% in the Dominican
Republic, 54% in Jamaica and 64% in the Cayman Islands) (Portillo-Quintero & Sánchez-Azofeifa, 2010).
In the insular Caribbean, a typical island pattern of moderate to low species richness (Table 3.4) but high
species endemism is observed in Tropical and subtropical dry forests (Banda-R et al., 2016). The endemism
rate in this biome´s woody plant species is 77.5% in the insular Caribbean (Linares-Palomino et al., 2011).
Mirroring the poor conservation state of Caribbean ecosystems, available data show a large proportion of
species in Tropical and subtropical dry forests to be vulnerable to extinction or under a greater threat level
according to IUCN Red Data List criteria (IUCN, 2017). Terrestrial and freshwater Tropical and subtropical
dry forests ecosystems include 51 threatened plant species, 108 threatened reptile species, 16 threatened
amphibian species, 35 threatened birds species and four threatened mammal species (IUCN, 2017).
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In pre-Columbian times, humans altered habitats using fire and shifting cultivation – especially in Tropical
and subtropical dry forests where soils are fertile. Humans also caused the extinction of large mammal
species by overhunting or modifying habitat (Fitzpatrick & Keegan, 2007). In European colonial times large
areas of this biome were cleared for agriculture in the insular Caribbean, and by the start of the 1900s
Tropical and subtropical dry forests on most islands had been largely cleared or degraded (Fitzpatrick &
Keegan, 2007; Gould et al., 2012; Lugo et al., 2012).
Recent trends. As mentioned earlier, the Caribbean forest area (both Tropical and subtropical dry forests
and moist forests) increased by an average of 0.81% between 1990 and 2010 (FAO, 2011) as agriculture
declined on most islands, domestic energy requirements shifted to imported fossil fuels, living standards
increased and population levels stabilized or declined and people moved to urban centers from rural areas
(Walters & Hansen, 2013). In Puerto Rico, forest cover increased from approximately 5% to over 30%
between 1940 and 1990, particularly Tropical and subtropical dry forests (Aide et al., 2000; Ramjohn et al.,
2012). However, during the same period urban expansion and tourism lead to declines in Tropical and
subtropical dry forests in coastal areas (Gould et al., 2012; Lugo et al., 2012). Notwithstanding, some local
declines of the last kind, Caribbean dry forest seems to be on the way to recuperation.

South American subregion
Status. The definition of Tropical and subtropical dry forests in South America lacks consensus (Banda-R et
al., 2016; Portillo-Quintero & Sánchez-Azofeifa, 2010; Salazar, et al., 2015). Some authors include the
Caatinga and Chaco in tropical and subtropical dry forests while others do not. This makes assessing this
biome difficult in South America. The biome scheme adopted by the Americas assessment considers dry
Chaco as part of tropical and subtropical savannas and grasslands (3.4.1.6), while Caatinga is considered
under drylands (3.4.1.8).
Species diversity in South American Tropical and subtropical dry forests is moderate to high with high
species endemism (Table 3.4) (Banda-R et al., 2016; Linares-Palomino et al., 2011; Ojeda et al. 2003; Pizano
& García, 2014; Sandoval & Barquez, 2013). According to one source, between 45-95% of Tropical and
subtropical dry forests in the Andean countries has now been converted (Venezuela, 74%; Colombia, 67%;
Ecuador, 75%; Peru, 95%; Bolivia, 45%) (Portillo-Quintero & Sánchez-Azofeifa, 2010). The figure for Bolivia
is likely to include some Chaco. However, another source for Colombia suggests a greater loss at more than
90% (Gómez et al., 2016; Pizano & García, 2014). Some 58 species of amphibians found in Colombian dry
forest have been assessed to be at some level of risk; many mammals likewise are at risk (Pizano & García,
2014).
Recent trends. Reflecting the poorer state of knowledge of tropical and subtropical dry forests compared
to moist forests (c.f. 3.4.1.1), little data is available on recent trends in this biome in South America. The
biome in Eastern Andean Colombia now shows one of the highest fragmentation levels among all
vegetation types (Armenteras et al., 2003). Deforestation rates have descended notably of late in Ecuador
(Ministerio del Ambiente, 2014; Sierra, 2013). However, over the period 1990-2008 some 31% of the
remaining 4985 km2 of dry and semi-dry coastal forest was removed (Sierra, 2013). For Venezuela, 88% of
3522 km2 of Maracaibo Tropical and subtropical dry forests was lost between 1985 and 2010 (Morón
Zambrano et al., 2015). These data attest to a general tendency for very high deforestation rates in Tropical
and subtropical dry forests in South America (Armenteras & Rodríguez Eraso, 2014) and are of great concern
given the high NCP contribution of this biome (Figure 3.25).

3.4.1.3 Temperate and boreal forests and woodlands
North American subregion
Status. Temperate and boreal forests in North America cover most of the eastern USA and Canada and the
Pacific Northwest. Boreal forests, which include many coniferous tree species, occur in colder regions, while
deciduous hardwood forests occur in both cold and warm temperate regions. Temperate forests occupy ca.
70% of the land area that was forested at the time of European settlement (Flather et al., 1999). Large
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numbers of plant and animal species depend on these forest habitats. An estimated 90% of the resident or
common migrant vertebrate species in the USA (Flather et al., 1999), and likely in Canada, use forest
habitats. The number of forest-associated species is highest in the Southeast and in the arid ecoregions of
the Southwest (U.S. Forestry Service, 2015).
Several natural forest types and numerous species have been greatly reduced by human activities. For
example, longleaf pine, and loblolly and shortleaf pine forests now cover less than 2% of their presettlement
ranges (Noss et al., 1995). Less than 1% of North American temperate deciduous forest has not experienced
anthropogenic disturbance (Frelich & Reich, 2009). Temperate deciduous forests have a smaller fraction of
original primary forest remaining than do boreal or tropical forests, although most of the original species
remain present (Frelich, 1995); 94% of forest-associated vascular plants fully occupy their former range
(Nelson et al., 2016). Logging, grazing, fire suppression and manipulation of wildlife populations have
altered forest composition, structure, and landscape. An estimated 32% of amphibian species and 12–15%
of mammals, birds, reptiles, and fish are possibly extinct or at risk of extinction in USA forests (Nelson et
al., 2016). In addition, 32–34% of vascular plants and select invertebrates are possibly extinct or at risk of
extinction (Nelson et al., 2016) (Figure 3.17).
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North American forests sequester large amounts of carbon. In the USA, the highest carbon stock densities
(> 80 Mg/ha) are found in the upper Lake States, Pacific Northwest, northern New England and coastal
areas of the southeastern USA (Heath et al., 2011). Kurz et al. (2013) estimated carbon stock densities above
200 Mg/ha in many managed boreal forests of Canada. However, these values cannot be directly compared
because the Canadian estimates included carbon in dead wood and soil. Temperate forests also absorb
significant levels of air pollution, including particulate matter, nitrous oxides, sulfur dioxide and ozone,
providing benefits to human health (Nowak et al., 2013).
Recent trends. Moderate habitat degradation has occurred over the past 50 years, although forest cover is
stable (Fig. 3.2, 3.2) (Hansen et al., 2013), and some sources report that the amount of forest cover has
slightly increased (Keenan et al., 2015). Some 92% of the non-federal land in the USA that was in forest land
use in 1982, remained as forest in 2007. Of the 12.8 million hectares of forest land that was transformed
during this period, most (54%) was converted to developed lands; 22% went into pasture or rangeland, 14%
changed to cropland or other another type of rural land, and about 10% went into water areas or federal
ownership (USDA, 2007).
The arrival in recent decades of exotic pests and pathogens has caused declines in some of the most highly
abundant tree species and genera in North America, including elms and hemlocks (Orwig et al., 2002) and
ash and oaks (Juzwik et al., 2011). Tree mortality caused by insects and diseases was reported on nearly
1.82 million hectares in the USA in 2013 (USDA, 2015). Weed et al. (2013) identified 27 insects (6 nonindigenous) and 22 diseases (9 non-indigenous) that notably disturb North American forests. In Canada, the
mountain pine beetle has killed trees on 20 million ha in British Columbia and Alberta. European
earthworms, arriving in plant root balls and introduced for use as fishing bait, have invaded Canada and
many parts of the USA and have caused population declines in many native understory herbaceous plant
species (Holdsworth et al., 2007; Wiegmann & Waller, 2006). The worms feed on the upper layer of the
forest soil, where symbiotic fungi occur, causing fungi as well as the plant species that host them to decline
and leading to changes in soil properties, nutrient cycling and ecosystem functions (Frelich et al., 2006;
Hendrix et al., 2006; Ewing et al., 2015; Hale et al., 2005; Resner et al., 2015). Oil extraction in the tar sands
of Alberta has led to forest losses of 141,000 km2 (Johnson & Miyanishi, 2008).
High-latitude forests in North America have warmed rapidly since the mid-1900s (Chapin et al., 2005; Allen
et al., 2010). From 1902 to 2002 tree ring studies evidence declining growth, with increasing rates of decline
since 1942, particularly in critical boreal conifer species (Lloyd & Bunn, 2007). The breeding ranges of some
mobile species (e.g. certain bird species), have been expanding northward in association with climate
amelioration (USDA, 2007). Current research suggests a northward shift of boreal forests is occurring (yet
data is still limited) (Evans & Brown, 2017), with upward altitudinal shifts of tree species in some locations
(Beckage et al., 2008).
In the southwestern part of the biome, over the past 30-40 years, forests have come under increasing stress
as a result of severe drought. This has seen an increase in tree death, stronger outbreaks of bark beetle and
an increase in the area affected by wildfire (Williams et al., 2013) (Figure 3.18), illustrating multiple effects
and predicting future changes in forest composition.
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South American subregion
Status. South American cool temperate forests are found in Chile and Argentina. Strongly isolated from the
nearest closed-canopy forests on the eastern side of South America (Armesto et al., 1998), southern
temperate forests are important for carbon sequestration and storage and play a pivotal role in water
regulation (Armesto, 2009; Peri et al., 2012). In Chile, where most of southern temperate forest is found,
around 78% of the original forest remains (calculated from Luebert & Pliscoff, 2006), thanks to large masses
of remote forests in the southern part of the country, much of which is in protected areas. Several forestdwelling mammals, nevertheless, are threatened (e.g. Darwin´s fox: Pseudalopex fulvipes; huemul:
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Hippocamelus bisulcus), but overall southern temperate forest biodiversity in a far better state than in the
Mediterranean-type climate forests to its north.
Plant species (including trees) richness in southern temperate forests is low (Table 3.4). Tree species
richness drops off dramatically with latitude, while mean latitudinal range size increases (Arroyo et al.,
1996). However, interestingly, these forests have higher woody phylogenetic diversity relative to their
species richness than South American forests from lower latitudes (Rezende, 2017). Iconic organisms,
including the smallest deer and one of the most long-lived tree species in the world, are important tourist
attractions. Geographic isolation has fostered outstanding endemism levels across a wide array of taxa
(Arroyo et al., 1996; Stattersfield et al., 1998; Villagrán & Hinojosa, 1997; Vuilleumier, 1985) and include a
third of woody plant genera, two woody families (Arroyo et al., 1996), and almost all trees (Villagrán &
Hinojosa, 1997); several endemics are shared with Mediterranean forest. Comprehensive surveys reveal
large numbers of edible, medicinal, dye, basketry and ornamental plants and edible fungi in these forests
used by indigenous peoples and local people (Tacón et al., 2006). The important ecosystem services
supplied by southern temperate forests are enhanced by an especially high level of protection in the far
southern part of their distribution (Luebert & Pliscoff, 2006).
Recent trends. Substantial habitat loss has occurred in the northern part of South American temperate
forests over the past 40–50 years. The main losses came from deforestation for plantation forestry, farming,
and raising of livestock. From the mid to late 90s until around 2013, 138,000 ha of native forest were lost
in southern Chile, principally to plantation forestry (70%) (Instituto de Asuntos Públicos-Centro de Análisis
de Políticas Públicas, 2016). From 1985 to 2011 a total gross loss of temperate forest of 30% was reported
for the Coast Range in Chile but the net woody cover loss was only 5.1% due to other shrubland and
agricultural and pasture land being converted to secondary forest following natural regeneration
(Zamorano-Elgueta et al., 2015).
Twelve introduced mammalian herbivores (including three species of deer and beaver) are found in the
southernmost forests, leading to altered forest regeneration and increased exotic plant richness in some
forest types (Vázquez, 2002). Exotic plants are known to generate significant impacts on biodiversity of
understory vascular plants, epigeal beetles and birds in Nothofagus dombeyi forest by diminishing species
richness, abundance and diversity and generating modifications in assemblage composition (Paritsis &
Aizen, 2008). The invasive Ulex europeaus has become a serious threat to Chilean agriculture and plantation
forestry in some parts of the temperate forest zone (Norambuena et al., 2000). Exotic beavers cut down
trees and have altered water regulation, silting levels and landscape values (see also chapter 4). Introduced
conifers have now began to seed naturally in steppe vegetation and are associated with declines in plant
species richness and cover (Taylor et al., 2016).
Fast-growing exotic plantation trees tend to consume more water than native trees and can be associated
with reduced seasonal water provision (Lara et al., 2009). Nevertheless, there have been some recent
positive signs of native forest recuperation. Between 1983 to 2007, in a part of the Araucania in Chile, the
dominant land cover transitioned from agriculture to native vegetation, with largest increases occurring
around residential areas found close to closed stands of native forest (Petitpas et al., 2016). These positive
changes are attributed to the growth of tourism and a growing cultural preference for “natural” spaces.
On a longer timescale, in northwestern Patagonia in Argentina, during the last century, forests (mainly
Nothofagus) expanded to cover almost 50% of the historically burned land, and more than 60% of the
shrublands (Gowda et al., 2012). The estimated carbon stock recovery time for severely burned Nothofagus
forests in Patagonia is 150–180 years (Bertolin et al., 2015) indicating a severe ecosystem service loss due
to burning. However, regrowth is far from homogeneous in time and space: net forest expansion took place
mainly from 1914 to 1973, probably favored by a wetter climatic period, and has shown a marginal
retraction since then. Although forest gains remained high during the last 30 years, substantial areas of
forests in this area were converted to grasslands and shrublands as a result of recent fires associated with
extremely dry springs (Gowda et al., 2012). A major drought in 1998–1999 coincident with a very hot
summer led to extensive dieback in a Nothofagus species (Suarez et al., 2004). In another dominant
Nothofagus species, several periodic droughts have triggered forest decline as of the 1940s (RodríguezCatón et al., 2016).
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Over the past 20-30 years, the biodiversity of southern temperate forests has become widely recognized
for its ecotourism and tourism values. For example, the recent scientific finding of outstanding bryophyte
diversity in the southern temperate forests, which led to the concepts of “miniature forests” and “tourism
with a hand lens” (Rozzi et al., 2008) in the Cape Horn Biosphere Reserve on the southern tip of the
continent, has seen a substantial increases in visitors, favoring local human well-being in an area where
climate precludes agriculture and plantation forestry.

3.4.1.4 Mediterranean forests, woodlands and scrub
North American subregion
Status. The Mediterranean climate zone in North America encompasses the California Floristic Province,
including southwestern Oregon, California west of the Sierra Nevada and a portion of northwestern Baja
California, Mexico (Baldwin et al., 2012; see Ackerly et al., 2014, for a stricter definition and mapping of
Mediterranean-climate regions based on current climate). The broader Mediterranean forests, woodland
and scrub area has a very rich and endemic flora (Table 3.4) (Burge et al., 2016), with many evolutionary
lineages represented ( Baldwin, 2014). High levels of plant endemism are found in ephemeral vernal pools
(Keeley & Zedler, 1998) and on serpentine soils (Anacker, 2014). California has more than 300 endangered
and threatened species listed by the USA government, the largest for any USA state, and more than 100
others are listed by the state (California Natural Resources Agency, 2015). Hobbs & Mooney (1998) report
49 extinct taxa for seven groups of organisms (including some subspecies) (34 for plants) along with
numerous cases of local population extinctions. According to the most recent account, 17 taxa (13 species
and four subspecific taxa) of Californian vascular plants are globally extinct (Rejmánek, 2017) with 15
additional species extinct in California but found elsewhere (together 0.53% of the Californian flora);
extinctions are associated with small range sizes and lowland habitats.
North American Mediterranean forests, woodland and scrub houses 991 species of alien plants and 109
species of alien vertebrates (including 26 mammals) (Zavaleta et al., 2016). Some 183 plant species are
currently listed as invasive plants capable of damaging the environment and economy by the California
Department of Food and Agriculture (California Natural Resources Agency, 2015). Coastal sage is very
heavily invaded (Cleland et al., 2016). Brooms and gorse invade woodlands and shrublands and can displace
native vegetation when not controlled (California Invasive Plant Council, 2017).
Forests in the Sierra Nevada play a critical role in water supply. Most urban and agricultural water originates
in these mountains, and 30% of California’s water is stored for a part of the year in the snowpack. Healthy
forests reduce flood risks and lead to more predictable water flows.
Recent trends. In the past 50 years, urbanization, exurban development, and agriculture have caused
considerable conversion of natural habitat (Brown et al., 2005; Wilson et al., 2016); for example, a fourfold
increase in vineyard acreage between 1976 and 2010 removed much oak woodland in coastal counties
(Davis et al., 2016). Vegetation fragmentation — possibly exacerbated by changing climate in some cases –
and the secondary effects of urbanization such as predation by urban cats on birds have reduced butterfly
richness, bird abundances, genetic connectivity and species diversity in some taxa and produced declines
in plant species richness in different vegetation types (Benson et al., 2016; Casner et al., 2014; Cooper et
al., 2012; Johnson & Karels, 2016). Nevertheless, urban and semi-urban areas can house considerable plant
diversity (Schwartz et al., 2006) and support high levels of bee diversity (Frankie et al., 2009) and thus could
turn out to be very relevant for conservation.
Mediterranean forests, woodland and scrub has experienced warming (Diffenbaugh et al., 2015). Upward
elevational range shifts, consistent with warming, have been reported in small mammals (Moritz et al.,
2008), birds (Tingley et al., 2009) and plants (Wolf et al., 2016), as well as earlier butterfly appearance
(Forister & Shapiro, 2003) and arrival of migratory birds. Downward elevational shifts have also been
reported in birds (Tingley et al., 2009) and plants (Crimmins et al., 2011). For plants, there is disagreement
both about the trends and inferred link to climate (Stephenson & Das, 2011). Since the 1920s, tree densities
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increased and size class distributions have changed in forests across California (Dolanc, et al., 2014; Dolanc
et al., 2014; (McIntyre et al., 2015), in part due to changing fire regimes (see below). Reductions in the
density of large trees are correlated with increased severity of summer water deficits (McIntyre et al.,
2015).
California experienced a severe drought from 2012 to 2016, and even before it ended some calculations
estimated that it exceeded in duration and intensity those observed for at least a century and possibly more
than 1,000 years (Griffin & Anchukaitis, 2014). By one estimate, the intensity of the drought was increased
by up to 27% due to increased temperatures on top of low rainfall (Williams et al., 2015). Widespread tree
mortality has been observed, especially in Sierra Nevada conifer forests, with estimates exceeding 100
million dead trees spread over more than 3 million ha of forest (US Forest Service, 2016).
Several recent invasions of pathogens and disease have impacted biodiversity. Virulent pathogens affecting
amphibians have been detected in a high proportion of wetlands (Hoverman et al., 2012); chytrid fungus
has been attributed to amphibian declines in northern California, especially in high elevation populations
of mountain yellow-legged frog (Piovia-Scott et al., 2015; Briggs et al., 2005). Sudden oak death
(Phytophthora ramorum) arrived in the mid-1990s on horticultural trade plants and has caused extensive
oak mortality in moist-climate, coastal woodlands (Zavaleta et al., 2016).
In Sierra Nevada pine forests, fire suppression led to marked increases in overall forest density, especially
in small trees (McIntyre et al., 2015). Dense forests contribute to catastrophic wildfires that exceed the
range of historical fire variability, such as the 104,000 ha Rim Fire in 2013, the largest fire on record in the
Sierra Nevada (Kane et al., 2015). At mid- to high elevations, larger areas are being burned, likely due to
past fire suppression, changing fire management policies, and warmer and drier climatic conditions. The
length of the fire season increased by over two months from 1970 to 2003, associated with warming trends
(Westerling et al., 2006). More frequent fire has led to much type conversion of shrubland to grassland
(Zedler, 1995; Halsey & Syphard, 2016).
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South American subregion
Status. Part of a Biodiversity Hotspot (Myers et al., 2000), South American Mediterranean forests, woodland
and scrub found in central Chile, under a broad definition, is characterized by high endemism, richness and
phylogenetic diversity (Arroyo et al., 2002; Rundel et al., 2016; Scherson et al., 2017) (Table 3.4). Around
50% of Mediterranean forests, woodland and scrub has been transformed (Luebert & Pliscoff, 2006) – this
percentage is considerably higher under a narrower definition of the biome (Figure 3.19). Many native
species are threatened (Ministerio del Medio Ambiente, 2017), although only a small fraction (ca. 3.5%) of
all Chilean species have been analyzed (OECD/ECLAC, 2016). Alien species including close to 600 plant
species (Fuentes et al., 2015; Jiménez et al., 2008), >100 insect species (Ministerio del Medio Ambiente,
2017), and 30 vertebrate species (Iriarte et al., 2005; Jaksic, 1998) – several of which are considered harmful
by stakeholders (COCEI, 2014) – are abundant in disturbed areas, urban areas, and semi-natural grasslands
(Arroyo et al., 2000; Contreras et al., 2011; Estay, 2016; Figueroa et al., 2011; Gärtner et al., 2015; Jaksic,
1998; Martín-Forés et al., 2015). Plant-animal interactions for pollination and seed dispersal are especially
well developed and critical for vegetation regrowth and restoration. Other biodiversity-NCP links include
the provision of medicinal plants (Niemeyer, 1995), nectar and pollen sources for honey making (Bridi &
Montenegro, 2017), runoff control on steep slopes (Pizarro Tapia et al., 2006) and the aesthetic value of
the rural-natural landscape mosaic.
Recent trends. One study suggests Mediterranean forests have recently increased but this is acknowledged
as likely due to the inclusion of exotic forests (Figure 3.19) (Salazar et al., 2015). National data for
approximately between the last decade of the past century and the first of this century for Mediterraneanclimate forest (V-VIII Regions) come up with a net loss of 99,451 ha, mainly distributed among conversion
to exotic plantation forestry (24%), agriculture (11%), scrub and open vegetation (59%), and urban areas
(2%) (Instituto de Asuntos Públicos-Centro de Análisis de Políticas Públicas, 2016). Exotic plantation forestry
accounted for most of the forest loss in the southern part of the biome. Although some passive renovation
has been occurring, previously forested areas tend to remain as scrub (Schulz et al., 2010, see also
Hernández et al., 2016). Plantation forests have been shown to have a negative effect on annual stream
flow in the biome (Iroumé & Palacios, 2013) and loss and fragmentation of native forests have negatively
affected many plant and animal species (Braun & Koch, 2016; Bustamante & Castor, 1998; Muñoz-Concha
et al., 2015; Saavedra & Simonetti, 2005; Soto-Azat et al., 2013; Vergara et al., 2013; Vergara & Simonetti,
2004) and pollination services to native plants (Valdivia et al., 2006).
Among the new insect invaders (Grez et al., 2010; Ide et al., 2011; Lanfranco & Dungey, 2001; Montalva et
al., 2011) and introduced fungal diseases (Durán et al., 2008; Slippers et al., 2009), some are spreading at
remarkable rates (e.g. Schmid-Hempel et al., 2014, Grez et al., 2016). Bombus terrestris, introduced in the
1990s for crop pollination, moved rapidly into Argentina and is now displacing native bumblebees there
(Geslin & Morales, 2015). Many native plant species in Mediterranean forests, woodland and scrub are
visited by B. terrestris (Montalva et al., 2011), but the impacts of B. terrestris on the wider bee fauna of
central Chile (Table 3.4), likely to assist crop pollination, are unknown. The escaped introduced frog Xenopus
laevis has now been found to harbor amphibian pathogens, posing a potential threat to the biome´s highly
endemic amphibians (Soto-Azat et al., 2016) and showing that single invasions can have secondary effects.
Between 1994 and 2015, fire affected close to 128,000 ha of closed Mediterranean forest as well as huge
areas of exotic plantation forests (based on Instituto de Asuntos Públicos-Centro de Análisis de Políticas
Públicas, 2016). A recent megadrought ushered in a notable increase in fire frequency and extent in Chile
(with most fires in the Mediterranean area) (Figure 3.20), culminating in the massive forest fires of the
austral summer of 2016 which affected 518,000 ha, including 105,000 ha of native forest and 284,000 ha
of exotic forest plantations (CONAF, 2017), mostly in the Mediterranean zone. Although there is still some
discussion on the issue, it is generally agreed that unlike North American Mediterranean forests, woodland
and scrub, South American Mediterranean forests, woodland and scrub was cut off from natural lightning
strike fires as of the Miocene and consequently is not strongly adapted to fire (Rundel et al., 2016). Although
many native woody species can resprout after fire, recovery of Mediterranean forest may require 25–30
years and often is never complete (Montenegro et al., 2003), indicating limited resilience. Fire additionally
provokes the entrance of invasive species (Contreras et al., 2011; Gómez-González et al., 2011; Gómez-
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González & Cavieres, 2009; Pauchard et al., 2008) further altering species composition and NCP delivery.
Warmer and drier conditions in central Chile also saw a significant decrease in growth rates of Nothofagus
macrocarpa as of the 1980s (Venegas-González et al., 2018).

Urban expansion in central Chile, often recent, has also contributed to local habitat and species losses
(Pauchard et al., 2006; Pavez et al., 2010; Simonetti & Lazo, 1994). However, urban spaces clearly can play
an important role in maintaining biodiversity, as seen by the 42 native bee species in a semi-natural
botanical garden in Santiago (Montalva et al., 2010).

3.4.1.5 Tundra and high mountain habitats
North American subregion
Status. Species richness beyond latitudinal treeline in North American arctic tundra is low in relation to its
vast area (Table 3.4), and decreases with increasing latitude (Meltofte, 2013; Walker, 1995). Endemism is
rare because many tundra-adapted taxa are distributed across both North American Arctic tundra
(including Greenland) and the Eurasian arctic tundra. For example, 80% of vascular plant species in the
Arctic are common to both regions, so just 1.1% of North American Arctic tundra vascular plant species are
endemic (Callaghan et al., 2004; Elven at al., 2011). The extent and biodiversity of the North American arctic
tundra remain largely unchanged compared to pre-European settlement, with localized reductions in
extent associated with natural resource extraction and permanently settled villages and cities (Raynolds et
al., 2014; Young & Chapin III, 1995). Non-native species in arctic tundra are uncommon and usually
associated with human activity (Ackerman & Breen, 2016; Elsner & Jorgenson, 2009; Forbes & Jefferies,
1999). Carbon storage in North American Arctic tundra soils is high relative to other biomes, due to low
rates of organic matter decomposition. Hugelius et al. (2013) estimate 25–100 kg C/m2 across most of North
American Arctic tundra. At local scales, stocks of carbon and soil nutrients vary widely based on vegetation
community type (Shaver et al., 2014). Across all community types, soil nitrogen is dominated by nonmineral forms, so primary productivity in North American Arctic tundra is often limited by rates of nitrogen
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mineralization (Chapin & Shaver, 1985; Shaver et al., 2014; Chapin et al., 1995).
Globally, North American Arctic tundra stores carbon in soils frozen year-round called permafrost
(Michaelson et al., 1996). Biodiversity alters this ecosystem service through plant traits (Chapin et al., 2000).
For example, plants with extensive mat growth forms, like Sphagnum spp., insulate permafrost soils from
direct sunlight (O’Donnell et al., 2009). Permafrost stores 1,330–1,580 picograms of organic carbon, nearly
half of the global organic carbon pool (Schuur et al., 2015). Locally, North American Arctic tundra benefits
subsistence hunters, providing game species including caribou (Rangifer tarandus) and ptarmigan (Lagopus
spp.) (Alaska Department of Fish and Game, 2016).
Western North American alpine ecoregions contain diverse ecosystems and over 1,400 plant species
(Malanson et al., 2015). Similarity among plant communities throughout mountain ranges of western North
America is driven primarily by geographic distance, but also by hydroclimatic variables (Malanson et al.,
2015). Endemism is common in western North America (45% of plant species), while exotic species are rare
(Malanson et al., 2015). Native biodiversity of the western North America high altitude areas remains
largely intact since European colonization. The eastern North America alpine ecoregion (Appalachian
Mountains) is understudied and lacks a comprehensive record of biodiversity.
Recent trends. Species richness has not changed significantly in North American Arctic tundra. Some boreal
plant species, including trembling aspen (Populus tremuloides) and white spruce (Picea glauca), have
expanded locally into North American Arctic tundra due to infrastructure development (Ackerman & Breen,
2016; Elsner & Jorgenson, 2009). The only reported extinction is the Eskimo curlew (Numenius borealis), an
over-exploited migratory shorebird (Harris et al., 2012). It is very well established that woody deciduous
shrubs native to North American Arctic tundra have become increasingly dominant due to warming (Fraser
et al., 2014; Moffat et al., 2016; Myers-Smith et al., 2011, 2015; Naito & Cairns, 2015; Pizano et al., 2014;
Sturm et al., 2001; Tape et al., 2006; Tremblay et al., 2012). While the overall area of North American Arctic
tundra has not changed significantly, habitat has been degraded biome-wide due to high-latitude
concentration of atmospheric pollutants (Hung et al., 2010; Krachler et al., 2005; Quinn et al., 2007) and
regionally due to road construction (Auerbach et al., 1997; Hinkel et al., 2017; Raynolds et al., 2014; Walker
& Everett, 1987).
Above-ground standing biomass has increased at low latitudes in the Arctic (Epstein et al., 2012), and
vegetation cover has increased in mid- to high-latitudes, possibly due to increased maritime climate
moderation linked with sea ice decline (Bhatt et al., 2010). Despite elevated productivity, overall carbon
storage across North American Arctic tundra has decreased since 1970 due to warming-induced carbon
losses from soil (Hayes et al., 2014; Hinzman et al., 2005; Oechel et al., 2000; Schuur et al., 2009). Recent
trends in water balance are uncertain, though there has been a general acceleration of the hydrologic cycle
across North American Arctic tundra due to changes in precipitation, evapotranspiration, and drainage
conditions (Andresen & Lougheed, 2015; Bring et al., 2016; Cherry et al., 2014; Hinzman et al., 2005;
Liljedahl et al., 2016; Oechel et al., 2000; Rawlins et al., 2010; Vihma et al., 2016; Young et al., 2015).
Greater variability in the timing and magnitude of precipitation events in North American Arctic tundra has
decreased accessibility and yield for subsistence hunters (Berkes & Jolly, 2002; Rennert et al., 2009).
Further, atmospheric deposition of pollutants in North American Arctic tundra has threatened the health
of local communities through the bioaccumulation of toxins in organisms used for food (Kelly & Gobas,
2001). To improve community resilience to these changes, Chapin et al., (2006) suggest diversifying the
economies of indigenous communities by reinvesting tax revenue from natural resource extraction into
local education and infrastructure.
The extent of alpine habitat in western North America has decreased due to warming-induced treeline
advance, though rates of advance are spatially variable (Elliott, 2011; Harsch et al., 2009). Some degradation
from logging, pasturing, and recreation is evident, but these disturbances have been minor compared to in
alpine zones on other continents (Bowman & Seastedt, 2001). Recent changes include increased shrub
cover and diminished species richness, likely in response to a combination of climatic change, and high
levels of nitrogen deposition from anthropogenic pollution (Elmendorf et al., 2012; Formica et al., 2014;
Sproull et al., 2015). The most notable change among alpine fauna populations is the rapid decline of the
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American pika, a small alpine mammal experiencing an upslope range contraction in response to climate
warming (Beever et al., 2011, 2016; Stewart et al., 2015).

South American subregion
Status. South American high elevation habitats occur principally along the entire length of the Andes
(Arroyo & Cavieres, 2013). These habitats, found under a variety of climatic conditions, are remarkably rich
in plant species (Table 3.4.) and evolutionary lineages (Sklenář et al., 2011) and support the richest tropical
alpine flora in the world (Sklenář et al., 2014). High-elevation habitats support many species of large
mammals (Ojeda et al., 2003), lizards (Pincheira-Donoso et al., 2015), birds (Arbeláez-Cortés et al., 2011;
Fjeldså & Rahbek, 2006; Fjeldså, 2002) and pollinating insects (Arroyo et al., 1982). Puna lakes supports 58
species of native fishes (Vila et al., 2007), diverse waterfowl (Cendrero et al., 1993), and rich assemblages
of gastropods (Kroll et al., 2012), while hot springs and periglacial soils fascinating assemblages of
microorganisms (Costello et al., 2009; Schmidt et al., 2009).
Species-level endemism and turnover in the high tropical Andes can be very high (Londoño et al., 2014;
Sklenář et al., 2014). Mountain-top vegetation is richer in plant genera and species in páramo compared to
puna (Cuesta et al., 2017) but the puna and southern Andean steppe house more endemic genera than
páramo (Arroyo & Cavieres, 2013). Páramo and puna have long been under human influence (Box 3.6), but
more intensely so as of colonial times (Vásquez, et al., 2015). In the high southern Andes, human influence
has never been very great. Today it is principally via low-intensity transhumance summer grazing, skiing,
and mining. Some Andean threatened species rely heavily or partially on páramo, among them the Andean
condor (Vultur gryphus), the mountain tapir (Tapirus pinchaque), the Andean bear (Tremarctos ornatus),
and several deer species (Pudu mephistophiles, Mazama rufina, M. americana and Odocoileus virginianus)
(Muñoz et al., 2000). In general, South American high elevation habitats have garnered few alien plant
species (Alexander et al., 2016; Barros & Pickering, 2014; Luteyn, 1999; Urbina & Benavides, 2015) and
these are mostly confined to disturbed areas. A few serious recent invasions have now been recorded for
páramo, as for example Ulex europaeus in Colombian páramos (see Table 3.2) and more can be expected
in the future given trends in alteration (Box 3.6).
Páramo and wet puna are notable for rapid water absorption but slow water release (Buytaert et al., 2005),
which is important for the support of agriculture and the delivery of water to lowland areas. For example,
60% of water in Colombia derives from páramo (Cadena-Vargas & Sarmiento, 2016). Carbon storage is
páramo is important (Forero et al., 2015). In particular, it is very high in páramo peatlands (Hribljan et al.,
2015; 2016). Soils under older pine plantations in páramo have lower carbon content and retain less water
compared with natural grasslands (Farley et al., 2004, 2005, 2013) and the loss of water retention after
afforestation may be the dominant factor in carbon loss (Farley et al., 2004).
Recent trends. Páramo and puna have seen an increasing trend for afforestation with fast-growing exotic
trees and intensive agriculture. Both afforestation and cultivation have been found to increase streamﬂow
variability and decrease catchment regulation capacity and water yield.(Ochoa-Tocachi et al., 2016).
Moreover, shifts to agriculture lead to a loss of microbial functional diversity in páramo, which is reflected
in lower metabolic activity. Fishing, based on native species, is a longstanding tradition in some large high
Andean lakes. However, the introduction of trout (and silversides) together with more invasive fishing
techniques has seen a decline in endemic native fish (Vila et al., 2007).
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Box 3.6. The role of páramo and puna for human well-being.
Humans were living at 4,480 m.a.s.l some 11,500 years ago in the puna of Peru (Rademaker et al., 2014)
and at 3,000–3,600 m.a.s.l some 13,000 calibrated years before the present on the Chilean altiplano
(Núñez et al., 2002). High altitude indigenous peoples of the páramo and puna have accumulated a
wealth of ILK on high Andean biodiversity, especially useful plants (Aldunate et al., 1983; Brandt et al.,
2013; Califano & Echazú, 2013; Huamantupa et al., 2011; Monigatti et al., 2013; Pauro et al., 2011; Ramos
et al., 2013; Thomas et al., 2008, Villagrán et al., 2003) and have developed resilience to climatic extremes
by managing alternative crop varieties Local inhabitants have developed their own taxonomic systems
reflecting thousands of years of interchange between different linguistic groups (Aldunate et al., 1983;
Villagrán & Castro, 2003). High Andean bogs in the arid puna are key habitats for native camelids which
sustain the livelihoods of high altitude peoples (Borgnia et al., 2008; Tirado et al., 2016). The integrity of
the páramo and puna thus is critical to conserving ILK and for the livelihoods of local inhabitants. Páramo
and wet puna play critical roles in supplying water supply to lowland Andean areas. Water availability is
threatened on two counts. First, severe glacier dieback has occurred over the past decades (Figure 3.21).
Second, páramo and puna are increasingly being converted to other land use types involving higher
water-demanding trees (c.f., Hofstede et al., 2002) and crops. Around 16% of Colombian páramos have
been now been transformed (Bello et al., 2014) mainly due to cropping and pastures. Peruvian Jalca
grasslands were transformed at the rate of 1.5% per year over a 20 year period starting 1987 due mostly
to more intensive agriculture and afforestation (Tovar et al., 2013). Rapid glaciar melt also portends
landslides on unconsolided deglaciated substrates following heavy rains.

High elevation areas have warmed in the southern (Falvey & Garreaud, 2009) and northern (Hofstede et
al., 2014) Andes. Whether and the degree to which anthropogenic warming has affected tree growth and
the position of the treeline along the Andes are still somewhat unclear. Anthropogenic warming seems to
have affected tree growth and increased recruitment above treeline in some places, but not in others
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(Aravena et al., 2002; Daniels & Veblen, 2004; Fajardo & McIntire, 2012; Lutz et al., 2013; Rehm & Feeley,
2013; Villalba et al., 1997). Some tree species have been moving upward below treeline (Feeley et al., 2011).
Lack of or very slow upward movement of the treeline might reflect recruitment difficulties in high altitude
grasslands (Rehm & Feeley, 2013, 2015, 2016) or under reduced precipitation in some parts of the Andes.
Historical comparisons suggest upward movement in some plant and beetle species in the northern Andes
(Moret et al., 2016; Morueta-Holme et al., 2015; but see Sklenář, 2016). In the longer term, contractions of
total area occupied can be expected in high elevation species under warming given that land area decreases
with increasing elevation throughout much of the Andes. Warmer soil conditions in the páramo are
expected to cause faster organic carbon turnover thereby decreasing below-ground organic carbon storage
(Buytaert et al., 2011).

3.4.1.6 Tropical savannas and grasslands
South American subregion
Status. In South America, this biome occurs mainly in Brazil, Paraguay, Argentina, Venezuela, Colombia, and
Bolivia. The largest extents are the Cerrado, originally covering around 2 million km2, and the Dry Chaco,
originally over ¾ of a million square kilometers (Salazar et al., 2015).
Comprising a mosaic of tall savanna woodlands, gallery forests and treeless grasslands, Cerrado is a
recognized Biodiversity Hotspot (Myers et al., 2000). It is characterized by high plant and bird species
richness and endemism (Table 3.4). Birds use many habitats, especially forested areas (Carmignotto et al.,
2012), lizards prefer open interfluvial habitats (Nogueira et al., 2009), while large mammals use a wide
range of habitats (Lyra-Jorge et al., 2008), including converted land (Cárceres et al., 2010). Over half of
Cerrado mammals and birds consume fruits with about one-third of Cerrado plants depending on birds and
mammals for fruit and seed dispersal (Kuhlmann & Ribeiro, 2016). Mammals and birds thus are
fundamental for natural Cerrado regeneration.
Some 52% of all South American Cerrado has been converted (Salazar et al., 2015) (Figure 3.19). According
to (Beuchle et al., 2015), 47% of Brazilian Cerrado has been transformed. Remaining Cerrado is highly
fragmented with the landscape dominated by crops and pastures (Carvalho et al., 2009). Fragmentation
reduces species richness and alters the composition of small mammals land (Cáceres et al., 2010), and birds
(Marini, 2001). However, large mammals, which tend to use the entire the landscape, appear less
susceptible (Cáceres et al., 2010; Vynne et al., 2014). Shrubby pastures in Cerrado hold far more bird species
than cleared ones and obligate natural grassland bird species do not adapt well to pastures (Tubelis &
Cavalcanti, 2000). Butterfly richness and beta diversity are lower in disturbed riparian Cerrado forest
(Cabette et al., 2017). Additional threats to Cerrado biodiversity are fire suppression (Durigan & Ratter,
2016) and woody encroachment (Stevens et al., 2017). Cerrado is resilient to fire, expressed in rapid postfire recuperation and fire aids in maintaining the mosaic structure of Cerrado. Replacement of grassy
savannas with forests is also considered a threat (Veldman et al., 2015) because dense tree cover severely
limits the richness and productivity of light-demanding herbaceous plants while reducing habitat for
animals adapted to open environments. Several African grasses which were introduced into Brazil for cattle
grazing are now highly invasive in the Cerrado leading to reductions in native plant species (Almeida-Neto
et al., 2010). In the phosphorus-poor Cerrado, the addition of phosphorus tends to increase the biomass of
alien C4 grasses (Lannes et al., 2016).
Some 34% of dry Chaco habitat has been converted (Figure 3.19) (Salazar et al., 2015). The Gran Chaco has
a long history of colonization and land use change, beginning with subsistence hunting by native people.
Over the past 200 years, dry Chaco has experienced drastic land use changes as a result of intensive
agriculture, livestock production and logging (Eva et al., 2004; Hoyos et al., 2013). Moreover, deforestation
and the introduction of domestic cattle have led to the elimination of fire-climax grasslands and altered
forest composition and structure (Bucher, 1982; Gasparri & Grau, 2009). Chaco conversion has had negative
effects on biodiversity. Almost 50% of the largest frugivorous mammals and 80% of the largest herbivores
in the Argentine Chaco are threatened and exhibit declining populations; this is expected to change
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vegetation composition since more than half of Chacoan woody plant species display endozoochory as their
seed dispersal mechanism (Periago et al., 2015).
Recent trends. The South American tropical and subtropical savannas and grasslands assessed here are
strongly imperiled. As of around the 1970s, pasture development for cattle grazing and extensive and
mechanized agriculture intensified, leading to the transformation of Cerrado into a vast commercial
production landscape with concomitant charcoal production for the steel industry. Brazilian Cerrado
suffered a gross loss of around 266,000 km2 of natural vegetation between 1990 and 2010, but with a
significant amount of regrowth also occurring (Beuchle et al., 2015). Although the annual net rate of loss
(total loss adjusted for regrowth) slowed in the last decade of the past century, overall conversion occurred
an average annual net rate of –0.6% between 1990 and 2010 (Beuchle et al., 2015). Between 2003 and
2013, the northeast agricultural frontier in Brazil more than doubled from 1.2 to 2.5 million ha, with 74%
of new croplands sourced from intact Cerrado (Spera et al., 2016). Shifts from Cerrado to cultivation have
resulted in huge soil losses under erosive storms (12.4 t/ha/yr for bare soil compared to 0.1 t/ha/yr for
Cerrado) (Oliveira et al., 2015).The Paraná river basin suffered a 66% decrease in forest cover between 1977
and 2008, with a 3.5% annual rate of forest loss (Bianchi & Haig, 2013). A recent review (Hunke et al., 2015)
concluded that while conversion of Cerrado did not alter total soil nitrogen, nitrogen enrichment in
agricultural catchments has increased, indicating fertilizer impacts and potential susceptibility to
eutrophication; moreover, pesticides are consistently found throughout the entire aquatic system. Part of
the loss of woody cover in the Cerrado is due to charcoal production (Ratter et al., 1997). For example,
34.5% of around 5.5 milion tons of charcoal produced in the Brazil in 2005 still came from native Cerrado
species in spite of efforts to transition to planted forests (Duboc et al., 2007).
Like Cerrado, the Chaco has recently undergone extensive transformation (c.f., Figure 3.19). Rapid loss of
chacoan dry forest has been documented in Bolivia, Paraguay and Argentina (Gasparri & Grau, 2009; Grau
et al., 2005; Zak et al., 2004), mostly due to agriculture (mainly, soybean). For the Cordoba area in Argentina,
Zak et al. (2004) estimated clearing of 1.2 million ha between 1969 and 1999. For North West Argentina
between 1972 and 2007, another 1.4 million ha were removed (Gasparri & Grau, 2009). According to
Fehlenberg et al. (2017), some 7.8 million ha out of a total of 110 million ha of dry Chaco in all countries
was converted between 2000-2012, (principally to support soybean production and cattle ranching).
Conversion of vegetation has facilitated the spread of invasive species, like Pyracantha angustifolia
(Rosaceae), which is now widely spread in the Chaco Serrano of Argentina (Tecco et al., 2006). According
to these authors, this species can potentially enhance the recruitment of forest species. However, a
considerable number of other exotic woody species, and especially Ligustrum, are also favored by the
presence of this exotic shrub (Tecco et al., 2006).

3.4.1.7 Temperate grasslands
North American subregion
Status. Grasslands were once widespread in midwestern North America, occurring in a mosaic of tallgrass
prairie and savanna (Nuzzo, 1986). Prior to European settlement, the central prairie of North America is
thought to have ranged from southern Alberta, Saskatchewan and Manitoba south to mid-Texas, and from
the foothills of the Rocky Mountains eastward into Indiana, Kentucky and Ohio and southwestern Ontario,
covering about 2.4 million km2 (The Nature Conservancy, 2009; USDA & USDOI, 2012). Diverse grasslands
are major reservoirs for belowground carbon storage and prevention of soil loss due to erosion. Grasslands
also serve as buffers increasing ecosystem nutrient uptake reducing runoff of agricultural waste and
fertilizer into water bodies. Declines have been greatest in the mixed-and tall-grass prairie, with estimates
of less than 5% (Sampson and Knopf, 1994) to 0.5% (The Nature Conservancy, 2009; USDA & USDOI, 2012)
of the pre-European settlement tall-grass prairie remaining. Currently, approximately 50% of the Great
Plains - about 148 million hectares in total - remains in grassland (i.e., not in annual crops or developed
land) (WWF, 2017a).
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Grassland vegetation structure is strongly influenced by fire frequency, driven by topographic barriers to
the spread of fire (rivers, lakes, and bluffs), with oak savannas and prairies occurring on sites exposed to
frequent fire (Peterson & Reich, 2008). Prior to modern settlement, fires annually burned large areas of the
tallgrass prairie biome of North America (Gleason, 1913). Most prairie and savanna ecosystems were
plowed under for agricultural uses or succeeded to forest following reductions in fire frequency. Prairie and
savanna ecosystems are now exceedingly rare and mostly restricted to sites with infertile sandy soils that
were unattractive for agricultural uses or where succession to woodland was slow following reductions in
fire frequency (Nuzzo, 1986; Peterson & Reich, 2001; Will-Wolf & Stearns, 1999).
Fire suppression and agricultural land uses are important causes of habitat and biodiversity loss. For
example, after conversion of all but 0.1% of tallgrass prairie in the USA state of Iowa, recent surveys found
only 55% (491) of the original plant species formally known to be present there (Smith, 1998; Wilsey et al.,
2005). Fire suppression, exacerbated by fragmentation has caused a decline in small seeded and short
stature species, as well as legumes, many of which are fire-dependent or require open areas (Leach &
Givnish, 1996). In experimentally restored prairie/savanna systems, plant species richness and phylogenetic
diversity are significantly higher in frequently burned grasslands than in unburned forests on the same soil
conditions (Cavender-Bares & Reich, 2012; Peterson & Reich, 2008). Efforts to restore biodiversity and
ecosystem services often fall short of the levels observed in remnant grasslands and other ecosystems
(Benayas et al., 2009; Martin et al., 2005).
Bison were formerly dominant herbivores and a keystone species throughout the Great Plains (Knapp et
al., 1999). During the mid-1800s bison were reduced from tens of millions to only a few thousand
individuals, subsequently recovering to more than 100,000 individuals. Bison grazing maintains grassland
plant diversity by suppressing dominant warm-season grasses that would otherwise out-compete many
rare wildflowers (Collins, 1998). Many populations of other animals dependent on prairie systems, including
mammals and birds, have declined or are now absent from large portions of their historical range.
Recent trends. In the Great Plains region, 21.4 million ha of grassland have been converted to cropland
since 2009. This loss represents almost 13% of the 170 million ha that remained intact (i.e., not in annual
crops) in 2009. The average annual rate of loss of grasslands was 2% between 2009 and 2015. In 2016, only
148 million ha of grassland remained intact in the Great Plains (Northern Great Plains Program, 2016; WWF,
2016). A report based on data from the USA and Canadian governments, indicates that more than 21 million
ha of land in the Great Plains have been converted to cropland since 2009. From 2014 to 2015 alone,
approximately 1.5 million ha were lost. Endemic grassland bird species have shown steeper declines than
any other group of North American bird species (USGS, 2003). Since the 1960s, populations of four key
species have declined by as much as 80% with annual declines as follows: McCown’s Longspur
(Rhynchophanes mccownii), 6.2% decline per year; the chestnut-collared longspur (Calcarius ornatus), 4.4%
decline per year; lark bunting (Calamospiza melanocorys) 4.1% decline per year and Sprague’s pipit (Anthus
spragueii), 3.5% decline per year. The decline of these grassland species has been attributed directly to the
loss of intact grasslands throughout the Great Plains region (Northern Great Plains Program, 2016; WWF,
2016). Loss of prairie plant diversity (Leach & Givnish, 1996; Wilsey et al., 2005) causes loss at higher trophic
levels, including numerous insects and other organisms above- and belowground (Knops et al., 1999; Lind
et al., 2015; Scherber et al., 2010; Siemann et al., 1998). Bees, important for pollination services, have
declined; the rusty-patched Bumble Bee (Bombus affinis) which was declared an endangered species under
the USA Endangered Species Act in 2017, once extended from the Dakotas and Nebraska, east across the
Midwest and south to the Carolinas. Its population declined by 87% between 2011 and 2016. Other species
that were once common in the Great Plains such as the western bumble bee (Bombus occidentalis) and the
American bumble bee (Bombus pensylvanicus) are also declining severely (Northern Great Plains Program,
2016;WWF, 2016).
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South American subregion
Status. This biome, as defined in the assessment, includes the Río de la Plata grasslands, Patagonian steppe
and semi-desertic Monte vegetation, and thus includes many different vegetation types. Here, in our
detailed analysis, we focus on the Río de la Plata grasslands, found principally in Argentina and Uruguay
and extending into southern Brazil. These grasslands sustained grazing as of the 1600s. Fully 70% of the
grasslands, formerly occupying an estimated ¾ of million square km, have been replaced (Salazar et al.,
2015) by crops, pastures or afforestations. In Argentina, about one in every three plant species growing in
natural or semi-natural pampas is non-native. Although there are still very few natural parks protecting the
Río de la Plata grasslands, some recent efforts on grassland conservation have been notorious (e.g. Sistema
Nacional de Áreas Protegidas-Uruguay, Alianza del Pastizal).
Recent trends. Profound changes, affecting key ecosystem functions and ultimately human well-being, have
occurred in South American temperate grasslands. Livestock grazing for over 400 years has reduced soil
organic carbon stocks by an estimated 22% (a reduction of 1.5 picograms of carbon for the whole region)
and net primary production by 24% (Piñeiro et al., 2006). Cropping reduced soil organic carbon stocks by
20 to 30% in a few decades (Alvarez, 2001, 2005). Soil nutrients have been also depleted in croplands (near
30% of soil nitrogen and 80% of soil phosphorus) and rangelands (19% of soil nitrogen. Nutrient losses have
triggered large increases in fertilizer use with beneficial effects for food production, but detrimental effects
on air and water pollution (Portela et al., 2006, 2009). Crop rotation with pasture in the past helped
maintain elevated soil organic matter stocks and replenish nutrient losses (Morón & Sawchik, 2003).
However, crop rotation was abandoned over the last 15 years due to soybean expansion (García-Préchac
et al., 2004). Nevertheless, more recently, new regulations for soil conservation have been successfully
established in some countries of the region (e.g. Uruguay), with elevated adoption by farmers. Several parts
of the region are experiencing decreases in light interception, and potentially their net primary production,
with cascading effects on trophic networks. For example, large and consistent negative trends in net
primary production have been observed in some parts of Uruguay and Argentina, associated with land use
and climate change (Paruelo et al., 2004).
Southern temperate grasslands have been strongly invaded by plants and animals. The grass, Eragrostis
plana was accidentally introduced into southern Brazil from Africa in the late 1950s (Guido & Pillar, 2017).
Later planted as a potentially promising forage grass, it has now invaded over 1 million ha of grasslands
(Medeiros et al., 2014). Eragrostis plana turned out to have low digestibility for cattle and causes economic
losses by outcompeting more palatable native grasses. This is a very good example of how things can go
wrong. Meanwhile, Braquiaria grasses (see also Urochloa spp.) are becoming adjusted to the local climate
and could become a serious and widespread invasion problem in the future. The same grasses affect
Uruguayan grasslands (Aber & Ferrari, 2010), so, without action, these invasions can be expected to expand
in the coming years, encroaching on natural grassland areas. Exotic trees (e.g. Gleditsia, Thriacanthos pines)
are also invading large areas of the region, altering grasslands physiognomy and displacing the local flora
and fauna. Woody invasive species such as brooms (Spartium junceum, Genista monspessulana and Ulex
europaeus), spiny rosaceous shrubs (Rosa spp. and Rubus spp.) and pines (Pinus halepensis, P. radiata) fit
particularly well in a highly altered landscape matrix. Net forest cover in temperate grasslands increased
from 2000 to 2012 (Figure 3.19), but this increase is attributed mainly to exotic tree plantations (Salazar et
al., 2015).
Invasive vertebrates include wild boar (Sus scrofa). This species threatens key conservation habitats, affects
agriculture and acts as a reservoir for diseases affecting pig farming, chital (Axis axis), and feral horses.
European carp (Cyprinus carpio) has colonized most freshwater habitats, while common starlings (Sturnus
vulgaris) and the red-bellied tree squirrel (Callosciurus erythraeus) are currently undergoing range
expansion. Pet trade, forestry and aquaculture are emerging as new vectors of species introduction and
expansion (see also Chapter 4). Other invasive animals include European pigeons, deer, and bullfrogs.
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3.4.1.8 Drylands and deserts
North American and Mesoamerican subregions

Drylands are ranked as one of the most important biomes for the biodiversity of species and
endemics both globally and in the Americas (Goudie & Seely, 2011; Le Saout et al., 2013;
Millennium Ecosystem Assessment, 2005). Much of the rich biodiversity and endemism (Table 3.4)
found in these regions in the Americas and elsewhere is likely due to the high climate variability,
which can drive speciation. High levels of endemism occur both at the species (Table 3.4) and
generic levels. For example, 44% of seed plant genera in Mexican drylands under a broad definition
are endemic (Challenger & Soberón, 2008). Animal biodiversity in North American can closely rival
that found in tropical regions: Arizona alone contains 203 snake species (Southwestern Center for
Herpetological Research, n.d.), almost two-thirds of the number found in the entire Amazon Basin.
Unfortunately, many of these species have small home ranges, placing them at a high risk of
extinction (Pimm et al., 1988). Biodiversity of lichens and mosses in dryland biological soil crusts,
critical to soil stability and fertility, often exceeds vascular plants (Belnap et al., 2016).
Current habitat fragmentation, number of globally threatened animal species, and altered fire cycles in
these drylands are rated moderate to very high (Hoekstra et al., 2010). In Mexican drylands, fragmentation
is greatest in coastal deserts (Arriaga, 2009). One fragmentation index indicates that the largest mean parcel
size of intact habitat in North America is only about 4% of the total extent of the dryland ecoregion (Figure
3.22). Nearly all drylands in North America and Mexico have been grazed by livestock relatively heavily at
some point since European settlement; it is thus difficult to know how current ecosystems differ from those
present before then. Estimates of departure of current vegetation conditions in the dryland biome relative
to undisturbed dryland conditions based on the vegetation departure index are high in many areas of the
biome, frequently more extreme than in agricultural or urban environments (Figure 3.22).
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Box 3.7. . The Cuatro Ciénegas Basin in Coahuila, Mexico.
This ultra-low nutrient oasis in the Chihuahuan desert is extremely diverse, hosting at least 99 microendemic species and an equally wide array of microbial mats and stromatolites with ancestral marine
lineages (CONABIO database, n.d.). The water’s extremely low phosphorus content is characteristic of
ancient ocean chemistry, earning it the nickname “Precambrian Park” (Redfield, 1934; Souza et al., 2012).
It exceeds diversity of other aquatic pools within desert systems globally by several orders of magnitude
in the case of microbes and manyfold for other groups, such as spiders. Viral diversity is higher here than
any other site in the world, reflecting the diversity of their bacterial and eukaryotic prey. The level of
macrofauna endemism is equal to that of the Galápagos and is higher than anywhere in North or
Mesoamerica (Stein et al., 2000). Many species are new to science and still in the process of being
described. The unusual geological history of this area explains its biodiversity: a large portion of the
ancient Tethys Sea became entrapped by the regional uplift of the Sierra Madre Oriental and Occidental,
isolating ancient seawater communities and leaving them to evolve independently (FerrusquíaVillafranca et al., 2005; Souza et al., 2006, 2008, 2012). Due to intensive agriculture, 90% of Churince, the
most widely studied part of the basin, has disappeared since 2006, with most of the loss occurring in
2017; the remaining 10% is unique since most of the species are microendemic to the basin and their
unique site. The whole Cuatro Ciénegas Basin is threatened by the intensified use of the deep aquifer for
agriculture, causing water to be drained at a very rapid pace.
Dryland regions contain significant numbers of species that occupy habitats that have always had a very
restricted range and thus are at high risk to disturbance. Reptile declines are associated with habitat loss.
Individual desert tortoises occasionally move long distances between populations (Edwards et al., 2004),
but movement is increasingly difficult for tortoises due to habitat fragmentation. The main cause of a
decline in the bunchgrass lizard (Sceloporus scalaris) in the Chiricahua Mountains in southeastern Arizona,
USA, has been attributed to the loss of native bunchgrasses due to cattle grazing (Ballinger & Congdon,
1996). This lizard requires bunchgrasses for cover and protection from predators and harsh winter
conditions.
Recent trends. Habitat loss between 2000 and 2009 is estimated at 15–60% in North America (Challenger
& Dirzo, 2009; Hoekstra et al., 2010). Biodiversity, soil health, and most associated ecosystem functions
have declined over the past 50 years across these regions (e.g. http://www.biodiversitymapping.org;
Goudie & Seely, 2011; Kéfi et al., 2007; Sarukhán et al., 2015). Biodiversity loss can be severe, as in the case
of the highly specialized dune sagebrush lizard (Sceloporus arenicolus) of sandy depressions of dunes semistabilized by Shinnery oak (Quercus havardii) (Ryberg et al., 2014). These dunes are currently experiencing
a large amount of energy exploration and development, resulting in their mobilization and thus severe loss
of lizards and their habitat. A 13-year study of the twin-spotted rattlesnake (Crotalus pricei) found that the
age class structure has been skewed toward younger snakes, probably due to illegal collection of snakes for
the pet trade (Prival & Schroff, 2012). Unique ecosystems like the Cuatro Ciénegas Basin in Coahuila, Mexico
(Box 3.7) have experienced recent losses of microbial biodiversity found nowhere else on Earth.
Loss of sagebrush habitat in the western USA has also impacted biodiversity, including the sage-grouse. This
bird was once widespread and common, inhabiting, at the time of European settlement, what was a
relatively uninterrupted vast (~46,521 km2) sea of sagebrush (Artemisia tridentata tridentata)
(http://sagemap.wr.usgs.gov). Due to agricultural cropping, fire, grazing, and energy extraction, this bird
now occupies about 1/10 of its original range (~4,787 km2) and is believed to be in peril of extinction.
Rehabilitation of the sagebrush habitat has proven very difficult especially with the invasion of exotic annual
Mediterranean grass Bromus (Germino et al., 2016) which accelerates fire cycles, leading to further loss of
sagebrush on a large scale (Germino et al., 2016).
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Exotic plants have increased in North American drylands due to several causes, but especially increased fire
and soil surface disturbances; this invasion negatively impacts plant and animal communities (Brooks,
2009). Fire frequency and area burned increased in the Californian portions of the Mojave and Sonoran
deserts between 1970 and 2010 (Figure 3.23). Exotic grasses, which burn easier than other vegetation
types, were an important explanatory variable for large fires in the Mojave, but the amount of native
perennial vegetation was more important in the Sonora (Syphard et al., 2017).
In the Sonoran desert, biological soil crusts have shown a dramatic decline in cover over the past 50 years,
as they are highly vulnerable to fire and the disturbance of soil surfaces (Belnap & Eldridge, 2003). The loss
of native plants, animals, and biological soil crusts has led to increased soil erosion via wind and water
erosion; decreased soil albedo over large regions; and had a strong negative impact on water, carbon, and
nutrient cycles (Ahlström et al., 2015; Fields et al., 2009; Hoekstra et al., 2010; Painter et al., 2010; Neff et
al., 2005).

South American subregion
Status. Notwithstanding increasing intensive agriculture and urban encroachment, large parts of the
Atacama and Sechura deserts in western South America remain fairly intact (Luebert & Pliscoff, 2006). The
western deserts, although in large part seemingly barren, are an area of unexpected richness, especially in
plants and microorganisms. Plant species-richness and endemism are especially high in the narrow coastal
loma vegetation band (Dillon et al., 2011; Rundel et al., 1991; Squeo et al., 1998) (Table 3.4). Cactaceae are
important and highly threatened (Goettsch et al., 2015; Guerrero et al., 2011; Larridon et al., 2014; OrtegaBaes & Godínez-Alvarez, 2006). Saline lakes and barren areas of the Atacama contain fascinating
assemblages of Archaea, bacteria, and cyanobacteria (Crits-Christoph et al., 2016; Fernandez et al., 2016;
Lester et al., 2007; Navarro-González et al., 2003; Wierzchos et al., 2006). Western deserts are subject to
flash floods, and thus vegetation integrity plays a critical role in containing water erosion. Western coastal
desert loma vegetation in particular, is highly susceptible to invasion when disturbed (Aponte & Cano,
2013). While some areas of the western deserts are under threat, a growing appreciation of the rich so-
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called “flowering desert” in Chile as a tourist resource has greatly heightened public awareness of the value
of biodiversity.
Caatinga vegetation in eastern Brazil, part of this biome, is also rich (Table 3.4). Caatinga is poorly known in
comparison to Brazilian Cerrado and tropical rainforest. The caatinga woody matrix is estimated to
comprise around 63% of the original cover (Beuchle et al., 2015, but see Schulz et al., 2017) and thus is
better conserved than Cerrado. Ten mammals are strictly endemic to caatinga and 11 more are endemic to
the caatinga and Cerrado (Gutiérrez & Marinho-Filho, 2017). While most alien plant species in western
drylands were accidentally introduced, the Caatinga is home to many intentionally introduced tropical
forage grass species (Almeida et al., 2015).
Recent trends. Urban encroachment into the western loma vegetation has affected a highly endemic,
range-restricted rodent to the point of likely global extinction of (Mena et al., 2007) warning that other
local endemics in loma could be at risk with coastal development. A recent wave of private coastal
development in Chile has greatly reduced the habitat of a globally threatened plant species (García-Guzman
et al., 2012) and other species are likely affected. The production and the illegal extraction of Cactaceae
continues (Estevez et al., 2010; Larridon et al., 2015). Extensive vegetation dieback, accompanied by
declining guanaco populations, has been reported repeatedly over the last 20 years in the arid-most part
of the western coastal desert (Schulz et al., 2011 and references therein). This trend coincides with a
tendency for reduced precipitation, extended drought periods and reduced coastal cloud, notwithstanding
typical El Niño variation. On the transition to Mediterranean shrublands, continuous monitoring has
revealed El Niño Southern Oscillation-related fluctuations in the abundances in small mammals (Armas et
al., 2016; Meserve et al., 2011) and alien plant species, but with significant recovery of native plants in
wetter years (Jiménez et al. 2011), indicating high resilience at least in less arid areas. A noticeable shift in
small mammals followed the last major El Niño Southern Oscillation event in 2000-2002 with their numbers
becoming less fluctuating. This appears to have been caused by a shift in rainfall periodicity from strong
interannual fluctuations, to a more equitable pattern with more consistent annual rainfall. These trends
may be indicative of ongoing climate change in the Chilean semiarid region (Armas et al., 2016).
Biome-scale studies agree that the Caatinga has seen recent large-scale vegetation turnover and cover
changes. However, both increases and decreases in woodland and woody vegetation have been reported.
While studies based on Moderate Resolution Imaging Spectroradiometer data tend to find a net gain of
woody vegetation, those based on Landsat data find a net decrease (discussed in Schulz et al., 2017). The
impacts on caatinga species and populations of this highly dynamic scenario, to which a fertilization effect
of carbon dioxide might be relevant (Donohue et al., 2013), are largely unknown. In addition to many
introduced forage grasses, a serious ongoing invasion in caatinga concerns Prosopis juliflora which forms
monospecific stands that outcompete native woody species and now covers over one million hectares
(Gonçalves et al., 2015). As in the western deserts, selective biomass removal for fuel continues in the
Caatinga, even though many households now possess gas stoves (Cavalcanti et al., 2015; Ramos &
Albuquerque, 2012).

3.4.1.9 Wetlands: peatlands, mires, bogs
North American subregion
Status. North America houses approximately 240 millions of hectares of wetlands comprising 12.6% of the
total land area. Some of the largest North American wetland landscapes are the peatlands of the Hudson
Bay Lowlands, the peatlands of the Mackenzie River Watershed (Vitt, 2016), the Prairie Pothole region of
the glaciated midcontinent of Canada and the USA, covering 7.7 million ha, and The Everglades and Great
Cypress Swamp, covering 1 million hectares located on the southern part of the Florida peninsula. The
boreal peatlands of Canada (110 million hecares), store an estimated one-third of the world’s global carbon
and 10% of the world’s soil nitrogen (Vitt, 2016). The cold anaerobic conditions of boreal peatlands favor
the accretion of undecomposed mosses, sedges, and other plants, together, resulting in deep organic
deposits of 2m or more. Canadian peatlands support exceptional bryophyte diversity, with a recorded 294
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species of mosses and related species (about one-third of the world’s moss species) (Junk et al., 2006). The
Prairie Potholes and the Everglades have outstanding biodiversity (Table 3.4). The Prairie Potholes provide
critical breeding and migratory habitat for North America’s waterfowl. The Everglades serve as a wintering
area for 249 migratory bird species, as well as 100 resident species and critical habitat for species of global
conservation concern.
From the 1800s to the 1980s Canada sustained losses of about 20 million hectares of wetland habitat. The
conterminous USA sustained wetland losses of 53% (117 million hectares) from the 1780s to 1980s; Alaska
lost less than 1% (Dahl, 1990). Despite these losses and much regional variation, wetlands still cover 12%
of North America (240 million ha) (Dahl, 1990, 2011; Federal Provincial and Territorial Governments of
Canada, 2010).
Recent trends. Losses to drainage for agriculture over the past 40–60 years has been the most important
cause of wetland loss; conversion for development has also been locally significant near urban centers. An
estimated 350,000 ha of wetland habitat in Canada was lost over the past 40–60 years, to drainage for
agriculture in the prairie pothole region (Government of Canada, 2009). Wetland losses in Greenland are
presumed to have been negligible. Compared to historic rates of wetland conversion, loss rates in both the
USA and Canada have likely been lower in recent years because federal policies create disincentives for
filling and draining wetlands (i.e., US Clean Water Act of 1972), Canada’s Federal Policy on Wetland
Conservation of 1991 (Government of Canada, 1991). Unfortunately, policies that allow compensatory
restoration to offset conversions have not been effective at preventing losses of forested wetlands, which
are costly and difficult to restore (Dahl, 2011).
Many North American wetlands have undergone extensive eutrophication. The associated changes of
eutrophication include changes in the composition of aquatic life and recreational uses, in the effectiveness
of wetlands as effective filters that protect downstream and groundwater resources, and in accumulation
rates of bulk sediments (Brenner et al., 2001).
Wetland alteration has favored the expansion of invasive species and displacement of native species. Some
serious wetland invaders in North America include common reed (Phragmites australis) in freshwater and
brackish wetlands, cordgrass (Spartina alterniflora) in West Coast salt marshes and hybrid cattail (Typha x
glauca), reed canary grass (Phalaris arundinacea) and purple loosestrife (Lythrum salicaria) in freshwater
marshes. These invaders diminish wetland services in many ways including lost critical habitat for
endangered species (e.g. Phragmites, central Platte River) and reduced wetland bird nesting (Typha, Great
Lakes). Although a lot of attention and much funding have been devoted to managing and controlling these
species, their spread is generally irreversible. Proximity to urban areas, as in the Everglades, has been
associated with the escape and establishment of a large number of ornamental plants and pet animal
species, including 221 plants, 32 fish, 30 amphibians and reptiles, and 10 mammals in the Everglades (Brown
et al., 2006).
Many wetlands in urban areas that have been modified by filling or dredging experience high pulses of
stormwater from watersheds with diminished infiltration, and receive toxins from transportation (e.g.
chloride from road de-icing salts) and industrial run-off (Brinson & Malvárez, 2002; Sanzo & Hecnar, 2006;
Federal Provincial Territorial Governments of Canada, 2010). Simultaneously the combination of alterations
from urban development and agriculture has caused radical changes to the water quality and water flow in
places like the Everglades.

Mesoamerican subregion
Status. The Mesoamerican subregion possesses an outstandingly diverse contingent of large tropical
wetland areas with abundant bird, fish and large mammals (Table 3.4), among them the Centla Swamplands
Biosphere Reserve south of the Gulf of Mexico, the Los Guatusos wetland area on the southern coast of
Lake Nicaragua, and Palo Verde National Park and the Northeast Caribbean Wetland (Tortuguero) in Costa
Rica (Hernández, 1999), all together summing to 141,470 km2. The Centla Swamplands, located at sea level,
constitute one of the world´s largest swamp areas. They are the home of gallery vegetation, mangroves,
aquatic plants, manatees, jaguars, crocodiles, turtles and many fishes and birds. The Guatusos Wildlife
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Refuge, with many fish species, is inhabited by indigenous and mestizo peoples. Like wetlands in general, it
is a very important area for migratory birds, in the dry season in Nicaragua. Palo Verde National Park
includes deltas, estuaries, flood plains, swamp forests and seasonally flooded grasslands. Counts of more
than 50,000 waterfowl have been made in the wetlands of Palo Verde National Park, including the
endangered Jabiru stork (Jabiru mycteria) (Daniels & Cumming, 2008). Tortuguero is dominated by
herbaceous swamps and wooded palm-dominated floodplains that run parallel to the coast. It is an
important site for nesting green turtles and several threatened species. In general palm-dominated
wetlands in Costa Rica and Nicaragua constitute 16-22% of all wetlands (Serrano-Sandi et al., 2013); this
type of wetland tends to be relatively poor in birds (Beneyto et al., 2013) as well as reptiles and amphibians
(Bonilla-Murillo et al., 2013). An estimated 35% of Mexican wetlands have been transformed or suffered
some level of deterioration (Hernández, 1999).
Recent trends. Contamination from heavy metals has been reported in the Centla swamplands (Pérez-Cruz
et al., 2013), while pesticides related to agriculture have been reported in the Palo Verde Wetlands (MenaTorres et al., 2014). Tabasco, where the Centla wetlands are located, is an area where petroleum extraction
is currently occurring and is a threat to the reserve. The effect of these contaminants on aquatic
biodiversity, however, is still unclear as baseline studies are only beginning. At the same time, the
probability of wetland conversion increases as areas of wetlands are found closer to already converted land
(Daniels & Cumming, 2008). Nevertheless, Landsat maps of Normalized Difference Vegetation Index suggest
that the Palo Verde wetland has witnessed an overall increase in vegetation greenness and cover since
1986, matching the abandonment of cattle ranching and the known degradation of the wetland by cattail
invasion (Alonso et al., 2016). This study shows that large degraded tropical Mesoamerican wetlands have
the capacity to recuperate when external pressures are removed. The Tortuguero wetland is threatened by
subsistence, sports fishing, poaching, the illegal collection of turtle eggs (Hernández, 1999) and pesticides
from banana plantations and packing plants (Castillo et al., 2000). All these changes impact on human wellbeing. For example, total shrimp catch in El Salvador and Panamanian wetlands has dropped by 50% in the
past decade or so (Hernández, 1999).

South American subregion
Status. South American wetlands are hugely diverse, spread over the entire continent, and found from sea
level to above 5000 m altitude. The three largest wetland areas (Amazon river basin, Pantanal, Magellanic
peatlands) in accordance with their sizes (Keddy et al., 2009), comprise around 11% of South America. Other
large wetlands are the Orinoco delta with large peatlands and the internal Venezuelan and Colombian
deltas, which are pantanal-like areas. Total wetland extent is difficult to pin down, given lack of consensus
over what constitutes a wetland and the fact that some wetlands tend to be overlooked. A case in point are
the Veredas of Brazil, spread over the entire savanna biome and perhaps comprising as much 5% of that
biome. Many wetland types are rich in bird species (Caziani et al., 2001; Derlindati et al., 2014; Mascitti &
Bonaventura, 2002; Tellería et al., 2006) (Table 3.4) and have important aesthetic value. Amazonian flooded
forested wetlands and the Pantanal are especially rich in plants, birds, fishes, reptiles, and amphibians
(Table 3.4). Some wetlands are rich in planktonic assemblages (Küppers et al., 2016; Muñoz-Pedreros et al.,
2015). In general, South American wetlands play a vital role in water regulation for surrounding forests and
agricultural lands. For example, certain types of subantarctic peat bogs and mires, given the high waterholding capacity of Sphagnum species and of accumulated peat, discharge water slowly and have an
important buffering effect on surrounding forest ecosystems (Iturraspe, 2010). Southern South American
peatlands, including Amazonian and (and probably Orinocan peatlands), are important carbon sinks
(Lähteenoja et al., 2009; Loisel & Yu, 2013). In contrast, tropical ﬂoodplain lake ecosystems with a large
amount of organic matter are considered important sources of carbon from the water to the atmosphere
(carbon dioxide evasion) (Raymond et al., 2013), although abundant macrophytes can counteract this effect
locally (Peixoto et al., 2016), indicating an important biodiversity link. High Andean bogs in the arid puna
are important for the grazing of native camelid and other domestic animals which sustains the livelihoods
of high altitude peoples (Borgnia et al., 2008; Tirado et al., 2016) (see also Box 3.6).
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Recent trends. Many South American wetlands have been severely degraded over the past 30–40 years.
High Andean bogs and associated salt lakes in arid areas of the Andes are now used extensively as a water
source for mining (Aitken et al., 2016), although this source is now being replaced by imported seawater
from adjacent coastal areas in some cases. Roads built over these fragile ecosystems are an additional
problem (Salvador et al., 2014). Water levels in the bog complex in the arid Andes are critical for bird species
maintenance (Tellería et al., 2006). Water withdrawal also alters a key habitat for grazing animals. In the
vast Pantanal, largely as a result of large-scale cattle ranching and cropping, between 1976 and 2008 loss
of floodplain vegetation increased over 20-fold (Silva et al., 2011) with some 12% lost. Loss of pantanal has
lead to negative consequences for large animal species (Keuroghlian et al., 2015). Nevertheless, absolute
loss of pantanal is much lower than for Cerrado. In the lower Paraná delta in Argentina, between 1999 and
2013 one-third of the freshwater marshes (163,000 ha) were replaced by cattle pastures (70%) and forestry
(18%) (Sica et al., 2016) over a period of no more than 14 years. As of the 1970s, intensive commercial
fisheries developed across the Amazon and the lower Paraná delta. Overexploitation of frugivorous fish
species has depressed the quantity, quality, and diversity of seeds dispersed by fishes which could lead to
overall reduced plant diversity in these habitats (Correa et al., 2015). Long-term studies (1969–1987) in the
extra-tropical Mar Chiquita in Argentina reveal that flamenco breeding is very susceptible to lake water
levels, especially excessive flooding (Bucher et al., 2000), making this kind of wetland vulnerable to
surrounding land use changes affecting upstream flow. While commercial peat extraction is still limited in
Magellanic peat bogs, abandoned peatlands show a significant invasive plant species component
(Domínguez et al., 2012). The integrity of southern peat bogs is further threatened by introduced beaver,
which increased in number from 54,000 to 110,000 between 1999 and 2015 (Instituto de Asuntos PúblicosCentro de Análisis de Políticas Públicas, 2016).
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3.4.1.10 Summary biodiversity data for terrestrial biomes and overall trends for terrestrial
biomes and other units of analysis
Table 3.4.Illustrative biodiversity data for principal terrestrial biomes in subregions of the Americas. The
first number in parentheses gives richness; % value is endemism level where available.
North American subregion
Temperate and boreal forests and woodlands
USA forests: plants (9,195), mammals (234), birds (452), reptiles (218), amphibians (201), freshwater
fishes (60), invertebrates (739), trees (~1,000) (U.S. Forestry Service, 2015).
Mediterranean forests, woodlands and scrub
California Floristic Province: plants (5,006; 37%) (Burge et al., 2016); California: mammals (201), birds
(653; 1%), reptiles (101;15%), amphibians (70; 46%) (Zavaleta et al., 2016), bees (1,600) (Frankie et al.,
2014).
Tundra and high mountain habitats
North American tundra: vascular plants (1,486) (Elven et al., 2011), mammals (41), birds (152),
amphibians (1), insects (1,567), spiders (200), springtails (174), mites (368), white worms (73) (Meltofte,
2013); Western North American alpine: plants (> 1,400) (Malanson et al., 2015).
Temperate grasslands
Midwestern grasslands: plants (897) (Wilsey et al., 2005).
Drylands and deserts
Mojave Desert of southern California: plants (5,000) (USDA n.d).
Wetlands, peatlands and mires
Canadian peatlands: mosses and related species (294) (Junk et al., 2006); Everglades: plants (1,033), birds
(349, 249 migratory), fishes (432), reptiles (60), mammals (76), amphibians (38) (Brown et al., 2006),
macroinvertebrates: 290–400 (Trexler & Loftus, 2016).
Mesoamerican subregion
Tropical and subtropical moist forests
Mexico lowland tropical broadleaf forest: seed plants (~5,000) (Challenger & Soberón, 2008); Mexican
montane mesophyll forest: seed plants (~3000) (Challenger & Soberón, 2008); Mexican coniferous forest:
pines (54), oaks (160) (CONABIO, 2014); Eastern Panama broadleaf forest: mammals (~165) (Voss &
Emmons, 1996); Southern Mexico: mammals (~125) (Voss & Emmons, 1996).
Tropical and subtropical dry forests
Costa Rica: plants (~4,500), vertebrates (~1,100), arthropods (~150,000), fungi (~20,000) (Janzen, 1987;
Janzen & Hallwachs, 2016); Mexico: seed plants (~6,000; 40%) (Challenger & Soberón, 2008), trees
(1,072) (Banda-R et al., 2016); Central America (northern South America included): trees (808) (BandaR et al., 2016).
Drylands and deserts
Mexico: seed plants (~6,000) (Challenger and Soberón 2008), endemic plants (3,600) (Arredondo Moreno
& Huber-Sannwald, 2011), cacti (550 spp.; 78%) (Goettsch & Hernández, 2006).
Wetlands – peatlands, mires, bogs
Mexico, Centla Swampland: birds (213) (Santiago-Alarcon et al., 2011), fishes (44) (Macossay-Cortez et
al., 2011); Nicaragua, Guatusos Wildlife Refuge: mammals (32), birds (>300), reptiles (10) (Hernández,
1999).
Caribbean subregion
Tropical and subtropical moist forests
Caribbean Islands (all terrestrial ecosystems): plants (11,000; 72%), mammals (69; 74%), birds (564;
26%), reptiles (520; 95%), amphibians (189; 100%), freshwater fishes (167; 39%) (Wege et al., 2010).
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Tropical and subtropical dry forests
Woody plants (611) (Banda-R et al., 2016).
South American subregion
Tropical and subtropical moist forests
Amazonia: plant species (14,003), trees (6,727) (Cardoso et al., 2017), trees (11,676) (ter Steege et al.,
2016), birds (1,300) (Marini & Garcia, 2005), reptiles (378), amphibians (428), fishes (>3,000) (Charity
et al., 2016); Amazonian lowland forest: mammals (434) (Mares, 1992); Atlantic Coastal forest: plants
(~20,000), mammals (263), reptiles (306), amphibians (475) (Mittermeier et al., 2005), birds (1,020)
(Marini & Garcia, 2005); Andean Montane forest: trees (3,750) (Tejedor Garavito et al., 2015), birds
(many of a total of 1,160 species in all neotropical wet montane forests) (Stotz et al., 1996), mammals
(332) (Mares, 1992); Las Yungas, Bolivia: plants (6,073) (Jørgensen et al., 2015).
Tropical and subtropical dry forests
Northern South America and Central America: tree species (808) (Banda-R et al., 2016); Northern
interandean Valleys: trees (418) (Banda-R et al., 2016); Colombian dry forest: plants (2,569), birds (230),
mammals (60) (Gómez et al., 2016).
Temperate and boreal forests and woodlands
Temperate rainforests: plants (443–500) ( Arroyo et al., 1996; Villagrán & Hinojosa, 1997), mammals
(58), birds (60) (Armesto et al., 1996); Magellanic rainforest–tundra zone: bryophytes (450), liverworts
(368) (Rozzi et al., 2008); Tierra del Fuego and Patagonia: myxomycetes (67) (Wrigley et al., 2010).
Mediterranean forests, woodlands and scrub
Central Chile: vascular plants (2,900; 30%) (Arroyo et al., 2002), mammals (37), birds (200), reptiles (38),
amphibians (12) (Simonetti, 1999), bees (~300) (Montalva & Ruz, 2010).
Tundra and high mountain habitats
Whole biome: plants (6,700) (Arroyo & Cavieres, 2013); Páramo: vascular plants (3,600) (Sklenář et al.,
2005), non-vascular plants (1,300) (Luteyn, 1999); Puna freshwater and salt lakes: fishes (60) (Vila et al.,
2007).
Tropical and subtropical savannas and grasslands
Brazilian Cerrado: plants (13,137), birds (837) (Overbeck et al., 2015), mammals (251) (Paglia et al.,
2012), trees (2,916) (“Tree flora of the Neotropical Region,” n.d.).
Temperate grasslands
Río de la Plata grasslands: grass species (550) (Bilenca & Miñarro, 2004).
Drylands and deserts
Chilean winter rainfall deserts (broadly): plants (1,893) (Arroyo & Cavieres, 1997); Pacific Coastal
Lomas: plants (1,200) (Dillon et al., 2011); Caatinga: plants (2,400-4,230) (Moro et al., 2014), fishes
(185), lizards (44), amphibians (8), snakes (47), turtles (4), crocodilians (3), amphibians (49) (WWF,
2017b), birds (519) (Silva et al., 2003), mammals (148) (Oliveira, 2003).
Wetlands: peatlands, mires, bogs
Amazonian wetlands: plants (>1,390), endemic trees (68) (Junk et al., 2014); Brazilian Pantanal: plants
(1,863), aquatic and terrestrial mammals (170), bats (46-floodplain), birds (655 floodplain and uplands),
herpetofauna (135 Plains), fishes (263) (Alho, 2011; Alho, et al., 2011a; Alho et al., 2011b; Pott et al.,
2011).
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Marine and ocean systems
Status. Considerable numbers of marine mammals are threatened in each of the four subregions (Table
3.5). Extinctions in the Americas include Steller’s sea cow (Hydrodamalis gigas) native to the Bering Sea;
the Caribbean monk seal (Neomonachus tropicalis) native to the Caribbean Sea, Gulf of Mexico and West
Atlantic Ocean; and the sea mink (Neovison macrodon), native to coastal eastern North America
(Committee on Taxonomy, 2016).
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Table 3.5. The number of marine mammal species found across the Americas, grouped by current IUCN
Red List status and by subregion. DD = data deficient, LC = least concern, NT = near threatened, V =
vulnerable, E = endangered, CE = critically endangered. Note three extinct species captured in these
counts: Caribbean monk seal (Neomonachus tropicalis), Steller’s sea cow (Hydrodamalis gigas), and the
sea mink (Neovison macrodon). From IUCN Red List IUCN (2017).
Americas
North
Caribbea Mesoameric South
IUCN Status
total
America
n
a
America
Data deficient (DD)
43
21
13
18
36
Least concern (LC)
35
27
10
10
18
Near threatened (NT)
4
3
0
0
1
Vulnerable (V)
7
6
2
2
3
Endangered (E)
10
7
3
3
6
Critically
endangered
(CE)
1
0
0
1
0
Extinct
3
2
1
0
0
Across subregions, trends in mammal populations are mixed (IUCN, 2017) (Figure 3.26). For example,
although some sea otter populations are stabilizing or increasing, abundances remain below carrying
capacity (Doroff & Burdin, 2015). Both extant manatee species are considered vulnerable with decreasing
populations. Because suitable sea ice habitat in the Arctic is degrading and/or disappearing rapidly with
climate change, the polar bear is considered vulnerable; however the trends across the 11 populations of
polar bear are mixed (4 increasing, 2 stable, 5 decreasing), and trends across eight other subpopulations
are unknown (IUCN & SSC PBSG, 2017; Wiig et al., 2015). Very little is known about population trends of
most beaked whales and most dolphin species. Half of the turtle subpopulations that forage and/or nest in
the Americas are endangered or critically endangered (IUCN, 2017).
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Recent trends. In North America, protection under the US Endangered Species Act, the US Marine Mammal
Protection Act, and the International Whaling Commission has led to increasing populations of some marine
mammals (e.g. gray whales) and sea turtle species in USA waters, but habitat destruction and human
activities continue to place other species in jeopardy. For example, the western North Atlantic right whale
and Hawaiian monk seal continue to decline (Hourigan, 1999). Similarly, marine mammal populations in
Canada are increasing, including grey seals in the Scotian Shelf and Gulf of St. Lawrence, harp seals in the
Gulf of Maine and Scotian Shelf, western Arctic bowhead whales in the Beaufort Sea, Stellar sea lions, sea
otters, and the Pacific harbour seal. Resident killer whale (Orcinus orca) populations off the coast of
Vancouver Island have shown variable patterns since 2001, with the threatened northern population
showing slight signs of recovery but the endangered southern population showing little recovery and listed
as “endangered” in the USA “at risk” in Canada (Fisheries and Oceans Canada, 2017).
Across the Americas, despite bycatch reduction efforts, particularly in North America, some large whales
are still endangered (e.g. North Atlantic blue whale, Balaenoptera musculus) as are cetacean populations
with low abundances (Read, 2008). Some populations are small in number from previous anthropogenic
impacts, such as false killer whales (Pseudorca crassidens). Sirenians (e.g. manatee, Trichechus manatus)
and large whales are particularly vulnerable to fisheries bycatch and other types of removals because of
inherent life history traits (e.g. slow maturation) that limit their potential population growth rate (Eberhardt
& O’Shea, 1995). In Mesoamerica, the Caribbean and South America there is generally a lack of consistent,
robust fisheries bycatch reduction management and/or enforcement, and fisheries bycatch remains a
primary anthropogenic threat (Hucke-Gaete & Schlatte, 2004; Read, 2008). The vaquita, a small porpoise
endemic to a small range in the northern Gulf of California, is an example of a small, critically endangered
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population subject to high bycatch rates; as such, this species is predicted to go extinct by 2022 or sooner
(Taylor et al., 2017).
Around 338 marine time series of change in the Americas have been collected. These studies are distributed
inequitably and are geographically sparse, with only eight in South America (Dornelas et al., 2014; Dunic,
2016; Elahi et al., 2015). Further, most time series are less than 10 years, precluding a comprehensive
picture of how marine biodiversity has changed in the Americas over the past 40-50 years. The only
ecoregion (Spalding et al., 2008) of the Americas with a sufficient sample size – the Southern California
Bight, with 154 different available time series – shows a trend toward a general increase in local species
diversity. Multiple studies show many marine species moving poleward, on average often in relation to
shifts in ocean temperature (Cheung et al., 2013; Pinsky et al., 2013; Poloczanska et al., 2013; Sorte et al.,
2010). Given high coastal diversity at low latitudes, this suggests that diversity in the future should increase
outside of the tropics. Areas with extremely high cumulative human impacts (Halpern et al., 2008) have
tended to show losses in diversity over time (Elahi et al., 2015).
Fisheries species (fish and invertebrates). Commercial fisheries occur in all oceans surrounding the
Americas. Nearly all marine animal phyla as well as seaweeds are harvested in commercial fisheries, but
fished taxa and recorded landings data are heavily biased towards fishes—both ray-finned fishes and
cartilaginous fishes, and invertebrate animals, especially crustaceans such as lobsters, crabs, and shrimps;
molluscs such as clams, abalones and squids; and echinoderms such as sea cucumber and sea urchins. Major
fishing countries in terms of total landings include Peru, the USA, Chile, Mexico, Canada, Argentina, and
Brazil.
While extinction risk is generally very low for marine fishes, recovery of marine populations may take
several decades to recover even when fishing intensity is relaxed (Neubauer et al., 2013). In the Northeast
Pacific and Northwest Atlantic, important fished species in most taxonomic groups are fully exploited
(Figure 3.27), i.e., they are fished at levels near maximum sustainable yield, with annual, sustainable catches
near optimal levels (Costello et al., 2016; Worm et al., 2009). These evaluations are largely based on
quantitative stock assessments, which yield relatively low uncertainty in estimates of exploitation status.
Stock assessments are, however, typically conducted for species with large volumes of fishery landings or
species with high ex-vessel prices so they are not representative of all marine taxa.
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Fewer species from northern latitudes are considered to be either over-exploited or under-exploited (Figure
3.27). A small proportion of Atlantic demersal fish species is overfished while a small proportion is
underfished on both coasts of North America (Figure 3.27). Moving towards the tropics, in the east-central
Pacific most coastal and pelagic fish species are fully exploited, most crustaceans are fully-to-overexploited,
and molluscs are underexploited. With the exception of pelagic fish species, however, many of these
categorizations are highly uncertain (FAO, 2016). In the west-central Atlantic, a higher proportion of coastal
fish are overexploited, fewer crustaceans are overexploited, and more molluscs appear to be overexploited
compared to fisheries in the Pacific Ocean although the latter estimates are highly uncertain. Moving
further south, we find that most important demersal fish species are overexploited on both coasts. Most
pelagic fish tend to be exploited in the southeastern Pacific while all are exploited in the southwestern
Atlantic. On the eastern coast of North America, many of the offshore fisheries exceed target levels and are
not considered sustainable, especially those of elasmobranchs (Brick Peres et al., 2012; Ministério do Meio
Ambiente, 2006). Molluscs are underfished in the southeastern Pacific (though estimates are highly
uncertain), while crustaceans and molluscs are fully exploited or overexploited in the southwestern
Atlantic. The exploitation status of many species is unknown across several taxonomic groups, in particular,
elasmobranchs (sharks, skates and rays) and coastal fishes.
Despite the collapse of certain fisheries, considerable efforts have been undertaken to manage fisheries in
North America. Compilations of quantitative stock assessments (Costello et al., 2016; Worm et al., 2009)
show that over-fished populations usually recover after fishing pressure is reduced. In the USA,
management actions have resulted in a number of successes, including Alaska groundfish, king and Spanish
mackerel, striped bass, and ocean quahogs (Hourigan, 1999). Only a small percentage of USA fisheries are
now considered overfished. However, fisheries impact nontarget species through bycatch and seafloor
damage by trawls (Watling & Norse, 1998). In Canada, an expert panel (Hutchings et al., 2012) concluded
that marine fishes in Canada declined by an average of 52% from 1970 to the mid 1990s and then remained
stable; most stocks, including some populations of groundfish, such as Atlantic and Pacific cod, lingcod and
rockfish species, pelagic fish such as herring and capelin, and anadromous fish such as coho, Chinook
salmon, Atlantic salmon and Arctic char remain well below target levels.
Three of the seven global threat hotspots for neritic and epipelagic oceanic sharks in coastal waters are in
the Americas (Gulf of California, southeast USA continental shelf, Patagonian shelf) (Dulvy et al., 2014).
Brazil, Mexico, Argentina and the USA are in the top 10 countries reporting the highest landings of
chondrichthyans between 2003 and 2011 (Davidson et al., 2016). Currently, despite decades of population
declines for many chondrichthyans, only 18 sharks and rays have been listed by CITES (Convention on
International Trade in Endangered Species). Stock assessments for a number of chondrichthyans in the
Americas report declines of 20–80% from unfished conditions for multiple species (Highly Migratory Species
Management Division, 2006). In the eastern central Pacific, chondrichthyan landings steadily increased
throughout the latter half of the 20th century, peaking to ~50,000 tonnes in 2000, and declining to <40,000
tons in recent years (FAO, 2011). Mexican catches (which represent >60% of regional chondrichthyan
landings) have continued to increase, and current fishing practices targeting elasmobranch aggregations on
breeding and pupping grounds are posing increased threats to many species (Kyne et al., 2012). Historic
and current fishery landings data are limited, and the population status of most shark species throughout
the region is poorly understood (Kyne et al., 2012). However, fishery surveys suggest that two species of
sawfish – the largetooth sawfish and the smalltooth sawfish – may have experienced local extinctions in
Belize and possibly Guatemala (Kyne et al., 2012).
Canada has become one the world’s third-largest exporters of shark meat, and the USA has experienced
the second greatest increase in chondrichthyan landings since 2003 (Davidson et al., 2016). The FAO
recently identified Brazil as having one of the largest and most rapidly expanding shark product consumer
markets in the world (Barreto et al., 2016). Some 32% of all Brazilian chondrichthyans are endangered and
two species of shark are considered regionally extinct, according to IUCN Red List criteria (Reis et al., 2016).
The southeastern coast of South America is also considered a hotspot of deepwater threatened
chondrichthyans (Dulvy et al., 2014). Targeted shark fisheries have also expanded in Mexico and Venezuela
(Tavares & Lopez, 2009).
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Fisheries management plans are now in place for many elasmobranchs in the northwestern Atlantic, but
lacking in most other areas. Recently, Chile, Colombia, Ecuador, and Peru have developed a regional action
plan for protecting and managing chondrichthyans (Davidson et al., 2016). Recently completed stock
assessments for two shark species in the northeastern Pacific also revealed that all populations are either
not overfished or are recovering from historical overfishing (Kleiber et al., 2009; Tribuzio et al., 2015; Young
et al., 2016).

3.4.2.1 Coastal habitats/Coastal and near shore marine/inshore ecosystems
Coastal marine habitats provide many ecosystem services, including food, protection against coastal
erosion, recycling of pollutants, climate regulation and recreation.

Salt marshes
Status. Salt marshes are intertidal ecosystems that are regularly flooded with salt or brackish water and
dominated by salt-tolerant plants. They remove sediment, nutrients and other contaminants from runoff
and riverine discharge (Gedan et al., 2009), protecting estuarine biota. They also protect coastal
communities from storm waves (Costanza et al., 2008) and are nursery areas for many commercial fish
species. Many migratory shorebirds and ducks use salt marshes as stopovers during migration, and some
birds winter in marshes. Wading birds, such as egrets and herons, feed in salt marshes during the summer.
After European settlement, North American salt marshes were filled for urban or agricultural development
or garbage dumps. Using historical maps, Bromberg & Bertness (2005) estimated the average loss in New
England at 37%. Rhode Island has lost the most, 53%, since 1832. Salt marshes are estimated to have
occupied 200,000 to 400,000 ha in pre-settlement Louisiana, with an estimated 50–75 % remaining (Smith,
1993) as of two decades ago. San Francisco Bay has seen a 79% reduction in its salt marshes. Salt marshes
in South America have been far less drained (6%) than in North America (~50%) (Zedler & Kercher, 2005).
However, these marshes are threatened by agriculture, construction of flood control measures and
hydroelectric power, pollution, and large-scale fish and shrimp aquaculture. Some marshes on the Atlantic
Coast of South America have extensive bare areas dominated by high densities of the crab Chasmagnathus
granulata (up to 60 individuals /m2), which consumes the marsh grass Spartina densiflora. The bare areas,
often comprising half of the habitat, are due to crab herbivory. It is suspected that the high densities of
Chasmagnathus are at least in part due to the overfishing of predators (Bortolus et al., 2009). In South
America, invasive Spartina species are found in coastal marshes (Orensanz et al., 2002).
Recent trends. In recent years, sea level rise has begun to impact many previously healthy marshes in the
Americas (such as ponding, where water remains on the marsh surface during low tide and plants get
waterlogged). The actual rate of sea level rise in the future will affect which marshes can persist. Other
marshes are being restored, a very expensive procedure. There are some attempts to raise their elevations
(Ford et al., 1999), yet given accelerating sea level rise, extensive areas will most likely continue to be lost.
The invasive reed, Phragmites australis, which has reduced plant diversity in many brackish marshes in the
eastern coast of the USA and is often removed in restoration projects, allows marshes to increase their
elevation more rapidly (Rooth & Stevenson, 2000) and might better enable marshes to keep up with sea
level rise. While 50% of the salt marsh area in New England had been lost by the mid-1970s, recent loss
rates have been lower because of awareness of their value and restoration projects (Valiela, 2006). Longenrichment of coastal salt marshes has reduced belowground organic matter, contributing to subsidence
(Turner et al., 2009).

Mangroves
Status. In tropical and subtropical regions, intertidal mangroves perform similar ecological functions as salt
marshes in temperate zones. The red mangrove, Rhizophora spp, lives at the water’s edge with its aerial
prop roots in the water, serving as the substrate for a community of attached invertebrates and shelter for
fishes that swim among the roots. Caribbean mangroves are reported to host the world’s richest mangroveassociated invertebrate fauna worldwide (Ellison & Farnsworth, 1996). Mangroves provide many NCP such
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as wood products, microclimate regulation, shoreline protection, nutrient cycling and carbon storage (Vo
et al., 2012).
Recent trends. Recently, use of mangroves has increased leading to substantial loss (Valiela et al., 2001).
Construction of shrimp and fishponds for aquaculture accounts for over 50% of the world’s mangrove loss.
In the Americas, losses average about 2.1% per year, with annual losses up to 3.6% per year. This is likely
due to exploitation, deteriorating water quality, coastal development and climate change (Gilman et al.,
2008; McKee et al., 2007; Polidoro et al., 2010). In the Caribbean, mangrove area has declined by about 1%
annually over the last 30yrs, the second highest rate of loss globally (FAO, 2007). In recent years, mangroves
have been spreading northward in Florida, expanding their range in response to warming (Cavanaugh et
al., 2014). Since they are not likely to be harvested for wood or removed for aquaculture, this northward
move may counterbalance some of the threats.
Submerged aquatic vegetation
Status. Seagrasses live submerged in salt or brackish water full-time and provide habitat for animals such
as scallops, and, in tropical regions, juvenile coral reef fishes. USA populations crashed in the 1930s due to
disease and slowly recovered over subsequent decades. Since the 1960s, much of the Submerged aquatic
vegetation disappeared in North Atlantic estuaries, particularly in Chesapeake Bay. Loss of Submerged
aquatic vegetation results in a loss of food and habitat for many species (US Fish and Wildlife Service, 2011).
Of the seven native seagrass species in the Caribbean, two (Halophila engelmannii and H. baillonii) are
considered to be near threatened and vulnerable. Elevated nutrient levels (eutrophication) is the biggest
threat in the Americas and is particularly acute in developing nations with rapidly growing economies,
where environmental legislation is weak. These local and regional threats exist with a backdrop of
environmental change and sea level rise.
Recent trends. There was considerable loss, degradation, and fragmentation of seagrasses, as 2.6 km2 in
Biscayne Bay (Florida, USA) between 1938 and 2009 (Santos et al., 2016). Extensive losses have been
reported from Canada (Matheson et al., 2016), and the Caribbean (Van Tussenbroek et al., 2014). The
Caribbean Coastal Marine Productivity program found that most study sites showed a decline in seagrass
health between 1993 and 2007 (Van Tussenbroek et al., 2014). However, in some areas that have
undergone restoration and controls on nutrients, such as Chesapeake Bay in the USA, there has been some
recovery (Chesapeake Bay Program, 2017). In cases where nutrient limitations are implemented, recovery
is a very slow process, involving the replacement of fast-growing macroalgae with slower-growing plants.
Simulation models predict recovery times of several years for fast-growing seagrasses to centuries for slowgrowing seagrasses following nutrient reduction (Duarte, 1995).
Coral reefs
Status. Coral reefs are one of the most productive and diverse ecosystems in the world. In addition to the
many species of corals, they include populations of sponges, Echinoderms, mollusks such as giant clams,
nudibranchs, and octopuses, crustaceans such as crabs, lobsters and shrimp, and a huge diversity of fishes,
all of which are either directly or indirectly dependent on the foundation species, the corals. When corals
degrade or disappear the rest of the community degrades or disappears. Coral reefs perform vital
ecosystem services in tropical countries: they serve as protection against storms, attenuating wave
intensity, their fisheries are a source of food for millions of people, and they are a source of considerable
revenue from tourism.
Recent trends. Gardner et al. (2003) found that live coral cover in the Caribbean was reduced from more
than 50% in the 1970s to just 10% today (Figure 3.28). This decline was followed by widespread and severe
coral bleaching in 2005, which was in turn followed by high coral mortality as a result of disease at many
locations. Healthy corals are rare on the intensively studied reefs of the Florida reef tract, USA Virgin Islands
and Jamaica (Gardner et al., 2003). Furthermore, two of the formerly most abundant foundation species of
Caribbean reefs, the elkhorn coral (Acropora palmata) and staghorn coral (Acropora cervicornis), have been
added to the US Endangered Species List. The decline of herbivorous species (e.g. parrotfish) in coastal
marine areas has also been of consequence especially as many are vital to reef resilience (Mumby et al.,
2006). Many reef fish continue to be exploited (e.g. endangered Nassau grouper, Epinephelus striatus)
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(Sadovy & Eklund, 1999). Jackson et al. (2014) found that the average coral cover for 88 locations in the
Caribbean declined from 34.8% in 1984 to 19.1% in 1998 to 16.3% at the time of the report, but there was
great disparity among sites. In contrast, macroalgal cover increased from 7% to 23.6% between 1984 and
1998 and held steady but with even greater disparity among locations since 1998. Differences among
locations can be attributed to local factors such as human population density, overfishing of herbivorous
fishes, and invasive species. The invasion of the predatory lionfish (see Chapter 1) has been particularly
devastating to populations of herbivorous fish. The massive loss of corals in the Caribbean (see Chapter 4
for drivers) has been associated with increases in large seaweeds (macroalgae), outbreaks of coral bleaching
and disease, and failure of corals to recover from natural disturbances like hurricanes (Jackson et al., 2014).
There are attempts to restore some Acropora reefs in the Caribbean with more tolerant strains. Bozec et
al. (2016) concluded that reduced fishing for parrotfish and other herbivores would make reefs more
resilient to warming.
Global warming is placing Caribbean coastal ecosystems under further stress (see Chapter 4). The predicted
increased severity of hurricanes and greater rainfall seasonality here are also likely to increase stress (Fish
et al., 2009). In Brazilian reefs of the Southwestern Atlantic Ocean, long-term sea water thermal anomaly
events, equal or higher than 1ºC, were responsible for more than 30% of bleached corals in the inshore
reefs from 1998 to 2005, (Leão et al., 2010).
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Perils and opportunities for conservation
Threat status and temporal trends
Knowledge of threat status, temporal trends, and the main causes underlying extinction probability
constitute useful information for policymakers for prioritizing recuperation plans and protection measures
and for other stakeholders who wish to reap well-being benefits from particular species or contribute to
biodiversity conservation.
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Status. Overall, 14,184 species from taxonomic groups within which > 90% of species have been globally
assessed by IUCN for extinction risk and synthesized by Brooks et al. (2016) are present in the Americas.
Groups assessed cover mammals, birds, chameleons, amphibians, sharks and rays, selected bony fish
groups (angelfishes and butterflyfishes, tarpons and ladyfishes, parrotfishes and surgeonfishes, groupers,
wrasses, tunas and billfishes, hagfishes, sturgeon, blennies, pufferfishes, seabreams, porgies, picarels),
freshwater caridean shrimps, cone snails, freshwater crabs, freshwater crayfish, lobsters, reef-building
corals, conifers, cacti, cycads, seagrasses, and plant species occurring in mangrove ecosystems.
Conspicuously absent are the majority of flowering plants. Recognizing that available data is strongly
skewed towards animals, in total, 24.5% of assessed species are documented as threatened with a high risk
of extinction in the wild in the medium term future. The inclusion of data-deficient species for these groups
could shift this percentage to as high as 34.7% or as low as 21.2%. The great majority of species assessed
for the taxonomic groups mentioned (92.3%, 13,096 species) are endemic to the Americas region.

Notable differences in extinction risk characterize the different subregions of the Americas (Figure 3.29).
Considering all species, North America shows much lower extinction risk than South America, Mesoamerica,
and the Caribbean. With the exception of South America, extinction risk tends to be higher among endemic
species. Especially high extinction risks for endemics are found in the Caribbean and Mesoamerica.
Recent trends. For mammals, birds, amphibians, corals, and cycads, global assessments of extinction risk
against the Red List categories and criteria have been undertaken multiple times over the last three decades
to derive Red List indices as indicators of the rate at which species groups are sliding towards extinction;
these can be combined with species distribution data to produce geographically downscaled Red List indices
(Rodrigues et al., 2014). According to this criterion, overall the extinction risk has increased over the last 23
years in the Americas, but again there are notable subregional differences (Figure 3.30). Extinction risk in
the North America subregion has increased slightly, in Mesoamerica it has remained relatively steady, while
in the Caribbean and South American it increased the fastest. Species in the Caribbean region are declining
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towards extinction the fastest of all but, of course, there are fewer overall species here (Brooks et al., 2016).

The main threats in the North American subregion come under the IUCN category termed “Invasive & other
problematic species (whose origins are uncertain), Genes & diseases” (Figure 3.31). In the other three
subregions, the main threats are “Agriculture & aquaculture” and “Biological resource use”. While it was
seen earlier that there are many alien and invasive species in the Caribbean, the category of “Invasive &
other problematic species, Genes & diseases” does not rank high as a threat, at least in the groups assessed
to date. The relatively less importance still of the invasive species category in Mesoamerica and South
America could relate to the fact that invasive species are less prevalent at tropical latitudes. The overall
pattern for these last subregions mirrors the global threat trends (Maxwell et al., 2016). Again, it should be
borne in mind that species assessed are strongly skewed towards animal groups. Trends could change
measurably with the inclusion of the many threatened plant species in the Americas. Throughout the
Americas, biological resource use may be a primary concern in the marine environment (McCauley et al.,
2015).
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Protected areas
Most early protected areas in the Americas were established with the aim of protecting iconic landscapes.
Heightened concern over environmental degradation and the importance of biodiversity led to changes in
the motives for establishing protected areas, with an increasingly greater emphasis placed on in situ
conservation, coverage of KBA (Key Biodiversity Areas), “hotspots”, ecosystem services and indigenous
rights. Simultaneously, the range of stakeholders involved in establishing protected areas expanded to
include private citizens, in addition to governments. Many early protected areas established in
mountainous landscapes today perform important roles in protecting key ecosystem services such as water
regulation and slope stability.
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Status. Total protected area coverage for the Americas is 14%, with 18% of its terrestrial area and 9% of its
marine area (within the Exclusive Economic Zone, EEZ) protected (Figure 3.32). Protected area coverage
shows variation both among subregions and in relation to the relative amount of land and the marine EEZ
protected. For terrestrial habitats, South America has the highest fraction of land in protected areas,
whereas for EEZ marine protection, North America has made the most advances (Figure 3.32). Chile recently
announced the creation of two new large marine protected areas (around the Juan Fernández Islands and
in the Cape Horn-Isla Diego Ramírez area) (Ministerio del Medio Ambiente, 2017) in the South American
subregion. Mexico announced the creation of Parque Nacional Revillagigedo (CONANP, 2017) in the
Mesoamerican subregion. The Americas, thus are responding rapidly to the challenge of marine protection.
These new marine protected areas are not included in Figure 3.32.

Recent trends. Over the past few decades, there has been an increase in the number of protected areas
and the amount of land protected throughout the Americas region (see Chapter 2). In North America, the
number of protected areas has almost tripled, and in the Caribbean, it has almost doubled. Protected areas
came slowly to Mesoamerica, but have increased in number from 150 to more than 700 since the 1980s,
and in South America, they have increased more than four-fold. In South America, over the past 10 years,
an additional 683,000 km2 of new protected areas were added to the Amazon Basin by different countries,
increasing the amount of the Amazon protected by 10% (Charity et al., 2016). According to the most recent
analysis for terrestrial biomes, a large number of biomes in the Americas are better protected than the
global average (Table 3.6); however, despite advances, and of concern given the rapid rate of conversion in
many (3.4), some fall well below the global rate. It should be pointed out that the exact level of protection
in these biomes is constantly changing because of new initiatives and depends also on how the various
biomes are defined, which is far from uniform. In general, it can be seen that closed forests are better
protected in relation to the global rate than non-forested areas and wet forests better than dry forests.
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Table 3.6. Percentage protection of terrestrial biomes in the Americas according to biogeographic realm.
The North American realm (= Nearctic realm in Jenkins & Joppa, 2009) extends into Mexico and thus is
larger than the corresponding IPBES subregion. The Neotropical realm includes South American and
Caribbean subregions and part of the Mesoamerican subregion as defined by the IPBES. Biomes shown
in bold enjoy a high level of protection relative to the global rate in at least one of the biogeographical
realms. Based on data in Jenkins & Joppa (2009).
North
Biome
Global
Neotropical
American
Tropical and subtropical moist broadleaf forests
21
32
Tropical and subtropical dry broadleaf forests
8
0
9
Tropical and subtropical coniferous forests
7
7
8
Temperate broadleaf and mixed forests
11
12
29
Temperate coniferous forest
25
33
Boreal forests/taiga
9
10
Tropical and subtropical grassland, savannas and shrubland
13
8
11
Temperate grasslands and savannas
4
3
2
Flooded grasslands and savannas
20
15
Montane grasslands and shrublands
25
14
Tundra
17
22
Mediterranean forests, woodland and scrub
7
21
1
Deserts and xeric vegetation
9
14
9
Mangroves
21
37
With regard to priority areas for conservation, the Americas region hosts 20% of globally identified KBA
(Table 3.7). KBA include the 12,000 Important Bird and Biodiversity Areas (IBAs), identified by BirdLife
International (2015), plus Alliance for Zero Extinction (AZE) sites (Ricketts et al., 2005) and other KBA
identified through hotspot profiles supported by Critical Ecosystem Partnership Fund (World Database of
Key Biodiversity Areas, n.d.).
Table 3.7. Number and percentage of KBA by subregion in the Americas relative to the global total.
Region

# KBA

%

North America

985

6.35

Caribbean

419

2.70

Mesoamerica

305

1.96

South America

1,371

8.83

Americas

3,080

19.84

Global

15,524

100

Source: Data are from the World Database of Key Biodiversity AreasTM, searched October 22, 2017.
http://www.keybiodiversityareas.org/ site/search.

The total protected area coverage of KBA has increased significantly over the past 50 years (Figure 3.33).
Brooks et al. (2016) synthesize all three datasets for the Americas region. Currently (as of 2015) 17.0% of
IBAs and 20.6% of AZE sites are fully covered in the Americas as a whole. At the subregional level, for IBAs
South America lags strongly behind; for AZE sites the Caribbean takes the lead, while North America lags
behind the most (Figure 3.33).
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With the increasing recognition of indigenous rights and public recognition of NCP, the establishment of
indigenous and private reserves has increased notably. Indigenous reserves in South America tend to be
concentrated in tropical forests where they contribute greatly to the integrity of ecosystem services, and
the sustainable use of many plant and animal species used for human-well-being. Currently, indigenous
reserves in Latin America and the Caribbean account for around 12% of all protected land (Nelson &
Chomitz, 2011) (for more details on the contribution of indigenous reserves to human well-being see
Chapter 2). In the Amazon, around 3000 indigenous lands (not all recognized) now cover over 2 million km2
(Charity et al., 2016; Figure 3.34). Both uninhabited protected areas (parks) and indigenous lands have
proven to reduce deforestation and fire in South American wet tropical forest (Armenteras et al., 2009;
Nepstad et al., 2006; Nelson & Chomitz, 2011), and contain viable populations of most threatened tree
species (ter Steege et al., 2015).

Private conservation efforts are now important in the temperate forests of southern South America (Pliscoff
& Fuentes-Castillo, 2011), the Mediterranean forests, woodland and scrub biome in California (Paulich,
2010), and in Brazil in general (de Vasconcellos Pegas & Castley, 2016). Brazil’s private reserves are
distributed across seven biomes (six terrestrial and the marine); they are recognized under federal law and
created to protect nature in perpetuity. Private conservation efforts in the USA have been stimulated by
the fact that around two-thirds of the land in the continental USA is privately owned and three-quarters of
all threatened or endangered species depend on private land for habitat, food or breeding (Paulich, 2010).
A similar situation could occur in the South American Mediterranean biome. While private initiatives are
noteworthy, they sometimes risk outcomes of the establishment of protected areas in places that are large
and cheap but of less importance for biodiversity conservation (Barnes, 2015), or choices being made on
purely aesthetic grounds increasing protection where it sometimes is perhaps less required. It is therefore
essential to complement these measures with measures of safeguard of important sites (Butchart et al.,
2016) and encourage protection where it is most needed, regardless of aesthetic value.
Despite the overall increase in protection and notable conservation success stories (e.g. Carabias et al.,
2010), major conservation incongruencies within many biomes still remain. Incongruencies address both
what and how much is conserved. With respect to what is conserved, as an example, although California
has pioneered multiple species habitat conservation plans and other regional and multi-benefit approaches
to enhance integrated planning of protected areas (Pincetl et al., 2016), unprotected areas tend to harbor
the highest numbers of rare plant taxa (Pavlik & Skinner, 1994), while important areas with high levels of
plant neoendemism fall outside of protected lands (Kraft et al., 2010). How common this trend is in other
biomes remains to be seen and should be a priority question.
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With respect to how much is conserved, as examples, the Central American system of protected areas
currently includes 669 protected areas summing 129,640 km2, the majority of which correspond to moist
tropical and subtropical forest (Programa Estado de la Nacion, 2008; The Nature Conservancy, 2005). For
Mesoamerica defined as the five southernmost states of Mexico to the Darien in eastern Panama, while
29% of tropical broad-leaved forest is protected, only 10% of coniferous forest comes under protection
(DeClerck et al., 2010). For South American moist tropical and subtropical forests, less than 2% of Atlantic
rainforest is protected.
Incongruencies are even more extreme in other biomes. Overall, only 0.3% of Tropical dry forest in
Mesoamerica, 7% in South America and 10% in the Caribbean is protected (Portillo-Quintero & SánchezAzofeifa, 2010); this percentage descends to 0.2% in Mexico and 1.0% in Venezuela, but is a much higher
15% in Costa Rica (Portillo-Quintero & Sánchez-Azofeifa, 2010), indicating notable differences in individual
country efforts. Protection of Chaco is about 10% (Fehlenberg et al., 2017), ranging from 36% in Bolivia to
6.5% in Paraguay. Although the amount of protected land tripled in the wider Mediterranean biome in
South America between 1975 and 2017, less than 3% is currently protected (based on data in
"http://www.mma.gob.cl") with some particular ecosystems of the biome totally lacking protection
(Pliscoff & Fuentes Castillo, 2011). Currently, 8.3% of the Brazilian Cerrado is considered to be under some
kind of protection, with only 3.1% in strictly protected areas (National Database for Protected
Areas/Brazilian Ministry of the Environment - Cadastro Nacional de Unidades de Conservação - CNUC,
updated February 7, 2017). South American drylands are very poorly protected – 1% of land area of the
Caatinga (Banda-R et al., 2016; de Oliveira et al., 2012), and 1–2% of Chilean western desert (Arroyo &
Cavieres, 1997; Luebert & Pliscoff, 2006). Likewise, in the EEZ much variation is found for marine
conservation (Watson et al., 2014). All these incongruencies have many sources, but one obvious one is a
lack of systematic planning among countries where a given biome is found.

Knowledge and data gaps
Biodiversity inventories. Basic inventorying of biodiversity is far from complete in the Americas.
Accumulated species descriptions for vascular plants have not yet reached an asymptote (Figure 3.35a).
Over the period 2004-2016, Brazil registered the largest number of new plant species names in the
International Plant Names Index worldwide (Figure 3.35b). Over 2,000 new species of plants and
vertebrates have been described from the Amazon alone since 1999 (Charity et al., 2016). Even in wellknown groups such as mammals, 42% of the new species described worldwide between 1993 to 2008 came
from the Americas (Ceballos & Ehrlich, 2009), mostly from Mesoamerica and South America. These trends
are likely to be repeated for other taxonomic groups. Knowledge of invertebrates is particularly deficient
including for taxonomic groups of particular importance for human well-being, such as bees. This
assessment has shown that high-quality information on species richness across the entire Americas is
available for a very limited number of taxonomic groups. Some estimates of biodiversity, of course, might
be exaggerated if care was not taken to remove synonyms. Overall, an accurate estimate of the total
biodiversity in the Americas is currently not possible, and is unlikely to become available for a long time at
the current rate of progress. Also, systematized knowledge on the use of biodiversity is still scarce,
despite major efforts made in Mexico, Costa Rica, Brazil, and Colombia.
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Similar and probably even much larger knowledge gaps occur in the marine (and probably freshwater)
realms. Based on their studies, it is predicted that only about half of marine organisms have been described
for the Atlantic and Pacific coasts of South America (Miloslavich et al., 2011); as on the land, a severe lack
of taxonomic expertise in the subregion is a major handicap.
Mobility of biodiversity data. Progress in the detection of the impacts of climate change on biodiversity,
conservation gaps, and areas with high concentrations of invasive species today depends heavily on
georeferenced biodiversity occurrence data. Overall, 50% of georeferenced online occurrence data in the
Global Biodiversity Information Facility pertains to the Americas. However, the density of georeferenced
data varies widely among subregions (Figure 3.36) (and between countries within each subregion – not
shown). Causes include differences in intrinsic richness among countries, a greater level of collaboration
between foreign institutions and the tropical countries, differences in exploration intensity, lack of
manpower to digitalize biodiversity data and some reticence still on the part of some institutions to
incorporate their biodiversity data into the Global Biodiversity Information Facility. The South American
subregion lags behind, but important efforts are getting underway. For example, specimens from several
institutions in Argentina, thanks to support by the Argentinian National Science Council, can now be found
in the Global Biodiversity Information Facility. Brazil is creating the Brazilian Information System on
Biodiversity and the “Portal da Biodiversidade” which are first steps to consolidate biodiversity data and
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make it available online. The Chilean national science council is contemplating making it compulsory for
grant-holders to place biodiversity data collected with national research funds in the Global Biodiversity
Information Facility.

Importantly, efforts are being made to build comprehensive alien species databases at the country (e.g.
USA, Brazil, Mexico, Chile) and regional (e.g. Invasives Information Network) levels. Not having access to all
biodiversity data, in addition to hindering research progress, introduces uncertainty in the results of
regional and global-scale studies that rely heavily on occurrence data and lowers the quality of
environmental impact studies within countries.
Biome and ecosystem-level data. With very few exceptions, we currently lack accurate knowledge of
biodiversity at the biome level. Where available, the information is limited to a few groups of better-known
organisms and does not necessarily coincide with the spatial delineation of the World Wildlife Fund
terrestrial biomes adopted by the assessment (see Chapter 1). These have been major obstacles in this
assessment. Overall, studies, when present, are insufficient in number for performing biome-level metaanalyses. Thus the assessments of the units analysis in Chapter 3 are necessarily descriptive and piecemeal.
Revision of the World Wildlife Fund biomes based on a consensus is highly desirable now that more
accurate vegetation mapping is possible and can be combined with verified species distribution data. If all
countries were to adopt such a system, this would be an enormous step forward. One reason for a lack of
biome-level data is that many biomes in the Americas cross country boundaries. For example, high elevation
systems in South American are found in seven countries and span about 44 degrees of latitude,
Mesoamerican dry tropical forest stretches over seven countries and the Amazonian basin over eight. This
transnational problem is far less acute in the North American subregion composed of only three countries.
Because governments are usually first concerned with the biodiversity of their respective countries,
resources for undertaking cross-country, biome-level surveys are generally lacking, but of course, this is not
the only reason. This represents a serious challenge for future regional and global IPBES assessments and
undermines the efficiency of conservation measures in biomes.
Data on population sizes and genetic diversity is scarce outside the North American subregion. Likewise,
long-term series data are few and far between making it difficult to detect temporal trends. Throughout
the Americas, fishes and invertebrates differ in their population status, yet the exploitation status of many
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species is unknown across several taxonomic groups, in particular, elasmobranchs (sharks, skates and rays)
and coastal fishes because of a lack of long-term series data. For terrestrial habitats, in the early 1990s,
pioneering efforts in the US Long-Term Ecological Research Network led to the International Long Term
Ecological Research Network (Vanderbilt & Gaiser, 2017). Although many formally accredited sites are
found in the Americas, these are strongly concentrated in the USA, Mexico, and Brazil. There are no high
altitude International Long Term Ecological Research sites along the entire length of the high Andes where
global warming is occurring faster than in adjacent lowlands. Nevertheless, the GLORIA program
(www.mountainstudies.org/climate-change) has been active in setting up monitoring sites in the northern
and central Andes, to be extended now to the southern Andes. For the marine domain, two North American
marine sites were recently accredited by International Long Term Ecological Research Network.
Biodiversity-ecosystem functions-NCP linkages. Most work in this area in the Americas comes from the
North American subregion and has involved plot-based studies with a strong focus on productivity. Some
information exists in the agricultural, fisheries, pollination, and hydrological domains in the other
subregions. Across the Americas, vascular plants comprise the only taxonomic group for which the coverage
of functional trait data is abundant (Kattge et al., 2011), yet gaps in functional trait data are highest precisely
where diversity tends to be highest: i.e., tropical latitudes (Jetz et al., 2016). Studies linking biodiversity and
other less tangible kinds of NCP are incipient throughout. The health benefits of biodiversity and level of
equity in terms of access to green areas in urban areas, for example, are fairly open fields. A major gap in
our understanding, perhaps with the exception of carbon storage, are links between biodiversity and
ecosystem services or NCP at large spatial scales. This requires replicated information across individual
biomes/units of analysis and hence coordinated research, often in several countries. To advance in our
knowledge here, also, greater collaboration between the traditional biodiversity research community and
other disciplines is desirable. Two major challenges for the future in the Americas are to standardize
information and to make it available in a template that is usable by decision makers. In this sense, initiatives
such as the Biodiversity Indicators Partnership (https://www.bipindicators.net/), which make suites of
global indicators available to support national-level reporting and/or National Biodiversity Strategies and
Action Plans updating and implementation, are promising.

Concluding remarks
Biodiversity is linked to ecosystem functions and is highly relevant to NCP across the ecologically diverse
and species-rich Americas. All units of analysis of the Americas considered contribute to human well-being.
However, Tropical and subtropical moist forests, Temperate and boreal forests and woodlands, Tropical
and subtropical dry forests, Mediterranean forests, woodlands and scrub, and Tundra and high elevation
habitats stand out as particularly critical for NCP delivery. For aquatic systems, freshwater is considered
somewhat more important for NCP than marine. Except in a limited number of cases, this chapter shows
that the biodiversity in the Americas´ terrestrial biomes and freshwater and marine habitats continues to
undergo serious erosion. The introduction and spread of alien species can be expected to continue causing
direct and indirect impacts on human well-being and biodiversity. The subregions currently undergoing
most dramatic land use change, considering their spatial extent, are South America and Mesoamerica,
where conversion of vegetation to support pastures, agriculture and exotic plantation forestry is
widespread. These changes are leading to major losses of habitat with concomitant population and species
declines. In the marine and freshwater realms, the number of threatened species is high, and many fish
species are over-exploited.
Climate change has begun to affect the distribution of biodiversity, but to a greater degree in North America
than South America for the moment. Increased fire frequency in several biomes constitutes a growing
threat. Despite significant progress in developing protective measures for the land and in the sea, they are
often insufficient. The greatest challenges to policymakers and decision makers will be to: arrest or slow
habitat loss; encourage more ecologically-friendly management practices to ensure long-term food- and
water-security; and promote alternative biodiversity-based economic activities that are less destructive
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than current activities. These are not new challenges. Progress necessarily implies a conscious, collective
societal effort. Many lessons can be learned from indigenous peoples who have succeeded in living in
harmony on the land.
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Executive summary
1.

The most important indirect anthropogenic drivers of changes in nature, nature’s contributions to
people and good quality of life include unsustainable patterns of economic growth (including issues
related to international trade and finances); population and demographic trends; weaknesses in the
governance systems and inequity (well established). Increasing human demand for food, water, and
energy caused by increases in population, per capita Gross Domestic Product and international trade
have had negative consequences for nature and many regulating and non-material nature’s
contributions to people.

2.

Social inequity is a concern with adverse implications for nature, nature’s contributions to people
and good quality of life (well established). When the United Nations Development Program Human
Development Index is adjusted for inequality, it is 22 per cent lower in Latin American and Caribbean
countries and 11.1 per cent lower in North America {4.3.6}. Seventy-two million people escaped
income-poverty from 2003-2013 in Latin America; however, around 26.9 per cent of the Latin American
population still lived in poverty in 2012: 40.6 per cent in Mesoamerica and 21 per cent in South America
{4.3.6}. In many cases, poor people in the Americas tend to increase the pressures on nature merely to
survive, while on the other hand, there is high per capita consumption of natural resources in affluent
segments of the population.

3.

Economic growth (measured as Gross Domestic Product growth and Gross Domestic Product per
capita) and international trade are major drivers of natural resource consumption in the Americas.
Economic growth and trade can positively or negatively impact biodiversity and nature’s
contributions to people, but currently, on balance, they adversely impact biodiversity and nature’s
contributions to people when environmental and social development goals are insufficiently
accounted for (well established). Positive impacts of economic growth and international trade may
include a stronger economy and increased employment, and social and environmental investments
such as biodiversity protection. Negative impacts of economic growth include unsustainable
conversion, use and exploitation of terrestrial, freshwater and marine ecosystems and resources, which
threaten biodiversity and degrade nature’s contributions to people by reducing species abundances
below self-sustaining levels and by disrupting key ecosystem functions {4.6}. The Americas generates
around 18 per cent of world exports, with 70 per cent of this from North America. The Latin American
and Caribbean contributions to world exports is 5.4 per cent, and natural resource governance is
strongly influenced by having economies dominated by commodity exports. Natural resources (oil,
minerals, and agriculture) contribute more than 50 per cent to these Latin America and the Caribbean
exports {4.3.3}. Globalization has catalyzed rapid growth of international trade and become an
important motor for regional development, but it has also disconnected places of production,
transformation and consumption of land-based products. This decoupling places significant challenges
for socio-environmental governance and regulatory implementation for sectors rapidly changing in
response to increases in the global demand for food, feed and fiber. Consequently, natural resource
use policies often come into place only after fundamental shifts in the land-use system are already
underway, and interventions have become costly and have limited influence {4.6}.

4.

Weaknesses in the governance systems and institutional frameworks in the Americas have had
adverse implications for nature, nature’s contributions to people and good quality of life in the
Americas (well established). In most countries in the region centralized modes of governance still
prevail where decision-making regarding Nature and nature’s contributions to people in reality falls on
the State. Centralized command and control measures nonetheless, such as the establishment of
protected areas, continue to be a pillar of biodiversity conservation. Significant progress has been made
to include other actors and new hybrid governance modes such as public-private certification schemes
or payment for ecosystem services, which are in line with the rising role of markets in environmental
governance. These transformations from centralized to descentralized forms, however, have led to
significant socioenvironmental conflicts in the region {4.3.1}.

5.

Value systems in the Americas differ among cultural groups and identities across the whole region
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and shape governance systems, in particular the ways of addressing development policies, land
tenure and indigenous rights, and strongly influence decisions on land use and natural resources
exploitation in the different subregions (well established). Indigenous and traditional peoples
throughout the Americas have developed many different socio-economic systems (nationally and
locally). Indigenous and local knowledge are expressions of social articulations that can positively
influence biodiversity and ecosystem services. While cases that conservation of biodiversity and
nature’s benefits to people are related to empowerment of indigenous and traditional communities
are emerging in the region (for example, the role of indigenous land on deforestation control in tropical
forests of South America), weak and less participatory governance systems are associated with cases
of conflicts in managing land and natural resources in all of the Americas subregions (for example,
conflicts related to infrastructure building in indigenous lands) {4.3.1, 4.3.6}.
6.

Habitat conversion, fragmentation and overexploitation/overharvesting are resulting in a loss of
biodiversity and a loss of nature’s contributions to people in all ecosystems. Habitat degradation
due to land conversion and agricultural intensification; wetland drainage and conversion;
urbanization and other new infrastructure, and resource extraction is the largest threat to fresh
water, marine and terrestrial biodiversity and nature’s contributions to people in the Americas (well
established). The resulting changes in terrestrial, freshwater and marine environments are interrelated
and often lead to changes in biogeochemical cycles, pollution of ecosystems and eutrophication, and
biological invasions, which are at the same time significant direct drivers of change in the region (well
established). The expansion and intensification of agriculture and livestock production in the Americas
are decreasing the area of and altering natural ecosystems (well established) {4.4.1}. Related changes
include shifting drainage patterns (affecting infiltration and runoff), water quality degradation, soil
disturbance, habitat loss, and release of chemicals that can be toxic to biota and human populations.
Nitrogen and phosphorus fertilizer use have greatly contributed to increases in the amount of available
nitrogen and phosphorus in the environment, doubling available nitrogen, for example, with negative
consequences for ecosystem function, and air, soil and water quality {4.4.2}, including major
contributions to coastal and freshwater oxygen depletion. Land-use changes, road and trail
construction, waterways and domestic animals are common dispersal routes for invasive species (well
established) {4.4.4}. Habitat conversion also decreases connectivity among, and diversity within,
remaining fragments of natural ecosystems (well established). Wildlife, fisheries, and people, including
many indigenous peoples, are exposed to residual pollution in the environment. Mining for trace metal
ores and coal has left lasting legacies of toxic pollution across the region {4.4.2} (well established).
Although unsustainable management of natural resources are threatening biodiversity and degrading
nature’s contributions to people by reducing populations below natural self-sustaining levels and
disrupting ecosystem functions {4.4.5}, some sustainable practices have been identified and used in
terrestrial and aquatic environments.

7.

Rapid urbanization is a key driver of loss of biodiversity and nature’s contributions to people, but the
nature and the magnitude of impacts vary substantially among subregions of the Americas
(established but incomplete). The Americas region is highly urbanized, with about 80 per cent of the
region’s population residing in urban settings {4.3.5}. Although urban population impacts depend on
consumption patterns and lifestyles, which vary considerably from one subregion to another, in all
subregions a large number of ecosystems have been affected. Urbanization driven by growing
populations and internal migration acts as an indirect driver of land-use change through linear
infrastructures. In Latin America and the Caribbean, 12 per cent of the urban population and 36 per
cent of rural population do not have access to improved sanitation facilities, and only 50 per cent of
the population in Latin America is connected to sewerage. The poor systematic waste management in
Latin America and the Caribbean implies pollution of inland waters and coastal areas {4.4.2} affecting
biodiversity and human health.

8.

Carbon dioxide emissions from fossil fuel production continue to increase, increasing 29 per cent
from 2000 to 2008. The combustion of fossil fuels is not only the primary source of anthropogenic
greenhouse gases that cause human-induced climate change, but fossil fuel combustion itself is also
a major source of pollution adversely impacting most terrestrial and marine ecosystems and human
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health {4.4.2} (well established). Air pollution (especially particulates, ozone, mercury, and
carcinogens) causes significant adverse health effects on infants, adults and biodiversity (well
established), and carbon dioxide emissions cause ocean acidification. For example, the combustion
of fossil fuels account for 25 per cent of the direct anthropogenic mercury emissions that are increasing
the mercury burden of polar and subpolar wildlife and indigenous people with diets dominated by fish,
eggs of fish-eating birds, and marine mammals, affecting wildlife reproduction and infant nervous
systems. Ocean acidification from increased atmospheric carbon dioxide is increasing and is already
impacting major components of the Pacific Ocean food web and contributing to a Caribbean-wide
flattening of coral reefs. If current trends continue, coral reef systems will be further adversely affected.
Ocean temperatures have become warmer, and together with nutrient run-off, are contributing to
increasing ocean deoxygenation. Fossil fuel combustion also contributes to human-caused atmospheric
nitrogen deposition, being responsible for 16 per cent of anthropogenic creations of reactive nitrogen,
which shifts the species composition of ecosystems and makes groundwater toxic. Fossil fuel related
nitrogen emissions have declined in North America.
9.

Marine plastic pollution is increasing, and it is expected to exacerbate stresses on the marine food
web from warming temperatures, acidification and overexploitation (establisehd but incomplete). In
2010, globally and from land-based sources alone, five to 13 million metric tons of plastic pollution
entered the ocean. Two countries of the Americas are among the 20 top polluters. The environmental
implications of microplastics at sea are still largely unknown, however the number of marine species
known to be affected by this contaminant has gone from 247 to 680 {4.4.2}. New evidence indicates
microplastics have a complex effect on marine life and are is transferred up the food chain to people.
Impacts on marine wildlife include entanglement, ingestion, death and contamination to a wide variety
of species.

10. Human induced climate change caused by the emissions of greenhouse gases is becoming an
increasingly more important direct driver, amplifying the impacts of other drivers (i.e. habitat
degradation, pollution, invasive species and overexploitation) through changes in temperature,
precipitation and frequency of extreme events and other variables (well- established). Climate
change has, and will continue to, adversely affect biodiversity at the genetic, species and ecosystem
level. The majority of ecosystems in the Americas have already experienced increased mean and
extreme temperatures and/or precipitation which have, for example, caused changes in species
distributions and ecosystem boundaries, and caused mountain glaciers to retreat. However, the
interaction between these direct impacts and other direct and indirect drivers are increasing
vulnerability of sensitive ecosystems through the interaction of warming temperatures and pollution,
as in the example of coral reefs in the Caribbean. The main impacts on terrestrial, freshwater and
marine species are the shift in their geographic ranges, and changes in seasonal activities, migration
patterns and abundances. Species affected by other drivers are less resilient to climate change and
therefore have a high extinction risk.
11. Although most ecosystems in the America’s continue to be degraded, increases in conservation (e.g.
protected areas), and in ecological restoration, are having positive effects. Ecological restoration
significantly speeds up ecosystem recovery in some cases (well established), but costs can be
significant, and full reversal of the adverse impacts of humans on nature is unlikely to be achievable
(well established). Evidence from different subregions indicates that structure and functionality of
ecosystems recover faster than species richness (particularly in species-rich biomes). Non-material
contributions of naature to people may not be restored for some people {4.4.1}.
12. In spite of the pressures of drivers of change on nature and nature’s contributions to people, there
are management and policy options that can affect the drivers of change in order to mitigate, and
most importantly, to avoid, impacts on different ecosystems (establisehd but incomplete). However,
given the current status and trends of drivers, meeting the Aichi targets and Sustainable Development
Goals will require stronger and more effective efforts on the parts of the countries across the region.
These options and their implementation are context dependent and strongly influenced by values,
governance and institutions {4.7}. Such conditions vary substantially across the Americas in relation to
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social and economic inequity.
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Introduction
The Americas encompass seven magadiverse countries (one in North America, one in Mesoamerica and five
in South America) of the 17 in the world (see Chapter 1 for more details). However, the degradation of
critical ecosystems and loss of biodiversity in the region threaten human well-being by impacting important
ecosystem functions and services, like clean air and water, flood and climate control, and soil regeneration,
as well as food, medicines and raw materials (see Chapter 2 for more details).
As a function of the pressure on natural ecosystems, the Americas contain 10 of the 36 world biodiversity
hotspots, i.e. areas with high biodiversity facing extreme threats and that have lost at least 70 percent of
their original habitat: 1. California floristic province (USA), 2. North American coastal plain (USA), 3. madrean
pine-oak woodlands (USA and Mexico), 4. Mesoamerica, 5. Caribbean islands, 6. Atlantic forest (Brazil), 7.
Cerrado (Brazil), 8. Chilean winter rainfall-Valdivian forests (Chile), 9. Tumbes-Chocó-Magdalena (Colombia)
and 10. Tropical Andes (Marchese, 2015, http://www.cepf.net/resources/hotspots/).
Environmental problems are also wide-ranging and vary between and within nations. Negative
environmental trends are observed throughout the region, which are to a large extent the result of long
historical patterns of growth induced by non-sustainable consumption. A significant feature of these
environmental problems is that they are often shared among countries, including climate change and
disaster risk management, sustainable management of land and ecosystems, water resources management,
sustainable energy management, good governance for inclusive and sustainable development, such that
regional cooperation is needed to tackle them (UNEP, 2016).
Social and economic inequality and weak environmental governance are common features in the Americas
that are intricately linked with a deteriorating environment. Environmental and climate change issues are
gaining weight regionally, but unsustainable development models still predominate, with significant
consequences for the environment and human well-being. Lack of security and equity in accessing basic
resources (like land ownership or user rights, access to the natural commons and fundamental ecosystem
services) do not provide incentives for sustainable management or increased efficiency. However,
sustainable use might provide an opportunity to improve welfare for the people (UNEP, 2016)
Given the importance of the Americas’ biodiversity and ecosystem services for human well-being (see
Chapters 2 and 3 for more details), this chapter explores key drivers of changes in biodiversity and ecosystem
services in the region. These include indirect and direct anthropogenic drivers as well as direct natural
drivers.
A range of drivers, including environmental change and human uses of resources, induce changes in
biodiversity and ecosystems. A driver is any natural or human-induced factor that directly or indirectly
causes a change. A direct driver unequivocally influences ecosystem processes. An indirect driver operates
more diffusely, by altering one or more direct drivers. Box 4.1 summarizes the definitions on drivers included
in the Intergovernmental Platform on Biodiversity and Ecosystem Services (IPBES) conceptual framework
(Decision IPBES-2/4, available on http://www.ipbes.net).
The drivers examined in this chapter are primarily anthropogenic. Indirect anthropogenic drivers are aspects
and patterns of human organization and socioeconomic activity (section 4.3) that produce aggregate
outcomes that in turn bring about changes in biodiversity and ecosystem services. Direct anthropogenic
drivers (section 4.4) are the aggregate outcomes, such as habitat change, pollution or climate change, from
the indirect anthropogenic drivers that yield those changes. Direct natural drivers also produce changes in
biodiversity and ecosystem services, and are thus also presented briefly in this chapter (section 4.5).
As ¡Error! No se encuentra el origen de la referencia. shows, the indirect and direct anthropogenic drivers
are significantly interrelated. Even though sections 4.3, 4.4, and 4.5 describe these drivers sequentially and
distinctly, important interactions are also presented in the specific sections (indicated in bold along the text).
These interactions will be synthesized in section 4.6, while the effects of indirect drivers on direct drivers
are further discussed in section 4.7. Section 4.8 provides a starting indication of where gaps in current
scientific knowledge lie. The gaps in knowledge point to areas where data remain insufficient and to areas
where further data collection and scientific inquiry and analysis are needed to produce a stronger
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understanding of the links between indirect and direct anthropogenic drivers, changes in biodiversity and
ecosystem services, and human well-being.
Lastly, section 4.9 contains supplementary material that enrich the chapter by displaying additional content
that add detail, background, or context by resources such as case studies, figures and tables.

Box 4.1. Definitions of drivers of change of nature´s contributions to people and good quality of life, and
partial representation of the IPBES conceptual framework according to IPBES Decision 2-4
Drivers of change refers to all those external factors that affect nature, anthropogenic assets, nature’s
contributions to people and a good quality of life. They include institutions and governance systems and
other indirect drivers and direct drivers (both natural and anthropogenic).
Institutions and governance systems and other indirect drivers are the ways in which societies organize
themselves, and the resulting influences on other components. They are the underlying causes of
environmental change that are exogenous to the ecosystem in question. Because of their central role,
influencing all aspects of human relationships with nature, these are key levers for decision-making.
Institutions encompass all formal and informal interactions among stakeholders and social structures
that determine how decisions are taken and implemented, how power is exercised, and how
responsibilities are distributed. Institutions determine, to various degrees, the access to, and the control,
allocation and distribution of components of nature and anthropogenic assets and their benefits to
people.
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Direct drivers, both natural and anthropogenic, affect nature directly.
Natural drivers are those that are not the result of human activities and are beyond human control. These
include earthquakes, volcanic eruptions and tsunamis, extreme weather or ocean-related events such as
prolonged drought or cold periods, tropical cyclones and floods, the El Niño/La Niña Southern Oscillation
and extreme tidal events.
The direct anthropogenic drivers are those that are the result of human decisions, namely, of institutions
and governance systems and other indirect drivers. Anthropogenic drivers include habitat conversion,
e.g. degradation of land and aquatic habitats, deforestation and afforestation, exploitation of wild
populations, climate change, pollution of soil, water and air and species introductions. Some of these
drivers, such as pollution, can have negative impacts on nature; others, as in the case of habitat
restoration, or the introduction of a natural enemy to combat invasive species, can have positive effects.
Institutions and governance systems and other indirect drivers affect all elements and are the root causes
of the direct anthropogenic drivers that directly affect nature and also affect the interactions and balance
between nature and human assets in the co-production of nature’s benefits to people
Anthropogenic assets refer to built-up infrastructure, health facilities, knowledge (including indigenous
and local knowledge systems and technical or scientific knowledge, as well as formal and non-formal
education), technology (both physical objects and procedures), as financial assets, among others. Direct
drivers also affect anthropogenic assets and in addition, anthropogenic assets directly affect the
possibility of leading a good life through the provision of and access to material wealth, shelter, health,
education, satisfactory human relationships, freedom of choice and action, and sense of cultural identity
and security. These linkages are acknowledged but not addressed in depth because they are not the main
focus of IPBES.

Indirect anthropogenic drivers
Indirect drivers (also referred as underlying factors) play a major role in influencing direct drivers (proximate
causes) of changes in nature, nature’s contributions to people and good quality of life in different spatial
and temporal scales, involving “anthropogenic assets” (encompassing infrastructure, knowledge systems,
including indigenous and local knowledge (ILK), technology and financial assets, among others). Considering
the concept and the nature of complex ecological systems, the role of indirect drivers is an integral aspect
of natural resource use assessments, and needs to be considered to explain and study past and ongoing
processes as well as for scenario development and subsequent analysis (IPBES, 2016).
The indirect anthropogenic drivers can be classified according to the origin of the driver, which for instance
can be fed by predominantly local processes, like for example poor local governance and corruption. It is
widely recognized that globalization in recent decades has led to “spatial decoupling of the local land uses
from their most important driving forces” (Reenberg et al., 2010). This recent observation has led to the
establishment of the teleconnection framework (Friis et al., 2015; Kastner et al., 2015). For instance,
changes in land systems at various spatial scales are influenced by long-distance flows of capital, energy,
traded products, people and information. While locally driven processes have been studied for decades
using perspectives from different disciplines (demography, anthropology, political economy),
teleconnections have been assessed only in the last decade. Furthermore, it is only recently that the
teleconnection framework has given birth to the concept of telecoupling (Liu et al., 2013), which considers
also the multiple feedbacks and teleconnected interactions in both socioeconomic and environmental
terms. For example, climate risks may be transmitted to a region via trade networks, but also through
migration flows into that region that can be triggered by climate risks elsewhere. In both cases local socioeconomic conditions in that region are affected, and therefore its natural resource management. The
complexity and multi-layered nature of these interactions hampers the design and implementation of
governance measures. However, at the same time it may also allow the participation of a number of distal
actors and processes, opening space for mobilizing resources and fostering a more coordinated, beyond
borders and polycentric approach to natural resource governance (Godar et al., 2016).
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The discussion on the indirect anthropogenic drivers for changes in nature, nature´s contributions to people
(NCP) and good quality of life is a relevant component of the Development Agenda 2030 and the Sustainable
Development Goals (SDG). Equity, literacy level, share of population in extreme poverty, income
distribution, access to public health, health care infrastructure, food security, political organization and
socio-cultural aspects are relevant variables to define the critical mass of a country and the capacity of
social debate, and hence its “anthropogenic assets”. On the other hand, the worldviews and culture
(attitudes to environment/sustainability/equity), life-styles (including diets) and the level of societal tension
and conflict are other important drivers of opposition or consensus in the economic and political arena. The
level of efficiency in governance systems, the legislation and the strength of the institutions involved in
decision-making and their implementation capacity, and their level of credibility and transparency, are also
drivers that will influence the status and trend of NCP.
This section describes the current status and trends of six broad indirect anthropogenic drivers of changes
in NCP in the Americas: Governance systems and institutions (4.3.1); Economic growth (4.3.2); International
trade and finance (4.3.3); Population and demographic trends (4.3.4); Technological development (4.3.5);
and Welfare and human development (4.3.6). Internationally comparable socioeconomic data for
Greenland is limited in regional sources of the Americas, considering that Greenland has been politically
and to some extent culturally associated with Europe for more than a millennium. Systematic
socioeconomic data of other Protectorates located in the Americas were also not included in the following
sections.

Governance systems and institutions (formal and informal)
There is a widespread consensus that governance (see definition Box 4.2) has a strong effect on
environmental outcomes (Smith et al., 2003; Armitage et al., 2012; Delmas & Young, 2009; de Castro et al.,
2016), although there is very limited empirical evidence relating governance measures to biodiversity and
changes in ecosystem services.
In response to such consensus, there is a growing demand for governance arising from human-environment
interactions, which nonetheless is escorted by a declining confidence in the capacity of governments to
address such matters (Delmas & Young, 2009).
Rule of law, citizen’s rights of access to information, community participation and even access to justice
have been recognized as a basis for poverty reduction and sustainable development as reflected by SDG16
“Peace, justice and strong institutions”. Evidence from the Americas reveals important differences across
subregions for major governance indicators (defined Box 4.3) in the last two decades, as reported by the
World Bank Figure 4.2.
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Box 4.2. The meaning of governance
The broader definitions of governance are linked to international agencies (e.g. World Bank and
Organization for Economic Cooperation and Development, OECD) and standards of “good” public
governance (Armitage et al., 2012). These standards encompass accountability, transparency,
responsiveness, equity and inclusion, effectiveness and efficiency, following the rule of law, and
participatory, consensus-oriented decision making (Crabbé & LeRoy, 2008).
Environmental governance, as a subclass of the broader governance concept, has been defined as “the
set of regulatory processes, mechanisms and organizations through which political actors influence
environmental actions and outcomes” (Lemos & Agrawal, 2006), and it “should be understood broadly
so as to include all institutional solutions for resolving conflicts over environmental resources” (Paavola,
2007).
Voice and accountability shows a decrease after 2004, except for the Caribbean islands. In turn, political
stability and no violence fluctuated and decreased in North America until 2004 and then slightly recovered
afterwards in all subregions. The other four indicators have remained largely stable over time according to
public perception, with Mesoamerica and South America below the other two subregions. Yet, these
aggregate figures hide particularities of specific countries and they should be taken carefully. These
indicators have been criticized for their “construct validity”, that is, whether the indicators measure what
they intend to measure (Thomas, 2010), and for their methodology being too broad and biased (Langbein
& Knack, 2010). These and previous critiques have been in turn contested (Kaufmann et al., 2007a, b),
assuring the validity of the indicators and the methodological procedures.
Box 4.3. Definitions of governance indicators (Reproduced from Kaufmann et al. (2010)
Voice and accountability, capturing perceptions of the extent to which a country's citizens are able to
participate in selecting their government, as well as freedom of expression, freedom of association, and
a free media.
Political stability and absence of violence/terrorism, capturing perceptions of the likelihood that the
government will be destabilized or overthrown by unconstitutional or violent means, including politicallymotivated violence and terrorism.
Government effectiveness, capturing perceptions of the quality of public services, the quality of the civil
service and the degree of its independence from political pressures, the quality of policy formulation and
implementation, and the credibility of the government's commitment to such policies.
Regulatory quality, capturing perceptions of the ability of the government to formulate and implement
sound policies and regulations that permit and promote private sector development.
Control of corruption, capturing perceptions of the extent to which public power is exercised for private
gain, including both petty and grand forms of corruption, as well as “capture” of the state by elites and
private interests.
Rule of law, capturing perceptions of the extent to which agents have confidence in and abide by the
rules of society, and in particular the quality of contract enforcement, property rights, the police, and the
courts, as well as the likelihood of crime and violence (see Chapter 2, section 2.6).
Reinforcing the rule of law in the environmental domain from current levels is critical to the achievement
of SDG and Aichi targets in the region. The importance of this matter was first recognized by the Rio
Declaration and has been recently corroborated by the International Union for Conservation of Nature
(IUCN) World Declaration on the Environmental Rule of Law in 2017. “Without the environmental rule of
law and the enforcement of legal rights and obligations, environmental governance, conservation and
protection may be arbitrary, subjective, and unpredictable” (IUCN, 2017).
On the other hand, the impacts of political instability on natural resources use have been tremendously
negative in the region (Baud et al., 2011; Ruyle, 2017), particularly in South America in the last decade (Arsel

373

IPBES/6/INF/4/Rev.1

et al., 2016). The most prominent conflicts concern mining in Brazil (see for example Tofóli et al., 2017),
Ecuador (Avci & Fernández-Salvador, 2016), Honduras (Middeldorp et al., 2016) and Peru (Paredes, 2016),
the use of rangelands for energy production (e.g. biofuels, solar) in the USA, Mexico and Canada (Kreuter
et al., 2016), water use in most countries (Philpot et al., 2016), oil investments in Canada (Hebblewhite,
2017), and hydroelectricity projects on indigenous lands in Chile (Silva 2016), Colombia (Martínez & Castillo,
2016) and Canada.

Despite an impressive body of laws and institutions, the Region finds itself far off track in fulfilling the vision
of sustainable development as indicated by the monitoring of the sustainable development goals
(http://www.mdgmonitor.org). Political corruption (people exploiting public office for financial or other
individual gain) is persistent in many countries and may have a significant impact on nature conservation
by endorsing overexploitation of forests, wildlife, fisheries and other resources, and by impairing the
effectiveness of conservation actions (Smith et al., 2003; Laurence, 2004). Few studies conducted in the
region show the effect of corruption on biodiversity loss. Bulte et al. (2007) find a positive association
between corruption and expansion of agricultural land (by subsidies), which is detrimental to forests in
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Latin America. Miller (2011) examines how corruption among forestry regulators in Costa Rica is one
important factor that leads them to allow people to log illicitly. Yet, more robust studies showing causality
between weak governance and biodiversity and ecosystem services loss are clearly needed for the Region.
Evolution of governance modes in the Americas and effects on nature conservation
Governments and States are no longer the most important basis of decision-making in the environmental
field of the Americas. Instead, new actors (e.g. Non-Govermental Organizations (NGO)), researchers,
indigenous groups) are performing critical roles and new mechanisms and forums are arising (e.g. The
Economics on Economics and Biodiversity and IPBES) Figure 4.3 (Paavola, 2007; Armitage et al., 2012).
Different perceptions and values are strongly contested by different actors according to their images of
nature (Sténs et al., 2016). Values, ideologies and sources of knowledge, which guide the manner in which
nature is conceptualized, are key elements of environmental governance (de Castro et al., 2016; Inoue &
Moreira, 2016) and they seem to be in increasing dispute. They influence how environmental issues are
problematized, how solutions are planned, and how priorities and agreements are established between
conflicting objectives. Therefore, the more actors involved in environmental governance, the more complex
and heterogeneous the images become (de Castro et al., 2016; Tijoux, 2016).

Environmental governance in the Americas has gone through major transformations in the last decades
Figure 4.4 and yet biodiversity and ecosystem services continue to decline. From the mid-1980s onwards,
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most countries turned away from centralized, state-based institutional arrangements and direct regulation
(Baud et al., 2011). Common problems around centralized modes of governance are the usual institutional
fragmentation and centralization. A prominent example of these transformations is the case of the Great
Lakes in the USA regarding water quality and water supply as key dimensions to be governed (Jetoo et al.,
2015).
With the accent on privatization and decentralization, the new approaches towards management and
conservation emphasized self-governance and higher levels of participation for civil society and private
enterprises (Baud et al., 2011; de Castro et al., 2016).
Neoliberal policies guided the privatization of natural resources such as water (Molinos-Senate et al., 2015)
and forests (Manuschevich, 2016) as in the case of Chile, and fish as in the case of the USA (Pinkerton &
Davis, 2015; Carothers, 2015), along with land grabbing as in Argentina for example (Coscieme et al., 2016),
producing major socio-environmental impacts (Liverman & Villas, 2006). In parallel, coalitions among civil
society organizations, (international) NGOs and academic institutions established an alternative
governance perspective for local communities, which was labeled participatory governance Figure 4.4. This
new trend cemented the way for ‘glocalization’ processes linking local and global actors to develop local
conservation approaches (Baud et al., 2011).
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By and large, the main governance arrangement towards nature conservation has been the centralized
establishment of public protected areas (encompassing different levels of protection from total
preservation to multiple uses). Comprising Mesoamerica, South America and the Caribbean the coverage
of protected areas has increased by 8.9% with respect to the subregions’ total area between 2000 and 2014,
being the territory with the largest increase in area under protection worldwide (World Bank, 2017). The
same three subregions show an increase between 2000 and 2014 of 5.2% of the total territorial waters
protected with respect to the regions’ total area. Conservation policy and implementation often assume
that protected areas are enduring institutions, but some recent evidence suggests widespread protected
areas downgrading, downsizing, and degazettement (Mascia et al., 2014). Mascia et al. (2014) describe
protected areas downgrading, downsizing, and degazettement as a “patchy, episodic phenomenon” which
nonetheless suggests tradeoffs between conservation goals and other policy objectives and is linked to
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industrial-scale natural resource extraction and development, local land pressures and land claims, and
conservation planning.
Another circumstance is that in several cases the creation of protected areas has displaced local
communities (Cardozo, 2011; Jones et al., 2017). For three case studies in Mexico, for example, GarcíaFrapolli et al. (2009) identifies the most common difficulties in protected areas policy as: (1) uncoordinated
public policies; (2) the usual conflict between environmental authorities and local people over the
management of natural resources; and (3) the exclusion of local people’s perspectives, values and beliefs
in conservation policy development and implementation.
Aside from command and control arrangements such as protected areas, several hybrid modes have
emerged in the region Figure 4.4. Among them the most notorious are: state private partnerships
(certification), private-social partnerships (e.g. payment for ecosystem services), and co-management.
forest certification is prominent in Brazil, Chile and Argentina (see Pinto and Mcdermontt, 2013; Cubbage
et al., 2010). Another iconic example is the certification of coffee in countries such as Colombia, Brasil, Costa
Rica, Ecuador, and Honduras, among others (Pinto et al., 2014; Ibañez and Blackman et al., 2016).
Certification has recently expanded to industrial and smallscale fisheries with promising results in several
countries of the region (Perez-Ramírez et al., 2016) (Box 4.4).
Box 4.4. The promise of fisheries certification
Ecolabelling and certification schemes are market-based tools to promote the sustainable use of natural
resources. In the case of fisheries, ecolabels are a growing feature of international fish trade and
marketing (Washington & Ababouch, 2011) in response to growing concerns about the state of the
world’s fish stocks, increased demand for fish and seafood, and a perception that many governments are
failing to manage marine resources. The Marine Stewardship Council features as the most
comprehensive fisheries certification scheme covering a range of species and dealing with all aspects of
the management of a fishery. The Marine Stewardship Council has two standards: on sustainable fishing
and on seafood traceability (Bush et al., 2013; Agnew et al., 2013; Washington & Ababouch, 2011).
Although there are 10 Marine Stewardship Council-certified fisheries in Latin American and the
Caribbean, this proportion is low (4%) compared to the total number of certified fisheries globally (Pérez
Ramírez et al., 2016). Fisheries participating in the Marine Stewardship Council program in the region
may be classified into two groups: (1) large enterprises of industrial fisheries, especially multi-national
ones that can afford the certification process (i.e., Argentine hoki); and (2) small-scale fisheries that are
vital to the local livelihoods (i.e. lobsters). Among the latter a successful case is the Chilean rock lobster
(Jasus frontalis) of The Juan Fernández Archipelago and Robinson Crusoe Island, Marine Stewardship
Council certified in 2015. The success of fishery management over recent years relies on five key
management measures that are implemented with the full support of the community (near 900
inhabitants): only licensed artisanal fishers who are residents may harvest lobster in the area; the use of
relatively small vessels that can only tend a few traps per day; informal property rights on individual
fishing grounds; a conservative minimum landing size (115 mm length); and a closed season of four and
a half months.
Despite the increasing enthusiasm for ecosystem services based market mechanisms, the reality is that
incentive allocation on private lands has relied on scarce knowledge of ecosystem service supply by
different properties (Ferraro et al., 2015). In the absence of supply data at the farm level for the entire
region, the measurement of policy impacts has had to rely on imperfect proxies for additionality in terms
of service provision (e.g. avoided deforestation) (Ferraro et al., 2015). Undeniably, the lack of complete,
high-resolution, updated spatial information to obtain ecosystem services indicators is a primary restriction
on the development of conservation planning assessments in developing countries (Di Minin & Toivonen,
2015; Stephenson et al., 2017) including the design of payment for ecosystem services mechanisms. In the
domain of payments, Reduced Emissions from Deforestation and Forest Degradation and Reduced
Emissions from Deforestation and Forest Degradation-Plus have emerged as a core climate change
mitigation strategy. Nonetheless the mechanism has been harshly contested due to its undesirable social
impacts and undetermined role in avoiding deforestation (Pirard & Belna, 2012).
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The commitment by most countries to expand the area under protection in a representative and wellconnected manner, as part of the Convention on Biological Diversity’s (CBD) Aichi target 11, requires the
inclusion of a range of protection mechanisms over a variety of tenures, including protected areas over
private land (Woodley et al., 2012). Despite their potentially important role in biodiversity conservation,
recognition of the role of private protected areas has suffered from sparse data, loose definitions and lack
of integration within the broader conservation arena (Stolton et al., 2014) (see details in Box 4.5). The main
challenges of private protected areas are the absence of recording and as a consequence there is no reliable
information on how many there are, where they are located, what conservation activities they are engaged
in. With private protected areas there is also an absence of clear guidelines for establishment and
operation, and there are differences in the support and incentives given by government to the creation and
maintenance of private protected areas (Bingham et al., 2017). They also face the challenge of avoiding
conflicts with local and indigenous communities, particularly those located on the private protected areas’
buffer zones (Serenari et al., 2017).
Box 4.5. The challenges of private protected areas
The declaration of private protected areas involves “a private intention to protect an area where
government and other organizations do not play a pivotal role” (Stolton et al., 2014). The motivations
behind their creation vary widely from pure philanthropic motives to real state and tourism development
and speculation. The following are examples for different countries of the region (Stolton et al., 2014):
USA. There is no formal private protected areas definition and no comprehensive reporting, but there is
an active private protected areas community driven by land trust organizations and NGOs, with many
thousand private protected areas.
Canada. Private protected areas are primarily located on the country’s southern border on land with high
levels of species diversity and also species at risk.
Mexico. Private protected areas, which protect 487,300 hectares (0.25%) of the country’s land surface,
play an important role in connecting government managed protected areas.
Colombia. There are 280 registered national private protected areas organizations, most are small in area
and many are in the Andes.
Chile. The term private protected areas is legally recognized, although undefined and unregulated. The
private protected areas vary widely in size (from a few hectares to over 300,000 hectares) and ownership
(comprising private individuals; industrial forest companies; NGOs; and foundations). They represent
over 10% to the national protected area system.
Brazil. Brazil has a legislated and federated system of over 1,100 private reserves of natural heritage
protecting approximately 703,700 ha.
At the local level, there hs been an emergence of community-based participatory conservation approaches
seeking to engage local communities in management decisions, transfer rights to resources and allow
sustainable use, to varying degrees. Many countries have introduced new policies and laws to support
community-based conservation and there have been some successes (Box 4.6). However, in most cases,
community-based conservation remains small-scale and isolated and is weakly integrated within the formal
conservation sector (Baud et al., 2011; Lammers et al., 2017; Redmore et al., 2017) facing barriers such as
a limited binding participation of communities in the development of conservation policies; insufficient
devolution of authority and benefits to communities; and lack of support from other natural resource and
economic sectors (Baud et al., 2011).
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Box 4.6. Los pueblos del bosque
The socio-ecological struggles of traditional populations are what Martínez-Alier calls the
“environmentalism of the poor” (Martínez-Alier, 2014). Within the multiple manifestations of this
“ecology of the poor” in South America, Mesoamerica and the Caribbean, one of the first to have had an
international echo was the movement of rubber tappers (seringueiros) who are not indigenous peoples
but the first or second impoverished immigrants from northeastern Brazil, left in search of their own
forms of subsistence long after the commercial exploitation of rubber on a large scale was over.
Acre rubber tappers formed unions, and in 1987 they joined the indigenous inhabitants of the Amazon
to form an Alliance of Forest Peoples led by Francisco “Chico” Mendes who paid with his life for the cause
of the Amazonian peoples (Tijoux, 2016). This movement was the forerunner of multiple expressions in
the present as the Yasuní Park Project in Ecuador, which is considered one of the most important actions
of the indigenous movements of the Americas. At present many of these actions are channeled through
formal coalitions such as the Mesoamerican Alliance of Peoples and Forests
http://www.alianzamesoamericana.org, among others.
On the opposite side of the green economy and the previous set of governance arrangements, new
proposals arise that contemplate a fundamentally different ontology of nature, grouped under the label of
Buen Vivir (Vanhulst & Bieling, 2014; Villalba-Eguiluz & Etxano, 2017) Figure 4.4. This trend includes a wide
range of alternative conceptions of nature and of human-nature relations, starting with alternative, often
indigenous, ideas about the relationship between human production, the environment and the rights of
nature (Gudynas, 2011; Bauhardt, 2014). They propose a perspective of environmental governance that
claims a transformation or even the end of the hegemonic capitalist model that is considered as the source
of environmental degradation and injustice (de Castro et al., 2016; Inoue & Moreira, 2016).
These varied modes of governance do not necessarily coexist peacefully in the region and in many cases
are antagonistic rather than synergistic, leading to severe social conflicts, which pose serious challenges for
nature conservation and human well-being. Next to aspiration and creativity, attaining new modes to
govern nature requires overcoming persistent barriers such as historical injustices, social inequalities and
economic inefficiencies (Baud et al., 2011).
Major challenges have been reported in the past and continue to be significant limitations in the present.
Among them: i) the environment continues to be a low priority (e.g. underfunded environmental agencies;
low political support); ii) the understanding of environment-poverty-development links is frail (e.g.
environmental concerns are perceived as barrier to economic growth); iii) the rule of law is weak (e.g.
implementation of environmental legislation is still insufficient); and iv) environmental authority is weak
(e.g. taking a management view rather than a governance focus). A critical issue pointed out at several
international conservation forums is the fact that the three pillars of sustainable development –
environmental, economic, and social – are not well integrated in the United Nations system and in global,
regional, and national policies. Lessons learned in the past 25 years since the Earth Summit have led civil
society organizations to uphold human rights as the basis for sustainable development governance.

Economic growth
Economic growth (measured as Gross Domestic Product (GDP) growth) is one of the main drivers of
resource consumption (Dietz et al., 2007, quoted by IPBES, 2016). Virtually all socioeconomic and
environmental scenarios for this century (i.e., up to the year 2050 and beyond) include economic growth
as a key driver (IPBES, 2016).
Economic growth and trade can positively or negatively influence nature and NCP, but currently, on
balance, they adversely impact nature and NCP when environmental and social development goals are
insufficiently accounted for. Positive impacts of economic growth include, for instance, the resulting income
availability for social and environmental investments, like biodiversity protection and conservation (Tlayie
& Aryal, 2013), and greater environmental awareness. Negative impacts of economic growth mainly refer
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to the adverse consequences (e.g. habitat degradation, overharvesting, etc.) of those styles of economic
growth that disregard social development and environmental goals.
Assessing relevant information on economic development includes consideration of key indicators, like
regional and subregional GDP (and GDP per capita) growth trends; regional and subregional distribution of
GDP purchasing power parity (PPP); as well as the sectoral structure of national economies (agriculture,
industry, services). Table 4.1 synthetizes historical (since 1960) and projected (until 2050) trends for GDP
and population in the Americas. GDP and population increased by 5.9 and 2.4 times, respectively, in the
Americas from 1960 to 2016. By 2050, GDP in the Americas is expected to double with respect to 2016,
while population would increase by 20% in that period.
Economic growth has been identified as a key driver of global greenhouse gasses emissions (IPCC, 2014a).
With around 5% of world population, North America produces 24.2% of global GDP 11 (16.8% of global
GDPPPP) and 16% of global greenhouse gasses emissions, while Latin America and Caribbean accounts for
8.7% of total population, 7.6% of world GDP 12 (8.1% of global GDPPPP), and 5.2% of global greenhouse gasses
emissions (Table 4.1, IEA, 2016).
The impact of the consumers’ purchasing power on the demand of natural resources is receiving growing
attention in the economic literature nowadays due to the emergence of new waves of affluent consumers
who tend to increase the demand for the limited natural resources (Myers & Kent, 2003). Purchasing power
parity dollars are between 1.5 and 2.6 times higher than conventional dollars in at least 27 developing
countries of the Americas. For the USA, PPP dollars and conventional dollars are the same by definition.
Table 4.1. Gross Domestic Product (GDP) and population in the Americas: historical and projected trends.
GDP
PPP
(*)

Regions

North
America
Mesoameri
ca
Caribbean
South
America
Americas

GDP (**)

Population

% of
worl
d
GDP,
2016

% of
worl
d
GDP,
2016

Cumulative
change, 19602016
(GDP2016/GDP19
60)

Expected
cumulative
change, 20162050
(GDP2050/GDP20
16)

% of
world
populatio
n, 2017

Cumulative
change, 19602017
(Pop2017/Pop19
60)

Expected
cumulative
change, 20172050
(Pop2050/Pop20
17)

16.8

24.2

5.51

1.71

4.8

1.77

1.19

1.9

8.86

3.19

2.4

3.44

1.29

0.4

0.3

7.56

3.71

0.6

2.11

1.09

5.4

5.4

7.05

3.16

5.7

2.86

1.18.

24.9

31.8

5.86

1.98

13.5

2.37

1.20

2.3

Notes:
(*) GDP at purchasing power parity (PPP)
(**) Constant 2010 USA Dollars
Reference data: World GDPPPP in 2016: $120.1 trillions; World GDP at Constant 2010 USA Dollar: $75.5 trillions;
World population 2017: 7,515.1 millions
Sources: Based on The World Bank Database (2017). https://data.worldbank.org/indicator/; Worldometers (2017).
Accessed 2 May 2017, and 3 September 2017 at: http://www.worldometers.info/world-population/population-byregion/; Foure et al. (2012).

The countries of the region with the largest economies overall are the USA, Brazil, Canada, and Mexico.
Dominica, Grenada, and Antigua and Barbuda, all small States in the Caribbean, have the region’s smallest
11
12

Based on constant 2010 USA Dollars (see Table 4.1)
Based on constant 2010 USA Dollars (see Table 4.1)
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economies overall. Factoring in countries’ populations, the countries with the largest per capita incomes
in the region are the USA and Canada. At around $50,000, their per capita incomes are considerably higher
than all other countries in the region. The other countries’ per capita incomes vary between Haiti’s low of
about $728 to The Bahamas $19,758. In general, per capita incomes are lowest in the Mesoamerica
subregion, though other subregions exhibit a fair degree of variation (World Bank, 2017 13).
The economies of the Americas vary widely in the sectoral composition of their national output. The
contribution of agricultural production to national output has fallen to less than 20% throughout the region
with the exception of Haiti where agriculture’s GDP share is 21.5%. The economies of the region are
primarily service driven, although there is variation across the individual national economies between
Paraguay’s 51.2% to Barbados’ 85.5%. Throughout the region, the countries with the higher per capita
incomes are those whose economic output is driven more heavily by service sector activity. Industrial
production is a significant driver of most of the economies of the region, ranging from contributing less
than 15% of GDP in Barbados and Grenada, to more than 40% of Trinidad and Tobago’s GDP. Most
economies in the region derive 25% to 35% of their GDP from industrial production (World Bank, 2017 14).
The Americas has experienced substantial economic growth since 1960. Although the worldwide recession
of 2008-2009 temporarily reduced national incomes, GDP in the Americas has increased approximately six
fold since 1960, although North American income grew from a substantially higher 1960 level. Despite
increasing populations throughout the region, the pace of real GDP growth has been sufficient to raise per
capita GDP more than twofold from 1960 to 2015 (World Bank, 2017 15).
While overall growth has been sizable at the regional and subregional levels, individual countries within the
Americas have experienced varying growth trends since 1960. Per capita incomes have increased
substantially over time in some countries; in other countries, per capita incomes have increased more
modestly, or in still other countries, barely at all. In North America, Canada and the USA each experienced
large growth in per capita income from already high 1960 levels. In Mesoamerica, GDP per capita grew
significantly in Panama, Costa Rica, and Mexico, while it increased much more slowly in other countries. In
the Caribbean subregion, The Bahamas has consistently had significantly higher per capita income than the
rest of the subregion, followed by Trinidad and Tobago, Barbados, St. Kitts and Nevis, and Antigua and
Barbuda. Incomes in a handful of the subregion’s countries barely grew at all. In South America, per capita
GDP shows varying growth by country. Venezuela’s was higher on average (partly due to oil endowments).
In 1960, per capita incomes in the subregion (excluding Venezuela) ranged from about $1,000 in Paraguay
to about $5,600 in Argentina. By 2015, the range had widened considerably, from about $2,400 in Bolivia
to almost $15,000 in Chile. Countries with strong growth since about 1990 include Chile, Uruguay, Brazil,
Argentina, and Suriname. Peru’s growth has been steady but slower, with a recent acceleration (World
Bank, 2017 16).
The GDP growth rate for the USA fell from an average of 3.3% per year in 1997-2006 to 1.2% in 2007-2015;
while the economic dynamics for Latin America and the Caribbean also diminished from an average of 3.1%
to 2.9% in those years. These trends partially reflect the interconnections between the USA market and
Latin America and the Caribbean economies, particularly those of Mesoamerica and the Caribbean. The
period 2007-2015 was characterized by the effects of the global economic crisis, with absolute reductions
of GDP for the USA in 2008 (by -0.3%) and in 2009 (by -2.8%), and for Latin America and the Caribbean
region in 2009 (by -1.2%) and 2015 (by -0.3%) 17.
Growing pressures on natural resources are expressed in different ways in different country groupings and
regions, due to patterns indicating high per capita consumption of natural resources, growing dependency
on commodities exports and other conditions (Table 4.2). Per capita consumption of natural resources is
particularly high in North America. For instance, total primary energy consumption per capita for North
13

Data available at http://databank.worldbank.org/data/reports.aspx
Data available at http://databank.worldbank.org/data/reports.aspx
15
Data available at http://data.worldbank.org/indicator/
16
Data available at http://data.worldbank.org/indicator/
17
Based on IMF (2014 & 2015).
14
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America was 6.1 tons oil equivalent versus 2.39 tons oil equivalent for non-OECD Americas in 2013 (IEA,
2015; Pichs, 2008). According to WWF (2014) the nitrogen loss indicator 18 is largest in North America
(81kg/capita/year), more than twice the world average (29 kg/capita/year).
Commodities (including, for instance, hydrocarbons, mineral raw materials, food and other agricultural
products) represent more than 50% of Latin America and the Caribbean exports (for the years 2012-2014)
and 9% of the regional GDP, reflecting a clear extractivist bias in the regional economic growth. South
America is the most commodity-intensive subregion in the Americas, with commodities accounting for
more than 70% of goods exports, and nearly 10% of GDP. Mesoamerica is considerably less commodity
dependent than South America, but commodities still account for about one quarter of exports there, and
7.5% of GDP (World Bank, 2016). North American economies are more diversified than Latin America and
the Caribbean economies and consequently less vulnerable to price shocks in the global commodity
markets. The export diversification index 19 for North America in 2015 was 0.213, while this indicator
averaged 0.584 for the Caribbean, 0.549 for South America, and 0.375 in Mesoamerica (UNCTAD, 2016).
Table 4.2. Combining GDP growth and GDP intensity in natural resources (including energy / carbon
intensity) and assessing the level of pressure on biodiversity and ecosystem services.

Rapid economic growth generates growing pressures on nature and NCP, particularly when the economic
growth is heavily dependent on increasing use of natural resources and carbon intensity. Economic crisis
also increases pressures on natural resources when economic agents tend to compensate low commodity
prices with higher export volumes.
In recent decades, the increase in household income in Latin America and the Caribbean has resulted in a
striking rise in consumption. Per capita private consumption for Latin America and the Caribbean, in USA
dollars at constant 2010 prices, rose by a cumulative annual rate of 2% between 1990 and 2000 and 2.5%
between 2000 and 2016, while the corresponding rates for North America were 2.5% and 1.1%, respectively
in those periods. Since 2010, the average per capita private consumption in Latin America and the
Caribbean have surpassed the world average, but by 2016 it was only 17.1% of the corresponding level for
North America (Table 4. 3).

18

The nitrogen loss indicator was developed for the CBD and represents the potential nitrogen pollution from all sources within a
country or region as a result of the production and consumption of food and the use of energy (WWF, 2014).
19
The export diversification index is calculated by measuring the absolute deviation of the export structure of a country from world
structure. This index takes values between 0 and 1. A value closer to 1 indicates greater divergence from the world pattern
(UNCTAD, 2016)
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Table 4.3. Household final consumption expenditure per capita.
Regions

1990
22675
3675

Constant 2010 USA Dollars
2000
28703
4488

2016
34841
5958

Average annual % growth
1990-2000
2000-2016
2.5
1.1
2.0
2.5

North America
Latin America
and
the
Caribbean
World
4036
4710
5833
1.6
Source:
The
World
Bank
Database
(2017)
World
Development
https://data.worldbank.org/indicator/NE.CON.PRVT.PC.KD?view=chart. Accessed 4 November 2017

1.4
Indicators.

Within Latin America, consumption trends have followed differentiated patterns across the various
subregions in the last three decades. The expansion of private consumption in South America, for instance,
has been supported, to a large extent, by the boom in exports of renewable and non-renewable natural
resources, with highly favorable terms of trade up to 2014. In Central America, however, the consumption
dynamics have been more closely associated with the stabilization of remittances, while Mexico combines
both patterns: exports of natural resources (mainly oil) and significant flows of remittances (ECLAC, 2014).
The prevailing consumption model in Latin America and the Caribbean is still what Fernando Fajnzylber
termed “showcase modernization”, which may expand the population’s access to goods and services but
also tends to replicate the socio-environmentally unsustainable conditions seen in the developed countries
(ECLAC, 2014).
On the one hand, private consumption dynamics in Latin America and the Caribbean during the recent
decades has brought positive effects, as it has been partially associated with increased well-being in sectors
that were deprived in the past, and it has contributed to better living standards, which in turn enable better
use of time and more opportunities for capacity-building. On the other hand, growing private consumption
has also brought negative consequences and externalities such as higher fossil fuel consumption, waste
generation, air pollution, environmental destruction and increased exploitation of renewable and nonrenewable natural resources. In addition to that, consumption in Latin America and the Caribbean is procyclical and exposes economies to greater vulnerability. Recent regional consumption trends have also
widened the gap between consumers of private and public services (ECLAC, 2014).
Another source of concern is that the upper income segments of the population in Latin America and the
Caribbean, favoured by wealth concentration, tend to show a pattern of consumption very intensive in
high-cost private services and luxury goods, with a high imported content. The region’s highest income
quintile spends between four and 12 times more than the lowest income quintile (ECLAC, 2014).
Scenarios that assume rapid economic growth in the coming decades are mainly based on prioritizing
market goals and incentives under conventional market approaches, with adverse social and environmental
implications, including negative impacts on biodiversity and ecosystems (e.g. Global Environmental Outlook
4 Market First (IPBES, 2016)).
Statistics on the composition of the ecological footprint for the Americas reveal that the carbon footprint
accounts for 53% of the total ecological footprint of the Western Hemisphere (65% for North America). The
second largest hemispheric contributor is cropland, which accounts for 19% (26% in South America), and
the third position is shared by grazing land and forest products (12% each). The predominant role of the
carbon footprint in the Americas is mainly associated with the high dependency on fossil fuels in the region
(¡Error! No se encuentra el origen de la referencia.).
The list of the top five countries with the highest ecological footprint includes two countries from the
Americas, the USA (accounting for 13.7% of world total ecological footprint) and Brazil (with 3.7%) (WWF,
2014).
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Table 4.4. Composition of the ecological footprint the regions of the Americas (%).
Grazing Forest
Fishing
BuildingRegions
Cropland
Carbon
land
products Grounds
up land
North
16
5
11
2
1
65
America
Mesoamerica
22
12
12
2
2
50
(1)
Caribbean (2)
25
10
7
4
2
52
South
26
30
16
1
4
23
America (3)
Latin America
25
25
14
1
4
31
& Caribbean
Americas
19
12
12
2
2
53

Total ecological
footprint
100
100
100
100
100
100

Notes: Ecological footprint data for 2013. Composition in % of the ecological footprint for 2010. 1. Information for
Belize is not available, 2. Information available only for five countries: Cuba, Dominican Republic, Haiti, Jamaica and
Trinidad and Tobago, 3. Information for Guyana and Suriname is not available. Source: Based on WWF (2014, 2016),
GFN (2017) (See Chapter 2, section 2.6).

International trade and finances
Economic activities, international trade and financial flows are closely related, particularly in recent decades
due to the expansion of economic globalization. Trends in economic growth, international trade and
financial markets considerably influence changes nitrogen, NCP and good quality of life through various
direct and indirect pathways. In turn, these pathways are influenced by a number of policy channels and
mechanisms, like trade policies, including incentives (tax exemptions, subsidies) and trade barriers, the
dynamics of foreign debt and foreign debt service, flows of foreign direct investments, and monetary
policies (dynamic of exchange rates, interest rates).
The Americas generates around 18% of world exports, and most of this proportion (12.6%) is supplied by
North America. Latin America and the Caribbean contribution to world exports (5.4%) is modest in relation
to the region´s fraction of world population (8.7%).
The volumes of trade are directly related to economic size and openness. The USA has the highest trade
volumes, with a substantial trade deficit. Canada and Mexico are in the next tier with respect to volumes,
followed by Brazil. The composition of trade reflects countries’ economic activity and natural resources.
Fuel ranges between 10% and 23% of imports for all countries in the region except Costa Rica and fuel
exporting countries. Over 50% of all countries’ goods imports are manufactured goods. Manufactured
goods form over ¾ of all imported goods for 11 of the countries with data. On the export side, agricultural
raw material forms a very small part of each nation’s trade. It is most important for Uruguay, comprising
12.7% of its merchandise exports. Fuel comprises over half of Venezuela’s, Colombia’s and Bolivia’s exports
and plays an important role in exports from Ecuador and Canada. Manufactured goods form an important
component of most of the region’s nations’ exports, being most important for Mexico and El Salvador.
Tourism is by far the most important export for The Bahamas, and is also important to other Caribbean
nations (World Bank, 2017 20).
As mentioned before, natural resources (oil, minerals, and agricultural products) contribute with more than
50% to Latin America and the Caribbean exports. Commodities account for more than 70% of exports in
South America, and about one quarter of exports in Mesoamerica (World Bank, 2016). Tourism is also a key
sector in several Latin America and the Caribbean countries, particularly for small Caribbean island States
and some Central American countries. Drastic reduction of commodities prices in world markets since 2014
20

Data available at http://data.worldbank.org/indicator/
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has severely affected commodities exporters in the region. In some cases, Latin America and the Caribbean
countries have tried to compensate declining export prices of commodities with increasing export volumes,
generating additional pressure on the natural environment. International export prices for Latin America
(19 countries reported by ECLAC) declined by 8.7% in 2015 in relation to 2010, while export volume
increased by 15.4% (CEPAL, 2015). As indicated before, the export structure of North America is more
diversified, and therefore these developed economies are less vulnerable to market shocks, in relation to
the Latin America and the Caribbean economies.
In contrast to North American economies, most Latin America and the Caribbean countries have very
limited influence in world trade and financial markets and flows, with high vulnerability to abrupt changes
in those markets (Table 4.5)
Table 4.5. Relevant trade data for the Americas (2016).
Number of
% of world exports of
Country /Region
economies
goods and services
North America
2
12.6
Mesoamerica
8
2.2
Caribbean
13
0.4
South America
Latin America & Caribbean
Americas

12
32
34

2.8
5.4
18.0

Exports of goods and
services as % of GDP
14.0
37.0
22.3
16.5
21.7
15.6

Source: The World Bank (2017). World Development Indicators (Last Updated Date: 08.02.2017): www.worldbank.org

The Table 4.6 presents the potential pressures on nature and NCP due to the dynamics of trade and financial
trends. In South America, for instance, export policies and currency exchange rates (Richards et al., 2012)
have created incentives to buy land for planting soybean, and this explains the high deforestation rate in
ecosystems like the South American Chaco. This has generated not only high export revenues but also the
devastation of nature as well as increasing poverty and social conflicts (Barbarán, 2015; Barbarán et al.,
2015; Weinhold et al., 2013).
The cumulative foreign debt for Latin America and the Caribbean countries reached $2,062 billion in 2016,
with a per capita foreign debt for the region of $3,250. Total cumulative payments of foreign debt service
(interests and amortization) increased to $3,461 billion during 2008-2016. The regional payments to cover
the foreign debt service accounted for 51.4% of Latin America and the Caribbean export income (including
goods and services) in 2016 (based on IMF, 2014, 2015, 2016, 2017). South America absorbs 70% of regional
Latin America and the Caribbean foreign debt (corresponding 22% to Brazil); Mesoamerica, 27% (with
Mexico absorbing 21%); and the Caribbean, 3% (based on CEPAL, 2016).
Foreign debt for North America reached around $20.6 trillion in 2016 / early 2017 (corresponding 89% of
this amount to the USA 21). Approximately 80% of USA foreign debt is denominated in USA dollars. Foreign
lenders have been willing to hold USA dollar denominated debt instruments because they perceive the
dollar as the world's reserve currency. With the USA dollar being the national currency of the USA, this
makes a significant qualitative difference between the foreign debt status of North America with regard to
other regions of the Americas.
The flow of foreign direct investments to the Latin America and the Caribbean region totaled $134.8 billion
in 2015 (8% below the average flow for the period 2011- 2014). This trend has been influenced to a great
extent by the declining tendency of prices for commodities exported by the region. South America hosted
73% of foreign direct investments flows to Latin America and the Caribbean in 2015 (only Brazil, 46%);
21

http://ticdata.treasury.gov/Publish/debta2017q1.html;
http://www.indexmundi.com/united_states/debt_external.html;
http://www.statcan.gc.ca/tables-tableaux/sum-som/l01/cst01/indi01j-eng.htm.
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Mesoamerica, 24% (only Mexico 16%) and the Caribbean, 3% (based on CEPAL, 2016). Foreign direct
investments inflows to North America reached $428.5 billion in 2015 (only USA 89%) (UNCTAD, 2016).
Table 4.6. Potential pressures on biodiversity and ecosystem services due to the dynamics of trade and
financial trends.
Trade & Finance Indicators
Case 1
Case 2
Prices for relevant export High prices: Potential pressures on
products based on natural biodiversity due to the incentive of
resources (including carbon having high export prices. New
intensive exports).
exporters can emerge.

Low prices: Potential pressures
due to attempts to compensate
losses in export prices with
increasing
export
physical
volumes.

Trade Policies for trading Restrictive
policies
(e.g.
products based on natural protectionist measures / trade
resources.
barriers): Potential pressures on
biodiversity in the importing
countries as non-efficient producers
may be competitive. Growing
pressures on biodiversity in
exporting countries, due to efforts
to find alternative export solutions
with limited options.

Non-restrictive polices (e.g.
trade liberalization): Significant
pressures on biodiversity when
these measures are not carried
out in a sustainable development
context, as they may encourage a
massive flow of trade.

Foreign Debt (in proportion to High levels: Significant pressures on Low levels : Low pressure on
key indicators like GDP and/or biodiversity in debtor countries, as biodiversity.
export. income).
they struggle for get additional
income to serve the foreign debt,
with one option being increasing
export of products / services based
on natural resources.
Foreign Direct Investments Growing
flows:
Significant
(particularly in sectors based pressures on biodiversity in the
on natural resources).
recipient country, particularly in
absence of well- established local
foreign direct investments laws to
ensure sustainable use of natural
resources.

Declining flows: Pressures on
biodiversity would depend on
local investment options as
alternative to foreign direct
investments.

E.g. Local currency devaluation:
This encourages exports, by making
them more competitive. This could
imply additional pressures on
biodiversity.

E.g. Local currency revaluation:
This
makes
exports
less
competitive. This could imply
pressures on biodiversity in
exporting countries, due to
efforts to find alternative export
solutions with limited options.

Monetary Policies.

Note: Cases (1 and 2) correspond to each indicator of the first column (horizontal analysis).
Source: Elaborated by the authors. Based on ECLAC (2014), CEPAL (2017), IMF (2017), The World Bank Database
(2017), UNCTAD (2016), WWF (2014, 2016).

Technological development
Human development has been historically related to technological change, with historical epochs named
after the key technologies: the Stone, Bronze and Iron Ages, the industrial revolution, the age of steam, and
the information age. The way of orienting the development, dissemination, and use of technology is crucial
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to find just, equitable, and sustainable solutions for present and future generations. Political, social,
cultural, and economic factors determine the way new technologies are developed and used (Trace, 2016).
The rate of technological change is considered as an indirect driver of changes in nature, NCP and good
quality of life because it affects the efficiency by which ecosystem services are produced or used (Alcamo
et al., 2005, quoted by IPBES, 2016). The impact of technological innovation on biodiversity and ecosystem
change is exerted through its influence on direct drivers (e.g. land use change), as well as through
interactions and synergies with other indirect drivers (e.g. economic growth, see 4.3.2).
Finding indicators of the status and trends in the Americas region’s or any given country’s technological
development is difficult due to data shortcomings. The Americas, with 13.6% of world population (2013
data) accounted for 22.5% of the total amount of researchers, 33.1% of world investments in research and
development, 34.8% of world publications and 53.2% of patents submitted to the US Patent and Trademark
Office. Regional information reveals the persisting gaps regarding science, technology and innovation in the
Americas (¡Error! No se encuentra el origen de la referencia.).
Table 4.7. Selected science and technology indicators in the Americas (2013)1.
R&D/
GDP,
2013
(%)

Researchers
/ thousand
inhabitants,
2013

% total
researchers,
2013

28.1

Per
capita
R&D
(USD)
,
2013
1249.3

2.81

4.0

16.7

0.5
8.1

1.5
3.4

612.0
87.2

1.63
0.69

4.5
0.5

2.1
3.6

2

0.6
100

0.1
100

40.8
206.3

0.34
1.70

0.2
1.1

0.1
100

% of
world
populatio
n, 2013

% of
world
R&D,
2013

USA

4.3

Canada
Latina
America
Caribbean
World

Countries

% of
global
increase
in R&D
20072013
10.8

% of world
publications,
2014

% of total
patents
submitted
to USPTO,
2013 4

25.3

50.15

4.2

4.3
5.1

2.8
0.3

0.03
100

0.1
100

0.0
100

Notes:
1
This information does not separate non-military and military research and development (R&D).
2
Canadian investments in R&D reduced from $23.3 billion in 2007 to $21.5 billion in 2013.
3
Caribbean investments in R&D marginally increased from $1.6 billion in 2007 to $1.7 billion in 2013.
4
UPSTO: United States Patent and Trademark Office.
5
This is used as an international indicator considering the attractiveness of the USA market also for foreign investors.
Source: UNESCO (2016).

Most of the scientific and technological potential of the Americas corresponds to North America, with
18.8% of researchers, 29.6% of global research and development, 29.6% of world publications, and 52.9%
of patents submitted to US Patent and Trademark Office. Latin America and the Caribbean only account for
3.7% of researchers, 3.5% of global research and development, 5.2% of publications and 0.3% of US Patent
and Trademark Office patents. The USA accounted for 10.8% of the global increase of research and
development during 2007-2013, while the contribution to that increase from Latin America and the
Caribbean hardly reached 4.2% Table 4.7, UNESCO, 2016).
The availability of secure internet servers in the Americas has increased rapidly since the early 2000s. The
North American subregion significantly outpaces the Latin America and the Caribbean subregion, however.
In North America, there are currently almost 1,600 servers per million people, while in Latin America and
the Caribbean there are only 59 per million people. Individual countries within subregions also exhibit wide
variation in both the current number and increase in the number of secure internet servers per million
people (World Bank, 2017 22).
Technological innovation can catalyze paradigm shifts in production systems (Pérez, 2004, quoted by IPBES,
2016) that cause biodiversity loss and adverse ecosystem changes (i.e. technologies as part of the problem),
or conversely reduce biodiversity loss and improve ecosystems health (technologies as part of the solution).
22

Data available at http://data.worldbank.org/indicator/
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Technology offers important positive solutions to resource conservation, sustainable use and development,
and management, but technological change can also increase pressure on ecosystem services through
increasing resource demand and leading to unforeseen ecological risks, particularly for technologies
associated with agriculture and other land uses (e.g. first generation of biofuels when produced
unsustainably).
As part of the solution space, technological change can increase agriculture efficiency and replace
unsustainable production patterns (e.g. improvements in crop yields and resilience, sustainable livestock,
fishing, and aquaculture practices). Although technology can significantly increase the availability of some
ecosystem services, and improve the efficiency of provision, management, and allocation of different
ecosystem services, it cannot serve as a substitute for all ecosystem services (Carpenter et al., 2006, quoted
by IPBES, 2016).
In some cases, technological developments and agricultural practices may combine positive and negative
implications for biodiversity and ecosystems as revealed by the agricultural intensification of the “green
revolution”. On the one hand the “green revolution” led to higher crop yields and lower food prices,
partially mitigating the expansion of agricultural land and resulting in a net decrease of greenhouse gasses
emissions. On the other hand, excessive nitrogen and phosphorous use through fertilizers, associated with
the “green revolution” led to substantial degradation of freshwater and marine habitats. In addition, the
shift from traditional crop varieties to industrial monocultures resulted in a loss of crop genetic diversity as
well as increased susceptibility to disease and pests (IPBES, 2016, chapter 3). This confirms the importance
of promoting sustainable practices with an integrative approach concerning the linkages between
environment and socioeconomic development.
Those production technologies and practices that are based on increasing dependence on external inputs
like chemical fertilizers, pesticides, herbicides and water for crop production and artificial feeds,
supplements and antibiotics for livestock and aquaculture production have adverse implications in terms
of sustainability. These technologies damage the environment, undermine the nutritional and health value
of foods, lead to reduced function of essential ecosystem services and result in the loss of biodiversity (FAO,
2011, quoted by Trace, 2016).
When the technological changes in agriculture are implemented in accordance with the principles of
sustainable development, these transformations may imply greater equity within and between
generations, including with regard to food security (FAO, 1996).
Agroecological food production systems are considered as one approach to addressing the loss of
biodiversity and the consequent unsustainability of industrialized food production, because they recognize
the interdependencies between the sources of food and the wider environment, and the overlapping needs
to provide sustainable food systems and sustainable livelihoods (Trace, 2016). Local knowledge and culture
can be considered as integral parts of agricultural biodiversity (FAO, 2004, quoted by Trace, 2016).
Agroecology considers productive processes in a broad and integral manner, taking into account the
complexity of local forms of production. It is based on sustainability criteria, resource conservation and
social equity (Vos et al., 2015).
The misappropriation of traditional biodiversity knowledge or ‘biopiracy’ has been considered as one of the
most ‘complex problems facing the future of traditional knowledge’ (Khor, 2002, quoted by Trace, 2016).
The system of community sharing and collaborative innovation is being challenged by intellectual property
rights and the trade-related aspects of intellectual property rights regime, which together create a new
system to exert private ownership rights over knowledge (Trace, 2016).
The intersection between agriculture, trade, and intellectual property governance is marked by a diversity
of institutions involved, including the World Trade Organization, the World Intellectual Property
Organization, the CBD, and the Food and Agriculture Organisation. On balance, the corporations have the
upper hand in this complicated game (Sell, 2009).
A combination of expanded intellectual property rights and relaxed antitrust enforcement facilitated a
recent shift from public to private provision of seeds, which is undermining small farmers’ tradition of saving
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seeds and reusing seeds. In this and other ways, the current situation is marked by underinvestment in
crops and technologies suitable for smallholder farmers. In agri-biotechnology, six companies alone hold
75% of all USA patents granted to the top thirty patent-holding firms (Dutfield, 2003; Fowler, 1994). The
top ten seed companies control over half of the global seed market (ETC Group, 2008) and are contributing
to monoculture and associated loss of biodiversity in Latin America. This institutional dominance of
transnational corporation facilitates “gene grab” (Sell, 2009), with negative effects on biodiversity,
competition, and food security to the extent that it prevents resource sharing and locks out potential userinnovators by preventing small farmers from breeding, saving and reusing seeds to feed themselves and
their communities (Rajotte, 2008). This is especially consequential considering that small farmers provide
the majority of the food consumed by national populations. In Brazil, small farmers occupy 30% of
agricultural land yet produce 70% of the food consumed by Brazilians.

Population and demographic trends
Assessing human demographic trends and their implications for nature, NCP and good quality of life
includes consideration of total population and age structure; urban vs. rural populations and urban forms;
information on locations, like coastal versus inland, migration flows, among other indicators Table 4.8 and
present data on population and demographic trends in the Americas for the period 1960-2017 and expected
future trends to 2050.
The Americas accounted for 13.5% of the world’s estimated population in 2017. Subregionally, while having
nearly equal areas 23, North America accounts for 4.8% of world population, while Latin America and the
Caribbean accounts for nearly twice that at 8.7% of world population. This is reflected in population
density, with Latin America and the Caribbean being much more densely settled (32 people per km2) than
Northern America (20 people per km2). The population of the Americas is highly urbanized, with 80.8% of
the region’s population residing in urban settings (82.8% for North America, and 79.7% for Latin America
and the Caribbean) Table 4.8 (Index Mundi, 2017).
Urbanization, driven by growing populations and internal migration, acts as an indirect driver of land-use
change through linear infrastructures like transportation networks, as well as through synergies with other
forms of infrastructure development (Seiler, 2001, quoted by IPBES, 2016, see also section 4.4.1). In Latin
America and Caribbean 35% of the population (year-basis 2015) gained access to sanitation since 1990, but
still 12% of the urban population and 36% of rural population do not have access to
improved sanitation facilities (UN-Habitat, 2016). On average, only 50% of the population in Latin America
is connected to sewerage and 30% of those households receive any treatment. The poor systematic waste
management in Latin America and the Caribbean implies in pollution of inland waters and coastal areas
(4.4.2), affecting biodiversity and human health.

23

Area data are not corrected for inhabitable spaces.

390

IPBES/6/INF/4/Rev.1

Table 4.8. Population in the Americas by region in 2017.
Population
Yearly
Migrants
Regions
2017
Change, %
(net)
North America
363,224,006
0.75
1,219,564
Mesoamerica
177,249,493
1.28
-192,495
Caribbean
43,767,545
0.64
-120,068
South America
426,548,298
0.95
-63,786
Americas
1,010,789,342

Median
Age
38.4
26.9
30.5
30.6

Fertility
Rate
1.86
2.34
2.27
2.03

Density
(P/Km²)
20
72
194
24

Source: Authors’ compilation from Worldometers (2017). Accessed 2 May 2017, and 3 September 2017 at
http://www.worldometers.info/world-population/population-by-region/

Current population growth rates are 0.75% per year in North America and 1.02% per year in Latin America
and the Caribbean. Migration and fertility rates combine differently in these two subregions. In Latin
America, an above-replacement fertility rate of 2.15 outweighs net outmigration from the subregion, such
that population growth is positive and relatively high compared to the world community there. In the North
American subregion, net in-migration outweighs lower-than-replacement fertility rate to produce that
subregion’s positive population growth rate. North America has among the world’s oldest median
population, while Latin America and the Caribbean has among the world’s youngest median population.
Table 4.9. Population in the Americas by region: present (2017), past (1960-2017) and future (2017-2050)
trends.
Total
Total
Urban pop, Urban pop,
pop
pop
Urban,
change,
change,
Region's
Region's
change,
change,
% of
share of
share of
1960-2017 2017-2050
Regions
19602017total
world pop, Americas
(UrbPop
(UrbPop2050
2017
2017
2050
pop
2017
pop, 2017
/
/
(Pop2017 / (Pop2050 /
2017
UrbPop
UrbPop
1960)
2017)
Pop1960)
Pop2017)
North
4.8
35.9
1.77
1.19
82.8
2.11
1.30
America
Mesoamerica
2.4
17.5
3.44
1.29
74
5.44
1.43
Caribbean
South
America
Americas

0.6

4.3

2.11

1.10

71.2

3.78

1.23

5.7

42.2

2.86

1.19

83

4.64

1.27

13.5

100

2.38

1.20

80.8

3.25

1.30

Source: Based on Worldometers (2017). Accessed May 2, 2017,
http://www.worldometers.info/world-population/population-by-region/

and

September

3,

2017

at

The USA, Brazil, and Mexico are by far the most populous countries of the region. Population densities vary
widely throughout the region, as do population growth rates.
Population growth rates throughout the region have generally fallen substantially since 1960. This is less
true for the Caribbean subregion as a whole. Several countries’ annual population growth rates have been
more volatile than their subregion’s overall trend: Greenland in North America, Belize in Mesoamerica,
Grenada and Antigua & Barbuda in the Caribbean, and Guyana and Suriname in South America (World Bank,
2017 24).

24

Data available at http://data.worldbank.org/indicator/
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Population trends have an important role in explaining changes in natural resources and biodiversity (Table
4.9 and Table 4.10). Population growth has been identified as a key driver of global greenhouse gasses
emissions (IPCC, 2014a). However, the analysis of population growth, as an indirect driver of changes in
nature and NCP needs to be completed by including the consumption patterns and life-styles considerations
(Pichs, 2008, 2012).
The global middle class is expected to grow from 1.8 billion in 2009 to 4.9 billion by 2030. Much of this will
occur in developing countries (including Latin America and the Caribbean) where 70% of global economic
activity will emerge by 2050. With this trend comes increasing demand for energy, infrastructure, and
consumer goods (Runde and Magpile, 2014; Myers & Kent, 2003).
Table 4.10. Combining population growth with per capita consumption of natural resources and assessing
the level of pressures on biodiversity and ecosystems.

Population growth projections for the Americas range from around 10% (in the Caribbean) to near 30% (in
Mesoamerica) between the years 2017 and 2050. At the same time, GDP projections range from 3.1 to 3.7
times in the developing regions of the Americas (around 70% in North America) in relation to the 2017
levels by 2050. Consequently, core baseline scenarios regarding the consumption of natural resources and
energy in the Americas would be mainly driven by GDP growth, and population growth, as relevant drivers
(Ruijven et al., 2016).

Human development
Analysis of the various dimensions of human development is critical for assessing the wide range of indirect
drivers for changes in nature and NCP. Several social indicators and aggregated indexes may be useful for
achieving that assessment purpose, including the Human Development Index (HDI) that can provide
information on the share of population in extreme poverty, income distribution (e.g. Gini coefficient),
educational attainment (e.g. access, literacy level), health (e.g. access to public health, health care
infrastructure, expectancy of life), social expenditure / GDP (e.g. education, health), and food security (e.g.
number and % of hungry people) (see Chapter 2, section 2.6).
Social inequity is still a concern for the various subregions of the Americas, with adverse implications for
nature, NCP and good quality of life. On the one hand, poor people in the Americas often increase the
demand pressures on nature merely to survive. On the other hand, high per capita consumption by affluent
segments of the population also increases pressure on natural resources in. This discussion is very relevant
in the context of the global debate on multidimensional progress (PNUD, 2016) and the SDG, particularly
for key areas of social development like poverty and hunger eradication, as well as access to education,
health, safe water and sustainable energy.
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In 2015, Mesoamerica showed the lowest regional HDI in the Western Hemisphere, which was below the
average levels for Latin America and the Caribbean countries (0.7310), the Americas (0.7418), and the world
(0.7170). Haiti had the lowest country-specific HDI in the Americas (0.4930), even below the corresponding
level for Sub-Saharan Africa (0.5230). Inequality Adjusted HDI was considerably lower than HDI in the
Americas (by 21%), in Latin America and the Caribbean countries (by 22%) and in North America (by 11.1%)
(¡Error! No se encuentra el origen de la referencia.).
Country-specific HDI values and trends indicate that most countries of the Americas rank as “very high” or
“high” human development within the world community. However, four Mesoamerican and three South
American countries have HDI values that rate their human development as “medium” within the world
community, while Haiti’s HDI falls very low in the world rankings (UNDP, 2016).
Average HDI values for all regions of the Americas improved from 2010 to 2015, representing widespread
regional gains in incomes, education, and socioeconomic factors that increase life expectancy. Despite
those overall improvements, HDI scores for 18 countries in the region dropped in the worldwide rankings
between 2010 and 2015, indicating a failure to match gains in human development at a more international
level. Of these 18 countries, half are in the Caribbean subregion.
Cuba (with 48 points) and Barbados (20 points) lead the list of countries of the Western Hemisphere where
the “gross national income ranks minus HDI rank” shows positive results, indicating that their human
development achievements go far beyond those derived from their gross national income. These results
may be associated, for instance, with more efficient allocation of economic resources to social goals like
education and health (UNDP, 2016).
Income inequality is high in the Americas overall. Most countries in the region have a degree of income
inequality (reflected in low international ranks in terms of equality and high Gini coefficients) that ranks
among the world’s 50 most unequal nations. This is particularly true of countries in the Mesoamerican and
South American subregions (Index Mundi, 2017 25). The ratio of inequality-adjusted -HDI/HDI shows that
inequality is constraining the region’s societies from realizing their human development potential (¡Error!
No se encuentra el origen de la referencia.).
Table 4.11. HDI and inequality adjusted HDI in the Americas (*), 2015.
Region
North America
South America
Caribe
Mesoamerica
Americas
Latin America and the Caribbean
World

No. of
HDI 2015
No. of
countries
countries
2
12
13
8
35
33
188

0.9200
0.7438
0.7365
0.7028
0.7418
0.7310
0.7170

2
12
5 (**)
8
27
25
151

Inequality
Adjusted
HDI, 2015
(IA-HDI)
0.8175
0.5854
0.5502
0.5345
0.5810
0.5621
0.5570

IA-HDI / HDI
(change in %)
-11.1
-21.3
-20.5
-23.9
-21.0
-22.0
-22.3

Note:
(*) The HDI is a statistic constructed by combining a range of indicators thought to capture human potential and
development: per capita income, education, and life expectancy. The inequality-adjusted HDI statistically adjusts the
HDI to account for income inequality, in order to reflect the potential for human development in the absence of
inequality. Higher HDI and inequality-adjusted -HDI scores indicate better conditions in these areas combined; that is,
greater human well-being and potential for human well-being, respectively.
(**) Trinidad and Tobago, Jamaica, Saint Lucia, Dominican Republic and Haiti. Sources: Based on UNDP (2016).

25

Available at https://www.indexmundi.com/facts/indicators/SI.POV.GINI/rankings/central-america
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The prevalence of extreme poverty in the Americas has decreased considerably since 1981. The World Bank
data show that the portion of the population of Latin America and the Caribbean living below the
international “income poverty” line of $1.90 per day fell from 23.9% in 1981 to 5.6% in 2012, and that living
below the international “working poor” poverty line of $3.10 per day fell from 38.0% to 12.0% over the
same period (World Bank, 2017 26).
Nevertheless, poverty in the Latin America and the Caribbean region remains a concern. First, the
proportion of the population facing extreme poverty varies considerably throughout Latin America and the
Caribbean at the country level. More than a quarter of the populations of El Salvador and Honduras live on
less than $3.10 per day. Second, extreme income poverty in the Latin America and the Caribbean region,
even at reduced levels, affects millions of people, including many children (World Bank, 2017 27). Third, 38%
of the Latin America and the Caribbean region’s population is socioeconomically vulnerable due to a
persistent inability to enter the middle class (PNUD, 2016). Fourth, the recent worldwide economic
slowdown exacerbates this susceptibility.
The percentage populations living in poverty in 2012 was approximately 26.9% in Latin America, 40.6% in
Mesoamerica, and 21% in South America (CEPAL, 2014). Around 72 million people exited the condition of
income-poverty during 2003-2013 in Latin America; however, 25-30 million people are at risk of falling into
that condition again as a result of economic vulnerability and social fragility (PNUD, 2016).
Poverty not only affects the developing countries in the Americas. The percentage of poor people recently
reached 13.9% in the USA population (43.1 million people) 28; and those living in households below statistics
Canada’s low income threshold represented 9.7% in 2013; incidence of low income tended to be higher
among children, seniors, and persons in single-parent families (Lammam & MacIntyre, 2016).
Historically, the needs and priorities of indigenous peoples in the Americas have been largely ignored,
mainly affecting indigenous women. This situation has started to change in recent past. By 2010, about 45
million indigenous people (8.3% of the regional population) lived in Latin America, compared with an
estimated 30 million in 2000, an increase that is partially a result of population growth but also from the
greater visibility of this population in the national censuses. On average, without distinguishing educational
levels, the labor income of non-indigenous and Afro-descendant men quadrupled those of indigenous
women and almost doubled those of Afro-descendant women. Between 2009 and 2013, around 235
conflicts were identified in Latin America, which were generated by projects of extractive industries (mining
and hydrocarbons) in indigenous territories (CEPAL, 2016).
The population of American indians and Alaska natives in the USA, including those of more than one race,
comprised approximately 2.0% of the total population (6.6 millions) in 2015 29. Data from the National
Household Survey in Canada show that 1,400,685 people had an Aboriginal identity in 2011, representing
4.3% of the total population 30.
Another set of broader societal factors deserving special consideration when dealing with the implications
of social development on biodiversity and ecosystem services include worldviews and culture (attitudes to
environment/sustainability/equity), life-styles (including diets), and societal tensions and conflict levels.
Culture in the form of the values, norms, and beliefs of a group of people can act as an indirect driver of
ecosystem change by affecting environmentally relevant attitudes and behaviours (IPBES, 2016).
Biodiversity and linguistic diversity are threatened globally. They are declining at different rates in different
regions, with the most rapid losses in linguistic diversity occurring in the Americas, which is in parallel to
biodiversity loss (Maffi, 2005; Harmon & Loh, 2010; Gorenflo et al., 2012).
Available at: Povcal Net, Online Database – http://go.worldbank.org
Available at http://povertydata.worldbank.org/poverty/region/LAC
28 According to data from the Center for American Progress (2017). Available at
https://www.census.gov/content/dam/Census/library/publications/2016/demo/p60-256.pdf., quoted by
https://talkpovertry.org/basics/
29 Vintage 2015 Population Estimates: http://nativenewsonline.net/currents/u-s-census-bureau-native-american-statistics/
30 http://www12.statcan.gc.ca/nhs-enm/2011/as-sa/99-011-x/99-011-x2011001-eng.cfm
26
27
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In this context, indigenous and local communities’ traditional knowledge provides a comprehensive
reflection of prevailing conditions and other key inputs and incorporates methods and approaches that
capture holistic values that people place on nature, while internalizing principles and ethical values specific
to their world views and realities (Illescas and Riqch’arina, 2007; Medina, 2014, quoted by IPBES, 2016).
Traditional ecological knowledge can be found all over the world, particularly within indigenous traditions
across diverse geographical regions from the Artic to the Amazon, and represents various understandings
of ecological relationships, spirituality, and traditional systems of resource management (Alexander et al.,
2011). In recent decades, resource managers have gradually begun to embrace the usefulness of applying
that knowledge to contemporary stewardship issues in various parts of the world.
Indigenous peoples in multiple geographical contexts, including the Americas, have been pushed into
marginalized territories that are more sensitive to environmental challenges, in turn limiting their access to
food, cultural resources, traditional livelihoods and place-based knowledge. All this disrupts their ability to
respond to environmental changes and undermines aspects of their socio–cultural resilience (Ford et al.,
2016) (Box 4.7).
The broad ways in which indigenous knowledge and experiences are framed mirror common portrayals of
indigenous peoples as “victim–heroes”; “victims” through the framing that indigenous peoples are highly
vulnerable and “heroes” through the framing that indigenous peoples possess knowledge that can help
address the problem (Ford et al., 2016). The complexity and diversity of indigenous experiences and their
understanding and responses to environmental challenges are not well captured in many of the cases
where indigenous content is documented by peer review literature.
Some studies identify the ongoing effects of colonialism, marginalization, power relations, land
dispossession and land rights to be central to understanding the human dimensions of global environmental
change for indigenous peoples in diverse contexts (Ford et al., 2016).
Box 4.7. Indigenous and local knowledge and values: Implications for natural resources management
The Americas are populated by many indigenous nations, from the Artic to Patagonia, with a variety of
cultures and languages that have developed many different socio-economic systems (nationally and
locally). Increasing numbers of historically marginalized groups are joining transnational networks and
alliances that promote indigenous mobilization and demand recognition and rights from their respective
nation-states and the international community. These rights include protection of and control over their
property and possessions (like territories, resources, material culture, genetic material, and sacred sites),
practices (cultural performances, arts, and literature), and knowledge (cultural, linguistic, environmental,
medical, and agricultural). By linking issues of representation, recognition, resources, and rights, these
movements engage and often challenge current theories of culture, power, and difference in
sociocultural anthropology (Hodgson, 2002). Indigenous and local knowledge are expressions of social
capital and may act as a driver of biodiversity and ecosystem services supply because of direct influences
on land use change (direct influences), as well as its ability to modify the influence of other drivers
(interactive influences). Some cases illustrating the role of ILK as drivers of land use change in the
Americas, hence on biodiversity and ecosystem services, are presented below:
1. The Isobore Sécure National park and indigenous territory case in Bolivia (McNeish, 2013). In August
2011, 2000 marchers left the city of Trinidad, the lowland regional capital of the department of Beni, to
follow a route that would take them 66 days and 600 kilometers of walking to the capital city of La Paz.
The central demand of the protest march was founded on the cessation of a road-building project
planned to go through the Isobore Sécure National Park and Indigenous Territory. Following a series of
meetings between the protesters and the president, the government agreed to pass a legal decree on 24
October 2011 guaranteeing that the road would not pass through the Isobore Sécure National Park and
Indigenous Territory. Furthermore, the law stated that the Isobore Sécure National Park and Indigenous
Territory would be protected by the state as an ‘intangible’ territory, effectively making the territory out
of bounds for all forms of future state or development projects.
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2. Shrimp farming versus mangroves in coastal Ecuador (Veuthey & Gerber, 2012). Over the last two
decades, the global production of farm-raised shrimps has increased at a faster rate than any other
aquacultural product, leading to massive socio-ecological damages in the mangrove areas where shrimp
farming often takes place. Consequently, an increasing number of conflicts pitting coastal populations
against shrimp farmers have been reported; although, very few conflicts have been studied in detail.
According to the authors, the development of shrimp farming can be understood as a modern case of
enclosure movement whereby customary community mangroves are privatized for the building of
shrimp ponds. As a result, local mangrove-dependent populations – especially women – mobilized and
protested against a form of ecologically unequal exchange. While only some mangroves could be saved
or reforested as a result of the movement, women’s mobilization has had the unexpected effect of
challenging gender relations in their communities.
3. Oil frontiers and indigenous resistance in the Peruvian Amazon (Orta-Martínez & Finer, 2010). The
Peruvian Amazon is culturally and biologically one of the most diverse regions on Earth. Since the 1920s
oil exploration and extraction in the region have threatened both biodiversity and indigenous peoples,
particularly those living in voluntary isolation. Modern patterns of production and consumption and high
oil prices are forcing a new oil exploratory boom in the Peruvian Amazon. While conflicts spread on
indigenous territories, new forms of resistance appear and indigenous political organizations are born
and become more powerful.
4. Indigenous land and deforestation control in Amazon (Nepstad et al., 2006). Indigenous lands occupy
one-fifth of the Brazilian Amazon. Analyses of satellite-based maps of land cover and fire occurrence in
the Brazilian Amazon compared the performance of large (>10,000 ha) un-inhabited (parks) and
inhabited (indigenous lands, extractive reserves, and national forests) reserves. Reserves significantly
reduced both deforestation and fire. There was no significant difference in the inhibition of deforestation
or fire between parks and indigenous lands, but uninhabited reserves tended to be located away from
areas of high deforestation and burning rates. In contrast, indigenous lands were often created in
response to frontier expansion, and many prevented complete deforestation despite high rates of
deforestation along their boundaries.

Direct anthropogenic drivers
Habitat degradation and restoration
Nature of the driver, its recent status and trends, and what influences its intensity
Habitat degradation includes land conversion and intensification of croplands and rangelands; wetland
drainage and conversion; construction of roads, dams, pipelines, and transmission lines; sprawl; pollution,
and resource extraction. Physical alterations of freshwater habitats also include change in hydrological
regime (flow regime and water withdrawals). Marine environment degradation is increasing in some areas
with increased shipping and bottom trawling, coastal construction (ports, marinas, housing and other
development, and pollution with various forms of sediment and chemical discharges. Aquaculture (farming
of marine flora and fauna) also can contribute to habitat degradation (for ponds, access and infrastructure;
for feed: fishing to produce fish meal, hormone and antibiotic additives; discharges in the form of fecal
pollution, etc.). Pollution as a driver of change will be discussed in the section 4.4.2.
Habitat loss and degradation are considered the greatest threats to biodiversity (Wilcove et al., 1998, Sala
et al., 2000, Hanski et al., 2013, Murphy & Romanuk, 2014; Haddad et al., 2015; Newbold et al., 2015).
Worldwide, nearly half of tropical dry forests, temperate broadleaf forests, and temperate grasslands,
savannas, and shrublands have been converted to human uses (Hoekstra et al., 2005). Land use change
affects biodiversity and ecosystems not only by reducing population sizes and movements, but also by
reducing habitat area, increasing habitat isolation, and increasing habitat edge (Haddad et al., 2015).
Reducing area or increasing isolation decreases both species persistence and species richness (Haddad et
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al., 2015).
Forests covered 1.6 billion hectares of land in the Americas, which is approximately 41% of its land area and
40% of worldwide forest area (Yearbook FAO Statistical, 2013). This forest includes 722 million hectares of
relatively undisturbed old-growth forest, 57 million hectares of planted forest, and 818 million hectares of
forest that regenerated after human disturbance. From 1990 to 2015, forest area expanded in North
America by nearly three million hectares and the Caribbean by more than two million hectares but declined
in Central America by nearly seven million hectares and in South America by more than 88 million hectares
(Keenan et al., 2015). Approximately 34% of forest area is protected in South America (where the
percentage of protected forest area doubled from 1990-2005) and less than 9% of forest area is protected
in North America (in accordance with the IUCN definition, excluding categories V and VI) (Morales-Hidalgo
et al., 2015). Brazil has a much higher proportion of its forest protected (41.8%, 206 million hectares) than
any other country and the USA has protected the second greatest forest area (33 million hectares, 10.6%
of forests; Morales-Hidalgo et al., 2015).
Conversion to croplands and pasturelands is the main driver of terrestrial habitat change in the region. In
2013, agriculture covered 1.23 billion hectares of land in the Americas, which is approximately 32% of its
land area and 25% of the worldwide agricultural land (Yearbook FAO Statistical, 2013). This agriculture
included 828 million hectares of permanent meadows or pastures and rangelands used for livestock grazing
(68%), 28 million hectares of permanent crops, and 370 million hectares of arable land (~2%), which
includes land covered by temporary crops, pasture, or hay meadows (~30%). Conversion patterns differ
among subregions. Most land conversion in Mesoamerica and North America occurred more than one
century ago, whereas in South America most occurred within the last century. Since 1961, the area of
agricultural land has increased by 13% across the Americas, which is the net result of a 40% increase in
South America, a 29% increase in the Caribbean, an 11% increase in Central America, and a 9% decrease in
North America. From 2001 to 2013, 17% of new cropland and 57% of new pastureland replaced forests
throughout Latin America (Aide et al., 2013). Cropland expansion from 2001 to 2013 was less (44.27 million
hectares) than pastureland (96.9 million hectares), but 44% of cropland in 2013 was new, versus 27% of
pastureland, revealing row crop expansion. Most cropland expansion was into pastureland within
agricultural regions of Argentina, Brazil, Bolivia, Paraguay, and Uruguay (Graesser et al., 2015, Volante et
al., 2015). Commodity crop expansion, for both global and domestic urban markets, follows multiple land
change pathways entailing direct and indirect deforestation, and has various social and environmental
impacts (Meyfroidt et al., 2014, see Chapter 2, section 2.2.1).
Agricultural practices associated with land conversion significantly change biogeochemical cycles
contributing to pollution of terrestrial and aquatic ecosystems and to climate change (sections 4.4.2 and
4.4.3). Each year, land conversion results in emissions of approximately one billion metric tonnes of carbon
(1 Pg C per year), which is 10% of emissions from all human activities (Friedlingstein et al., 2010). Soil carbon
losses also diminish crop yields and degrade water quality. Nitrogen fertilization also contributes to climate
change by emitting the greenhouse gas of nitrous oxide (Compton et al., 2011; Sutton et al., 2011; Keeler
et al., 2016). In the Americas, approximately 23 million tonnes of nitrogen fertilizer and 22 million tonnes
of phosphorus (phosphate + potash) were consumed in 2013; and about 52 million hectares of land were
under irrigation. Increasing anthropogenic nitrogen inputs are also likely driving loss of diversity (Bobbink
et al., 2010) and polluting freshwater supplies (section 4.4.2). Nutrient imbalances due to agriculture are
related to depletion or accumulation depending on the balance between inputs and outputs of nutrients.
Nitrogen depletion occurred in the southern parts of South America (e.g. Argentina), the Amazon region,
Central America, and some parts of the Midwest of the USA, partially attributable to the high crop yields
(Liu et al., 2010). Soil nitrogen depletion occurs regardless of how high the nitrogen input once crop nitrogen
uptake, along with other nitrogen losses, exceeds the inputs (Liu et al., 2010).
Croplands also affect migratory species through habitat degradation and pesticide use along their migratory
routes (e.g. neotropical migratory birds like dicksisels, bobolinks, and Swainson’s hawks) (Basili & Temple,
1999; Hooper et al., 2002; Lopez-Lanus et al., 2007). Habitat conversion leads to not only many native
species losses, but also to gains in some exotic species (section 4.4.4). Exotic species are often introduced
for particular human uses and are not necessarily functionally equivalent to the native species they displace
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(Wardle et al., 2011).
Urbanization can also directly and indirectly threaten biodiversity and services from surrounding
ecosystems. In 2016, while the degree of urbanization worldwide was around 54%, it was around 80% in
the Americas. In Latin America and the Caribbean, the urbanization rate has declined over the past six
decades (UN, 2014). Cities in Latin America exhibit extreme social and economic differences, which
generate a complex mosaic of urban settlement structures and ecosystem management systems. In
addition, conservation of ecosystems and biodiversity, and ecosystem services provisioning, are not
prioritized in urban planning (Pauchard & Barbosa, 2013). Direct impacts include land occupation by
buildings and roads. Indirect impacts result from the provisioning of services to urban populations, like
food, building materials, energy, water, and other resources. This requires infrastructure such as dams,
pipelines, transmission lines, and roads, timber harvesting, and land cover conversion for grazing and
cropping. (e.g. McDonald et al., 2014; Bhattacharya et al., 2012). Roads help deliver benefits from where
they are supplied to where they are demanded and consumed. However, they also threaten biodiversity
(Laurance et al., 2014) by fragmenting habitat and facilitating resource extraction activities like cropping;
grazing; timber harvesting and extraction of water, minerals, oil, and gas. For example, over the last 60
years, there have been at least 238 notable oil spills along mangrove shorelines worldwide. In total, at least
5.5 million tonnes of oil has been released into mangrove-lined, coastal waters, oiling possibly up to around
1.94 million hectares of mangrove habitat and killing at least 126,000 hectares of mangrove vegetation
since 1958 (Duke, 2016). Mangroves and other coastal “blue carbon” ecosystems also have high ecosystem
carbon stocks and are undergoing significant conversion at a great cost in terms of greenhouse gas
emissions, as well losses of other important ecosystem services (Kauffman et al., 2016).
Despite declines in the density of species, cities can have unique assemblages of plants and animals and
retain some endemic native species, thus providing opportunities for regional and global biodiversity
conservation, restoration and education (Aronson et al., 2014). Habitat conversion has also resulted in
increases in food, mineral, timber, and energy production. For example, global cereal production has more
than doubled since 1960 (Tilman et al., 2002; Wik et al., 2008). Few studies have weighed such benefits
against the costs of habitat degradation described above. In some cases, however, the financial costs of
habitat conversion for non-provisioning ecosystem services, like carbon storage and sequestration, can
outweigh the benefits of conversion for supply of provisioning services (Nelson et al., 2009)
The intensity of land degradation depends on indirect drivers (section 4.3), like governance (zoning,
incentive policies, management policies), social development (education, technology), economic
development (markets, trade, technology, land tenure, corporate pressures), and interactions among land
degradation and other direct drivers, including climate change and changes in fire regimes. With economic
development, human diets have shifted toward more meat and dairy consumption (Foley et al., 2011,
Tilman et al., 2011). Continuing this trend in coming decades would require further pasture expansion,
intensification of livestock production, or both. Maintaining or increasing future food, energy and water
production without compromising biodiversity and ecosystem services can involve multiple strategies,
including land sharing and land sparing (Fisher et al., 2014); closing yield gaps on underperforming lands
(Mueller et al., 2012); improving efficiency of agricultural input application, reducing food waste (Foley et
al., 2011) and changing diets (Tilman et al., 2011, Tilman & Clark, 2014; Vranken et al., 2014).
After abandonment from human uses, some habitats gradually recover while others fail to do so (Benayas
et al., 2009; Jones & Schmitz, 2009; Barral et al., 2015). Over the past 15 years, total global pasture area
decreased by 2%, with much of that land likely abandoned, rather than converted to other agriculture
(Poore, 2016). There is substantial potential for biomass recovery of Neotropical secondary forests, with
most forests recovering 90% of biomass in less than a century (Poorter et al., 2016). Based on well
documented evidence of the negative impacts of deforestation on surface water quality (Baker et al., 2004;
Scanlon et al., 2007) it is possible that the reverse of deforestation will improve stream water quality in
freshwater systems, especially with active forest restoration.
Even with active ecosystem restoration, however, it is rarely possible to fully restore lost biodiversity and
ecosystem services (Benayas et al., 2009). Habitat restoration often significantly increases biodiversity and
ecosystem services above levels observed in degraded ecosystems, but levels of biodiversity and ecosystem
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services in restored ecosystems often remain significantly lower than levels in reference remnant
ecosystems. Compared with reference ecosytems, recovering ecosystems exhibit annual deficits of 46–51%
for organism abundance, 27–33% for species diversity, 32–42% for carbon cycling and 31–41% for nitrogen
cycling (Moreno-Mateos et al., 2017). Although degradation of ecosystems is ongoing, there is also a
significant increase in conservation and restoration efforts in the Americas (Wortley et al., 2013; Echeverría
et a. 2015). Some examples of restoration of terrestrial and freshwater ecosystems are presented in Box
4.8 and Box 4.9.
Box 4.8. Examples of restoration initiatives in the Americas – Great Lakes
The five Laurentian Great Lakes – Superior, Huron, Michigan, Erie and Ontario – comprise 20% of the
world’s available freshwater supply. The Great Lakes cover an area of about 246 million km². The draining
basin extends from roughly 41 to 51o N, and from 75 to 93o W, and includes parts of eight USA states and
two Canadian provinces. Human activity has had deleterious impacts on the Great Lakes ecosystem. The
logging boom of the late 1800s altered the basin’s hydrologic regime. Shipping traffic introduced nonnative species and untreated waste discharge of nutrients and other chemical pollutants led to a virtual
ecological collapse in the mid-1900s (Rankin, 2002).
Since 2009, the Great Lakes have been the focus of a major restoration initiative by the USA government
(expenditures of greater than $1 billion over five yers), targeting invasive species, nonpoint run-off,
chemical pollution, and habitat alteration. The current initiative specifically targets key classes of
environmental stressors that were identified through a planning process involving numerous
government agencies and environmental groups (Allan et al., 2013). For example, Great Lakes
Restoration Initiative resources have been used to double the acreage enrolled in agricultural
conservation programs in watersheds where phosphorus runoff contributes to harmful algal blooms in
western Lake Erie, Saginaw Bay and Green Bay (https://www.glri.us).
The Great Lakes sand dunes constitute the most extensive freshwater dunes in the world, covering over
1,000 km2 in Michigan alone (Albert, 2000). In the region, traditional dune restoration efforts involving
monoculture plantings of A. breviligulata (American beach grass) restore many measures of diversity and
ecosystem function over the past 20-30 years (Emery & Rudgers, 2009). Plant and insect diversity,
vegetation structure (plant biomass and cover), and ecological processes (soil nutrients and mycorrhizal
fungi abundance) in restored sites were similar to reference sites. Differences were mostly attributed to
the relative age of the sites, where the younger sites supported slightly lower plant diversity and
mycorrhizal spore abundance than older sites (Emery & Rudgers, 2009).
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Box 4.9 Examples of restoration initiatives in the Americas – Tropical forests and pastures
The presence of degraded areas, many of them already abandoned, in almost all types of land use,
generate further degradation and impacts on natural remnants, like effects on pollinators through
uncontrolled application of pesticides. The persistence of these practices will lead to the emergence of
additional degraded areas. Two different and coordinated actions could be considered in order to
provide potential solutions for these environmental problems: 1) actions to avoid, stop, minimize or
reverse the ongoing environmental degradation (e.g. fire management, erosion control, reduction of
pesticide use, among others) which could be generically called sustainable management practice, and 2)
specific actions for the recovery of already degraded areas, that is, restoration. Productive and
environmental landscape optimization, in addition to the actions forementioned, is also intended to
change land-use economic practices, locally increasing productivity, thereby reducing pressures to use
areas that have more value for conservation. Effective actions have been taken in many regions of the
world that correspond to sustainable management practices (FAO et al., 2011; FAO, 2011 and 2013),
rehabilitation (Buckingham & Hanson, 2015) and restoration of degraded areas (Nellemann & Corcoran,
2010; Goosem & Tucker, 2013; Hanson et al., 2015).
In the Americas there are already important examples of the successful implementation of sustainable
management practices (e.g. ITTO, 2011; Calle et al., 2012; Calle & Murgueitio, 2015; FAO, 2013),
rehabilitation (e.g. Brancalion et al., 2012), and restoration (e.g. Calvo-Alvarado et al., 2009; Rodrigues
et al., 2009, 2011; Murcia & Guariguata, 2014; Hanson et al., 2015). Restoring distinct vegetation types
that have very different levels of resilience, species richness and complexity of interactions and are inside
landscapes with different degrees of fragmentation have demanded different methods. Although the
degree of success achieved for each one varies between vegetation types and socioeconomic conditions
considered, there are already examples in Brazil where restoration in large-scale and high-biodiversity
tropical forests have been achieved (Rodrigues et al., 2011) and whose principles could be adapted to
other vegetation types and countries. An example is the intensive silvopastoral systems, which have been
implemented in Colombia (Calle et al., 2012). Livestock grazing, a common practice in the Americas and
around the world, results in soil compaction, soil erosion, reduction of water infiltration, and silting of
springs and streams. This degraded land condition can maintain very few animals and produces less
income. Grazing also favors continuous land abandonment and migration, inducing deforestation to
create new pastures. Converting extensive pastures to intensive silvopastoral systems allowed for, in 45 years, increases in production, productivity, and rural incomes and jobs, as well as the elimination of
all sources of degradation. This change resulted in increases of environmental services and rural
biodiversity and allowed for the release of farm margins to be used for forest restoration or
rehabilitation.

North America
Oil and gas development in Alaska and Canada has focused on tundra in North America since the 1960s
(Maki et al., 1992). Its effects on birds and mammals can extend beyond the area occupied by oil and gas
industrial infrastructure. Cameron et al. (2005) found that calving caribou abundance was lower within 4
km of roads in an oil and gas development area and declined exponentially with road density. With
increasing infrastructure, high-density calving shifted inland, despite the lower forage biomass there (see
also Wolfe et al., 2000). Similarly, passerine bird nests are at greater predation risk within 5 km of
infrastructure (Liebezeit et al., 2009; see also Weiser & Powell, 2010). Substantial tundra habitat changes
are expected with climate change that may have substantially greater impacts on habitat than human
infrastructure, including increases in shrub-dominated ecosystems and changes in wetland abundance and
distribution (section 4.4.3).
Boreal forest disturbance (tree cover loss), due largely to fire and forestry, was globally the second largest
in both absolute and proportional extent from 2000-2010 (Hansen et al., 2013). North America presented
the higher overall rate of forest loss in comparison with other boreal coniferous and mountain ecozones in
the world. In boreal forest, fire is the primary natural disturbance (see also section 4.5). Fire creates a
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complex mosaic of stands of varying age, composition, and structure, within which other disturbances and
processes interact. Thus, it has been suggested to attenuate the impacts of logging on a managed
landscape; logging should create patterns and processes resembling those of fire. However, logging has
already shifted forest age-class distributions to younger stands, with a concurrent decrease in old-growth
stands, and is quickly forcing the landscape outside of its long-term natural range of variability (Cyr et al.,
2009). Fire severity is a key component of regeneration trajectory (Johnstone et al., 2010). Increases in
boreal fires severity with climate warming may catalyze shifts toward deciduous-dominated forests,
altering landscape dynamics and ecosystem services (see also sections 4.4.3 and 4.5). Besides climate
impacts, other anthropogenic environmental changes like changes in biogeochemical cycles (section 4.4.2)
and exotic invasive species (section 4.4.4) can interact with heat and drought (Millar & Stephenson, 2015)
to negatively affect temperate and boreal forests.
The traditional fire knowledge of many native American cultures of North America was lost during European
settlement. Many groups experienced declining the traditional fire knowledge systems abruptly and for
several generations as most indigenous peoples in the subregion were forced from their ancestral lands,
punished for speaking their native languages, and forbidden to use fire in open native vegetation. Some
tribes, however, retained enough traditional fire knowledge although they did not practice traditional
burning continuously on the landscape (Huffman, 2013).
Many temperate forests have at some time been used for agriculture. Large-scale deforestation first
occurred during the 18th-19th centuries (Flinn & Vellend, 2005). Particularly across northeastern North
America, phases of forest clearance were followed by agricultural use, agricultural abandonment, old-field
succession, and then forest regeneration. Generally, species richness within forest stands (alpha diversity)
remains lower in recent compared to ancient forests, even when recent forests are decades or centuries
old (Flinn & Vellend, 2005). This biotic homogenization is legacy of human land-use that may endure for
decades if not centuries (Leps & Rejmánek, 1991; Vellend, 2007; Thompson et al., 2013; Deines et al., 2016).
Additionally, fire once shaped many North American ecosystems, but Euro–American settlement and 20thcentury fire suppression drastically altered historic fire regimes, shifting forest composition and structure
(McEwan et al., 2011; Ryan et al., 2013).
Earlier in the 20th century, USA land cover was on a trajectory of forest expansion after agricultural
abandonment (Drummond & Loveland, 2010). The expansion of forest cover since 2000 has been offset by
forest loss, with forest loss evenly divided among cropland, pasture and urban/suburban land (Masek et al.,
2011). The potential for forest regeneration has slowed, however, because forest conversion to
urban/suburban land is less reversible. In addition, in some regions, like the eastern USA, tree cover has
declined because forest harvest rates have outpaced reforestation (Drummond & Loveland, 2010, Masek
et al., 2011, Hansen et al., 2013). Currently, according to Hansen et al. (2013) the northwestern USA is an
area of intensive forestry, as is all of temperate Canada. Land-use pressures significantly impact the extent
and condition of eastern USA forests, causing a regional-scale decline in tree cover, mainly from urban
expansion. Annual forest loss accelerated from approximately 56,000 hectares from 1973-1980 to 90,000
hectares by 1992-2000 (Drummond & Loveland, 2010).
Prairie grasslands dominated central North America for millennia, until the mid- to late-1800s when
European settlers converted them to croplands and rangelands (Ellis et al., 2010). North American
grasslands are now some of the planet’s most heavily converted ecosystems (Isbell et al., 2015). As a result
of this dramatic habitat loss and fragmentation, these grasslands are rapidly losing plant species (Leach &
Givnish, 1996; Wilsey et al., 2005). Even more notable, nearly all of them have lost their keystone
herbivores, including bison and elk. For example, during the mid-1800s, bison populations declined from
tens of millions to a few thousand individuals (Knapp et al., 1999). Since that time, bison numbers have
increased to more than 100,000 individuals in public and private herds that are maintained for prairie
restoration or meat production. Rangeland degradation in the west, grassland conversion to croplands, and
afforestation of old fields in the east have together caused North American songbirds to sharply decline in
recent decades (Brennan & Kuvlesky, 2005). Increased use of prescribed fire and grazing as sources of
disturbance, and sowing of seeds to overcome dispersal limitation in fragmented agricultural landscapes,
have improved prairie grassland restoration, preventing woody encroachment and restoring native plant
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diversity (Martin et al., 2005).
A second wave of conversion of remaining fragments of North American grasslands to croplands, including
530,000 hectares from 2006-2011 in the upper Midwestern USA alone, has resulted from the recent
doubling of crop prices following increased demand for biofuel feedstocks. These grasslands escaped
conversion until only recently because they are particularly vulnerable to erosion and drought, or because
they are adjacent to wetlands (Wright & Wimberly, 2013). The relationship between biofuel production
and food prices is controversial in the scientific literature and depends on several factors as increased
demand, decreased supply, and increased production costs driven by higher energy and fertilizer costs.
Disentangling these factors and providing a precise quantification of their contributions is difficult but there
is a convergence that analysis should include short and long-run effects, type of crops and technology (first
or second-generation biofuels) as different biofuels have different impacts (Rathman et al., 2010; Ajanovic,
2011; Mueller et al., 2011; Zilberman et al., 2013; Koizumi, 2015; Filip et al., 2017).
Drylands in North America (the hot Sonoran, Mojave, and Chihuahuan deserts and the cool Columbia
Plateau, Great Basin, and Colorado Plateau deserts) have experienced moderately low to high appropriation
of land by humans; degraded to very degraded fire cycles; very high to extremely high habitat
fragmentation; and habitat losses between 2000 and 2009 of up to 11% (Hoesktra et al., 2010). Intensive
cropping in many areas has lowered water tables and the amount of fertilized and salinized soil, leading to
land abandonment with ensuing invasion by exotic annual grasses and reduced biodiversity and ecosystem
function (Gelt, 1993). Most of these lands have been grazed by livestock since the early 1800s, and as most
current grasses did not evolve with large mammal herds, this grazing has caused native species losses,
altering plant and animal community composition, (Mack & Thompson, 1982). Climate change models are
predicting higher temperatures and reduced precipitation for North American drylands (Cook et al., 2004;
Christensen et al., 2007), likely leading to long-term declines in soil moisture, which will negatively affecting
shallow-rooted plants (Fernandez & Reynolds, 2000; Munson et al., 2011; Wertin et al., 2015). Increasing
carbon dioxide loss of grass, and altered climate and fire regimes favor woody plant encroachment, further
reducing biodiversity and affecting animals that depend on native plants that are lost (Archer et al., 1995).
Grasses are vital to these ecosystems; they form the base of the food web, providing forage for livestock
and small mammals, promoting soil carbon sequestration, stability and fertility and thus their loss affects
ecosystem function (Sala & Paruelo, 1997). These landscapes are also seeing dramatic increases in soil
surface disturbance from recreation and energy and mineral exploration and extraction (Weber et al.,
2016). Disturbance of the soil surface compromises the cover and function of biological soil crusts, a
community of organisms that are critical to water, nutrient, and carbon cycles in drylands (Weber et al.,
2016) and they may not return to their pre-disturbance state or function (Concostrina-Zubiri et al., 2014).
Reduction in plant and biocrust cover increases soil erosion, which itself directly drives biodiversity loss and
alters ecosystem function. Erosion reduces source soil carbon and nutrients (e.g. Neff et al., 2008; Belnap
& Büdel, 2016; Weber et al., 2016; Ahlström, 2015); increases dust deposition on nearby snowpacks, which
reduces the amount of water entering major rivers (Painter et al., 2010); and threatens human economic,
health, and social well-being (Fields et al., 2009). Roads, pipelines, transmission lines, vegetation change,
and energy developments continue to heavily fragment and degrade many drylands, especially the Mojave
and Great Basin deserts (Knick et al., 2003; Hoesktra et al., 2010).
The wetlands of North America include many different wetland types, ranging from the expansive peatlands
of boreal Canada and Alaska to the seasonally flooded marshes of the subtropical Florida Everglades.
Wetlands of North America continue to be threatened by drainage for agriculture and urban development,
extreme coastal and river management, water pollution from upstream watersheds, peat mining,
waterfowl management, and more recently climate change. From 1780-1980, from 65 to 80% of wetlands
in Canada were lost, while 53% of wetlands in the continental USA were lost (Mitsch & Hernandez, 2013).
The middle Atlantic coastal plain experienced vast land cover change compared with other Eastern USA
ecoregions, ranking third in the proportion of area changed. Two of the dominant land-cover types, forest
and wetlands, experienced considerable net change (USGS, 2016). Urban development almost always
increases in area, as it tends to be permanent, whereas other land-cover types, like forest, agriculture,
wetlands, and mechanically disturbed lands, may fluctuate in area as part of cyclic land-use changes (USGS,
2016). Probably as a result of enforcing Clean Water Act requirements to mitigate wetland losses, as well
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as program such as the Wetlands Reserve Program (Wiebusch & Lant, 2017), wetland restoration and
creation may have partially offset losses in rural and suburban areas since the mid-1980s (Mitsch &
Hernandez, 2013).
North America contains some of the most urbanized landscapes in the world. In the USA and Canada,
approximately 80% of the population is urban (Kaiser Family Foundation, 2013 in McPhearson et al., 2013).
Population growth combined with economic growth has fueled this recent urban land expansion. Between
1970 and 2000, urban land area expanded annually by 3.31% (Seto et al., 2011), which was mostly cropland
and forest conversion (Alig et al., 2004), creating unique challenges for conserving biodiversity and
maintaining regional and local ecosystem services. Urban areas in the USA could increase by 79% by 2025,
which would mean that 9.2% of USA land will be urban (Alig et al., 2004). A large portion of this increase is
expected in coastal areas where populations will be exposed to issues associated with predicted sea level
rise. Changes in development density will have an impact on how populations are distributed and will affect
land use and land cover. Some of the projected changes in developed areas will depend on assumptions
about changes in household size and how concentrated urban development will be. While higher
population density means less land is converted from forests or grasslands, it can result in larger extents of
paved areas and an increase in low-density exurban areas, which will lead to a greater area affected by
development and increase commuting times and infrastructure costs (Brown et al., 2014).

Mesoamerica
Drivers of change in biodiversity and ecosystem function in Mesoamerican drylands (Sonoran and
Chihuahuan deserts) are similar to those in North America, though they differ in relative importance
(CONABIO, 2014). Livestock have grazed Mexican deserts and semi-deserts for hundreds of years. Again,
lack of resistance to this herbivory has altered plant community composition, decreased native species
cover, and altered nutrient, carbon, and hydrologic cycles. (Mack & Thompson, 1982). Climate models
predict warmer temperatures and reduced precipitation for this region (Cook et al., 2004, Christensen et
al., 2007). These changes, along with natural drought will cause loss of grasses and other shallow-rooted
plants (Fernandez & Reynolds, 2000; Moreno & Huber-Sannwald, 2011) and facilitate woody plant
encroachment, which is already underway (Archer et al., 1995). Loss of grasses will reduce food availability
for livestock and wildlife, reduce an already limited soil carbon sequestration, reduce limited soil nutrients,
alter plant and animal community composition and change ecosystem functions (Sala & Paruelo, 1997).
Loss of biological soil crusts 31 and plant cover reduction with soil disturbance negatively influences water,
nutrient, and carbon cycles and increases soil erosion in these ecosystems (Weber et al., 2016). Disturbed
biological soil crusts may not recover to a pre-disturbance state, altering their ecosystem role (ConcostrinaZubiri et al., 2014). Grazing, cropping, energy and mineral exploration and development, and recreation are
the major drivers of land degradation of Mexican deserts and semi-deserts (Sarukhan et al., 2015; Sala et
al., 2000). These changes generally result in loss of biological soil crust and plant cover, resulting in soil
erosion, which is a major issue in Mexican deserts and semi-desert areas (Balvanera et al., 2009). Hoesktra
et al. (2010) report that these areas have experienced moderately low to moderate appropriation of land
by humans, fire cycles that are degraded, very high to extremely high fragmentation, and up to 3.3% habitat
losses between 2000 and 2009.
Mesoamerican forests are the third largest among the global biodiversity hotspots and are one of the most
endangered ecosystems in the tropics (Sánchez-Azofeifa et al., 2014) due to high rates of forest loss and
fragmentation (Chacon, 2005).
Drivers of change in Mesoamerican tropical dry forests are both negative and positive, but they still
contribute to significant forest loss. Dry forests now exist as fragments of what was once a large, contiguous
forest extending from Mexico to northern Argentina. The timber industry, indigenous fuel–wood
31

Biological soil crusts result from an intimate association between soil particles and cyanobacteria, algae, microfungi, lichens, and
bryophytes (in different proportions) which live within, or immediately on top of, the uppermost millimeters of soil. Soil particles
are aggregated through the presence and activity of these biota, and the resultant living crust covers the surface of the ground as
a coherent layer.
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extraction, and cattle ranching expansion are the main drivers of dry forest loss (Fajardo et al., 2005; CalvoAlvarado et al., 2009). These forests now cover 519,597 km2 across North and South America. Mexico
contains the largest extent at 181,461 km2 (38% of the total), although it remains poorly represented within
protected areas (Portillo-Quintero & Sánchez-Azofeifa, 2010).
In general, tropical dry forest area in Mexico is declining, with cattle ranching driving most of this
deforestation, particularly along the Pacific coast (Sanchez-Azofeifa et al., 2009), even though the forest
loss rate in Mexico was halved between 2010 and 2015 (Keenan et al., 2015). Unfortunately, the protected
tropical dry forest in Costa Rica represents less than 1% of the total extent of this ecosystem in the Americas
and is continentally less significant. Low extent and high fragmentation of dry forests in Guatemala, El
Salvador, and Nicaragua mean that these forests are at high risk from human disturbance and
deforestation.
There are many wetlands and freshwater systems in Mesoamerica that are each integral to a system of life,
culture, a means of economic support and habitat. Tourism income represents 20.4% of the foreign
earnings in Mesoamerica (Agencia EFE, 1998). The location and topographic complexity of Mesoamerica
makes it unique in its water availability, with an average of 27,200 m3 inhabitants per year. The World
Meteorological Organization cites that Mesoamerican countries have few real problems with water supply,
using on average less than 10% of the available water resources. However, countries like Mexico,
Guatemala
and
El
Salvador
experience
water
shortages
(IUCN
1999,
https://portals.iucn.org/library/efiles/documents/1999-012.pdf). In Mexico, water shortages occur
because water resources are not located close to human settlements, producing an imbalance between
supply and demand and leading to overexploitation of aquifers and water transfer between basins (Arriaga
et al., 2000). According to the National Water Commission Atlas (CONAGUA, 2012), 101 of the 282 most
important aquifers are currently overexploited, mainly because of excessive water extraction for
agricultural irrigation. These overexploited aquifers provide 49% of subterranean water. The most serious
environmental impacts include droughts in semi-arid areas that reduce flow and its timing, saline intrusion
into aquifers, and wetlands ecosystem deterioration (Ávila et al., 2005).
Continuous groundwater pumping irreversibly affects natural water discharge flowing into aquatic
ecosystems and riparian areas, even those that are far from mining areas. There are several cases in Mexico
where the loss of fresh water that previously came from groundwater threatens the ecosystem. Such is the
case of wetlands in Xochimilco, springs high Lerma and Aguascalientes, several major lakes in central
Mexico (Chapala, Cuitzeo and Patzcuaro) or wildlife protected area Cuatrociénegas, among many others
(Carabias et al., 2010).
In El Estor, a wetland area in Guatemala, only small wetland remnants remain; most wetlands in the area
have been transformed to large-scale oil palm, sugar cane, and other crops, displacing communities and
causing land conflicts among other problems (Guatemala Ramsar National Report, 2015).
The Honduras Wetland Inventory (SERNA, 2009) notes that the most affected and currently endangered
systems in Honduras are humid forests and the freshwater systems within them; due to replacement with
monocultures like oil palm and banana or urban lands. Honduras has implemented agreements of
understanding with the private sector to carry out international certification and develop programs of good
practices considering the policy and strategy of cleaner production for oil palm because it is affecting large
areas of wetlands in the country. On the other hand, regulations including subsidies and incentives
promoting monocultures in protected areas are under review that will, in some cases, allow for excessive
development within these areas (Honduras Ramsar National Report, 2015)
Mangroves in Mesoamerica are also threatened by deforestation and aquaculture. Mexico has 5.4% of the
global extent of mangroves (Giri et al., 2011), but many of those forests are being replaced with shrimp
farms, agro-industrial plantations, or tourism enterprises. The threats to mangroves are similar along the
Nicaraguan Pacific coast, which is unique as it marks the transition from dry to moist. The total destruction
of the Estero Real mangrove in the Fonseca Gulf (between Nicaragua and El Salvador) is a clear example of
the impact of uncontrolled shrimp-farm development in the region.
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Caribbean
Humid and dry tropical forests are increasing overall across the Caribbean as agriculture has declined. In
Puerto Rico and the Lesser Antilles, forest cover has been increasing since the 1950s (Helmer et al.,
2008a,b), starting with emigration to more developed countries after the Second World War and continuing
with emigration from rural to urban areas as local economies shifted from agriculture to industry and
services. This shift is largely the result of sugar cane cultivation becoming less profitable due to the rise of
mechanized sugar cane cultivation in South America and cessation of European price supports for banana
cultivation in the Lesser Antilles (Helmer et al., 2008b; Walters, 2016). In a subset of four islands of the
Lesser Antilles, cultivated land area declined 60-100% from 1950-2000, while forest cover increased 50950% and urban land areas increased 90 to 2400% (Helmer et al., 2008b). Forest recovery will likely
continue on islands like St. Kitts, Barbados, and Trinidad, where local government subsidies for sugar cane
cultivation stopped only in the last decade (Helmer et al., 2008a, b; Helmer et al., 2012; Walters, 2016).
Forest recovery is most extensive in the least accessible places: at higher elevations, further from roads and
urban centers, and in protected areas (Helmer et al., 2008a; Chai et al., 2009; Newman et al., 2014a).
Deforestation and forest fragmentation continue in some places, including for small-scale agriculture where
there is underemployment, when coffee prices are high, or in protected areas where protection is not
enforced (Chai et al., 2009; Newman et al., 2014 a, b). Haiti, the poorest country in the Caribbean, lost
forest cover from 2001-2010 (Alvarez-Berrios et al., 2013).
In the Caribbean, expansion of tourism and urbanization drive land-cover change rather than agriculture
and cattle ranching expansion. The attraction of Caribbean islands for the development of exclusive resorts
and golf courses targeted at the North American and European markets drives this land-cover change. Such
tourism development plus urbanization often most severely impact tropical dry forests on Caribbean
islands, because these forests are located at lower elevations and in coastal areas (Helmer et al., 2008b;
Portillo-Quintero & Sanchez-Azofeifa, 2010; van Andel et al., 2016).
Development also affects water quality in freshwater and coastal systems (see 4.4.2). In the Lesser Antilles,
much of the urban and residential development is for tourism and for former emigrants returning to retire
(Walters, 2016). Mangrove area has declined in the Caribbean from 1980-2010 (Angelelli & Saffache, 2013),
and mangrove forests continue to undergo clearing for land development (Schleupner, 2008); although,
mangroves have recovered in some places where they were previously cleared for agriculture (Chinea &
Agosto, 2007). Cuba alone has 3.1% of the global extension of mangroves (Giri et al., 2011).
Over 180 million people live in or travel to coastal areas of the Caribbean Sea and Gulf of Mexico annually,
not counting USA coastal areas. Urban habitats have been changing rapidly in the Caribbean, with
unforeseen consequences on the quality of life. An important issue has been the rapid spread of diseases,
like those borne by mosquito vectors. For example, in the municipality of San Juan, Puerto Rico, the
incidence of dengue fever has increased along with sea surface temperatures and sea level, as more areas
for breeding become available along the shoreline and because of increasing rainfall (Mendez-Lazaro et al.,
2014).
Caribbean marine ecosystems are among the most severely impacted globally (Halpern et al., 2007), mainly
due to impacts on coastal systems: mangroves, coral reefs, seagrass beds and beaches (see also section
4.4.2). Live coral cover declined by 80% in 25 years in the wider Caribbean to 2001 (Gardner et al., 2003),
and further declined following mass coral bleaching in 2005 (Wilkinson & Souter, 2008).

South America
Net forest loss from 2010 to 2015 in South America was dominated by forest loss in Brazil (984,000 hectares
per year) and, to a lesser extent, Paraguay (325, 000 hectares per year), Argentina (297,000 hectares per
year), Bolivia (289,000 hectares per year) and Peru (187,000 hectares per year) (Keenan et al., 2015).
Despite the net loss of forest in South America, there has been a decline in the net rate of forest loss in
some countries of the Americas (for example, in Brazil, the net loss rate between 2010 and 2015 was only
40% of that in the 1990s) and forest area increased in other countries in the last five years (for example, in
Chile partly due to an increase in planted forest areas) (Keenan et al., 2015).
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Deforestation and degradation of tropical rainforest are important global issues due to their role in carbon
emissions, biodiversity loss, and reduction of other ecosystem services (Foley et al., 2007). Of global gross
forest cover loss from 2000 to 2012, 32% occurred within tropical rainforests (Hansen et al., 2013). Almost
half of rainforest loss was found in South America, primarily in the Amazon basin. Large-scale (e.g. cattle
ranching) and small-scale farming were historically the most significant drivers of deforestation in the
Amazon. These farming activities resulted from favorable incentives received by cattle ranchers in the
1960s–1980s. More recently, the establishment of soy farming has become a land-demanding economic
activity (Kirby et al., 2006; Rudel et al., 2009). Deforestation influences Amazonian fire regimes because it
results in increased sources of ignition, increased forest edge lengths, and alterations of regional climates
(Alencar et al., 2015). Droughts linked to the El Niño and human-related activities were associated with
large forest fires (Alencar et al., 2006; Morton et al., 2013). If climate change and increased forest
degradation continue, fires may burn more frequently and expand to larger areas, perhaps including
landscapes that otherwise are fire resistant (Alencar et al., 2015).
Together with lowland tropical forests, mountain areas represent an important percentage of South
America (Armenteras et al., 2011). Andean forests are particularly susceptible and highly vulnerable to
climate change because of their location on steep slopes and because of their altitudinal and climatic
gradients (Karmalkar et al., 2008). In addition to climate change, tropical mountains are subject to high
pressure from other natural and anthropogenic drivers of change like land use and land cover change, soil
erosion, landslides and habitat destruction (Achard et al., 2002; Bush et al., 2004; Grau & Aide, 2008).
Together with Mexico, Brazil and Bolivia harbor the largest and best-preserved tropical dry forest
fragments. The Chiquitano dry forests of Bolivia and Brazil alone extend over 142,941 km2 (27.5% of total
dry forest area in the region) (Portillo-Quintero & Sánchez-Azofeifa, 2010). Of the 23,000 km2 of dry forest
under legal protection, 15,000 km2 are in Bolivia and Brazil. In fact, Bolivia protects 10,609 km2 of dry
forests, including 7,600 km2 in a single park. In other countries, like Ecuador and Peru, however, low extent
and high fragmentation of dry forests were observed.
Woodlands and savannas in South America are also under strong conversion rates related to the expansion
of soybean and pasture (Barona et al., 2010). The Brazilian Cerrado is the second largest biome in South
America and is considered a biodiversity hotspot. By 2010, approximately 50% of the original vegetative
cover of the Brazilian Cerrado has been converted. Land use changes in the Cerrado, often coupled with
increased fire frequency and invasion of exotic species, have generated profound changes in the vegetation
structure and functioning of these ecosystems (Bustamante et al., 2012). Alterations in land cover from
natural to rural and urban are also changing stream water chemistry in the Cerrado (Silva et al., 2011).
Fire is an important factor in maintaining grassland ecosystems. It prevents woody encroachment, removes
dead herbaceous material, and recycles nutrients. Without fire, organic matter and litter would accumulate
and tree densities would increase, leading eventually to forested areas. The timing, frequency, and intensity
of fires determine specific effects of these events on the functioning of grassland ecosystems. Indigenous
people in the Cerrado region have been using fire for multiple purposes (¡Error! No se encuentra el origen
de la referencia. and Box 4.10).
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Table 4.12. The different burning regimes used by the Krahˆo. Source: Mistry et al. (2005).
Burning regimes for different purposes
Protection of roça (swidden plots)
Early dry season, around April/May
Protection of certain fruiting trees
Early dry season, around April/May
Hunting
April is perceived as the best time—small patches of
Cerrado are burnt over a number of days during a hunting
trip
Protection of carrasco
Burnt April/May every 5–6 years
Livestock
grazing Pasture burnt in mid-May—small areas burnt
each year
Protection of areas of Cerrado from Early to mid dry season
later, more intense fires
Clearing and preparing land for Roças are burnt at the very end of August or in
planting
September
Honey extraction
Keep clean and increase visibility
Eliminate pests
Outsider fires

September and October
Throughout the dry season—fires are set when walking
to villages, hunting and travelling to roças
Throughout dry season
Occur throughout dry season

Box 4.10. Traditional fire management in the South America
Traditional fire knowledge is as fire-related knowledge, beliefs, and practices that have been developed
and applied on specific landscapes for specific purposes by long time inhabitants (Huffman, 2013). Across
the Americas indigenous people have managed fire for different purposes. The articulation of traditional
and scientific knowledge can be a valuable strategy for the formulation of environmental policies for
effective fire management.
Indigenous peoples have been using fire in the Cerrado (savannas) of Brazil as a form of management for
thousands of years. Mistry et al. (2005) studied the traditional use of fire as a management tool by the
Krahˆo indigenous group living in the northeastern region of Tocantins state, Brazil. The results indicate
that the Krahˆo burn for a variety of reasons throughout the dry season, thereby producing a mosaic of
burned and unburned patches in the landscape Table 4.12. Similarly, in Canaima National Park,
Venezuela, a protected area inhabited by the Pemón people, ecological studies have revealed that the
creation of a mosaic of patches with different fire histories could be used to create firebreaks that reduce
the risk of the wildfires that threaten the vulnerable and diverse savanna-forest transition areas (Bilbao
et al., 2010). In the Amazon region, particularly along large and small rivers, are numerous patches of
Amazonian dark earth (Junqueira et al., 2010). These are anthropogenic soils associated with
archaeological sites, created mostly between 1000 BC and the European conquest around 500 years ago
and managed with the use of fire (Rebellato et al., 2009). Pre-conquest Amazonian peoples used fire for
most of their landscape management. Small areas were weeded with wooden digging sticks and wooden
machetes, while occasional small trees were cut with stone axes and burned well before being
completely dry and/or with low oxygen availability, leaving large amounts of charcoal instead of easily
eroded ash (Denevan, 2004). The combination of fire management and plant cultures improved soil
fertility and once a plot was abandoned growth of secondary forests was rapid (Junqueira et al., 2010).
Similarly, vegetation cover loss in the dry Chaco from 2002 to 2006 was associated to the rapid expansion
soybean and planted pastures (Clark et al., 2010). During this period a net loss of 6.9 million hectares of
closed-canopy (≥80% cover) was detected in the dry Chaco ecoregion. Some of the loss of woody vegetation
can be attributed to forest degradation, where forests have trees and shrubs removed as an intermediate
step to agriculture or pastures (Clark et al., 2010).
Change in South American grasslands (distinguished from grasslands found in dryland regions that generally

407

IPBES/6/INF/4/Rev.1

did not evolve with large mammalian herds) has been brought about primarily by conversion of these
ecosystems to agriculture. The Río de la Plata grasslands are one of the largest temperate grasslands regions
of the world, covering nearly 700,000 km 2 of eastern Argentina, southern Brazil and Uruguay (Paruelo et
al., 2007). This region plays a key role in international crop production and land use change rates in some
areas and are among the highest detected nowadays. Agricultural activities have undergone important
changes during the last 20 years because of technological improvements and new national and
international market conditions for commodities (mainly soybean, sunflower, wheat, and maize) (Baldi &
Paruelo, 2008).
Wild ungulates are also an essential component of energy and nutrient flows in grassland ecosystems that
evolved with grazing. By contrast, domestic livestock generate effects that are disputed as either positive
or negative, particularly in relation to different stocking densities, different grassland environments and
whether the different environments evolved with large mammalian herds (Mack & Thompson, 1982). The
economic and environmental sustainability of beef cattle from pasture use and preservation in specific
biomes is still not well evaluated. The study of the feasibility of beef production in the pampa biome
suggests it is possible to optimize low greenhouse gases emission of beef production with a significant
economic return under certain feed conditions. Actually, studies suggest it is possible to obtain beef
production increases without the need of new livestock areas, which can contribute to the proper use and
preservation of the pampa biome (Ruviaro et al., 2016, see also Modernel et al., 2016).
Afforestation of some of the most productive native grasslands of the region is currently undergoing, and
might be further promoted by carbon markets (Paruelo et al., 2007) posing a new threat to these
ecosystems. Interestingly, grasslands store approximately 34% of the global stock of carbon in terrestrial
ecosystems while forests store approximately 39% and agroecosystems approximately 17%. Unlike tropical
forests, most of the grassland carbon stocks are in the soil.
Drylands cover more than 50% of South America. The region possesses tropical, highland, coastal and
continental drylands (Cabrera & Willink, 1980). In South America, humans have appropriated much of the
Sechura Desert (Peru) for their use, and the habitat is highly fragmented (Hoekstra et al., 2010). Similarly,
the Atacama Desert (Chile) has experienced moderate land appropriation for human use and moderately
high habitat fragmentation (Hoekstra et al., 2010). In Patagonia, heavy sheep grazing has locally extirpated
preferred forage species, thus altering plant community composition and resulting in the endangerment of
76 grass species (Cibils & Borrelli, 2005). Aside from grazing, this region has experienced a relatively low
appropriation of land for human use, but has very high habitat fragmentation (Hoekstra et al., 2010). As
with the other deserts, it does not have a natural fire cycle. Habitat loss in all three regions has been
relatively low (0.1% for Atacama Desert, 0.5% for Sechura Desert, and 1.6% for the Patagonia steppe)
(Hoekstra et al., 2010).
From 2001 to 2013, 17% of new cropland and 57% of new pastureland replaced forests throughout Latin
America (Aide et al., 2013). Cropland expansion from 2001 to 2013 was less (44.27 Millions of hectares)
than pastureland (96.9 Millions of hectares), but 44% of the 2013 cropland total was new cropland, versus
27% of the 2013 pastureland total, revealing higher regional expansion rates of row crop agriculture. The
majority of cropland expansion was into pastureland within core agricultural regions of Argentina, Brazil,
Bolivia, Paraguay, and Uruguay (Graesser et al., 2015; Volante et al., 2015). Commodity crop expansion, for
both global and domestic urban markets, follows multiple land change pathways entailing direct and
indirect deforestation, and results in various social and environmental impacts (Meyfroidt et al., 2014).
Forested wetlands in the western Amazon, have declined only moderately in area in recent years but local
deforestation is more intense in the eastern Amazon. Habitat loss in that region is mostly concentrated in
the vicinity of very large cities and in the Amazon estuary (Magalhães et al., 2015). The anthropization of
these wetlands involves the forest cover removal, or alternatively, sudden changes in forest composition
(Freitas et al., 2015). Natural wetland habitats are continually transformed into croplands and pastures
(Junk et al., 2014).
In recent years many new large dams have been planned for the Amazon and its connection to the Andes
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(Finer & Jenkins, 2012; Fearnside, 2013), causing deforestation and habitat loss (mainly riverine habitats,
forming wetland patches along the river side) as main impacts (among others) (Lima et al., 2014, Cunha &
Ferreira, 2012; Ferreira et al., 2013). Further, dam construction comes with huge social and economic costs
involved (Fearnside 2005 and 2015). About 60% of the rural population lives inside várzeas (basin), and all
major large cities are inside or on the border of flooded environments. Most timber and a significant part
of the beef, fruits and vegetables consumed in urban areas are produced in these wetlands. Additionally,
most of the fish consumed come from the white-water rivers and their floodplains (Junk et al., 2012).
Wetlands also provide other benefits to people (Castello et al., 2013b, Junk et al., 2014), particularly
because they retain nutrient rich sediment that forms new soil, control erosion, and sequester carbon
dioxide.
The intense loss of natural habitats and associated biodiversity is causing the slow degradation of South
American wetlands, reducing natures benefits to people by reducing the number of commercial fish species,
total fish stocks, and a persistent “fishing-down” process Castello et al., 2013; Cella-Ribeiro et al., 2015), as
well as the loss of carbon dioxide sinks where land-use change has been intense (Schöngart et al., 2010;
Vogt et al., 2015).
Unregulated markets for timber and fish (Soares-Filho et al., 2006; Junk et al., 2007), among other natural
resources harvested from the Amazonian wetlands, are the main source of illegal pressure on the extraction
rates of those resources. Rural-urban migration in the Amazon, closely related to wetlands, has contributed
to urban degradation, and also puts pressure on rural exploitation, affecting forest extent, since important
rural patterns of consumption are maintained (Padoch et al., 2008).
The marine areas of South America include almost 30,000 km of coastline and encompass three different
oceanic domains—the Caribbean, the Pacific, and the Atlantic (latitude range from 12oN to 55oS)
(Miloslavich et al., 2011). Habitat transformation (for infrastructure expansion, aquaculture, agriculture,
etc.), and sewage and garbage disposal are among the most recurrent problems in South America coastal
zones. As such, these areas undergo fast and frequently drastic transformation. When compared to other
tropical regions like Southeast Asia, the importance of aquaculture in South America is relatively small.
Nonetheless its importance is growing in countries like Ecuador, where a significant shrimp mariculture
industry has developed mostly in mangrove converted areas and salt ponds and in Peru and Chile (Humbolt
Current region) with the cultivation of introduced salmonid species (Campuzano et al., 2013). In the tropical
west Atlantic major threats are industrial (trawling) and artisanal (line and longline) fishing, urban
development, agriculture development, dredging and flow navigation, water pollution (runoff from smaller
rivers as in terms of volume the Orinoco and Amazon discharge is relatively pristine), mangrove
deforestation, activities related to oil and gas exploitation, port activities, and maritime shipping (Klein et
al., 2009).
Mangroves in South America correspond to 11% of the global mangrove extent (Giri et al., 2011). In the
Brazilian shelf, mangrove ecosystems cover 16 of the 17 Brazilian coastal States, representing 85% of the
coastline (about 7,300 km), and the extent of mangroves along the Brazilian coastline from east of the
Amazon River mouth (Pará) to the Bay of São José (Maranhão) constitutes the largest continuous belt
globally (Nascimento et al., 2013). Although almost 83% of mangrove areas are protected, human
settlements along the coast have dramatically increased, impacting mangroves by diverting freshwater
flows and degrading water quality. Mangroves also undergo salt extraction and conversion to agriculture,
aquaculture (mainly shrimp farms), or built-up lands, all of which contribute to mangrove degradation and
deforestation (Magris & Barreto, 2010). Despite its value, the mangrove ecosystem is one of the most
threatened on the planet. Mangroves are being destroyed at rates three to five times greater than average
rates of forest loss and over a quarter of the original mangrove cover has already disappeared; this
destruction is driven by land conversion for aquaculture and agriculture, coastal development, pollution
and overexploitation of mangrove resources. As mangroves become smaller and more fragmented,
important ecosystem goods and services will be diminished or lost. The consequences of further mangrove
degradation will be particularly severe for the well-being of coastal communities in developing countries,
especially where people rely heavily on mangrove goods and services for their daily subsistence and
livelihoods (Valiela et al., 2001; Duke et al., 2007; UNEP, 2014).
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South America’s west coast is home to approximately 40 million people. In Chile, three quarters of the
population lives and works along a 500 kilometer stretch of coastline between Valparaiso and Concepcion,
representing 15% of the country’s land area. In the east coast, over 15 million people live in the Buenos
Aires-La Plata-Montevideo coastal region. The coastal area between Sao Paulo and Rio de Janeiro, Brazil,
hosts over 30 million people. Each of these areas continues to grow in population. The marine and inland
waters are used for food production, transportation, tourism, and water supply and are important for the
economic and social vitality of these communities. These aquatic ecosystems are exposed to resource use
and extraction by a range of activities, from oil and gas to fisheries, from urbanization to agriculture. These
activities lead to sediment, nutrient, or other pollutant inputs from the watershed (section 4.4). Many
coastal, estuarine, and fresh water systems in the region have in the past seen intense outbreaks of cholera
and other water-borne diseases, dengue fever and other mosquito-borne diseases, as well as an increase
in the occurrence of harmful algal blooms. Some of these are due to population growth and eutrophication,
but climate variability complicates the situation.
An important factor that affects the coasts and shelf environments is riverine discharge. Discharge affects
the amount of sediment and nutrients that may be delivered to the coastal zone, and this in part depends
on uses of the land in the watershed. As weather patterns of the future are still uncertain, the impact on
global coastal systems is also a matter of speculation. Many rivers are intervened by damming, and many
have different nutrient inputs due to point and non-point sources of nutrients and pollutants (section 4.4.2)

Pollution and related changes in biogeochemical cycles
Nature of the driver, its recent status, and trends and what influences its intensity
In its pursuit of food, water and civilization, humanity mobilizes chemicals that impact biodiversity and NCP.
Pollutants (Table 4.13) are a major driver of declinesin freshwater systems, which are now, in many cases,
severely degraded (Dudgeon et al., 2006). Besides changing climate (section 4.4.3), increased
concentrations of atmospheric carbon dioxide adversely impacts marine species through ocean
acidification. Pollutants also affect biodiversity because their human use to increase food, energy or
minerals alters air, water and soil chemistry, or disturbs watersheds, causing soil erosion and sediment
movement into water bodies. Other pollutants are toxic to organisms.
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Table 4.13. Examples of ubiquitous water pollutants (A) micropollutants; (B) macropollutants and fluxes
to world rivers. Source: modified from Schwarzenbach et al. (2006) and references therein.
A Origin/usage Class
Industrial
Solvents
chemicals
Intermediates
Petrochemicals
Industrial
products

Consumer
products

Biocides

Additives

Selected examples
Tetrachloromethane

Related problems
Drinking-water contamination

Methyl-t-butylether
BTEX (benzene, toluene,
xylene)
Phthalates

Lubricants

PCBs
(polychlorinated Biomagnification, long-range transport
biphenyls)
Flame retardants Polybrominated
diphenylethers
Detergents
Nonylphenol ethoxylates
Endocrine active transformation product
Pharmaceuticals
Hormones
Personal-care
products
Pesticides
Nonagricultural
biocides

Geogenic/natur Heavy metals
al
Inorganics

Antibiotics
Ethinyl estradiol
Ultraviolet filters

Bacterial resistance, nontarget effects
Feminization of fish
Multitude of (partially unknown) effects

Dichlorodiphenyltrichloroet
hane (DDT)
Atrazine
Tributyltin

Toxic effects and persistent metabolites

Triclosan

Nontarget effects, persistent
product (methyl-triclosan)

Lead, cadmium, mercury

Effects on primary producers
Endocrine effects
degradation

Arsenic, selenium, fluoride, Risks for human health
uranium
Taste and odor
Geosmin, methylisoborneol Drinking-water–quality problems
Cyanotoxines
Microcystins
Human hormones Estradiol
Feminization of fish
Disinfection/oxi Disinfection by- Trihalomethanes, haloacetic Drinking-water–quality, human health
dation
products
acids, bromate
Transformation Metabolites from Metabolites
of Bioaccumulation despite low hydrophobicity
prods.
all above
perfluorinated compounds
Chloroacetanilide herbicide Drinking-water–quality problems
metabolites
B
Examples of aquatic macropollutants and fluxes or mass of anthropogenic production
million metric tons yr-1
Total inorganic nitrogen fluxes to world rivers (∼75%
anthropogenic)
21
Total phosphorus fluxes to world rivers (60%
anthropogenic)
5.6
Anthropogenic inputs of heavy metals Zn, Cr, Ni, Pb, Cu,
Cd, Hg
0.3-1
Global fertilizer production (2000)
140
Global pesticide production
5
Synthetic organic chemicals production
300
Oil spills (average 1980-2000)
0.4
Plastics, Microplastics
*5-13
*Clark et al. (2016)
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Ocean acidification, deoxygenation and plastics pollution
As atmospheric carbon dioxide increases, mainly from fossil fuel combustion, pH and calcium carbonate
saturation in ocean water decrease (Fabry et al., 2008). This is adversely impacting marine ecosystems and
biota (Cooper et al., 2008; Fabry et al., 2008; Albright & Langdon, 2011; Anthony et al., 2011; Pandolfi et
al., 2011; Bramanti et al., 2013; Courtney et al., 2013; Webster et al., 2013; Hall-Spencer et al., 2008). Many
marine animals, like plankton, mollusks, sea stars, corals, snails and other groups, extract calcium carbonate
from seawater to form their skeletal structures or shells. Ocean acidification reduces the calcium carbonate
availability. The ocean is also undergoing deoxygenation. Ocean oxygen content declined 2% since 1960
and with climate change could decline an additional 1 to 7% by 2100. In the upper water column, warmer
waters from global climate change drive this deoxygenation by reducing oxygen solubility; at lower depths,
reduced mixing is the chief driver. Along coastlines, rivers with large nitrogen and phosphorus loads
draining from fertilized agricultural watersheds, or from sewage and atmospheric nitrogen depostion, cause
low oxygen levels and hypoxic “dead zones” (Diaz & Rosenberg, 2008; Rabalais et al., 2014; Schmidko et al.,
2017). Hypoxic coastal waters have grown exponentially (Vaquer-Sunyer & Dwarte, 2008). The intensity
and duration of hypoxia controls its impacts on biodiversity. The combination of warmer water, acidification
and deoxygenation are likely interacting to negatively impact marine organisms (Bednarsk et al., 2016).
Plastic pollution enters the ocean via rivers, sewage, fishing and other sources. Plastic characteristics, like
lower natural resource use and costs, and resistance to degradation, drive consumer plastics use. Although
waves and sunlight break plastics to smaller pieces including microplastics (<5 mm), non-bouyant plastics
take hundreds of years to degrade in ocean waters and comprise 90 to 99% of ocean plastic pollution.
Plastics kill or harm biodiversity, from zooplankton, to fish, shellfish, sea turtles, seabirds and marine
mammals: animals frequently consume plastics or are suffocated or maimed by them. Impacts on marine
wildlife include entanglement, ingestion, and contamination to a wide variety of species. Reductions in
plastics use and disposal into the oceans wouold require policy development as well as consumer-driven
changes in plastics use and disposal (Wilcox et al., 2016). Many of the environmental implications of
microplastics at sea are still largely unknown, however the number of marine species known to be affected
by this contaminant has increased from 247 to 680 (Gall & Thompson, 2015). Microplastics have a complex
effect on marine life. They adsorb legacy persistent organic pollutants and are passed up the food chain to
higher trophic levels including to people, exposing humans and animals that consume marine biota to
carcinogens and teratogens (toxic to embryos) (Clark et al., 2016; Worm et al., 2017). By fouling boats and
fishing nets and equipment, plastic pollution imposes costs to the fishing industry and society for related
cleaning and rescue (Clark et al., 2016; Kershaw et al., 2011). The top 20 countries’ mismanaged plastic
waste encompass 83% of the total in 2010 with Brazil in 16th position and the USA in the 20th position in
the global ranking (Jambeck et al., 2015).
Fertilization of Earth with nitrogen, phosphorus and other nutrients from human activities.
Food, fiber and energy production are changing the biogeochemical cycles of major nutrients (nitrogen,
carbon, phosphorus, sulfur). The use of nitrogen, phosphate and potash fertilizer is increasing by 1.9% per
year in the Americas, contributing to increasing nitrogen deposition onto ecosystems (Figure 4.5). Demand
for these agrichemicals will continue to increase, mainly due to increased demand in Latin America (FAO,
2011 and 2017). Increased biologically available, reactive nitrogen (all nitrogen forms except molecular
nitrogen, N2) is the most dramatic change (Rockström et al., 2009; Jia et al., 2016). Nitrogen is central to
ecosystem productivity (LeBauer & Treseder, 2008; Elser et al., 2009). In terrestrial systems, direct toxicity
of nitrogen gases, ozone and aerosols, increased nitrogen availability, soil-dependent acidification, and
secondary stress and disturbance, are ecosystem- and site-specific impacts that can contribute to species
composition changes and reduced plant diversity (Valliere et al., 2017; Bobbink et al., 2010). Inorganic
nitrogen fertilizer use releases reactive nitrogen to the atmosphere. In addition, concentrated animal
feeding operations have emerged across the Americas. Animals (pigs, chickens, cows, fish and other
animals) are confined, with large amounts of waste and ammonia produced. Applying this manure to
agricultural fields can lead to pathogen and nutrient runoff into ground and surface waters. Increasing fossil
fuel combustion, particularly coal burning for electricity, has also increased emissions of reactive nitrogen,
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including nitric oxide and ammonia, and sulfur dioxide. Emissions from large portions of North America
have increased by more than 1,000% (van Aardenne et al., 2001).
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Nitrogen release can change ecosystem structure and function, affecting plant or microbial community
composition, production, soil properties and susceptibility to fire or disease (Porter et al., 2013). These
changes can affect recreation, drinking water quality, timber production, fisheries, wildlife viewing, climate
stability, fire risk, and “non-use” values of intact, natural ecosystems (Compton et al., 2011). Runoff from
agricultural fields, point sources of municipal waste (from human waste and manufacturing), and urban
runoff, can transport nutrients and sediment to rivers and streams. This can increase nutrient (phosphorus,
nitrogen, and carbon) concentrations and promote algal and aquatic vegetation growth causing
eutrophication (Box 4.17 and Box 4.20). In aquatic eutrophication, high levels of organic matter from
fertilizer and sediment run-off, and organisms decomposing it, deplete water oxygen, killing organisms
including fish. It can also shift primary producer communities, alter species composition and decrease plant
diversity (Box 4.17). Increased organic matter can also affect drinking water suitability and cause algal
blooms that release toxins (Bushaw-Newton & Sellner, 1999; Lopez et al., 2008; Michalak, 2015; Glibert et
al., 2006). Urea from fertilizer is also associated with increased paralytic shellfish poisoning along Americas
coasts (Glibert et al., 2006; Glibert, 2017). These nutrient flows increase as per capita GDP, food crop and
meat and milk production increase (Figure 4.6).
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Rivers and streams naturally carry some uncontaminated sediment. However, increased land disturbance,
primarily from agriculture and urbanization, can mobilize excessive amounts of fine sediment into streams.
Excessive sedimentation can directly harm organisms. With mussels, for example, it buries adults and
juveniles or interrupts respiration or feeding. In rivers, suspended sediments and sediment deposits may
also bury eggs, displace host fish, or disrupt host fish/mussel interactions leading to declines of some
species. Excessive sediment may also block light penetration into water, reducing primary production and
causing the need for river channel dredging for ship traffic. Conversely, on many major rivers, dams for
hydroelectric power and irrigation water have reduced river sediment loads. Lack of sediment can reduce
habitat, excessively scour river channels and banks, and cause losses of coastal wetlands that depend upon
a steady sediment supply (Morang et al., 2013).
Toxicants
Ecosystems throughout the world have experienced low-level exposure to many different toxicants due to
human activities. Low-level exposure to toxicants may occur via air (e.g. tropospheric ozone), water (e.g.
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trace metals, methyl mercury, pharmaceuticals), soil or sediments (e.g. lead, polycyclic aromatic
hydrocarbons), or food (pesticides, microplastics, bioaccumulative toxics). Toxicants released to the air are
disseminated the longest distances and affect the most species.
Because biota experience toxicants in combination with other stressors (water stress, altered thermal
regime, habitat destruction, etc.), toxicant effects are often difficult to ascertain. Much evidence of the
adverse effects of low-level toxicant exposure on biodiversity is in the literature on point sources of trace
metals to aquatic habitats. We have known since the 1980’s that changes in community composition occur
at metal concentrations much lower than water quality criteria (Clements et al., 1988, 2000, 2013).
Restoration of streams contaminated by mine drainage is often unsuccessful because the sediments have
accumulated trace metals that continue low-level exposure sufficient to inhibit numerous bottom-dwelling
organisms (Clements et al., 2010a, b). Metal concentrations below the chronic toxicity values on which
water quality criteria are based can inhibit important ecosystem functions (e.g. photosynthesis) (Twiss et
al., 2004; Sunda, 2012). These effects of low-level exposure to toxicants are consistent with the
observations that abrupt changes in community composition (loss of sensitive species, loss of functional
groups, decreased abundance of some species and increases in others) occur at low levels of disturbance,
including low levels of pollutants (Fleeger et al., 2003; Dodds et al., 2010; King & Baker, 2010).
Atmospheric ozone occurs where emissions from fossil fuel combustion (energy utilities, industry, motor
vehicle exhaust) or biomass burning interact with vapors from solvents, gasoline or vegetation. Ozone
damages plant tissues, decreases plant primary production, and changes plant and insect communities
(Hillstrom & Lindroth 2008; Volk et al., 2006), but its effects on biodiversity remain poorly studied.
Major sources of atmospheric mercury include fossil fuel (primarily coal) combustion (the largest source),
artisanal gold mining, non-ferrous metal manufacturing, cement production, waste disposal, caustic soda
production, and emissions from soils, sediment, water, and biomass burning, including re-emissions from
past anthropogenic emissions (Pacnya et al., 2006; Pirrone et al., 2010). Legacy releases from commercial
products and contaminated sites contribute to re-emissions (Horowitz et al., 2014; Kocman et al., 2013). In
the vicinity of past or current mining, at higher latitudes, at mid latitudes with soft water ecosystems, or in
regions downwind of coal fired power plants, consumers of aquatic foods may suffer high exposure to
methyl mercury (Mahaffey & Mergler, 1998; Després et al., 2005; Fujimora et.al., 2012; Driscoll et al., 2007).
Methyl mercury is a potent neurotoxin, and it is particularly toxic to human and other vertebrate embryos.
The discovery and development of synthetic herbicides during World War II has increased crop yields,
enhanced crop quality, and reduced production and harvesting costs (Coupe et al., 2012). Possible health
effects from exposure to pesticides include cancer, reproductive or nervous- system disorders, and acute
toxicity. Recent studies suggest that some pesticides disrupt endocrine systems and affect reproduction by
interfering with natural hormones (García et al., 2017; Gilliom et al., 2006). The amounts, types, and use of
pesticides for agriculture change over time, but their worldwide use increases. Persistent organic
pollutants, like organochlorine pesticides, polycyclic aromatic hydrocarbons, polychlorinated biphenyl
compounds, polybrominated biphenyl ethers, and others, by being semi-volatile and resistant to
degradation, are transported in the atmosphere or ocean to remote places where they can bioaccumulate
and biomagnify in food webs (supplementary material: Box 4.18 and Box 4. 19). Being detectable in most
global ecosystems (Bartrons et al., 2016), persistent organic pollutants should always be considered in total
toxic burdens. Like methyl mercury, deposition from the atmosphere to water, soils, or sediment can be
greater at colder-latitude or montane ecosystems where temperatures are colder or precipitation greater
(Macdonald et al., 2000; Blackwell & Driscoll, 2015; Kirchner et al., 2009).
Agroecology is an alternative to conventional agriculture that builds on local knowledge and innovation,
which could complement other agricultural approaches to contribute to sustainable intensification on
farms. Organic agriculture comprises 0.8% of North American agriculture (Willer & Lernoud, 2016). In much
of Latin America, agricultural fields are still managed by small farmers, despite rapid increases in industrial
agriculture. Many of them practice diversified agriculture, using hand or animal power and zero or little
agricultural chemicals, preserving soils and biodiversity while supplying much of the food for their countries.
Networks like Campesino a Campesino (Farmer to Farmer) further Agroecology – the science of sustainable
agriculture - by promoting exchanges of traditional knowledge and experience among farmers. Perhaps the
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most famous example of small-scale farmer success is Cuba. Following the Soviet Union collapse in the
1990s and the USA embargo, food production in Cuba collapsed with the loss of imported fertilizers,
pesticides, tractors, parts, and petroleum. Cubans developed alternative methods of growing food.
Sustainable agriculture, organic farming, urban gardens, smaller farms, animal traction, and biological pest
control all became part of Cuban agriculture. They were so successful that from 1996 to 2005 Cuba
sustained a 4.2% growth in per capita food production. In southern Brazil in 2008 - 2009, conventional maize
farmers lost 50% of their crops in a severe drought, but farmers who followed agroecological systems lost
just 20% of their maize. In Honduras, soil conservation practices introduced via Campesino a Campesino
helped triple or quadruple the yields of hillside farmers. Many other examples of successful agroecology
exist (Altieri et al., 2012; Altieri & Funes-Monzote, 2012).

North America
Atlantic and Pacific Ocean waters are more acidic since 1991, except for the subpolar Pacific (Lauvset et al.,
2015; Ríos et al., 2015; Feeley et al., 2012). Arctic Ocean pH trends are not significant, but undersaturation
with calcium minerals, colder waters that absorb more carbon dioxide, and low-alkaline freshwater inputs
from rivers and melting sea ice, contribute to North American Arctic Ocean vulnerability to ocean
acidification, including the Pacific Arctic, home to one of the world’s largest commercial and subsistence
fisheries (Steiner et al., 2014; Mathis et al., 2015). Large areas off the USA Pacific coast are now acidic
enough to dissolve the shells of free-swimming snails (sea butterflies/pteropods), which are important in
ocean food webs (Bednaršek et al., 2016). Cod larvae are highly sensitive to ocean acidification (Frommel
et al., 2012).
In the USA ozone pollution from fossil fuel combustion increases human morbidity and mortality (Li et al.,
2016). Springtime ozone levels are increasing in North America, which may in part be attributable to Asia
(Cooper et al., 2010; Law, 2010). Emissions from motor vehicles and other fossil fuel combustion are large
contributors to atmospheric fine particulate matter (Lee et al., 2003). Particulate matter is associated with
premature mortality and lung cancer (Apte et al., 2015). In the USA increased infant mortality from
respiratory complications, increasing the odds of sudden infant death syndrome by 25% in some studies
(Woodruff et al., 1997; Son et al., 2017). Even where air meets USA standards, rates of low human
birthweights increase with increasing air particulate matter (Ebisu & Bell, 2012; Hao et al., 2016).
Regulations to reduce industrial and other particulate matter release to the atmosphere since the 1970s
improved life expectancies in the USA (Pope et al., 2009).
Since nitrogen fertilizer production from atmospheric nitrogen gas began with the Haber-Bosch process in
the early 1900s, inorganic nitrogen fertilizer use across the USA has increased (Erisman et al., 2008).
Agricultural fertilizers, nitrogen deposition and nitrogen-fixing crops dominate reactive nitrogen sources,
with limited areas driven by centralized sewage (point sources), manure application or urban run-off (Box
4.17). Ammonia emissions, mainly from fertilizer use, increased 9% in Canada from 1995-2000 (Schindler
et al., 2006). Where oil is extracted from oil sands in North American prairie grasslands, nitrogen oxides and
Sulfur emissions are increasing (McLinden et al., 2015). In the eastern USA, power plant upgrades through
Clean Air Act regulations since the 1970s reduced Sulfur and nitrogen oxides deposition (though ammonia
levels are increasing) (Li et al., 2015), reducing acidification of acid-sensitive lakes and rivers (Garmo et al.,
2014). Recently low natural gas prices caused USA power plants to use less coal, reducing emissions of
carbon dioxide (by ~23%), nitrogen oxides and sulfur dioxide (de Gouw et al., 2014). Natural gas is a potent
greenhouse gas, however; leaks during its extraction, transportation and storage must be minimized
(Howarth, 2014; Zimmerle et al., 2015).
Both nitrogen and sulfur atmospheric deposition can affect growth, species composition, biodiversity and
ecosystem function in temperate and boreal forests of North America (Pardo et al., 2011). Nitrogen
deposition’s clearest impact on species is to reduce lichen and mycorrhizal diversity. They respond quickly
to changes in nitrogen availability. Where soils lack minerals to neutralize acidic inputs, sulfur deposition
has acidified soils, decreasing tree growth and health, and acidified runoff to aquatic ecosystems, affecting
aquatic species. Atmospheric nitrogen and Sulfur deposition is also reducing diversity and increasing fire
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risk in some temperate grasslands and deserts of North America (Pardo et al., 2011), and it can alter
diversity and ecosystem function in wetlands and freshwater systems that are naturally low in nitrogen.
Nitrogen deposition may be responsible for declines in endangered species in some areas of the USA
(Hernández et al., 2016).
In the USA from 1992 to 2011, pesticide concentrations exceeded aquatic-life benchmarks in many rivers
and streams in agricultural, urban, and mixed-land use watersheds. The proportions of assessed streams
with one or more pesticides that exceeded an aquatic-life benchmark were very similar between the two
decades for agricultural (69% during 1992−2001 versus 61% during 2002−2011) and mixed-land-use
streams (45% versus 46%). Urban streams, in contrast, increased from 53% during 1992−2011 to 90% during
2002−2011, largely because of fipronil and dichlorvos. The potential for adverse effects on aquatic life is
likely greater than these results indicate, because potentially important pesticide compounds were not
assessed. Widespread trends in pesticide concentrations, some downward and some upward, occurred in
response to shifts in use patterns primarily driven by regulatory changes and new pesticide introductions
(Stone et al., 2014).
In the USA agricultural use of glyphosate [N-(phosphonomethyl)glycine] has increased from less than
10,000 to more than 70,000 metric tons per year from 1993 to 2006 (active ingredient), primarily due to
the introduction of genetically modified crops, particuallry corn and soybean, and is still increasing. In 2009,
glyphosate accounted for >80 percent of all herbicide use on more than 31 million hectares of soybean (by
weight of active ingredient). On 31.1 million hectares of corn, glyphosate accounted for about a third of
herbicide use (Coupe & Capel, 2016). Glyphosate is also used in homes, and along rights of way. Glyphosate
was considered more “environmentally benign” than herbicides it replaced because it has lower toxicity
and mobility or environmental persistence. However, results from >2,000 samples across the USA indicate
that glyphosate is more mobile and occurs more widely in the environment than was thought. Glyphosate
and aminomethylphosphonic acid (a glyphosate degradation product) were detected in surface water,
groundwater, rainfall, soil water, and soil, at concentrations from <0.1 to >100 micrograms per liter. Most
concentrations were below adverse effects criteria, however, the effects of chronic low-level exposures to
mixtures of pesticides are uncertain. Studies have attributed toxic effects to surfactants or other additives
to common glyphosate formulations.
New classes of pesticides have been developed and introduced and are now widely used, but have
documented environmental issues such as the persistent, systemic and neurotoxic neonicotinoids and
fipronil, introduced in the early 1990s. Insecticide use has been related to the disappearance of honey bees
and other insects and insect eating birds. Neonicotinoids and fipronil are found in nectar and pollen of
treated crops such as maize, oilseed rape and sunflower and also in flowers of wild plants growing in
farmland. They have also been detected at much higher concentrations in guttation drops exuded by many
crops (van Lexmond et al., 2015).
The Laurentian Great Lakes and Greenland illustrate aspects of persistent organic pollutants in North
America (Box 4.18 and Box 4.19). Persistent organic pollutants concentrations in air and fish samples in the
North American Great Lakes and in some Arctic Ocean biota have slowly declined in recent decades.
Polycyclic aromatic hydrocarbons decreases are from improved emissions controls (Carlson et al., 2010;
Venier & Hites, 2010). Since their ban, levels of polybrominated biphenyl ethers, used as fire retardants,
have declined in fish, bivalves and bird eggs in San Francisco Bay (Sutton et al., 2014). Persistent organic
pollutants persist, however, and new ones are emerging. Across North America, polychlorinated biphenyls
in air samples increase along a remote-rural-urban gradient. Lighter congeners are more common at higher
latitudes. Polychlorinated biphenyls loadings have not declined in the Canadian Arctic, as heavier
polychlorinated biphenyls are moving northwards more slowly. For polybrominated diphenyl ethers, and
other emerging persistent organic pollutants, few trends have emerged (Shen et al., 2006; Braune et al.,
2005; Macdonald et al., 2000).
In North America, fish mercury levels, even in remote places, are often unsafe for regular consumption by
humans and wildlife in North America (Driscoll et al., 2007). Decreased reproduction in common loons,
which are fish-eating birds, is correlated with female tissue mercury levels (Evers et al., 2008). In
contaminated areas where fish consumption is high, human populations are at risk (Mahaffey & Mergler,
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1998; Cole et al., 2004). Industrialization increased atmospheric mercury loads to remote northern lakes in
North America (Swain et al., 1992; Driscoll et al., 2007; Fitzgerald et al., 1998; Durnford et al., 2010).
Decreases in USA coal combustion, and environmental regulations, have reduced mercury loads to the
eastern and midwestern USA have decreased, reducing mercury levels in the environment and fish
(Engstrom & Swain, 1997; Evers et al., 2007; Munthe et al., 2007; Cross et al., 2015). However, the decrease
in atmospheric mercury deposition in the USA has slowed, particularly in the western and central USA,
which is attributed to mercury deposition from elsewhere, possibly China (Weiss-Penzias et al., 2015). In
Arctic North America, mercury levels in seabird eggs and feathers, marine mammals and lake sediments are
increasing (Braune et al., 2005). Emissions from Asia account for one-third of atmospheric mercury there
(Durnford et al., 2010). Total mercury emissions from China increased by about 3% per year from 1995 to
2003, mostly from increasing coal burning and non-ferrous metal smelting (Wu et al., 2006).
The mercury burden in the Arctic marine food web is now 92% from man-made sources (Dietz et al., 2009),
increasing an order-of-magnitude since the industrial revolution and accelerating in the 20th century. It
may now cause subtle neurological or other toxic effects in many fish-eating Arctic wildlife, including Arctic
toothed whales, polar bears, pilot whales, hooded seal, some bird species and landlocked Arctic char (Dietz
et al., 2009). The effects of multiple pollutants, including persistent organic pollutants and mercury, are a
concern among Arctic indigenous groups that frequently consume fish, marine mammals or sea bird eggs,
particularly where local persistent organic pollutants sources add to background atmospheric burdens
(Burger et al., 2007; Hardell et al., 2010; Hoover et al., 2012; Byrne et al., 2015). Lead contamination has
also reached the Arctic from coal combustion (McConnell & Edwards, 2008). Després et al. (2005) detected
correlations among tremor amplitude or other neuromotor effects and blood mercury or lead, in Inuit
children in Canada. Although fish consumption increases human blood lipids that reduce cardiovascular risk
and increase cognition, mercury exposure diminishes these advantages and increases cardiovascular
disease indicators (Virtanen et al., 2005; Oken et al., 2005; Guallar et al., 2002).
Pollution from past and ongoing coal mining, hard-rock mining, and metal-ore smelting, expose humans,
fish and wildlife to toxicants (e.g. toxic metals and selenium) across North America; thousands of mines are
abandoned, and bankrupcies of mining companies are common, leaving neither public nor private funds
available to to mitigate or restore these sites and allowing toxic releases and exposures to continue (Woody
et al., 2010; Palmer et al., 2010; Lewis et al., 2017; Gorokhovich et al., 2003; Clements et al., 2000; Maret
& MacCoy, 2002; Maret et al., 2003; Dudka & Adriano, 1997; Lovingood et al., 2004; Surber & Simonton,
2017; Hughes et al., 2016). Near past lead mining and smelting operations, ground-feeding songbirds are
exposed to lead at toxic concentrations (Beyer et al., 2013). The costs to contain pollution from hard rock
mining sites in the USA have spiraled upwards from tens of billions of dollars in 1993 (Lyon et al., 1993) to
$75 to $240 billion today (Hughes et al., 2016).

Mesoamerica
Basin-wide acidification is increasing in oceans surrounding Mesoamerica, with pH decreasing from 19912011 (Lauvset et al., 2015; Bates et al., 2014). If increases in atmospheric carbon dioxide continue, many
Pacific coral reef systems may no longer be viable (Feely et al., 2012). As for nitrogen deposition, studies in
Mesoamerica suggest it could affect tropical forest composition by increasing soil nitrate levels that could
then alter the competitive ability of nitrogen-fixing legumes or alter soil cation exchange capacity, making
nutrients like calcium or potassium scarcer (Sayer et al., 2012; Hietz et al., 2011).
There are no systematic studies of agricultural chemicals in the Mesoamerica, but it appears that pesticides
are frequently found in the environment. For example, glyphosate is the most commonly used pesticide in
Mexico, and it was detected in water from all 23 locations sampled in one study, including protected and
agricultural areas, and was higher during the dry season (up to 36.7 ug/L) (Ruiz-Toledo et al., 2014).
Pesticide use in Costa Rica more than quadrupled from 1977 to 2006, from approximately 2,650 metric tons
of active ingredient to 11,600. In a study from late 2005 to 2006, pesticides were measured invarious media
throughout Costa Rica (Shunthirasingham et al., 2011). Because of the variety of crops grown in Costa Rica
(coffee, bananas, rice, and sugar cane) many different pesticides are used and were detected in this
program, including some from fog and air samples in remote areas.
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In Mesoamerica, past rather than current use appears to drive organochlorine pesticides contamination. A
Costa Rican location with limited past organochlorine pesticides use has low air and soil organochlorine
pesticides levels (Daly et al., 2007; UNEP, 2009). Air and soil from four Mesoamerican sites had low
polychlorinated biphenyls and polybrominated diphenyl ethers levels (Shen et al., 2006), but in Mexican
communities where past agricultural and antimalarial DDT (dichlorodiphenyltrichloroethane) use was high,
human exposure to DDT components and dichlorodiphenyldichloroethylene is high. Children had
polychlorinated biphenyls in their blood. Risk assessments should consider multiple persistent organic
pollutants exposures. Metal mining concessions cover 28% of Mexico and 8% of Mexico’s protected land
(Armendariz-Villegas et al., 2015). Limited studies suggest that mercury levels are not elevated in sharks
and rays; freshwater and marine forage fish for migratory aquatic raptors; or Pacific coastal water and
sediment (Sandoval-Herrera et al., 2016; Gutierrez-Galindo et al., 2007; Elliot et al., 2015). Soils at former
mining sites in Mexico have high mercury levels. (Santos-Santos et al., 2006). Though mercury may be stable
in some soils (Gavilán-Garía et al., 2008), it is most toxic when methylated in wet environments, warranting
surveys of mercury contamination in nearby waters. Artisanal mining still releases mercury to aquatic
environments in Mesoamerica.

Caribbean
Worth almost $2 billion in 2003, the annual net benefit from Caribbean island coral reefs, excluding USA
reefs, was more than the GDP of some eastern Caribbean island nations. The difference between the
income they generate and their maintenance cost was almost $50 billion (Cesar et al., 2003). Forest cover
increases on Caribbean islands (section 4.4.1) should reduce sedimentation to coral reefs, but concurrent
urbanization could offset those benefits (Ramos-Scharron et al., 2015). Ocean acidification, pollution from
human sewage, other nutrient pollution sources, sedimentation and temperature increases all contribute
to Caribbean coral reef declines (Box 4.11). In addition, decreases in aragonite (calcium carbonate)
saturation levels across the region (Figure 4.8) (Gledhill et al., 2008) due to acidification damages coral reef
structure (Webster et al., 2013).
Few studies examine nutrient and sediment in Caribbean rivers and streams, but Puerto Rico provides an
example. Beginning in the 1800s, land clearing for agriculture and urban development increased sediment
and nutrient fluxes to coral reefs. A study examining sediment flux from different land uses (forest, pasture,
cropland, and urban) showed that the sediment flux was higher on disturbed land and depended on the
storm hydrograph, previous storms, location in the watershed, and underlying geology (Gellis, 2013).
Despite much reforestation since the mid-1940s, sediment transported to river valleys from previous
agriculture is still being transported through river systems. Nitrogen and phosphorous concentrations in
river waters are within regulatory limits but up to 10 times higer than estimated pre-settlement levels,
negatively affecting coral reefs, especially near shores. Nitrogen deposition in in Puerto Rico was associated
with more soil nitrates (Cusak et al., 2015). Other anthropogenic sources of nitrogen to Caribbean
ecosystems come from reforestation with molecular nitrogen-fixing trees, including exotic species (Erickson
et al., 2015).
Box 4.11. Regional flattening of Caribbean Sea coral reefs
All four subregions of the Americas border the Caribbean Sea. Caribbean coral reefs have undergone a
region-wide “flattening”, in which an objective measure of their structural complexity, their “rugosity”,
which is directly related to their species diversity (Newman et al., 2015) greatly decreased from 1969 to
2008 (Álvarez-Filip et al., 2009) (see Figure 4.7). Caribbean reefs are among the marine ecosystems most
impacted by humans (Halpern, 2009). Globally, Caribbean coral reefs have the most critically endangered
species as a proportion of total species (Carpenter et al., 2008). Models suggest that ocean acidification
and warming alone are enough to cause widespread coral mortality and reduced growth (Anthony et al.,
2011). Further, overfishing that reduces populations of the fish that graze sponges or algae can also
degrade Caribbean reefs (Anthony et al., 2011; Loh et al., 2015), and these same models suggest
overfishing of the fish that eat algae or elevated nutrient levels will lessen coral reef resilience to ocean
acidification or warming (Anthony et al., 2011). Caribbean coral reefs are subject to a variety of other
stressors that reduce reef resistance to acidification (Anthony et al., 2011; Woodridge & Done, 2009).
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Pollution sources include sedimentation, which represents a severe disturbance (Fabricius, 2005), and
nutrient-laden runoff including sewage. Reefs are exposed to elevated nitrogen from runoff and
discharges off the coast of Mexico when tourist numbers are higher (Sanchez et al., 2013). In
experiments, nitrogen enrichment decreases calcification rates including for at least two dominant reefbuilding Caribbean corals species, and likely contributes to coral overgrowth by algae (Marubini & Davies,
1996; Fabricius, 2005). Various diseases are also devastating Caribbean reefs (Sutherland et al., 2004;
Carpenter et al., 2008), including one that rapidly spreads and kills a primary reef building species in the
Caribbean, Elkhorn coral (Acropora palmata) and that is linked to human sewage (Patterson et al., 2002;
Sutherland et al., 2010).
Acidification in the greater Caribbean Sea is demonstrated by a clear long-term decrease in pH and an
increase in surface water dissolved carbon dioxide between 1996 and 2016 (see Bates et al., 2014; Astor
et al., 2013) and a strong decrease in aragonite (calcium carbonate) saturation levels across the region
(Figure 4.8) (Gledhill et al., 2008). Decreases in aragonite saturation due to acidification can inhibit
maintenance and recovery of coral reef structure (Webster et al., 2013), and for coral reefs to remain in
coastal Caribbean areas, they will have to recover from local- to large-scale physical and other
disturbances like those from hurricanes or coral bleaching (Goreau, 1992; Carpenter et al., 2008), both
of which can kill coral, and from ocean warming (Yee et al., 2008; Pandolfi et al., 2011), which leads to
bleaching. Increasing atmospheric carbon dioxide depresses metabolism, settlement and growth of
larvae of the important Caribbean reef-building species Porites astreoides (mustard hill coral) (Albright
& Langdon, 2011). Related Porites sp. of the Indo-Pacific show declining calcification rates over the past
16 years, and Cooper et al. (2008) attribute this change to ocean acidification. Experiments with other
Caribbean species, like the reef urchin (Echinometra viridis), also show impaired calcification of
Caribbean reef species (Courtney et al., 2013).
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Caribbean island cloud forests and biota can have high mercury levels (Townsend et al., 2013), suggesting
that global atmospheric mercury burdens are affecting them, given that these forests are cooler, wetter
and intercept fog. Caribbean cloud forest soils are often waterlogged (Silver et al., 1999), which could spur
mercury methylation. As in Mesoamerica, past use of legacy organochlorine pesticides is associated with
high concentrations in streams, coastal environments and biota. Past chlordecone use in Martinique and
Guadeloupe is associated with current concentrations in freshwater and coastal ecosystems (Coat et al.,
2006, 2011; Charlotte et al., 2016). Low-level chronic exposure of developing infants and infants to
chlordecone negatively impacts infant cognitive and motor developments in Guadeloupe (Dallaire et al.,
2012).

South America
Ocean acidification is increasing around South America; pH decreased from 1991-2011 in the southern and
equatorial Atlantic and Pacific Oceans and the subpolar southern Ocean (Lauvset et al., 2015). Southern
Ocean systems are highly vulnerable to ocean acidification. Colder waters hold more carbon dioxide and
dissolve more calcium carbonate. Species critical to the pelagic or benthic southern Ocean food web,
including Antarctic krill (Euphausia superba), some pteropods, and benthic marine invertebrates, could
collapse from ocean acidification alone, ignoring temperature changes (Kawaguchi et al., 2013; McNeil &
Matear, 2008; McClintoc et al., 2009). Experiments show that species from subtropical southern Pacific
Ocean waters are vulnerable to ocean acidification (Vargas et al., 2015). Upwelling, rainfall, tides and river
flows (Vargas et al., 2016; Manzello, 2010) affect seawater carbon dioxide levels, upwelling around the
Galapagos Islands, cause high carbon dioxide levels and low calcium carbonate, places its waters near the
distributional limits for coral reefs, making them particularly vulnerable to ocean acidification (Manzello,
2010).
The worldwide need for food and increased rainfall as led to agricultural expansion and change over recent
decades in South America. Rapid adoption of genetically modified crops has occurred, particularly
glyphosate tolerant soybean and corn and Bt-corn and cotton (De la Casa & Ovando, 2014; Brookes &
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Barfoot, 2011). Between 1996 and 2009, the area planted to soybeans in Argentina increased by 215%
(from 5.9 to 18.6 million hectares) (Lapola et al., 2014).
Agriculture has intensified over the same period, with one field producing two to three crops per year.
Water-quality degradation in Brazilian rivers is directly proportional to agricultural extent in watersheds
and riparian zones.
There are no systemic studies of agricultural chemicals in the South American environment, but given the
large use of glyphosate on genetically modified soybean it can be assumed that conditions are similar to
the USA where glyphosate can be found in every environmental compartment (Coupe et al., 2012; Battaglin
et al., 2014; Rios et al., 2010).
Total dissolved nitrogen yields in major South American rivers, including the Río de la Plata and Amazon,
are less than many major world rivers. Rivers with the highest total dissolved nitrogen yields in South
America pass through heavily populated areas - they lack of municipal and industrial treatment plants.
Rivers impacted by agriculture have lower total dissolved nitrogen yields. Water pollution in South America
is dominated by municipal and industrial sewage (Bustamente et al., 2015). In all countries of the Amazon
and Orinoco River basins, wetlands and major rivers show pollutant impacts on biodiversity (Crema et al.,
2011; Gomez-Salazar et al., 2012; Lopes & Piedade, 2014). Where Amazonian wetlands (forested
floodplains, marshes, wet meadows, peatlands, tidal wetlands, etc.) are densely populated, conversion to
agriculture, accompanied by fertilizer organic matter loads, cause super or even hypereutrophic areas in
the mid-lower course of the Amazonas River (Affonso et al., 2011). Increased nitrogen availability from
agriculture, mining, sewage pollution, shrimp farming and solid waste disposal threaten South American
mangroves (Lacerda et al., 2002; Castellanos-Gallindo et al., 2014; Rodríguez-Rodríguez et al., 2016)
(supplementary material: Box 4.20).
Petroleum drilling is increasing in the Amazon; repeated spills contaminate water, sediment and soils with
toxic hydrocarbons or metals (Frazer, 2016; Marínez et al., 2007) in many indigenous communities. This
income source is also a public health concern: childhood leukemia and spontaneous abortion are higher
among people living near oil drilling, and stream water exceeds allowable limits for petroleum
hydrocarbons (San Sebastián & Hurtig, 2004; San Sebastián et al., 2002). Despite such concerns, little
related research is available (Orta Martínez et al., 2007; Orta-Martínez & Finer, 2010), but water and
sediment near oil-related activities can be highly contaminated with polycyclic aromatic hydrocarbons and
mutagenic (Reátegui-Zirena et al., 2013), and drilling fluids have high toxic metal concentrations. Oil
exploration is a source of spills that affect wetlands (Lopes & Piedade, 2014). In general, metal-polycyclic
aromatic hydrocarbons mixtures have a more than additive toxicity effect on aquatic invertebrates
(Gauthier et al., 2014). Oil and dispersants are toxic to Amazonian fish (Pinto et al., 2013). As of 2008,
around180 concessions for oil exploration or extraction, involving ≥35 companies, cover much of the most
species-rich part of the Amazon (Finer et al., 2008), subjecting the area to pollution and opening it to
deforestation and hunting (Butt et al., 2013).
Amazonian countries are large and increasing sources of mercury emissions from artisanal gold mining
(Telmer & Veiga, 2009). Mining area correlates with gold prices (Swenson et al., 2011) (Figure 4.9). Although
some mercury leaches from soils (Fadini & Jardim, 2001), most mercury contamination is anthropogenic,
and seasonal flooding disperses it. Higher mercury concentrations occur downstream from mining sites in
fish, sediment and humans (Malm, 1998; Mol et al., 2001; Cordy et al., 2011; Fujimura et al., 2012). Its
adverse effects on vertebrate embryos and the human nervous system are well known (e.g. Passos &
Mergler, 2008).
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In South America also, higher legacy of persistent organic pollutants levels occur where past use was high.
In a Patagonian watershed of Argentina, river water, sediments and wetland soils had higher
polychlorinated biphenyls and organochlorine pesticides concentrations near agriculture, urban areas and
hydroelectric facilities (Miglioranza et al., 2013), and raptors may have high organochlorine pesticides levels
(Martínez-López et al., 2015). In coastal areas, a protected estuary receiving sediment from nearby urban
and industrial areas had high polychlorinated biphenyls concentrations (Pozo et al., 2013). Like the Arctic,
long-range transport of polychlorinated biphenyls is still increasing in remote mountain lakes in Chile (Pozo
et al., 2007).
In air samples from the Cauca valley of Colombia, higher persistent organic pollutants compared with other
places in Latin America are presumably associated with the extensive urban and agricultural areas (Álvarez
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et al. 2016). Sediment cores from the Santos estuary of Brazil show that polycyclic aromatic hydrocarbons
increased over time with development (Martins et al., 2011).

Climate Change
Nature of the driver, its recent status and trends, and what influences its intensity
Climate change is defined as “Any change of climate which is attributed directly or indirectly to human
activity that alters the composition of the global atmosphere greenhouse gases (carbon dioxide, methane,
methane and nitrous oxide) over comparable time periods.” (IPCC, 2013).
Earth’s climate, as well as the atmospheric greenhouse gases of its atmosphere, has changed throughout
its history. During the pre-industrial period, the ice core shows that the greenhouse gases concentration
stayed within well-defined natural limits with a maximum concentration of approximately 300 parts per
million, 800 parts per billion and 300 parts per billion for carbon dioxide, methane and nitrous oxide,
respectively, and a minimum concentration of approximately 180 parts per million, 350 parts per billion
and 200 parts per million.
The last report of the Intergovernmental Panel on Climate Change (IPCC) (IPCC, 2014a) indicates that
greenhouse gasses from anthropogenic sources have significantly increased since the pre-industrial era
because of economic and population growth. This has led to atmospheric concentrations of carbon dioxide,
methane and nitrous oxide that are unprecedented in at least the last 800,000 years. The IPCC reports that
this significant increase in greenhouse gasses has caused a warming of 0.85ºC on average globally (land and
ocean surface combined) over the period 1880 to 2012. The most recent report of the World Meteorological
Organization stated that the warming has now exceeded 1oC.
As shown in Figure 4.10, the economic sectors that contributes the most to greenhouse gasses are the
electricity and heat production sector, agriculture, forestry and other land use, the industry sector, and the
transport sector (emissions are converted into carbon dioxide-equivalents based on Global Warming
Potential (100) from the IPCC Second Assessment Report) (IPCC, WGIII, 2014).
The IPCC developed the representative concentration pathways (RCPs) as a way of projecting how factors
like population size, economic activity, lifestyle, energy use, land use patterns, technology and climate
policy, will have an impact in the concentration of atmospheric greenhouse gasses. There are four RCPs: a
stringent mitigation scenario (RCP2.6) (this scenario is based on the goal of maintaining global warming
below 2ºC above pre-industrial temperatures), two intermediate scenarios (RCP4.5 and RCP6.0) and one
scenario with very high greenhouse gasses emissions (RCP8.5) (IPCCC, 2014b).
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The IPCC (Stocker et al., 2013) reported that in all of these scenarios, except RCP2.6, global surface
temperature change for the end of the 21st century is likely to exceed 1.5 °C relative to 1850 to 1900.
Furthermore, under two scenarios (RCP6.0 and RCP8.5) it is likely that global surface temperature change
will exceed 2°C (the upper limit of the goal of the Paris Agreement), and more likely than not to exceed 2°C
for RCP4.5. (IPCC, 2013).
Mean surface temperatures for 2081-2100 relative to 1986-2005 is likely to increase in the following ranges
for each scenario: 0.3°C to 1.7°C (RCP2.6), 1.1°C to 2.6°C (RCP4.5), 1.4°C to 3.1°C (RCP6.0), 2.6°C to 4.8°C
(RCP8.5) (IPCC, 2013).
Moreover, it is very likely that heat waves will occur more often and last longer and that extreme
precipitation events, both floods and droughts, will become more intense and frequent in many regions
(IPCC, 2013).
The ocean will continue to warm. In the top hundred meters, ocean warming is expected to be about 0.6°C
(RCP2.6) to 2.0°C (RCP8.5), and about 0.3°C (RCP2.6) to 0.6°C (RCP8.5) at a depth of about 1,000 meters by
the end of the 21st century (IPCC, 2013).
Global mean sea level will continue to rise during the 21st century, with the rate of rise very likely exceeding
that observed during 1971 to 2010 due to increased ocean warming and increased loss of mass from glaciers
and ice sheets. Sea level rise for 2081–2100 relative to 1986–2005 will likely be in the ranges of 0.26 to 0.55
meters for RCP2.6, 0.32 to 0.63 meters for RCP4.5, 0.33 to 0.63 meters for RCP6.0, and 0.45 to 0.82 meters
for RCP8.5. For RCP8.5, the rise by the year 2100 is 0.52 to 0.98 meters, with a rate during 2081 to 2100 of
8 to 16 millimeters per year (IPCC, 2013).
Biodiversity is impacted significantly by climate change in a wide range of ways and scales (i.e. ecosystems,
species, genes). Scheffers et al. (2016) identified a set of 32 core terrestrial ecological processes and 31
each in marine and freshwater ecosystems that supports ecosystem functions and its capability in providing
benefits to people. From this set of 94 processes, the authors state that 82% show evidence of impact from
climate change like shifts in species ranges, changes in phenology and population dynamics, and disruptions
from the gene to the ecosystem scale (Scheffers et al., 2016) (Figure 4.11).
In order to illustrate the impact of climate change on biodiversity, the following is a summary based on the
findings of the last report of the IPCC on impacts, adaptation and vulnerability. In general, many terrestrial,
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freshwater, and marine species have shifted their geographic ranges, seasonal activities, migration
patterns, abundances, and species interactions in response to climate change (IPCC, 2014a).
Certain naturally occurring factors, like the El Niño Southern Oscillation, have the potential to exacerbate
the effects that climate change is already having in many parts of the Americas region. The El Niño Southern
Oscillation warming and cooling phases (i.e., El Niño and La Niña, respectively) are known to predictably
alter precipitation and temperature patterns both spatially and temporally throughout the region. Between
December and January, El Niño generally causes wetter conditions in southwestern portions of North
America (northwestern Mexico and southwestern USA), northwestern portions of South America
(Colombia, Ecuador, and Peru), drier conditions in the Amazon basin, and warmer conditions in
southeastern Brazil and the northeastern and northwestern portions of North America (NOAA, 2016).
Between June and August, El Niño can be associated with drier and warmer conditions in Central America,
wetter conditions in central Chile and the northwestern USA, and warmer conditions on the east and west
coasts of central South America (NOAA, 2016). Consequently, areas experiencing drier conditions as a result
of climate change, like the tropical dry forest in Central America (Fuentes-Franco et al., 2015), may
experience intensified conditions during El Niño years.

Extreme weather events, like coastal storms, can intensify the effects that climate change-related sea-level
rise is already having on many coastal areas. Specifically, coastal regions that exist in low-lying areas and
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are already experiencing inundation from sea-level rise are especially vulnerable to storm surge from
tropical cyclones (i.e. hurricanes, typhoons), which increases flooding and land subsidence (Yang et al.,
2014). Areas in the Americas region that are particularly susceptible to both sea-level rise and tropical
cyclones include coastlines and island nations/territories in the Caribbean Sea, Gulf of Mexico, north
Atlantic Ocean (along the southeastern coast of the USA), and northeast Pacific Ocean (along the western
coast of Mexico).
Terrestrial and freshwater ecosystems
Under all the RCP scenarios, the extinction risk of a large fraction of terrestrial and freshwater species by
climate change in the 21st century and beyond is increased by the interaction of other drivers of biodiversity
loss like pollution, habitat modification, over exploitation, and invasive species. These ecosystems will be
at risk of abrupt and irreversible regional-scale change in the composition, structure, and function under
medium- to high-emissions scenarios.
Climate changes exceeding those projected under RCP2.6 in high-altitude and high-latitude ecosystems will
lead to significant changes in species distributions and ecosystems function. The increase in water
temperature due to global warming will lead to shifts in freshwater species distributions.
For the second half of the 21st century, all the RCP scenarios indicate that the composition of communities
will change due to a change (decrease or increase) in abundance of some species, and that the seasonal
activity of many species will change differentially, causing the disruption of life cycles and interactions
between species. In addition, human health will be affected as a consequence of the change in the
distribution (in altitude and latitude) and/or abundance of certain organisms that are important disease
vectors (in fewer cases the capacity of vectors will be reduced) (IPCC, 2014b).
Climate change will reduce the populations, vigour, and viability of species with spatially restricted
populations (e.g. small and insulated habitats and mountaintops). Extinctions of endemic species could be
as high as 39-43% (i.e. >50,000 plant and vertebrate species) under worst case scenarios (Malcom et al.,
2005)
Marine ecosystems
As in terrestrial and freshwater species, some marine species will change their distribution due to the
projected warming of the planet, causing high-latitude invasions and local-extinction rates in the tropics
and semi-enclosed seas (Muhling et al., 2015; Liu et al., 2015). The economic dimension of these changes
is different across the world, where species richness and fisheries catch potential are projected to increase
(on average) at mid and high latitudes, contrary to what would happen in tropical latitudes.
For example, the IPCC (Field et al., 2014) states that in North America there is going to be a shift in
distribution of the northwest Atlantic fish species, changes in mussel beds along the west coast of the USA,
and a change in migration and survival of salmon in northeast Pacific. In South America, mangrove
degradation on the north coast will be impacted in a minor scale by climate change (pollution and land use
are the main drivers of change). In the polar regions, climate change will significantly impact Arctic nonmigratory species, the reproductive success of Arctic seabirds, populations (decrease) of southern ocean
seals and seabird populations, thickness of foraminiferal shells (reduction) in southern oceans due to ocean
acidification, and the density of krill (reduced) in the Scotia Sea.
Three main drivers related to climate change and emissions of carbon dioxide will have a negative impact
on coastal ecosystems: 1. Sea level rise, which is related to the capacity of animals (e.g. corals) and plants
(e.g. mangroves) to keep up with the vertical rise of the sea; 2. Ocean temperature, which has a direct
impact on species adjusted to specific and sometimes narrow temperature ranges (e.g. coral bleaching). As
a response to warmer temperatures, many marine species change their distributions towards the poles; 3.
Ocean acidity, caused by the absorption of carbon dioxide that produces carbonic acid. An increase of
acidity in seawater diminishes the ability of “calcifiers” (e.g. shellfish, corals) to produce carbonate to make
their shells and skeletons.
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The physical, chemical, and biological properties of the ocean will be altered by climate change, causing a
change in the physiological performance of marine biodiversity.
Shifts in populations, geographic distribution, migration patterns, and phenology of species caused by
climate change, have been and will be paralleled by a reduction in their maximum body size. Furthermore,
this has caused and will continue causing a change in the interaction between species (e.g. competition and
predator-prey dynamics).
Regional changes in the temperature of the atmosphere and the ocean will be accompanied by changes in
glacial extent, rainfall, river discharge, wind, ocean currents, and sea level, among many other
environmental parameters. There are large fluctuations in ocean conditions in each ocean basin, like the El
Niño Southern Oscillation, the North Atlantic Oscillation, and the Atlantic Multidecadal Oscillation, each
leading to major changes that have impacts on the coastal zone. There are, on the other hand, very large
differences in freshwater supply in different coastal locations, and processes in the watershed, including
the balance of different human activities, are different in all watersheds. All of these factors work together
in different ways to affect any one coastal habitat.

North America
Climate in the Arctic is harsh, characterized by cold winters and cool summers. Consequently, plant growth
is restricted to a relatively short growing season on the order of three months or less during the boreal
summer. The tundra biome is home to approximately 1,800 species of vascular plants and has less species
diversity than more temperate biomes (Callaghan et al., 2005) (see Chapter 3 for more details). Alpine
tundra can also occur at high elevations in mountain ranges of North America.
Global temperature increases during the twentieth century have been amplified in the Arctic, with mean
annual temperature increases approximately twice that of the global increase. For example, over the past
60 years, Alaska has warmed more than twice as rapidly as the rest of the USA, with state-wide average
annual air temperature increasing by 1.7 °C and average winter temperature by 3.4 ºC, with substantial
year-to-year and regional variability (Chapin et al., 2014). The overall warming has involved more extremely
hot days and fewer extremely cold days.
There is increasing evidence that physical and ecological changes are already occurring throughout the
tundra biome (Hinzman et al., 2005; McGuire et al., 2006), and includes increases in photosynthetic activity
(Bunn & Goetz, 2006) and an expansion of shrub tundra at the expense of graminoid tundra (Myers-smith
et al., 2011).
Average annual temperatures in the northern tundra region of Alaska are projected to rise by an additional
2.5 ºC to 5 ºC by the end of this century depending on fossil fuel emissions (Chapin et al., 2014). Annual
precipitation is projected to increase about 15% to 30% by late this century if global emissions continue to
increase (Chapin et al., 2014). However, increases in evaporation due to higher air temperatures and longer
growing seasons are expected to reduce water availability.
The changes in climate are projected to increase the area occupied by shrub tundra in northern Alaska by
2% to 21% by the end of this century, largely at the expense of graminoid tundra, which is projected to
decrease by 8% to 24% (Rupp et al., 2016). Treeline is projected to move slightly northward in some climate
scenarios (see Chapter 3 for more details). Climate change is also expected to have significant consequences
for the distribution and diversity of Alpine tundra ecosystems in mountain ranges of North America, as
tundra ecosystems may shift to higher elevations and lose biodiversity (Lesica, 2014).
Notably, the acceleration in ice sheet loss over the last 18 years was 21.9 ± 1 Gt/yr2 for Greenland (Rignot
et al., 2011). In July 2012, over 97% of the Greenland ice sheet experienced surface melt, the first
widespread melt during the era of satellite remote sensing. Since Arctic temperatures are expected to rise
with climate change, the authors’ results suggest that widespread melt events on the Greenland ice sheet
may begin to occur almost annually by the end of century (Keegana et al., 2014). Lenton (2011) included
the irreversible melt of the Greenland ice sheet as one of the eight candidates of human-induced climate
change tipping points. Biodiversity and ecosystem services of Greenland are highly vulnerable to
anthropogenic climate change (Larsen et al., 2014).
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Boreal forests and temperate forests: warming in the boreal forest area of Alaska has occurred throughout
the 20th century, with mean annual temperatures increasing between 0.5 and 3.0 ºC in regions south of 60
ºN (Price et al., 2013). Since 1900, annual precipitation amounts appear to have increased by 10% to 20%
throughout much of the boreal zone of Canada, although drought conditions have existed in western
Canada since 1995 (Price et al., 2013). In the temperate zone of North America, warming has also been
substantial (~0.9 ºC since 1895, Melillo et al., 2014). In recent decades, moisture availability has decreased
in the southeast and west, while the northeastern USA has experienced more extreme precipitation events
(Melillo et al., 2014). These changes in climate in recent decades have generally increased tree mortality of
both boreal and temperate forests through fire, insect infestations, drought, and disease outbreaks (Price
et al., 2013; Chapin et al., 2014; Joyce et al., 2014).
Annual mean temperatures across the Canadian and Alaska boreal zones are projected to be 4 to 5 ºC
warmer by 2100 (Price et al., 2013; Chapin et al., 2014). Although annual precipitation is projected to
increase in Canada and Alaska, increases in evaporation due to higher air temperatures and longer growing
seasons are expected to reduce water availability to these forests. In the temperate zone, another 1 to 2
ºC warming is expected by 2100, with continued reduced water availability in the southeast and western
USA (Melillo et al., 2014). Although climate envelope models for individual species suggest that these
changes could potentially result in substantial shifts in species ranges in response to climate change, they
generally do not account for limiting factors such as soil suitability, geographic barriers, and seed dispersal
distances, which all limit the rate at which new areas can be colonized (Price et al., 2013). The application
of models that do consider these limiting factors indicate that northward migration of boreal forest into
tundra regions will be very limited during the remainder of this century (Rupp et al., 2016). However, the
projected climate changes for North America are expected to increase the vulnerability of boreal and
temperate forest to increased mortality through fire, insect infestations, drought, and disease outbreaks,
particularly in areas where water availability is already a concern (Price et al., 2013; Chapin et al., 2014;
Joyce et al., 2014). For example, the analyses of Rupp et al. (2016) estimate that changes in the fire regime
will decrease late successional boreal conifer forest by 8% to 44% by the end of this century, with a
concomitant increase in early successional deciduous forest. In lowland forest areas of the boreal zone
underlain by ice-rich permafrost, forest mortality could increase because of subsidence and inundation
associated with permafrost thaw (Price et al., 2013). However, in both boreal and temperate forests with
well-drained soils and adequate water availability, it is expected that forest productivity may increase (Price
et al., 2013; Joyce et al., 2014).
Increasing temperatures and changes in the amount and timing of precipitation are expected to affect the
temperate grasslands of North America. However, despite potential increases in aridity, particularly during
summer, the fractional cover of green foliage may increase under future climate scenarios (Hufkens et al.,
2016). This increase is likely to occur from earlier spring green-up and later autumn senescence, which may
more than compensate for any reduction of fractional cover during hot, dry summers (Hufkens et al., 2016).
Many of the dryland regions of North America are experiencing changes in climate. The Great Basin,
Colorado Plateau, Mojave in the USA and Sonoran Desert in northwestern Mexico and the southwestern
USA have experienced a warming trend, particularly during winter and spring, and the freeze-free season
has lengthened (Weiss & Overpeck, 2005; Cook & Seager, 2013). These temperature changes have the
potential to shift vegetation types northward and eastward and upward in elevation (Weiss & Overpeck,
2005), having implications for the adjacent deserts (Notaro et al., 2012).
Wetlands in the Prairie Pothole region (freshwater marshes, wet meadows, etc.) are experiencing increased
temperatures and variability in precipitation, which may have implications for waterfowl and important
ecosystem services. Projected changes in temperature and precipitation of more than 1.5-2.0 °C may
diminish wetland function across the majority of the Prairie Pothole region (Johnson & Poiani, 2016).
Northern portions of the Everglades in South Florida are dominated by peatlands that depend on adequate
amounts of precipitation to balance the constant loss of water through evapotranspiration, but increased
periods of drought have the potential to cause large shifts in plant and animal communities (Nungesser et
al., 2015). In southern portions of the Everglades, plant communities are threatened by increased salinity
from sea level rise, which can create physiological drought and a shift from freshwater to saltwater-tolerant
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species (Nungesser et al., 2015). In the Florida region, models and field data indicate that mangrove forests
will continue to expand their latitudinal range as temperature and atmospheric carbon dioxide
concentrations increase (Alongi, 2015).
Average annual temperatures have increased by as much as 0.25°C per decade since the middle of the
twentieth century in some parts of the Great Lakes region of North America (Hayhoe et al., 2010). Those
temperature changes have advanced the timing of spring, lengthened the growing season (Robeson, 2002),
and produced low lake levels (Notaro et al., 2015a).
The frequency of heavy rainfall events has nearly doubled since the 1930’s (Angel & Huff, 1997; Kunkel et
al., 1999; Villarini et al., 2011) and is associated with hydrologic flooding in some areas of the midwest
(Peterson et al., 2013). Increased lake surface temperatures, frequent and intense cyclones, and reduced
ice cover have been associated with more occurrences of lake-effect snow (Burnett et al., 2003; Kunkel et
al., 2009), which can affect hydrologic systems and species that are sensitive to changing moisture regimes
(Davis et al., 2000; Burnett et al., 2003). Warming lake temperatures have been shown to generate low
oxygen conditions in deeper portions of the lakes and extreme precipitation and drought events may play
a role in harmful algae growth (Zhou et al., 2015), both affecting fish growth, reproduction, and survival
(Scavia et al., 2014). Additionally, warming lakes have been shown to alter the extent and duration of
temperature preferences for some commercially important fish species, potentially intensifying
competition and food-web interactions (Cline et al., 2013).
Ice cover in the Great Lakes is projected to continue declining and will eventually be restricted to the
northern lake shores in mid- to late winter (Notaro et al., 2015b). Enhanced evaporation from lack of ice
cover will increase lake-effect precipitation, but it will consist primarily of rain due to increasing
temperatures (Notaro et al., 2015b). However, because both precipitation and evaporation over lakes is
expected to increase, the influence on lake levels is still unclear (Angel & Kunkel, 2010; Notaro et al., 2015a).
The pelagic ocean is presenting changes in major wind patterns, ocean currents, temperature, and pH (e.g.
Bates et al., 2014; Muller-Karger et al., 2015). For example, it is expected that the north Atlantic Ocean will
continue the warming trend that has been observed there over the past decade (Liu et al., 2015, 2016).
These changes are expected to have an impact on suitable habitat of a number of valuable fish and affect
fisheries that depend on them (Kerr et al., 2009; Hare et al. 2010, Lenoir et al., 2011; Muhling et al., 2015,
2017). Warming off the Alaska coast since the late 1970s triggered a decline in forage species (e.g. shrimp
and capelin) and an increase in high-trophic level groundfish (Anderson & Piatt, 1999). This community
reorganization negatively affected seabirds, marine mammals, and other species that depend on forage
species (Anderson & Piatt, 1999). A warm-water anomaly (i.e. “the blob”) was detected off the Alaska coast
during the winter of 2013-2014, with near-surface temperatures 2.5°C greater than normal that eventually
stretched south to Baha, California (Bond et al., 2015; Cavole et al., 2016). The cause of the anomaly is
believed to be the result of reduced heat exchange between the ocean and the atmosphere and weak
horizontal advection in the upper ocean, which may have been triggered by a much higher than normal sea
level pressure (Bond et al., 2015). The anomaly negatively affected commercially-important fisheries,
including tuna, and was responsible for marine mammal and seabird strandings (Cavole et al., 2016).

Mesoamerica
Precipitation is projected to decline during the wet season throughout the region and mountainous areas
in Costa Rica and Panama, which generally receive a large amount of orographic moisture, will see a decline
in precipitation (Karmalkar et al., 2011). Differential warming of the Pacific and Atlantic sea surface
temperatures, which causes a stronger Caribbean low level jet, will lead to drier conditions in Mexico and
Central America (as much as 50% drier) during summer (Fuentes-Franco et al., 2015) and has the potential
to lead to water stress in many regions. Additionally, severe and extended dry seasons are likely to lead to
forest species turnover and loss of many tree species (Condit, 1998). However, Prieto-Torres et al. (2015)
found that while tropical dry forests are projected to decline in many areas of Mexico, they may increase
in other areas by moving upward in elevation.
Changes in temperature and precipitation have the potential to affect the climate-sensitive cloud forests of
Mesoamerica by causing biodiversity loss and shifts from the unique ecosystems to lower-altitude
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vegetation types (Foster, 2001). Additionally, climate changes may result in changes in cloud formations,
which are already being observed in certain parts of Costa Rica (Foster, 2001). Although sea evaporation is
likely to increase with increasing sea surface temperatures, pumping more water into the atmosphere,
cloud formation is expected to increase in height, which will alter the relative humidity and amount of
sunlight the forests are exposed to (Foster, 2001). The total area of cloud forests in Mexico is expected to
decline by as much as 70% by 2080 (Ponce-Reyes et al., 2013). However, models suggest that minimizing
land-use change and developing protected areas in remaining cloud forests may promote dispersal and
allow some species to persist despite changes to climate (Ponce-Reyes et al., 2013). In addition, protected
areas can have other benefits, such as the ability to capture and reduce carbon dioxide emissions into the
atmosphere (Uribe, 2015).
The Mesoamerican tropical dry forests are experiencing increased warming (Aguilar et al., 2005, Karmalkar
et al., 2011). Between 1961 and 2003, the percentage of warm minimum and maximum temperatures have
increased by 1.7% and 2.5% per decade, respectively, whereas the percentage of cool minimum and
maximum temperatures have decreased by 2.4% and 2.2% per decade, respectively (Aguilar et al., 2005).
Most of the precipitation in the tropical dry forests occurs during the summer (Fuentes-Franco et al., 2015)
and is likely an important factor in the distribution of tropical tree species richness (Somers et al., 2015).
Although no trend in the amount of precipitation has been observed, the intensity of rainfall events has
increased over the last 40 years (Aguilar et al., 2005).
Karmalkar et al. (2011) projected that warming in the region will vary both spatially and temporally, with
higher temperatures in the Yucatan Peninsula and during the wet season. Increased temperatures in the
tropical dry forest has implications for carbon sequestration, as carbon uptake is likely to decline
substantially under warming conditions (Dai et al., 2015). Additionally, because understory microsite
variability is low in some portions of the tropical dry forests, future warming could have serious implications
for neotropical birds (Pollock et al., 2015). A temperature increase >3°C has the potential to cause a 15%
decline in potential species richness (Golicher et al., 2012) (see Chapter 3 for more details).
Most wetlands in Mexico are found along the Gulf of Mexico or Pacific Ocean (Mitsch & Hernandez, 2013).
Similarly, mangrove swamps are common on both coastlines in Central America (Mitsch & Hernandez,
2013). Consequently, sea level rise is by far one of the largest concerns with regards to climate change
impacts on wetland resources in those regions (Mitsch & Hernandez, 2013). The effects of sea level rise on
mangrove ecosystems, for example, could have implications for fish, mollusks, and aquatic mammals
(Botero, 2015). However, feedbacks between plant growth and geomorphology may allow for wetlands to
maintain stability and resist the negative impacts of sea level rise. This resiliency likely depends on human
interference, such as groundwater withdrawal or artificial drainage of wetland soils, which can lead to more
rapid subsidence (Kirwan & Megonigal, 2013). Additionally, the construction of dams and reservoirs may
prevent sediments needed for wetland building from reaching coastal areas, which can minimize the
likelihood for wetland sustainability under sea level rise (Kirwan & Megonigal, 2013).

Caribbean
Most insular ecosystems in the Caribbean Sea have experienced a warming trend in recent decades, with
increases in both daily minimum and maximum temperatures (Karmalkar et al., 2013). However, those
trends vary by region as Puerto Rico has experienced an increase in daily minimum temperatures, but a
decrease in daily maximum temperatures (Van Beusekom et al., 2015).
Ecosystems found in Caribbean regions may be particularly vulnerable to rising sea levels; Bellard et al.
(2014) projected that 63 out of 723 Caribbean islands would be completely submerged with 1 m of sealevel rise and 356 islands submerged with 6 meters of sea-level rise, which may have implications for
hundreds of endemic species inhabiting the islands. Additionally, tropical cyclones are expected to increase
in intensity (as well as frequency of intense storms) as a result of climate change (Michener et al., 1997;
Reyer et al., 2015). Some regions of the Caribbean may receive a large proportion of their annual rainfall
from hurricanes (Scatena & Larsen, 1991), which may be important given droughts increased between 1950
and 2010 (Dai, 2012). The frequency of droughts is also expected to increase in the future (Reyer et al.,
2015). Karmalkar et al. (2013) estimated that precipitation is likely to decline by 5.7% to 24.6% (depending
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on the model) between the years of 2080 and 2089 compared with 1970 and 1989. Reduced preciptitation,
along with warmer temperatures, have the potential increase evapotranspiration and drought risk (Reyer
et al., 2015).
The region’s forests and terrestrial biodiversity are also threatened by climate change (see Chapter 3 for
details). While hurricanes are part of the Caribbean’s “normal” environment and ecosystems have adapted
to them, the repeated and compounding impacts of frequent extreme weather events has been shown to
reduce their ability for recovery. The flash floods and mudslides that caused the many fatalities during the
devastating 2008 hurricane season in Haiti, would probably not have been so severe had the mountains not
been deforested. Protecting forests and improving their resilience will be an important adaptation strategy
both for the conservation of biodiversity and for the future wellbeing of Caribbean communities (Day,
2009).
Warming of coastal areas has had marked impacts on the population, diversity, and health of coral reef
resources in the Caribbean Sea and Gulf of Mexico (Eakin et al., 2010; Vega-Rodriguez et al., 2015; van
Hooidonk et al., 2015). Increased water temperatures have the potential to affect fisheries in Caribbean
countries. Cheung et al. (2010) estimated that catch potential off Caribbean coasts may decrease as much
as 5% to 50% between 2050 (2°C of warming) and 2100 (4°C of warming).
The global net value of the coral reefs of the Caribbean Sea services related with fishery, coastal protection,
tourism, and biodiversity, were estimated $29,800 million per year. Currently two thirds of the Caribbean
coral reefs are impacted detrimentally by human activities, including climate change, (GEO 4, UNEP, 2007).
Mass coral bleaching events have also become more frequent and more severe in recent years as a result
of increasing sea surface temperatures and aragonite saturation, in particular the widespread and
catastrophic bleaching event of 2005 in the Caribbean. This is presenting a new challenge to islands
dependent on reefs for fisheries, dive tourism and coastal protection (Day, 2009). By 2050, with 1.5°C to
2°C, there is 20-40% to 60-80% probability, respectively, that coral reefs in the Caribbean and western
Atlantic will undergo yearly bleaching events (Meissner et al., 2012). Nearly all coral reefs are expected to
undergo severe bleaching by 2100, with exception to areas with upwellings (Meissner et al., 2012).
The IPCC (2014) considers the small island states, like those of the Caribbean, to be among the most
vulnerable to the projected impacts of climate change, like rising sea levels, intensifying storms, mass coral
bleaching events, ocean acidification, and potential water and food shortages.

South America
Although the Amazon basin has experienced periodic warming and cooling since the 1900s, which may be
associated with the Pacific Decadal Oscillation (Malhi & Wright, 2004; Gloor et al., 2015), annual mean
temperature has steadily increased since the 1970s (Victoria et al., 1998, Malhi & Wright, 2004; Vincent et
al., 2005) and is more intense during the dry season than the wet season (Gloor et al., 2015). Trends in longterm precipitation patterns and their link to climate change (as opposed to Pacific Decadal Oscillation and
El Niño Southern Oscillation) are less clear (Marengo, 2004; Satyamurty et al., 2010). However, Gloor et al.
(2015) showed that although annual net rainfall has increased in the area, the amount of rainfall during the
dry season has decreased since the 1970s. Those trends are concerning given that droughts in the tropical
forests have been associated with reduced vegetation growth and browning (de Moura et al., 2015), slow
canopy recovery times (Saatchi et al., 2013), reduced above ground live biomass (Saatchi et al., 2013), and
accelerated tree mortality over large areas (Phillips et al., 2009). During the wet season, the frequency of
heavy rainfall events and severity of Amazon flood pulses has increased (Donat et al., 2013; Gloor et al.,
2015), potentially affecting the ecology of floodplain and swamp forests in the Amazon basin.
Climate projections suggest that both temperature and precipitation trends are likely to continue, with a
substantial lengthening of the dry season by the end of the twenty-first century (Boisier et al., 2015). Those
conditions have the potential to prevent the tropical forest distribution from moving upslope (staying
restricted to wet areas) and persisting along ecotones, and could eventually cause it to convert to savannahtype vegetation in eastern portions of the basin (Olivares et al., 2015). Additionally, species richness and
plant productivity are likely to decline, altering the Amazon basin from a carbon sink to a source (Olivares
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et al., 2015). Finally, the severity of wet-season flood pulses is projected to increase and may have
implications for movement and reproduction of many Amazon River-associated species (Zulkafli et al.,
2016).
There is no climatic assessment devoted exclusively to the Amazonian wetlands. However, the IPCC
Regional Assessment for Central and South America (Magrin et al., 2014) covers the entire distribution of
this environment. Based exclusively on this assessment in the northern part of South America, some
inferences can be drawn in regard of these wetlands. The trends are:
•

Temperatures: In general terms, with the exception of interior Venezuela, 30% to 50% increase in
temperature is expected in northern South America, representing +5°C to +7°C. And for the period
of 2071 to 2100 another increase from +4°C to +5°C is expected (Marengo et al., 2012). This
problem is exacerbated in urban environments, even in small island developing states (MendezLazaro et al., 2017).

•

Precipitation: In general, an increase from 30% to 50% in precipitation is expected in northern South
America. However, while a decrease of 20% to 30% in rainfall in central and eastern Amazonia, is
expected, an increase from 10% to 30% in rainfall in western Amazonia is expected (Giorgi &
Diffenbaugh, 2008; Mendes & Marengo, 2010; Sorensson et al., 2010; Marengo et al., 2012). This
increase in rainfall for western Amazonia will be observed both in summer and winter. This, in turn,
will deeply affect flooding patterns in wetlands in northern and western Amazonia. Effects of
precipitation on current flows, rivers discharge and potential flooding was observed for most of the
large rivers (Dai et al., 2009; Dai et al., 2004)

•

Sea level: In coastal areas an increase in sea level is expected, with increase in flood probabilities
(>40%). Impacts of flooding can be costly and coastal communities should evaluate possible
solutions to cope with this problem (Marengo et al., 2017). Extreme events: Longer dry periods, or
consecutive dry days, are expected for the region, with an increase of up to 8% (or 5 more dry days).
Heavier precipitation in northern and western Amazonia (from 1 to 10mm) is also expected.

All impact analysis available indicates that these extreme events and the trends of climate change in
Amazonian wetlands and rivers will be very strong (Marengo & Espinoza, 2016). Extreme events will be
more frequent and more intense, and floods and droughts will impact both natural and human systems in
the region. Although with a large range of uncertainty, wetlands in the northern and western Amazonia
may experience more frequent floods, while wetlands in eastern Amazonia might be under more intense
and severe droughts. These effects might cause great changes on the biota of all wetlands affected. Intense
floods can bring losses in crops (inundation of small farms and gardens), in local and regional fisheries, and
even in human lives. Intense droughts are associated with fire incidence, and additional aerosol emissions,
public health problems, and other losses in agriculture and fisheries (Marengo & Espinoza, 2016).
Most areas in the Andes Mountains have experienced a warming trend (Vuille et al., 2015), particularly
during winter (Barros et al., 2015). Magrin et al. (2014; and references therein) showed that temperatures
have increased by 0.1°C to 0.6°C per decade across different regions of the Andes since the 1950s and
1960s. The warming conditions have caused many of the Andean glaciers to retreat, creating a loss of
important water reserves (Barros et al., 2015). Additionally, snow is melting earlier in the spring and has
affected the timing of maximum stream flows, which are peaking as much as a month earlier in recent years
than when compared to the early twentieth century (Barros et al., 2015). Reduced river flows in Argentina
have suggested a decrease in precipitation (Barros et al., 2015), but the precipitation trends are less clear
in other regions of the Andes Mountains (Marengo et al., 2009). Vuille et al. (2003) found that precipitation
was greater north of approximately 11°S, whereas stations found south of that mark showed decreasing
precipitation between 1959 and 1994.
Projected temperatures suggest increases of 2.0-3.5°C by the end of the 21st century, which has the
potential to cause glaciers to retreat substantially or disappear altogether (Barros et al., 2015).
Precipitation is most likely going to increase between the latitudes of 5°N and 20°S, particularly in northern
Peru where precipitation could increase as much as 70% (Marengo et al., 2011). However, precipitation is
most likely going to decrease (as much as 10%) in the subtropical Andes south to Patagonia and on the
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altiplano (Marengo et al., 2011). Additionally, Andes snowfall will be less common in the mountains of
Argentina and melt earlier in the spring, affecting the amount of water available for summer irrigation
(Barros et al., 2015). Important tropical Andes ecosystems, like páramos, punas, and evergreen montane
forests, are projected to undergo a large amount of species turnover or loss of species richness (RamirezVillegas et al., 2014). The páramo grasslands, glaciers, and cryoturbated areas, which are found at the
highest elevations, may be at greatest risk (Tovar et al., 2013). Species found in the cloud forests of the
Andes may be at risk of extinction due to observed upward shifts in ecotones, which could serve as barriers
to species migration (Lutz et al., 2013) (see Chapter 3 for more details).
The Brazilian Cerrado, a large area of tropical dry forest, savanna, and grasslands found on the Brazilian
Central Plateau, has been trending warmer, with an annual maximum temperature increase of 0.79°C
between 1980 and 2004 (Santos, 2014). Additionally, the number of days with temperatures >25°C
increased at a rate of 4.4 days per year during that same time period (Santos, 2014). Precipitation trends
are less clear, with the exception of the number of days with heavy precipitation (>10mm), which showed
a decrease of 0.43 days per year between 1980 and 2004 (Santos 2014). Projected temperature increases
may increase as much as 2.5°C to 5.5°C over tropical and subtropical latitudes and precipitation is expected
to decrease during most seasons (with exception to winter) by the end of the 21st century (Cabré et al.,
2016). This warming trend along with reduced precipitation (Marengo et al., 2009) could have implications
for fire activity. Fire is an important factor in the grassland regions of the Cerrado, and has increased in
frequency since European settlement (Pivello, 2011). Although fire is often anthropogenic in nature, it can
occur naturally through lightning strikes and is particularly destructive in areas where fire is actively
suppressed, having important implications for biodiversity (Pivello, 2011). For example, small mammal
communities, which play important roles in a variety of ecosystem processes (e.g. plant composition, soil
structure; Sieg, 1987), have shown to be sensitive to severe fires, particularly in the savanna woodland
regions of the Cerrado (“Cerradão”; Mendonca et al., 2015). Although sustainable use of fire is appropriate
in the Cerrado, careful management is needed to avoid land degradation and loss of biological diversity and
ecosystem processes (Pivello, 2011).
Many tropical grasslands have been targeted for reforestation to help offset carbon dioxide emissions.
However, not all grassland regions are the result of deforestation and converting them to plantations has
the potential to cause substantial losses in biodiversity (Bond, 2016).
Temperature are expected to increase in the Río de la Plata grasslands, particularly during spring (Cabré et
al., 2016). Although precipitation in many areas of the region has been linked with El Niño Southern
Oscillation (Ropelewski & Halpert, 1987), trends suggest that rainfall has increased in Uruguay, Paraguay,
northern Argentina, and southern Brazil between 1960 and 2000 (Haylock et al., 2006). However, Haylock
et al. (2006) found that those precipitation trends closely align with a trend towards a more negative
southern oscillation index, suggesting that more frequent El Niño Southern Oscillation-like events are
responsible for recent changes in precipitation. Rainfall is expected to increase in southern Brazil,
particularly in summer and fall, and will decrease during winter and spring (Cabré et al., 2016). Precipitation
is associated with net primary productivity in some areas of the Río de la Plata region, particularly in native
forests and afforested areas, but other land use activities can interact with climate factors and cause carbon
storage to decline (Texeira et al., 2015). An increase in precipitation may cause flooding, erosion, and
increased nutrient runoff, which can affect biological communities in pampean rivers and streams by
increasing the number of species that better tolerate turbid and enriched environments (Capitulo et al.,
2010).
Climate change is likely to have a substantial impact on mangrove ecosystems (Ellison, 2015), through
processes including sea level rise, changing ocean currents, increased storminess, increased temperature,
changes in precipitation, and increased carbon dioxide. Exposure to disturbances induces dynamism on
annual and decadal scales that is reflected in changes in the populations, biomass, and spatial distribution
of the mangrove ecosystem (Schaeffer-Novelli et al., 2016). Sea level rise is likely to influence mangroves in
all regions, although local impacts are likely to be more varied. Mangroves are likely to be less affected by
sea level rise in areas with high sediment availability, uplifting or stable coasts, high productivity, and large
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tidal ranges (Ward et al., 2016), as well as along wet tropical coasts and/or in areas adjacent to significant
river input (Alongi, 2008), like the Amazon estuary and Parnaiba delta.
These factors combined with increased temperatures at the latitudinal extremes of mangrove distribution,
a predicted increase in the strength and frequency of El Niño events that lead to below normal rainfall and
a decrease in extreme precipitation events in most of tropical South America, and a resultant decrease in
the cooling and drying influence of the Humboldt Current in western South America, could provide an
increase in the distribution of mangroves within South America. However, in semiarid regions of South
America, where mangroves typically occur in estuaries, and irrigation and damming are more prevalent,
mangroves are likely to suffer from increases in salt-stress and resultant decreases in productivity combined
with decreases in sediment input (Ward et al., 2016).
Climate change mitigation and adaptation strategies
Because of the substantial increase of atmospheric greenhouse gases in recent decades, it is important to
identify actions that may reduce emissions through mitigation efforts. Many mitigation policies have
already been implemented in the Americas region. For example, although no national climate legislation
exists, a variety of policies and measures that lower emissions have been implemented at multiple
governmental levels in the USA (U.S. National Climate Assessment, 2014). Additionally, developing
countries, like Brazil, are also making strides with regards to mitigation, pledging to reduce greenhouse gas
emissions by as much as 40% below 2005 levels by 2030 (Brazil Intended Nationally Determined
Contribution, 2015). Some communities are taking the important step of talking about possible impacts of
sea level rise, for example (Marengo et al., 2017). However, because climate change is a global issue, it is
important that countries work collaboratively to develop emission reduction strategies as opposed to each
country approaching the problem independently (IPCC, 2014a).
Mitigation can also refer to enhancing the capacity for carbon storage in regions that may be able to remove
greenhouse gases from the atmosphere (IPCC, 2014a). Both oceans and vegetated regions have the
potential to serve as carbon dioxide sinks, and improving our understanding of the various physical and
biological processes that can increase carbon uptake will assist with developing better estimates of
potential carbon offsets. For example, it is well known that vegetated coastal regions (e.g. salt marshes,
mangroves) can be important regions for carbon sequestration, but recent work has indicated that
microalgae may also sequester substantial amounts of carbon and is able to deliver it to sediments and the
deep sea for long-term storage (Krause-Jensen & Duarte, 2016). Similarly, calculating more accurate carbon
offsets in forests requires consideration of both the ability to regulate greenhouse gases, as well as
regulation of water and energy (Anderson-Taixeira et al., 2012).
Although mitigation is critical for reducing greenhouse gas emissions, the IPCC has warned that projected
climate change is expected to affect human and natural systems despite the scale of mitigation policies that
are adopted in the next few years (IPCC, 2007). Therefore, developing and implementing effective
adaptation strategies will be needed to minimize those potential climate change impacts (IPCC, 2007).
Adaptation planning is occurring in both the public and private sectors throughout many regions of the
Americas. For example, many municipalities in North America are considering incremental changes to their
planning efforts as a result of climate change and some regions in Central and South America are
considering ecosystem-based approaches, such as developing protected areas (IPCC, 2014a). Despite
increased recognition of the importance of adaptation planning in response to climate change, few
measures have actually been implemented on the ground (IPCC, 2014a). Barriers to implementation include
limited funding, policy and legal impediments, and difficulty in anticipating climate related changes at local
scales (U.S. National Climate Assessment, 2014).
The majority of adaptation planning is focused on risk and water management and the importance of
ecosystem-based adaptation is only recently being recognized (IPCC, 2014a). Vignola et al. (2009) found
that developing countries, in particular, depend heavily on ecosystem services and it is critical that they be
mainstreamed into national and international adaptation policies. Additionally, those authors suggested
that adaptation needs to be more closely linked with mitigation to ensure certain mitigation policies are
less likely to have negative impacts on the well-being of certain communities (Vignola et al., 2009). Ongoing
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monitoring is therefore crucial to develop a better understanding of, and adaptation to future changes. This
will also allow for more effective incorporation of ecosystems into spatial planning, including disaster risk
reduction strategies (UNEP, 2014). Indigenous and local knowledge also contribute to climate change
mitigation and adaptation as presented in Box 4.12.
Box 4.12. Indigenous and traditional knowledge on climate change
The Millennium Ecosystems Assessment (2005) considers the traditional knowledge, or practitioners’
knowledge held by local resource managers, can be of equal or greater value for ecosystem
management, not only the formal scientific information.
For North America, the government agencies incorporated the indigenous communities into established
initiatives to develop no-regrets and co-benefits climate change adaptation strategies. Rural and
indigenous community members possess valuable local and experiential knowledge regarding NCP
(Romero-Lankao, 2014).
For the Caribbean islands, the preservation of the traditional knowledge of biodiversity is crucial to the
sustainable use of NCP. The loss of such traditional knowledge, for example that related to medicine
plants and agriculture, has had a direct negative effect on biodiversity and on the degradation of
ecosystems (Suárez et al., 2008). There is continuing strong support for the incorporation of indigenous
knowledge into adaptation planning on small islands (Nurse et al., 2014).
There is a growing acknowledgement that indigenous and traditional knowledge has the potential to
bring solutions to face the rapidly changing climate and that land ownership and authority of indigenous
groups can help better manage many natural areas and reduce deforestation of the Central and South
American region. Linking indigenous knowledge with scientific knowledge is crucial for the adaptation
process, currently there is limited scientific literature discussing that subject (Magrin et al., 2014). The
concept of “mother earth” (madre tierra in Spanish) as a living system has emerged in different forms in
recent years, as a key sacred entity on the view of indigenous nations and as a system that may be
affected by and also resilient to climate change.
Climate change is a central element of the Aichi targets of the CBD Strategic Plan for 2011-2020 (Box 4.13).
Box 4.13. Climate change and the Aichi targets of the CBD Strategic Plan for 2011-2020
The CBD recognizes the urgency of addressing climate change in order to halt the rate of biodiversity
loss, and this is reflected in its Strategic Plan for 2011-2020. Because of the broad impact of climate
change, this driver is covered and/or impacted indirectly by many of the Aichi targets of the Plan, in
targets like number 5 on the half of natural habitats rate loss, number 11 on terrestrial and coastal and
marine areas protection and number 14 on the restoration and protection of ecosystem services, to
mention a few. The achievement of these targets will help to mitigate and adapt to climate change, both
from an anthropocentric and biodiversity perspective.
Nevertheless, targets 10 and 15 refers directly to climate change.
Aichi target 10: By 2015, the multiple anthropogenic pressures on coral reefs, and other vulnerable
ecosystems impacted by climate change or ocean acidification are minimized, so as to maintain their
integrity and functioning. The aim of the target is to reduce the impact of other drivers (like the ones
covered in this chapter) on vulnerable ecosystems in order to make them more resilient to the
unavoidable effects of climate change. This target has a link with target 12 on the conservation of
endangered species and target 15 on ecosystems resilience and carbon stocks1.
Aichi target 15: By 2020, ecosystem resilience and the contribution of biodiversity to carbon stocks have
been enhanced, through conservation and restoration, including restoration of at least 15 per cent of
degraded ecosystems, thereby contributing to climate change mitigation and adaptation and to
combating desertification. Carbon sequestration refers in this target to the carbon taken and stored in
biomass and soils of ecosystems like tropical forests, mangroves, wetlands, peatlands and seagrass beds.
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Therefore, a key mitigation strategy is to recover these ecosystems that have been degraded, damaged
or destroyed2.
CBD. Quick guide to the Aichi Biodiversity Targets, pressures on vulnerable ecosystems reduced.
Available at: https://www.cbd.int/doc/strategic-plan/targets/T10-quick-guide-en.pdf Accessed on
11/16/2016.
1

CBD. Quick guide to the Aichi Biodiversity Targets, ecosystems restored and resilience enhanced.
Available at: https://www.cbd.int/doc/strategic-plan/targets/T15-quick-guide-en.pdf Accessed on
11/16/2016.
2

Biological Invasions
Nature of the driver, its recent status and trend, and factors that influence its
intensity
Invasive alien species have gone from scientific curiosity to a real societal concern due to their ecological,
social, and economic impacts (Mack et al., 2000). Invasive plants and animals cause changes in the
composition and function of ecosystems, affecting biodiversity, ecosystem services, and human welfare.
invasive alien species have become a major component of global change and pose a serious threat to local
and global biodiversity (Hobbs, 2000; Mack et al., 2000; Vilà & Ibañez, 2011).
For a species to become an invasive species, it must successfully transit three distinct stages, often called
the “invasion process” (Blackburn et al., 2014; Canning-Clode, 2015). The first stage of this process is the
“transport phase” where individuals of a species are transported (intentionally or unintentionally) from
their native range and released outside their native range. These individuals are termed “non-native”
(synonymous term with the terms “non-indigenous”, “exotic”, and “alien”). Second, these individuals may
establish a viable self-sustaining population (“establishment phase”) and become “naturalized” species in
the new environment. In the third and final stage, a naturalized non-native population might increase in
abundance and expand its geographic range (“spread phase”), with the potential to alter the environment
in which they have become established, causing ecological and economic harm (“impact phase”) and
becoming what is considered an “invasive species”. This report uses the definition of invasive alien species
of the CBD (see Deliverable 3b on invasive alien species), which defines the term
(https://www.cbd.int/invasive/terms.shtml) as “plants, animals, pathogens and other organisms that are
non-native to an ecosystem, and which may cause economic or environmental harm or adversely affect
human health. In particular, they impact adversely upon biodiversity, including decline or elimination of
native species - through competition, predation, or transmission of pathogens - and the disruption of local
ecosystems and ecosystem functions.”

Invasive alien species as drivers and passengers of global change
Unlike other drivers of biodiversity, biological invasions are considered both drivers and passengers of
human-driven global change (MacDougall & Turkington, 2005). Biological invasions are by definition caused
by the human movement of species and their magnitudes are highly associated with the intensity of
changes caused by human activities (Mack & Lonsdale, 2001). Some invasive alien species may be
considered passengers of global change because they only persist in an ecosystem through continued
human disturbance (e.g. some European weeds associated to roadsides; Seipel et al., 2011). However, many
invasive alien species also cause substantial alterations to biodiversity and ecosystem function (e.g. plants
increase fire regimes or top-predators). Thus, estimating and forecasting the effects of invasive alien species
on biodiversity and ecosystem services has an additional layer of complexity compared to other drivers of
global change.
Invasive alien species may act synergistically with each other or with other forces of global change (e.g.
climate and land use change) to produce more intense consequences for biodiversity and NCP (Sala et al.,
2000; Newbold et al., 2015). Land use changes have long been recognized as a main promoter of invasive
alien species across taxa (Hobbs, 2000). Changes in the dominant cover type cause shifts in species
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composition creating important opportunities for invasive alien species that are well adapted to human
disturbances (Didham et al., 2007). From tropical to cold environments, land use changes are associated
with roads and other human corridors, which are the main route for dispersal of invasive plants and animals
(Seipel et al., 2012). In the last two decades, climate change has been shown to promote invasive alien
species by disrupting ecosystems, but also by changing conditions so that they are more suitable to the
invader than to the native community (Bellard et al., 2012).
The movement of species by humans and its successful naturalization has increased exponentially in the
last two centuries (Seebens et al., 2017). In the Americas, the onset of biological invasions is marked by the
arrival of Europeans in the 1500s, which resulted in the massive introduction of non-native species, and the
reduction of the natural biogeographical barriers of a continent that had been isolated for thousands of
years (i.e. since last glaciation). The influx of non-native species caused by European colonization is still
visible today as most invasive alien species in Mediterranean and Temperate regions of the continent are
from Eurasia. For example, naturalized plants in Chile and California are mostly Eurasian species (Jimenez
et al., 2008). Increase in trade and connectivity, in the last two centuries, and especially since the 1900s,
have facilitated the arrival of non-native species from other continents including Australia, Asia and Africa
(Jimenez et al., 2008; Van Kleunen et al., 2015).
The introduction of new non-native species into the Americas is expected to continue with increasing trade
and transportation by land, sea and air, increasing biological invasions and their potential impacts on
biodiversity and NCP in the Americas (Early et al., 2016). Furthermore, the consequences of recent additions
of non-native species to the Americas may not yet be visible because it takes time for species to reach high
population numbers and wide distributions to cause detectable ecological or economic impacts (i.e.
“invasion debt”, Essl et al., 2011).
Significant knowledge gaps of invasive species in the Americas exist (Pysek et al., 2008). While countries
such as the USA and Canada have been leaders in recording and studying invasive species, most countries
in the Americas have only recently directed efforts to record invasive alien species and their impacts (Pysek
et al., 2008; Pauchard et al., 2010). Auspiciously, national inventories of invasive species and research on
invasive species and their impacts is now being promoted across the Americas to reduce this knowledge
gap (e.g. Mexico, Chile, Brazil, Argentina; Zenni et al., 2017).
In the following sections, we review some of the most relevant impacts causes by invasive species in each
of the regions of the Americas and their main ecosystem units and we emphasize their role as drivers of
changes in biodiversity and their interactions with other drivers of global change.

North America
North America is one of the most invaded regions of the world and one of the most studied in terms of the
numbers and impacts of biological invasions (Jeschke & Strayer, 2005; Pysek et al., 2009). Since the 1500s,
trade and land use change drivers, in this region, has consistently promoted the establishment of some of
the most damaging plant and animal invasive alien species (Stohlgren et al., 2006). The advance of the
chestnut rust that decimated the natural populations of the American chestnut (Castanea dentata)
exemplifies the magnitude of the species, community and ecosystem level impacts of biological invasions
in North America (Jacobs et al., 2013). Reductions of plant diversity caused by direct competition between
native and non-native plants have been extensively reported in grasslands of North America (Vilà et al.,
2003). Plant invasions have also caused enormous changes in ecosystems processes such as hydrological
and fire regimes. For example, cheatgrass (Bromus tectorum) invasion in arid grasslands has resulted in
more frequent and more damaging fires (Pawlak et al., 2014). In addition, some of the most well-known
examples of animal invasions have occurred in North America. Vertebrate predators such as rats (e.g. Rattus
rattus), carps (Cyprinidae spp.), and snakes (e.g. Python bivittatus) have substantially altered native animal
populations driving some to near extinction (Dorcas et al., 2012). Non-native insects, such as ants and
mosquitoes, have had a large impact on human well-being (Juliano & Lounibos, 2005).
Tundra and mountain grasslands show relatively low number of plant invasions because of the climatic
barrier and the relatively low levels of human disturbances (Pauchard et al., 2009; Bellard et al., 2013).
However, some species, mostly European ruderals, are widely distributed in mountains and alpine
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ecosystems (Alexander et al., 2016). Because of the low abundance and frequency, few impacts have been
reported of these plant invasions. Similarly, other taxa invasions have been scarcely reported in these cold
ecosystems, partly because the lack of surveys and studies. Climate change and increasing human pressure
will likely change this scenario, also causing unexpected shifts in native species distributions (Pauchard et
al., 2016).
Boreal and temperate forests and woodlands pose a significant barrier to plant invasions because of the
high competition for light (Martin et al., 2008). Thus, most ruderal plant invaders, which invade roadsides
and disturbed areas, are not able to succeed in the forest understory (Martin et al., 2008). Nonetheless, in
eastern North America, species that are shade tolerant are now entering forested areas. For example, garlic
mustard (Alliara petiolata) is now occupying deciduous forests generating monospecific patches and
displacing native understory species (Kurtz & Hansen, 2014). On the other hand, these forests have been
heavily impacted by animals and pathogens. For example, earthworms are now considered a major driver
of change in temperate forests (Bohlen et al., 2004). Invasive insects, such wooly adelgids, have devastated
forests in eastern USA, having broad range impacts including indirect impacts on fish in streams due to loss
of shading (Ellison et al., 2005).
Temperate grasslands have suffered extreme transformations in North America, being replaced by
agricultural lands or when maintained, have gone intense grazing pressure and heavy disturbance (e.g.
plowing). Thus, the remaining grasslands in North America are being intensively affected by plant invasions.
Ruderal species of Eurasian origin such as Centaurea spp. Euphorbia spp. and Bromus spp. have replaced
native grasses and herbs across the North American grasslands (Stohlgren et al., 1999). Their impacts not
only include changes in plant cover but also long-term shifts in soil processes, food webs and fire regimes
(Simberloff et al., 2013).
Mediterranean forests, woodlands and scrub in North America are one of the hotspots for invasive plant
species (Seabloom et al., 2006). The high level of trade and human-caused disturbance in this area, and the
close climatic match with Mediterranean Europe are responsible for the high levels of invasive plant species
(Seabloom et al., 2006). Some of these species have caused irreversible ecosystem change by replacing
native species and creating a positive feedback with fire (see example of Bromus above). Fungi pathogens
have also affected the health of these ecosystems (e.g. Oak Death, Rizzo & Gargelotto, 2003).
Drylands and deserts in North America have been invaded by non-native grasses, shrubs and trees. Invasive
species capable of standing desert conditions have thrived in the shrubland and grassland vegetation
competing directly for water with native species and creating a continuous fuel layer that promotes more
intense and larger fires (Brooks & Chambers, 2011). Tamarix invasion in riparian corridors have displaced
native riparian vegetation and altered ecosystem structure (Merritt & Poff, 2010).
Wetlands in North America show the highest levels of plant invasions due to the intense purposeful or
accidental introductions of aquatic plants (Batzer & Baldwin, 2012). Many of these invasive aquatic plants
have profound environmental and economic costs such as Eichornia crassipes, Phragmites australis,
Lythrum salicaria, and Egeria densa.
In freshwater systems, the zebra mussel (Dreissena polymorpha), originally (1988) affected the Great Lakes
area, but has now spread to all of the large navigable rivers in the eastern USA, extending along the Illinois
River to the Mississippi River and into the Caribbean (Benson et al., 2017). Human activities are important
vectors of transport of this species between aquatic systems (Johnson & Padilla, 1996), which is notorious
for their biofouling capabilities by colonizing different human aquatic infrastructure (e.g. water supplies for
hydroelectric and nuclear power plants, public water plants and other industrial facilities), causing high
economic costs and having profound effects on the aquatic ecosystems they invade (Griffiths et al., 1991;
Pimmentel et al., 2000; Bykova et al., 2006; Ward & Ricciardi, 2007). Invasive fish, such as round goby
(Neogobius melanostomus) or Asian carp (Cyprinus carpio), have also impacted freshwater ecosystems and
reduced native fish populations (Kolar et al., 2007; Freedman et al., 2012; Kornis et al., 2013).
In coastal ecosystems of North America, 298 non-indigenous species of invertebrates and algae have been
recorded as naturalized (Ruiz et al., 2000). Most non-indigenous species are crustaceans and molluscs and
have resulted from ballast water, inferring that source regions of non-indigenous species differ among
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coasts, corresponding to local and global trade patterns. Further, at least 100 species of non-indigenous
fish and 200 species of non-indigenous vascular plants are known to be established within North America
coastal area (Ruiz et al., 2000). North American mangroves are considered to be protected from invasions
due to the harsh hydrological and edaphic conditions in which they grow. However, there is an increasing
number of invasive species being reported in mangrove ecosystems associated to anthropogenic and
natural disturbances (Lugo, 1998), including the Brazilian pepper Schinus terebinthifolius raddi
(Anacardiaceae) in Florida (Ferriter, 1997) and the Indo-Pacific lionfish Pterois volitans (Linnaeus, 1758)
(Scorpaenidae) from North Carolina to Caribbean (Barbour et al., 2010).
Urban sprawl in North America is a major driver of landscape change and cities are a contributing source of
invasive species to the surrounding rural or natural matrix. Ornamental plants, pets and pests have higher
chances to adapt and invade natural systems as the propagule pressure (i.e. events of introduction)
increases. Insects such as the argentine ants have also exploited human disturbances around cities (Holway
et al., 2002).

Mesoamerica and the Caribbean
As of 2006, Mexico’s National Commission for the Knowledge and Use of Biodiversity identified at least 800
invasive species in Mexico, including 665 plants, 77 fishes, 2 amphibians, 8 reptiles, 30 birds and six
mammals, with significant ecological and economic impacts.
Buffel grass (Pennisetum ciliare) has invaded many of the drylands in Mexico (Marshall et al., 2012) after
being introduced in the 1970s into Sonora from the USA to bolster the cattle industry (Cox et al., 1988; De
La Barrera & Castellanos, 2007; Franklin et al., 2006). From 1973 to 2000, Buffel grass pastures in Mexico
increased from 7,700 hectares to 140,000 hectares (Franklin et al., 2006). It is estimated to cover 53% of
Sonora and up to 12% of Mexico overall (Arriaga et al., 2004). Buffel grass invasion can devastate local
ecosystems by increasing wildfire regimes, soil erosion rates, ground surface temperatures and supply of
vital resources to surrounding life forms, compromising biodiversity (D’antonio & Vitousek, 1992). Buffel
grass is also present in Central American countries like Nicaragua, El Salvador, Honduras, and, Panama
(Global Biodiversity Information Facility, 2011).
The southern Yucatán peninsular region is the largest continuous expanse of tropical forests remaining in
Central America and Mexico, it has been identified as a hotspot of forest and biotic diversity loss (Achard
et al., 1998). Bracken fern (Pteridium aquilinum (L.) Kuhn) invasion have spread under agriculture cultivation
(Schneider, 2006). Frequent fires and land clearance for agriculture have facilitated the replacement of
secondary vegetation with bracken fern (Schneider & Nelun Fernando, 2010). The feral pig (Sus scrofa),
from the same species as the European wild pig, has invaded the Coco’s Island Marine and Land
Conservation Area, a national park in the Costa Rican Pacific (Hernández et al., 2002). Because of their
rooting activity, these animals alter approximately 20% of the island surface each year, leading up to eight
times the erosion in the affected area. These animals also eat fruits, earthworms, roots, stems and leaves,
reducing the layer of organic material in leaf litter and plant cover.
Invasive insects are also wide spread throughout Mesoamerica. The Mediterranean fruit fly (Ceratitis
capilata), heads the list of invasive alien species of economic importance in the Mesoamerican region, and
is considered a genuine pest affecting all Central American countries. This insect, which entered the region
in 1955, attacks fruit and fills it with worms. As a result, some fruit exports from Central America to the USA
were suspended. Fruit trade with Europe and Japan has also been affected.
In freshwater ecosystems, African cichlid fish, Oreochromis spp., were accidentally introduced in Lake
Chichancanab two decades ago, in the central Yucatán Peninsula in Mexico, causing change in the native
fish diversity and in the transmission of endemic trematodes to the piscivorous birds (Strecker, 2006). Nile
tilapia (Oreochromis niloticus) is currently found in the Apoyo, Nicaragua and Managua lakes (Nicaragua),
Caño Negro Wildlife Refuge, and Lake Arenal (Costa Rica). This species has resulted in a decline of
approximately 80% in the biomass of native cichlidic fish in Lake Nicaragua and has displaced native fish in
Caño Negro due to increased competition and predation.
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Introduced fish species often result in alteration of food webs. Two exotic fish, common carp (Cyprinus
carpio) and tilapia (Oreochromis niloticus), were introduced for aquaculture more than 20 years ago into
the Xochimilco wetlands, Mexico City and now dominate the system in terms of biomass and numbers.
Over this period, wild populations of the microendemic axolotl salamander (Ambystoma mexicanum) have
been dramatically reduced (Zambrano et al., 2010).
In the Mexican Caribbean, the Indo-Pacific lionfish (Pterois volitans) has become a species of great concern
because of their predatory habits and rapid proliferation throughout the Mesoamerican Barrier Reef, the
second largest continuous reef system in the world (Valdez-Moreno et al., 2012). Having few predators, this
invasive predatory fish can greatly reduce native fish biomass and is a threat to the marine environment
throughout the region (Green et al., 2012) (Box 4.21).
The seaweed flora of California, USA and Baja California, Mexico is highly diverse and is now being
threatened by invasive species that are largely introduced unintentionally. Most of the 29 non-native
seaweed species that have been recorded, originated in Asia and have been introduced within the last 30
years. The vectors that bring these plants or their propagules to the California and Baja California coasts
(international shipping (e.g. ballast water) and shellfish aquaculture) may have not changed drastically in
the last decades, but the conditions for the establishment of non-native species seem to have improved.
Climate change, including the frequency and severity of El Niño Southern Oscillation events, may be
responsible for creating space, diminishing competition, and permitting the persistence and spread of nonnative species (Miller et al., 2011; Kaplanis & Smith, 2016).
In the Caribbean islands, humans have introduced many plant and animal species (Kairo et al., 2003; Rojas
& Acevedo, 2015; van der Burg et al., 2012; Jenkins et al., 2014), and non-native species have often become
ubiquitous there. Caribbean terrestrial ecosystems have been heavily invaded by plants and animals. For
example, forest inventories of various Caribbean islands, based on plots or remote sensing, have found that
forests dominated by non-native tree species are extensive (Chinea & Helmer, 2003; Brandeis et al., 2009;
Helmer et al., 2012), although some of these new tree communities may have a beneficial role. For example,
early successional species often dominate and catalyze understory colonization by native tree species
(Parrotta, 1992; Parrotta et al., 1997; Wolf & van Bloem, 2012), or when legumes or nutrient-rich leaves
attract insects that provide more forage for insectivorous birds. Shade-tolerant non-native species,
however, can be common in forest understories (Brown et al., 2006) and could permanently change species
composition by effectively competing with late successional native species.
The marabú, (Dichrostachys cinerea L.), an invasive Fabaceae, has invaded almost 800,000 hectares of
Cuba’s forests (Hernández et al., 2002). This thorny bush grows in forests and abandoned agricultural fields,
leaving infested areas unproductive. Nowadays, marabú has become Cuba’s primary problem with respect
to invasive alien species, in terms of both economic and environmental impacts. Environmentally, the most
serious damage is inflicted on fields (livestock) and on forest plantations. Lands invaded by marabú remain
unusable and thorny, impassable for livestock and human beings. In its juvenile state, marabú is practically
impenetrable since it forms extremely dense thickets up to five meters high. In the case of forest
plantations, this invasive bush is highly expensive to control. The country spends millions of USA dollars a
year to combat this species, but its great capacity for reproducing through seeds, trunks and roots makes it
very difficult to eliminate. More information on invasive species in Cuba is presented in supplementary
material: Box 4.22.
Many of the problems of Mesoamerican invaders in ocean ecosystems are repeated throughout the
Caribbean. The Indo-Pacific lionfish (Pterois volitans and P. miles) waslikely introduced in the USA state of
Florida through aquarium releases, and has quickly spread to all tropical and subtropical coastal waters of
the western Atlantic Ocean and Caribbean Sea (Schofield, 2010). In fact, this species may be the most
damaging marine fish invasion to date (Hixon et al., 2016) (Supplementary material, Box 4.21 and
Mesoamerica section above).

South America
South America, due to its relative isolation, was until recently, considered to be relatively less affected by
biological invasions (Speziale et al., 2012). However, evidence has shown that biological invasions are
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occurring in ecosystems that were considered protected, such as the Andes mountains (Pauchard et al.,
2009), the Amazon basin (Silvério et al., 2013), and the Patagonian south Atlantic coast (Oresanz et al.,
2002). These large and diverse ecosystems harbor a number of invasive species, including some of the
world’s worst invaders (Speziale et al., 2012). The mongoose (Herpestes javanicus), introduced as a
predator of rats and snakes, spread preying on endemic fauna and transmitting rabies and leptospirosis
(Ziller et al., 2005). Other introduced species act as ecosystem engineers, transforming and threatening
complete ecosystems (Speziale et al., 2012), as well as changing their services (e.g. beavers Castor
canadienses; Anderson et al., 2006 and Box 4.23 in supplementary material and Limnoperna fortunei,
Boltovskoy et al. 2015 and Box 4.24, in supplementary material). Crop species with important commercial
value, have also become invasive. Pines (Pinaceae family) for example, used widely as a forestry cultivar,
are invasive in both temperate and tropical regions because they have been planted extensively and have
biological attributes that promote their invasiveness (Pauchard et al., 2015).
Invasive species in South America come from all continents, although Europe is a major donor of invasive
species, especially for plants (Van Kleunen et al., 2015). Undoubtedly, the number of new introductions is
increasing annually because of intensified trade and transport routes which is diversifying the source of
invasions (Speziale et al., 2012). Harbors, roads, airports, and cities are major sources for the entry of new
species. For example, big metropolitan areas such as Sao Paulo, Santiago, or Buenos Aires are centers for
the introduction of new invaders (e.g. Masi et al., 2010). Also, the increase human footprint in the landscape
(section 4.4.1), and the introduction of new species for cultivation, is increasing the chances for new
invasions.
Invasive species can also come from within the same country. For example, introduced marmosets in
southeastern Brazil have been reported as a potential threat to local biodiversity. Marmosets compete with
other primate species and birds for resources (Lyra-Neves et al., 2007), depredate birds and eggs (Galetti
et al., 2009), hybridize with conspecifics (Begotti & Landesmann, 2008), and transport new pathogens (Sales
et al., 2010).
Tropical and subtropical humid and dry forests are one of the most extensive ecosystems in South America
and are being impacted by several species that mostly originated from other tropical areas in Asia and
Africa. While many tropical forests appear to be substantially free of invasive species, some species are able
to invade mainland forest ecosystems where canopy structure is naturally open, rainforests are fragmented
or disturbed, or forests are exploited for crops or timber (Denslow & DeWalt, 2008). In addition, fires
reportedly interact with grass invasion through a positive feedback cycle, causing a decline in tree cover,
facilitating grass invasions, and increasing the likelihood of future fires. In the tropical dry forests of Bolivia,
grasses have invaded the forest where disturbance coincides with seed dispersal by motor vehicles involved
in logging activities (Veldman & Putz, 2010). In the tropical and subtropical forests of Brazil, some of the
most invasive plants known by their ability to outcompete native species, are Artocarpus heterophyllus and
Hedychium coronarium in tropical ombrophilous forest, Hovenia dulcis in subtropical ombrophilous forest
and subtropical semi-deciduous forest, Pinus taeda and Pinus elliottii in subtropical ombrophilous forest
and steppe, and Tecoma stans in tropical and subtropical semi-deciduous forest (Zenni & Ziller, 2011).
Tropical forest biotas are susceptible to taxonomic homogenization (i.e. increasing levels of similarity and
reduce biotic differentiation) due to the increase of some generalist invaders that replace more specialized
native species (e.g. the Atlantic forest of northeast Brazil, Lôbo et al., 2011).
Mediterranean forests, woodlands and scrub are one of the invasion hotspots of South America because of
their high human footprint and climatic similarities with biomes in Europe and North America. Ruderal
agricultural weeds, native to the Mediterranean region of Europe, are widely distributed and invade natural
ecosystems, increasing homogenization and affecting ecosystem dynamics (e.g. intensifying fire regimes)
(Jimenez et al., 2008; Castro et al., 2005). Animal invasions are also affecting the processes of this
ecosystem. For example, the European rabbit (Oryctolagus cuniculus) exerts a profound herbivore pressure
in the Mediterranean scrub (Camus et al., 2008, Iriarte et al., 2005).
Tropical savannas and grasslands have been heavily affected by invasive African grasses. African grasses are
used for pasture improvement, recovery of degraded areas, and slope cover along highway and railway
embankments (Reis et al., 2003; Martins, 2006). Invasive grasses have been identified as a degradation
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driver of Colombian wetlands (Ricaurte et al., 2014), while in the Cerrado biome of Brazil, they constitute a
serious problem because they invade open areas (Pivello, 2014). Molasses grass (Melinis minutiflora P.
Beauv.) accumulates more biomass than do most other species of the herbaceous stratum vegetation
native to the Cerrado (Rossi et al., 2014). The effect of invasive grass cover is especially high on the Cerradospecialist species, whose proportion has consistently declined with increasing invasive dominance. Thus,
invasive grasses reduce the floristic uniqueness of pristine vegetation physiognomies (Almeida-Neto et al.,
2010). In savannas and grasslands, invasive trees have become problematic. For example, the invasion by
Pinus elliottii is one of the most serious threats to the remaining native Cerrado vegetation causing
biodiversity losses (Abreu & Durigan, 2011).
Temperate grasslands in South America are highly threatened by invasive species because of their long
history of agriculture and livestock usage that has causedinvasive species to become widely distributed. For
example, in the Argentina pampas, introduced forage grasses, such as Festuca arundinacea and Lolium
multiflorum, and weedy forbs such as Carduus acanthoides, heavily dominate secondary grasslands on
former arable fields (Tognetti et al., 2010) and invade native grassland remnants grazed by cattle (Perelman
et al., 2007; Tognetti & Chaneton, 2015).
Drylands and deserts of South America show relatively low numbers of invasive plant species (Fuentes et
al., 2013). However, some succulent plant invaders such as Mesembryanthemum spp are invading desert
islands in northern Chile (Madrigal-González et al., 2013) and invasive animals such as rabbits and feral
goats are having a strong effect on vegetation and overall ecosystem dynamics (Meserve et al., 2016).
Temperate and boreal forests and woodlands have a relatively low area in South America (see Chapter 3
for more details). However, they show a high level of endemism and represent the most southern forests
in the world (Rozzi et al., 2008). These forests are being invaded by herbs, shrubs, and trees mostly brought
to Chile for agricultural use, erosion control, forestry, and ornamental use (Pauchard et al., 2015). For
example, Acacia and Pinus species arewidely used in forestry, and are a problem in the temperate forests
of south-central Chile where they outcompete native vegetation and increase fire regimes (FuentesRamirez et al., 2011; Le Maitre et al., 2011; Langdon et al., 2010; Cobar-Carranza et al., 2015). Several
invasive vertebrates are also invading these forests (e.g. wild boar, red deer, mink; Iriarte et al. 2005), with
the most damaging being the North American beaver, which has decimated forests (i.e. cutting and
flooding) in the southern tip of the continent (Anderson et al., 2006; see Box 4.23, supplementary material).
Although tundra and mountain grasslands are considered less invaded than lowland ecosystems, recent
evidence shows that there is an increasing number of invasive plant species being established at higher
elevations in the Andes (Pauchard et al., 2009; Alexander et al., 2016). Species, such as Taraxacum
officinale, may have important impacts on pollination, reaching high elevations beyond the treeline (Muñoz
et al., 2005). As climate warming progresses, there is a greater chance of higher latitude and elevation plant
invasions (Lembrecht et al., 2015).
Freshwater ecosystems are suffering strong transformation due to invasive species. For example,
Limnoperna fortunei, commonly known as golden mussel, have invaded major rivers of the Río de la Plata
basin and associated tributary basins via ballast water. Because of the ecological effects caused in aquatic
ecosystems and expenses incurred in industrial infrastructure, it is considered a high priority aquatic
invasive species to be addressed at the regional level (Boltovskoy, 2015) (see Box 4.24, supplementary
material). Lithobates catesbeianus native frog from the southeast of USA has colonized more than 75% of
South America where it has been reported to be a highly effective predator, competitor, and vector of
amphibian diseases (Laufer et al., 2017). Climate change may have a potential synergistic effect on the
invasion of this frog throughout the Atlantic forest biodiversity hotspot (Nori et al., 2011). The microalgae
Didymosphenia geminata, an invasive freshwater benthic diatom native to rivers of the Circumboreal region
of Europe, was reported in Argentinean and Chilean freshwater rivers. Thisalgae has been characterized as
one of the most aggressive invasions in recent history, resulting in severe ecological and economic impacts
due to the velocity of expansion and the number of rivers affected (Jaramillo et al., 2015).
In marine ecosystems of South America during the decades 1990-2000, ballast water, biofouling, and
aquaculture vectors moved several coastal marine species from distant biogeographic provinces (e.g. Indo-
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Pacific and Asia) to coastal environments of America (Orensanz et al., 2002; Salles & Correa da Silva Luz de
Souza, 2004). These species have become invasive, resulting in negative effects on ecosystem services
provided by various aquatic ecosystems. The golden mussel (Limnoperna fortunei) in the Río de la Plata
basin have modified the provision of freshwater services (potable and industrial uses) (Boltovskoy, 2015)
and food services (malacological resources) due to effects of predation on native malacofauna by Rapana
venosa in the Río de la Plata (Brugnoliet al., 2014) (Box 4.25, supplementary material). Finally, the IndoPacific lionfish (Pterois volitans and P. miles) affects food (fisheries) and cultural (tourism, recreation: diving)
services at the north coast of South America (Colombia, Venezuela) due to predation of indigenous fish
fauna of megadiverse coastal marine ecosystems (e.g. coral reefs) (Box 4.21, supplementary material).
However, because of euryhaline and eurythermal features of this species, their expansion has not been
constrained by the Amazon-Orinoco plume (Luizet al., 2013), being recently reported in the southeastern
coast of Brazil (Ferreira et al., 2015).
In the marine environments off Patagonian shelf and Chilean Pacific coast, a series of biological invasions
including algae, mollusks, hydroids, bryozoans, ascidiaceans, and crustaceans (at least 41 invasive alien
species) occurred with severe consequences for local biodiversity with economic impact (Bigattiet al., 2008;
Orensanz et al., 2002; Penchaszadeh et al., 2005). Undaria pinnatifida is a successful invasive seaweed
widespread along the coast of Patagonia. Its presence is associated with a dramatic decrease in species
richness and diversity of native seaweeds (Casas et al., 2004; Irigoyen et al., 2011). For Brazilian shelves,
Lopes et al. (2009) have compiled information on the threat of invasive species. Currently, 66 invasive
species have been recorded for the marine environment in Brazil from the following groups: phytoplankton
(3), macroalgae (10), zooplankton (10), zoobenthos (38), fish (4), and pelagic bacteria (1) with different
ecological and economics impacts in marine Brazilian ecosystems (Lopes et al., 2009).

Overexploitation
Nature of the driver, its recent status and trend, and factors that influence its intensity
Overharvesting, or overexploitation, occurs when humans extract more of a natural resource than can be
replaced naturally. This unsustainable practice threatens biodiversity and can degrade ecosystem services
by reducing species populations below natural self-sustaining levels and disrupting ecosystem functions
and species interactions. Overharvesting can happen in hunting, fishing, logging, groundwater mining,
overgrazing, or the collection of wild plants and animals for medicine, decoration or for the pet trade.
Harvested species are used as food, building and other industrial materials, medicines, fibers for clothing,
ornamental items, as well as in other social and cultural aspects.
Growing human populations, rising incomes, consumer demand, expanding markets, and improved
technology all contribute to overharvesting. Individuals, communities or corporations that have open and
unregulated access to public goods like forests, aquifers, fisheries, and grazing lands can overexploit a
shared resource to maximize short-term profits until it eventually becomes unavailable for the whole
(Hardin, 1968). Harvesting natural resources is an essential part of livelihoods and economies of all
worldviews. When people act in their own self-interests, they tend to consume as much of a scarce resource
as possible, leading to overharvesting and in some cases extinction or resource depletion. Early examples
include, the Steller’s sea cow (Hydrodamalisgigas), once found throughout the Bering Sea, was hunted into
extinction within 27 years of discovery for its meat, fat, and hide; and the passenger pigeon
(Ectopistesmigratorius), once considered the most abundant bird species on the planet, was hunted to
extinction over a few decades throughout North America (Bucher, 1992). There are many examples linking
extinction to joint effects of harvesting and habitat change as extensive areas in eastern North America
were converted to agriculture and urbanization.
Overexploitation of species often leads to cascading effects with sometimes irreversible impacts on trophiclevel functions and can negatively affect the structure, dynamics, or quality of an ecosystem. This is
particularly true if a habitat loses an apex predator which can result in a dramatic increase in the population
of a prey species. In turn, the unchecked prey can overexploit their own food resources to their own demise
and impact other species (Frank et al., 2005; Borrvall & Ebenman, 2006; Heithaus et al., 2008). Fishing down
the food chain, where larger predatory fish, such as cod, tuna, and grouper, are targeted first, followed by
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smaller fish in the food chain, causes trophic level dysfunction (Pauly et al., 1998). Some species require a
sufficient density of individuals to reproduce and when reduced to smaller populations, they become
vulnerable, suffering from lower genetic diversity and an increased likelihood of being eliminated by natural
disasters or diseases (Lacy, 2000).
When a species in not able to reproduce faster than it is harvested, it becomes increasingly rare which can
drive its price higher in the illegal wildlife trade. This in turn, increases the incentive to extract which can
cause the population to eventually collapse (Brook et al., 2008). Wildlife trade poses the challenge of
separating legal from illegal trade (Broad et al., 2003) and governments can deter such illegal trade by
measures such as policies that strengthen enforcement, curb the demand, and expand international
cooperation to stop the illegal trade.
Many countries are responding by implementing strategies that mitigate or avoid negative impacts of
overharvesting such as strengthening management regulations and enforcement, providing incentives to
fishermen, foresters and others to become long term stewards of the resource, through the establishment
of effectively managed protected areas and no-take zones, as well as strengthening institutions and
regulations to eliminate illegal wildlife trade and put in place sound practices to regulate legal
exports/imports of vulnerable species. Tenure rights and other means of co-management are also ways in
which local communities can have more say over their natural resources and long-term conservation. For
example, territorial user rights in fisheries, such as those set up in Chile for the small scale artisanal fishing
sector, provide incentives to maximize economic benefits and encourage greater stewardship of the
resource to local communities. Individual transferable quotas or other catch share strategies can also be
applied to larger scale fisheries to prevent collapses and restore declining fisheries although critics point to
them being exclusionary and involve trade-offs, such as changes in fleet capacity, employment, and
aggregation of fishery shares (Costello et al., 2008). However, many States have implemented measures to
manage the potentially disruptive effects of individual transferable quotas. These practices should be
accompanied with investments in sustainable alternative livelihoods and wide-spread education that can
inspire conservation of local habitats and species and promotes the ability of local institutions to implement
and sustain conservation programs.
Terrestrial
Overharvesting of terrestrial species and resources is often driven by the pursuit of quick short-term gains
without regard to the long-term effects. Illegal logging, for example, can include overharvesting of large
tracks of forests or the selling of rare wood species. It is pervasive throughout Mesoamerica and South
America and impacts many different stakeholders and communities that rely on timber for their livelihoods
(Richards et al., 2003). Capital-endowed actors as well as poor forest dwellers may drive overharvesting,
albeit for different reasons (Pokorny et al., 2016). Poor governance, corruption, and rampant demands for
space to carry out socio-economic activities (e.g. cattle grazing) contribute to the problem. Curbing this
problem is difficult. For example, in the Amazon region, timber companies, as well as illegal harvesters,
seeking to adopt sustainable practices face challenges such as high investment costs, large transport
distances, lack of capacity, and resources to implement environmental regulations (Pokorny et al., 2016).
The pattern of deforestation can be exacerbated once timber companies provide road access and
infrastructure to previously intact areas, allowing small landholders to continue to overharvest with often
no management or enforcement.
Unsustainable hunting and collection of species driven by market demand is another contributing factor of
overharvesting. The animal diversity that Central and South America holds and the limited enforcement of
wildlife trading laws creates a magnet for wildlife traffickers and the lucrative exotic pet trade. However,
the sustainability level of harvest for the majority of species is unknown. Birds are the most trafficked for
pets, but reptiles like iguanas, snakes, and turtles are highly valued as pets as well as for their skin, shells,
and eggs (Shirey et al., 2013). Amphibians, scorpions, spiders, and insects are also collected (Ripple et al.,
2015; Broad et al., 2003). Products are often sold for ornaments and furnishings include coral, turtle and
mollusk shells, and reptile skins (Shirey et al., 2013), many other products are sold as traditional “medicine”
especially to Asian countries. In addition to the pet trade, there is an estimated eight million people in South
America that rely regularly on bushmeat as a source of protein in their diets. While this represents only
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1.4% to 2.2% of the total continental population, these people are likely to be some of the poorest in the
region (Wilkie & Godoy, 2001). The distinction between subsistence and commercial use is often unclear
and more research is needed on subsistence vs non-subsistence harvesting and how much of subsistence
harvesting is optional but local (i.e. they have other sources but choose to eat bushmeat when available).
Plants and fungi provide people with food, medicine, building materials, and as raw materials for making
other products. Some species are highly valued for their beauty or medicinal value. Thousands of medicinal
and aromatic plants that are collected in the Americas are used in the international trade and are valued at
over $1.3 billion (Lange, 1998). Many species of ornamental plants, like flowers, orchids, tree ferns,
bromeliads, cycads, palms, and cacti, are commercially overexploited in both legal and illegal markets. For
example, orchids throughout North and South America are one of the best-selling in the legal horticultural
trade but are also traded illegally and make up 70% of all species listed by the Convention on the
International Trade in Endangered Species (CITES). Research conducted by Hinsley et al. (2015) in the
Americas indicates that two key consumer groups purchasing rare plants are either serious hobbyists, who
prefer rare species, or mass market buyers whose preferences are based on aesthetic attributes.
Freshwater resources
The Americas show wide variation in overexploitation of surface and groundwater resources. Large portions
of South and Central America, Canada, and Alaska are relatively water secure, while the western half of the
USA, nearly all of Mexico and the Caribbean, and coastal portions of South America all experience seasonal
and dry year water depletion (Brauman et al., 2015). Climate change is expected to exacerbate water
shortages in many parts of the Americas (UNEP, 2010; IPCC, 2014a).
Surface water depletion can have visible impacts as streams dry up, but groundwater depletion is no less
serious and can have longer-term consequences. Sustained groundwater pumping can lead to drying up of
wells, reduction of water in streams and lakes, deterioration of water quality, increased pumping costs, and
land subsidence (Konikow, 2013). Depletion of ground water in the USA is a serious problem as aquifers
provide drinking water for about half the total population and nearly all rural population as well as providing
over 50 billion gallons per day for agricultural needs. The cumulative depletion of groundwater in the USA
between 1900 and 2008 was about 1,000 km3—equivalent to about twice the water volume of Lake Erie
(Konikow, 2013).
Irrigation is by far the largest source of water consumption globally and in the Americas. Domestic use is
the second largest consumer in North and Central America, while in South America livestock production is
slightly higher (Brauman et al., 2015). Overharvest of water in general has implications not only for human
communities, both in terms of water quality and quantity, but also for aquatic and even terrestrial species
whose life cycles are adapted to natural flow regimes (Poff et al., 1997).
Impacts to species from overexploitation of water largely track where that overexploitation is greatest. An
analysis of species listed as extinct through vulnerable in the IUCN Red List finds that only 5% of assessed
species associated with South American inland wetlands are threatened by water abstraction, whereas the
numbers rise to 17% in Mesoamerica and 32% in North America (IUCN Red List, 2016). These numbers
should be interpreted with caution, given that comprehensive species assessments are lacking for much of
Latin America. Overharvesting of freshwater species in the Americas is considered in general less of a threat
to biodiversity and ecosystem services than the degradation and alteration of the habitats in which those
species live (Welcomme et al., 2011). However, overharvest can combine with those impacts, which include
but are not limited to changes to hydrology, connectivity, and water quality, to impair species and services
further (Allan et al., 2005).
Freshwater species
Globally, most inland fisheries are comprised of small-scale fishers, whose catches are underreported by as
much as a factor of two (Coates, 1995; Mills et al., 2011). Even with underreporting the level of fisheries
exploitation in Latin America has been judged to be lower than in Africa and Asia; however, specific fisheries
show signs of overharvest (Welcomme et al., 2011; Muller-Karger et al., 2017). For instance, overfishing of
valuable freshwater fish species and turtles has been documented in tributaries of the Amazon (Alho et al.,
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2015). In general, national governments have underinvested in monitoring inland fisheries because those
fisheries are assumed to be of low value. Consequently, the range of threats to those fisheries, including
overexploitation, are poorly documented (FAO Committee on Fisheries, 2014).
Cascading effects of freshwater overharvesting are numerous and include the phenomenon of “fishing
down”, in which exploitation leads to depletion of high-value, large-bodied fish species and the consequent
reduction of mean body size of harvested species (Welcomme, 1999; Pauly & Palomares, 2005). This has
been documented in the Amazon and elsewhere, with implications for food web structure, water quality,
and nutrient cycles; these changes, in turn, have been implicated in the ecological extinction of species like
manatees (Castello et al., 2013; Castello et al., 2015).
Marine
The most significant driver of overharvesting in the marine environment is fishing. With population growth
and incomes rising, the demand for seafood continues to grow for both human consumption and feed for
livestock and aquaculture. Fishing remains a key source of food and employment for millions of people in
the Americas and a significant factor in regional economies. About 2.4 million fishers and 10% of the world’s
motorized fishing vessels are in the Americas (FAO, 2016c), landing 18.5 million metric tons of seafood in
2013 (FAO, 2016b). From 1961 to 2013, the per capita annual seafood consumption in the Americas rose
26% from 7.9 to 10.7 kg (FAO, 2016a). Different large marine ecosystems of the Americas (Sherman et al.,
2005; Sherman & Hamukuaya, 2016) show different top-down pressures and strong regional differences in
oceanographic properties which shape the diversity and abundance of the catch within these regions
(Muller-Karger et al., 2017). The adoption of more efficient fishing technologies has also contributed to the
rapid depletion of fish stocks, the endangerment of charismatic marine species, and the loss and
degradation of marine habitats. An estimated 34% of the assessed stocks in geographic areas surrounding
the Americas (FAO regions 67, 77, 87, 21, 31, and 41) were deemed overexploited in 2009 (FAO, 2011).
However, the adoption of fishing technologies has been documented to have positive effects as well, such
as much lower bycatches and less habitat impacts.
Invertebrates like squids, shrimps, lobsters, crabs, oysters, and sea cucumbers account for roughly 20% –
3.7 million tons – of the seafood caught in the Americas in 2013 (FishStatJ, 2016). Many of these fisheries
and their habitats are at risk from overexploitation. For example, 85% of the world’s oyster reefs have
disappeared since the late 19th century, largely due to habitat degradation, with many formerly prolific
reefs rendered “functionally extinct.” Overharvesting is the main cause of oyster reef loss, however direct
habitat loss is also a significant problem caused by commercial ship traffic, pollution, and aquaculture,
among others. Other invertebrates, like seas cucumbers, have plummeted across the Americas due to high
demand from Asian markets.
A consequence of fishing is the unintended catch of fish and other marine organisms, also known as
bycatch. Hundreds of thousands of sea turtles, seabirds, whales, dolphins, and porpoises die globally each
year from being caught as bycatch in regular fishing operations. As many as 200,000 loggerhead turtles and
50,000 critically endangered leatherbacks were killed as bycatch on longlines in 2000 (Lewison et al., 2004);
longlining is also estimated to kill between 160,000 to 320,000 seabirds annually (Anderson et al., 2011).
Several studies report that the use of bycatch reduction devices can successfully reduce bycatch species
while maintaining target catch rates (Favaro & Côté, 2013; Pelc et al., 2015). The vaquita, a small porpoise
in Mexico’s Gulf of California, have been driven towards extinction as they are killed after getting entangled
in gillnets used to catch shrimp and other fish; only 30 are estimated to remain (Morell, 2017).
Sharks and rays are severely overfished globally, with an estimated 97 million caught each year either in
direct target fisheries or as bycatch in other fisheries (Clarke et al., 2013). One-quarter of the 1,041 assessed
sharks, rays, and chimaeras are threatened under the IUCN Red List criteria due to overfishing, however
nearly half are considered too data-deficient to be classified. Many shark species are pelagic and
migratory—some with a circumglobal distribution across temperate and tropical oceans—meaning that
overharvesting of sharks in the Americas contribute to a global problem. Only 23 sharks and rays had been
listed under CITES up to 2016, when an additional 13 species of sharks and rays were listed. Trade
restrictions on listed species and bans on shark finning have increased during the last decade, however they
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have not significantly reduced shark mortality or risk to threatened species (Davidson et al., 2016). Some
countries, such as The Bahamas, have implemented a national ban on the harvest of sharks, protecting
more than 40 species of sharks.
Additional drivers of overharvesting in the America’s marine environment include hunting, aquarium trade,
medicinal use, and entanglement in fishing and marine gears. Turtles, narwhals, and corals are harvested
for ornamental and jewellery making, and live fish, corals, and invertebrates are harvested for the aquarium
and pet trade. Some species like sea horses are also targeted for traditional medicinal use primarily in Asian
markets. Direct harvest of non-fish species, like seals, otters and whales, has seen a reduction since the
peak of these industries almost a century ago, but some of these species continue to be harvested,
particularly in Canada. An estimated 308,000 whales and dolphins die each year from the consequences of
entanglement in fishing gear, laceration, infection, and starvation) (International Whaling Commission
https://iwc.int/entanglement).

North America
Terrestrial
An example of an overharvested plant in North America is American ginseng (Panax quinquefolius), a
species found in the temperate eastern forests and is prized for its medicinal properties that has received
increased scientific and commercial attention. Due to the plant’s very specialized growing environment and
demand in the commercial market, it has started to reach an endangered status in some areas (McGraw et
al., 2010). Acts, such as the Endangered Species Act, have succeeded in reducing the harvest of rare species,
preventing the extinction of hundreds of additional American wildlife species since 1973 (Adkins, 2016).
Freshwater
While loss of spawning beds and pollution contributed, overfishing in the Great Lakes is a good example of
inland surface water overharvesting that has caused whitefish, walleye, and sturgeon populations to
decline. Recreational fisheries are also poorly documented, by and large; in Canada, however, the collapse
of four inland fisheries has been associated with recreational fishing (Cooke & Cowx, 2004). Within coastal
and inland rivers, the well-documented decline of Pacific salmon and other anadromous fish species as a
result of overfishing, dams, and other threats has led to cascading effects including the loss of nutrient
inputs to terrestrial systems (Marcarelli et al., 2014). Four native freshwater turtle species (Chelydra
serpentine, Apalone ferox, Apalone mutica, and Apalone spinifera) now require increased protection driven
by trade to Asia (USFW, 2014).
Marine
In North America, fishing remains the primary driver of overharvesting in the marine environment. In the
USA, fish stocks are generally well-managed, at least at the federal level. For the 233 stocks with known
status only 16% are overharvested, while overharvesting occurs in only 9% of the 313 stocks with known
status (NOAA, 2016). Several overharvested species have been well-documented, like the collapse of the
Atlantic cod of the Scotian bank, which provides a classic example of overharvesting that resulted in the
closure of a 9,600 square miles area in 1994 (Frank et al., 2005). There has been a reduction in the direct
harvest of marine mammals that have historically been overharvested, like seals, otters, and whales since
the peak of these industries almost a century ago. For example, sea otter (Enhydra lutris) hunts peaked in
the middle of the 1800s when the species was almost driven to extinction by the fur trade. Sea otters were
listed under the U.S. Endangered Species Act in 1977 and designated endangered in Canada in 1978, and
most of their historical range has been reoccupied, but their numbers are still considered low in some areas
(Bodkin, 2014). For oyster reefs, overharvesting remains a serious problem as about three-quarters of the
world’s remaining wild oyster reefs are found in just five locations in North America, however only in one
of these regions — the Gulf of Mexico — are oyster populations deemed relatively healthy as of 2011 (Beck
et al., 2011).
Several policies have reduced or eliminated the harvesting of selected species like the U.S. Marine Mammal
Protection Act of 1972 that established a moratorium on the taking of marine mammals in USA waters and
the USA passed the Endangered Species Act (1973) that restricts harvests of critically imperilled species. In
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1973, CITES was established to ensure that international trade of animals and plants does not threaten their
survival in the wild. Canada and the USA often use allocation of fishing rights and use of protected areas to
manage fisheries in federal waters, with agencies establishing quotas using robust stock assessments and
monitoring programs. Examples of overharvesting in North America Artic and Greenland are presented in
Box 4.14.
Box 4.14. Overharvesting in North America Artic and Greenland
Several fisheries studies in northeastern Canada and Greenland observe species overharvesting which
can lead to cascading effects and modification of food webs (Jørgensen et al., 2014; Shelton & Morgan,
2014; Munden, 2013). Overexploited fish species include Atlantic cod (Gadus morhua), Atlantic halibut
(Hippoglossus hippoglossus), redfish (Sebastes mentella), Atlantic wolfish (Anarhichas lupus), starry ray
(Rujuradiuta), and American plaice (Hippoglossoides platessoides). Deep-sea fish species are particularly
vulnerable to overexploitation as they mature late and have a low fecundity and slow growth rate
(Jorgensen et al., 2014). Barkley (2015) reports two key datasets to develop sustainable harvest levels
for Greenland halibut (Reinhardtius hippoglossoides) in the Canadian Arctic and understanding the stock
connectivity between inshore and offshore environments as well as examining capture induced stress
metabolites in Greenland halibut caught in a trawl and Greenland sharks (Somniosus microcephalus)
caught as bycatch on bottom longlines.
Mortality of non-target species, or bycatch, is a fisheries management problem that can be solved with
innovative fishing gear and practices. Traditional fishing gears, like trawls, not only contribute to bycatch,
but can greatly modify marine habitat. FAO (2016c) reports that 35% of landings are bycatch with at least
8% being thrown back into the sea. In Newfoundland, Munden (2013) found that impacts of bycatch and
habitat alteration can be mitigated through gear modification. She found that a modified shrimp trawl
can reduce contact area by 39% while increasing shrimp harvesting by 23%. A change in the type of
gangions can lead to a significant reduction in shark bycatch without negatively impacting commercial
catches of turbot (Scophthalmus maximus). In Davis Strait, West Greenland, one of the world’s largest
cold-water shrimp fisheries, with an annual catch of about 80,000 tons, bottom trawls have excessively
modified bottom habitats and community structures (UNEP, 2004). Jorgensen et al. (2014) studied nine
bycatch species from bottom-trawl surveys of Greenland halibut over a 24-year period and found that
four populations showed a significant reduction in mean weight of individuals that was significantly
correlated with increases in fishing effort.

Mesoamerica
Terrestrial
Mesoamerica provides an important corridor for many Neotropical migrant bird species and home to rare
and charismatic species like the scarlet parrot, ocelot, beaded lizard, river turtle, and the iconic jaguar that
are threatened by the illegal pet trade. Butterflies, reptile leather, shark fin are also popular items on the
black market. In the tropical dry and humid forests, several valuable tree species like mahogany and black
rosewood are increasingly in demand and being cut and smuggled into markets in India and China by
organized crime (Dudley et al., 2014; Blaser et al., 2015). In 2016, rosewood species have been included in
CITES. The southern border of the USA is also a hot zone for wildlife smuggling based on the nearly 50,000
illegal shipments of wildlife and wildlife products that were seized at ports of entry from 2005 through
2014. This included nearly 55,000 live animals and three million pounds of wildlife products (Defenders of
Wildlife, 2016)
Marine
While most high migratory species are assessed and well-managed through multinational efforts in
Mesoamerica, many coastal fish stocks are considered to be overfished or declining (FAO, 2011). Examples
of locally overfished species groups throughout Mesoamerica include crabs, sea-spiders, and shrimp, as
well as various demersal fish (croakers, snappers, groupers) that form a large portion of the bycatch from
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shrimp fisheries (FAO, 2011). The vaquita have also become overfished to endangerment in recent years
after becoming entangled bycatch in gillnets set for the totoaba, a large white fish (Morell, 2017). The
overharvesting of sea turtles continues to be a problem as all seven species of sea turtles are threatened
by the sale of meat, jewelry, and leather products. Their eggs are sold on a thriving Central American market
as a male aphrodisiac. Heavy exploitation of sea turtles in the Mexican and Caribbean regions began in the
15th century. In the 1970s, sea turtles were added to Appendix I of CITES, banning commercial trade
between member states. Despite CITES and U.S. Endangered Species Act listing, sea turtles are still
declining. Turtles also die in huge numbers entangled in the nets of fishers. Another species threatened by
trade and illegal harvest is Mexico’s totoaba, an endangered fish endemic to the Gulf of California. Totoaba
are valued for its swim bladders, used to make a specialty soup, and individual fish can be sold for $10,000
to $20,000 apiece in the Asian market (Neme, 2016). Sea cucumbers also remain overexploited throughout
Mesoamerica, driven by lucrative export markets to Asian countries (Purcell et al., 2013). Effective fisheries
management regulations and capacity are lacking in many parts of Mesoamerica. In cases where
management systems do exist, they are often jeopardized by data deficiencies, a lack of enforcement and
monitoring, and corruption. Lack of effective management has led to de facto open access and overfishing.

Caribbean
Marine
According to the FAO, the Caribbean Sea (FAO area 31) has the highest proportion of overfished stocks in
the world, about 54% in 2009 (FAO, 2011). Long-term catch data suggest that fish catches in the Caribbean
increased by about 800% since 1950, and have been declining since 2001. Conclusions about the recent
declines in fish landings as indicators of the status of fish stocks can only be made with very low certainty
as the fish landings data comprise multiple fish species across many trophic levels, data sources have
changed over the years, and landings from artisanal fishers are thought to be unreported. However, it is
likely that the declining trend in fish landings indicate decreases in the size of fish stocks across the region
(Agard et al., 2007).
Overfishing is affecting virtually all Atlantic coral reefs and particularly in the Caribbean, with almost 70%
of reefs at medium or high risk (Burke et al., 2011). Atlantic reefs have some of the lowest recorded fish
biomass measures within reef habitats in the world – largely from overfishing (Burke et al., 2011; Jackson
et al., 2014). While the Caribbean only supplies a small percentage of the global trade in marine ornamental
species, the environmental and biological impacts of the industry are well recognized. At least 16 Caribbean
countries have export markets for ornamental reef fish, with the biggest markets being the USA, the
European Union, and Japan. The impacts of the ornamental reef fish industry include the overharvesting of
key species, coral reef degradation associated with gear impacts and from use of cyanide and other poisons,
changes in the ecology of the reefs due to focused collection of specific trophic groups like herbivores, and
loss of biodiversity due to removal of rare species (Bruckner, 2005). While less than 1% of the stony corals
that have been reported to CITES database originate from the western Atlantic reefs, the USA and most
Caribbean nations have prohibited the trade of stony corals. Hundreds of other genera of invertebrates,
including echinoderms, sponges, molluscs and crustaceans are also collected and exported from the
western Atlantic, primarily for the aquarium trade (Bruckner, 2005). An additional case study on queen
conch in the wider Caribbean is explained in Box 4.15.
Box 4.15. Overharvesting of queen conch in the wider Caribbean
With a life span of up to 40 years, the queen conch (Strombus gigas) is a unique marine mollusc found in
tropical waters throughout the wider Caribbean, Bermuda and the Gulf of Mexico. Its shell is emblematic
of the oceans it inhabits with many cultures referring to conch shells as a “megaphone” for hearing the
ocean’s sound. In addition to the ornamental use of its shell, conch shells are used in jewelry making.The
meat is consumed throughout the Caribbean and exported as a seafood product to the USA, France and
other countries. Live queen conch are also sold in the aquarium trade. Because of its slow growth and
density requirements to reproduce, queen conch are easily overharvested and the Americas have plenty
of cases where this overharvesting is evident (Appeldoorn et al., 2011).
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In the USA, Florida’s queen conch fishery collapsed in the 1970s and today both recreational and
commercial harvests of queen conch are prohibited in the State. Demand for queen conch however
remains high. Since the 1980s, commercial catch has increased in response to international market
demand, especially from the USA, which imported approximately 80% of the annual queen conch catch
in 2004 (Paris et al., 2008). Regulatory measures to manage queen conch stocks in the region vary
considerably throughout the Caribbean (Berg & Olsen, 1989; Chakalall & Cochrane, 1997). Some
countries have minimum size restrictions on harvested conchs; others have closed seasons, harvest
quotas, gear restrictions, spatial closures, or a combination of these; however in management response
at all levels, from regional to local, has been slow in tackling overexploitation (Appeldoorn et al., 2011).
In 1992, queen conch became the first large-scale fisheries product regulated under Appendix II of CITES.
Appendix II includes species that are not necessarily threatened with extinction, but unless trade is
strictly controlled, may become extinct. Despite CITES listing, conservation actions and management
policies, few countries report substantial recovery of queen conch populations, which may be due to
reduced densities that limit reproduction (Stoner & Ray, 1996; Stoner, 1997; Paris et al., 2008). More
science, monitoring and management action will be required to put conch on the path to recovery and
it will take time, resources and political will to achieve sustainability of this emblematic species.

South America
Terrestrial
South America is home to a multitude of species that are highly prized for the pet trade, bush meat, and
traditional medicines. Many of these species are harvested by indigenous peoples and sold to traffickers.
The wildlife trade affects endangered and valuable birds, mammals, reptiles and amphibians, fish, and rare
trees and plants. Some bird species, like the blue-throated macaw (Ara glaucogularis) are prized for their
brilliant color and command a high dollar price on the illegal pet trade. Estimates of annual bushmeat
consumption for the Brazilian Amazon are estimated at 89,000 tons (Peres, 2000 in Ripple et al., 2015). In
remote forest areas, eating bushmeat may be a matter of survival, being often the main (or only) source of
animal protein available. When wild fish is available the role of bushmeat in people’s diets may drop,
thereby their consumption seems to be closely linked to both availability and/or prices (e.g. Rushton et al.,
2005 in Peru; Nasi et al., 2011). As a cascade effect, a decline in one wild resource may drive up an
unsustainable exploitation of the other (Brashares et al., 2004; Nasi et al., 2008 in Nasi et al., 2011).
Nevertheless, for richer sectors of society, bushmeat is harvested for sports hunters and as a novelty food
for tourist in high-end restaurants in the region.
Freshwater
Manatees (Trichechus inunguis) and giant otters (Pteronura brasiliensis) are the most demanded aquatic
species of mammals found in wetlands with very high demand as food and leather, respectively. Caimans
(black giant caiman, Melanosuchus niger, and spectacled caiman, Caiman spp.), the Orinoco crocodile
(Crocodylu sintermedius) and river turtles (mainly the Amazon giant turtle – Podocnemis expansa) are under
strong harvesting pressure in the wetlands. While caimans are still found in healthy and very abundant
populations in more remote areas, clear of human interference, river turtles struggle to resist to very high
harvest rates (Seijas et al., 2010; Turtle Conservation Coalition, 2011). In the Amazon and Pantanal, the
overexploitation of large frugivorous fish may affect the dispersal of seeds within wetlands covering 15% of
South America by area (Correa et al., 2015). Ornamental fish are caught in large numbers in the Amazon,
and there is evidence of overharvest of species like the cardinal tetra (Paracheirodon axelrodi ) (Begossi,
2010).
Even though Amazonian wetland forests are the most diverse in the world (Wittmann et al., 2006) and
exploited for timber for many decades (Castello et al., 2013), quite a small number (N=14) of tree species
were considered especially vulnerable (Ribeiro, 2007). Forest products for manufacturing and construction
include timber, rattan and bamboo for furniture, plant oils and gums, dyes, resins and latex (Shirey et al.,
2013). Some species, like mahogany (Swietenia macrophylla), are highly valued commercially for its beauty,
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durability, and color. It is estimated that approximately 58 million hectares (21%) of mahogany’s historic
range had been lost to forest conversion by 2001 (Grogan et al., 2010). Commercial exploitation has
sometimes led to traditional medicines becoming unavailable to the indigenous peoples that have relied
on them for centuries or millennia. The fate of remaining mahogany stocks in South America will depend
on transforming current forest management practices into sustainable production systems. Given the
potential costs and benefits associated with trade, the challenges suggest that a collaborative approach
between agencies, nurseries, and plant collectors is needed to regulate the trade of listed plants. There is
a substantial international trade and demand for products like Brazil nuts, palm hearts, pine nuts,
mushrooms and spices (Shirey et al., 2013). In regulating commercial trade, policymakers and conservation
biologists may want to consider potential risks and benefits of private efforts to recover species (Shirey et
al., 2013). More details on overharvesting in Amazonian wetlands are presented in Box 4.16.
Box 4.16. Amazonian wetlands
In general, overexploitation of Amazonian wetland species has two types: timber species and fish species.
Main reasons include strong market pressures from an increasing affluent urban population,
unregulation of markets, and adoption of unsustainable techniques of extraction and/or production of
resources, reduction of stocks, depletion and even extinctions. The Amazon human population is very
dependent on local fisheries for their animal protein intake. Fish consumption is among the highest in
the world. And almost 50% of the fished species exploited (and more than 60% of the biomass estimate
of 450,000 tons produced annually) is directly related to the Amazonian wetlands, where they use either
as spawning grounds or as nurseries to larval stages. As a very selective activity, this fishery exploits only
a small fraction of the local fish diversity. Consequently, many stocks of the larger species exploited are
already overfished, mainly in the more populated areas of the Amazonian wetlands (Junk et al., 2007).
Although almost two hundred species of fish are of commercial value, fish yields are dominated by 18 to
20 species only. There was a reduction in the mean maximum body length of the main species harvested
in 1895 (circa 206 cm) to the main species harvested in 2007 (circa 79 cm). From the group of species
harvested in the early 19th century, three are now endangered. From the 18 species dominating yields
nowadays, one is endangered and four were found to be overexploited in at least one region of the
Amazon basin (Castello et al., 2013). Modern technologies allow fishermen to explore more distant
places, to travel longer and further, and to catch and store a higher amount of fish biomass.
Marine
While just over 27% of assessed fish stocks on the Pacific coast of South America are considered
overexploited, roughly 69% of assessed fish stocks are overfished on the Atlantic coast. Conversely, 59% of
unassessed stocks on the Pacific coast of South America are estimated to be overexploited, while 53% of
assessed fish stocks are estimated to be overfished on the Atlantic coast (FAO, 2011; Hilborn & Ovando,
2014).
The Humboldt Current moves cold Antarctic waters along the western coast of South America and drives
upwelling of nutrient-rich water, making the coastal shelf one of the most productive marine environments
in the world. Large environmental variations are known to cause large year-to-year fluctuations as well as
longer-term changes in fish abundance and total production of the main exploited species (FAO, 2011). The
world’s largest fishery by volume, the anchoveta, is targeted mainly by Peru and Chile. Overfishing played
a major role in the collapse of the anchoveta fishery in 1973, 1983, and again in 1998, however it is also
recognized that environmental conditions also significantly influenced the decline (FAO, 2016). More
recently, the adoption of an individual quota system for the industrial sector of the fleet and other
management measures have contributed to reducing the excess industrial fishing capacity for anchoveta.
The small and medium scale sector still need reforms, but the fishery is considered by fisheries scientists to
be managed within sustainable limits.
Additionally, local populations of sea urchins, clams, scallops, and other shellfishes have been overexploited
in some areas (FAO, 2011). As coastal stocks decline, commercial fishers continue to move further offshore
in search of higher trophic-level species that are more valuable. Lack of effective fisheries management has
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also led to illegal, unreported, and unregulated fishing, and exploitation by foreign fleets. The bycatch of
seabirds, marine mammals, and sea turtles is thought to be significant in both southwest Atlantic and
southeast Pacific for gillnet and driftnet fishing gears, although there are large data gaps in the existing
knowledge its extent and contribution to the overexploitation of marine species (Wiedenfeld et al., 2015).
In the Americas, incorporation of traditional values, knowledge, and social taboos within indigenous
communities is increasingly being recognized as a fundamental part of effective resource management
(Colding & Folke, 2001; Heyman et al., 2001; Moller et al., 2004; Fraser et al., 2006; Herrmann, 2006). Trends
are towards participatory, inclusive, community-based approaches to conservation (Berkes, 2007) that
provides a sense of ownership and promotes self-management. Traditional ecological knowledge within
indigenous communities accumulates across multiple generations and is learned through years of
observations in nature (Drew, 2005). Invaluable local insight provides a deep understanding of the critical
balance to maintain ecological integrity within an environment and it fosters shared responsibilities
between locals and the science community. Moller et al. (2004) suggest that by combination traditional
ecological knowledge and science, insight can be gained into prey population dynamics as well sustainable
wildlife harvests. By doing so, partnerships and community buy in is garnered and indigenous users develop
their own adaptive management actions which are often more effective since they have greater investment
in having a sustainable resource.

Direct natural drivers
Nature of the driver, its recent status, and trends and what influences its intensity
Direct natural drivers of biodiversity loss include large environmental disturbances. Effects of disturbance
on biodiversity have been studied in many ecosystems (Dornelas, 2010; Vega-Rodriguez et al., 2015). The
types of disturbance include everything from single tree-falls (Brokaw, 1985) to ecological catastrophes
(Hughes, 1994).
Natural disturbances are caused by natural climatic, geologic, and biological fluctuations. Large, severe
disturbances are often considered natural disasters, because they can threaten human life and have striking
short-term effects on plant and animal populations (Lindenmayer et al., 2009). They are often eventtriggered by natural hazards that overwhelm local response capacity and seriously affect the social and
economic development of a region (United Nations & The World Bank, 2010).
Globally, natural hazards are classified as: geophysical (e.g. earthquake, volcano, mass movement;
meteorological (short-lived/small to meso scale atmospheric processes, e.g. storms); hydrological (e.g.
flood, wet mass movement, climatological (long-lived/meso to macro scale processes, e.g. extreme
temperature, drought, wildfire), or biological (e.g. epidemic, insect infestation, animal stampede) (Guha et
al., 2014). Biological disasters are not included in this assessment.
Sources of risk are both natural and man-made. Ecosystem structure can ameliorate “natural” hazards and
disruptive natural events. For example, vegetative structure can reduce potentially catastrophic effects of
storms, floods, and droughts through its storage capacity and surface resistance whilecoral reefs can reduce
wave energy and protect adjacent coastlines from storm damage (de Groot et al., 2002). Forests and
riparian wetlands or coastal ecosystems like vegetated dunes, mangroves, coral reefs and sea-grass, reduce
exposure to natural hazards by acting as natural buffers and protective barriers that, reducing the impacts
of extreme natural events like landslides, tidal waves or tsunamis (Welle et al., 2012; Rodil et al., 2015).
Consequently, environmental degradation directly magnifies the risk natural hazards by destroying natural
barriers, leaveing human settlements and socioeconomic activities more vulnerable.
Climate change is predicted to increase the frequency of high-intensity storms in selected ocean basins
depending on the climate model. The majority of tropical hurricanes damage from climate change tends to
be concentrated in North America and the Caribbean–Central American region (Mendelsohn et al., 2012).
Increasing water temperatures along the Pacific coast through strong El Niño conditions and global warming
can increase hurricane intensity. Although rare, more subtropical hurricanes have developed in the South
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Atlantic Ocean near Brazil. Changes in global atmospheric circulation patterns accompaning La Niña are
responsible for weather extremes in parts of the world that are typically opposite to the El Niño changes.
The Americas suffered from 74 natural disasters in 2013 (Guha-Sapir et al., 2014). Hydrological disasters
(43.2%) and meteorological disasters (31.1%) occurred most often, followed by climatological (20.3%) and
geophysical (5.4%) disasters. Globally, the Americas (22.2%) was only second after Asia (40.7%) in
experiencing natural disasters in 2013. The nature of the risk, however, is different for different subregions
of the Americas as presented below.

North America
North America has a vast range of natural disasters per year with hurricanes being one of the most common.
The prevailing winds in the tropical latitudes of the Northern Hemisphere, where tropical hurricanes
typically form, blow from east to west directing hurricanes to the eastern and southern coasts of the USA
the islands of the Caribbean, Central America, and Mexico (see next sections). Hurricanes on eastern coasts
can venture much further north due to the influence of warm waters of the Gulf stream. The west coast of
Central America and Mexico are often affected by severe topical storms in the Pacific Ocean, or storms that
cross from the Atlantic to the Pacific Ocean. Hurricanes, tornadoes, and other ecological disturbances alter
structure and create periodic forest clearings. Hurricane Katrina (a category 5 storm) was the second
costliest disaster, with total losses of $140 billion (in US 2010 values) (Wirtz et al., 2014). The aftermath
resulted in an estimated loss of 320 million trees in Louisiana and Mississippi in 2005 (Hanson et al., 2010).
Florida, in particular, is one of the most hurricane-prone areas in the USA (Leatherman & Defraene, 2006).
Delphin et al. (2013) project major hurricane-related losses in two key ecosystem services over time:
aboveground carbon storage and timber volume. Other ecosystem services that are at risk due to impacts
of severe storms include storm protection from coral reef and mangroves, and other benefits obtained from
low-lying coastal habitats. In the west coast of the USA, major landslides have been associated with El Nino
events, especially in California State, mainly from intense rainfall (Godt et al., 1999).
Earthquake and volcanic events occur along plate boundaries in the west coast. Volcanic eruptions are
active in the hot spot zone of Hawaii and in the North Pacific region including volcanoes in Alaska, the
Aleutian Islands, and the Kamchatkan Peninsula.
Severe forest fires occur in western North America where conditions are drier. Fires are a natural and
important disturbance in many temperate forests, but natural fire regime can be changed by poor forestry
management, invasive species, encroachment, and by humans. In North America, fire suppression in some
areas, has contributed to the decline of grizzly bear (Ursus arctos horribilis) numbers (Contreras et al., 1986).
Fires promote and maintain many important berry-producing shrubs and forbs, which are important food
source for bears, as well as providing habitat for insects and, in some cases, carrion. Some of the largest
fires in the world occur in boreal forests. Fire return times in natural forests vary greatly, from 40 years in
some Jack pine (Pinus banksiana) ecosystems in central Canada, to 300 years, depending on climate (van
Wagner, 1978). Most boreal conifers and broad-leaved deciduous trees suffer high mortality even at low
fire intensities, owing to canopy architecture, low foliar moisture, and thin bark (Johnson, 1992). Generally,
the ability of post-fire boreal forest to regenerate is high, but frequent high intensity fires can offset this
balance. Weather and climate are determinants for behavior and severity of wildfires, along with fuel
properties, topography (Pyne et al., 1996), and the effects of climate variability which are apparent as
summer temperatures increase and many regions experience long-term droughts. Under warm and dry
conditions, a fire season becomes longer, and fires are easier to ignite and spread. In addition, the spread
of annual invasive grasses has led to much larger, more frequent fires in dryland regions (e.g. Brooks &
Minnich, 2006). La Niña favors slighty higher than normal temperatures in a broad area covering the
southern Rockies and Great Plains, the Ohio valley, the southeast, and the mid-Atlantic States.

Mesoamerica
Mesoamerica also faces a variety of natural disasters, with 31% caused by floods, 26% by wind storms, 19%
by earthquakes and 8% by volcanoes (Charveriat et al., 2000). Rainfall-induced disasters rank first among
all natural disasters in Central America. In Central America and the Caribbean, storms that develop along
the intertropical convergence zone and the subtropical high-pressure zone, dominate the weather. In
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Mesoamerica, it is common for two or more countries to be struck by the same rainfall event. For example,
Hurricane Mitch in 1998 affected the entire region, killing more than 18,000 people (Guinea Barrientos et
al., 2015). In tropical semi-deciduous forest on the Yucatan Peninsula, Mexico, species richness of bees
declined after hurricane Hurricane Dean (2007), with a loss of 40% of the species present beforehand,
however the native bee community returned to previous species diversity levels just two months after the
hurricane, probably due to the rapid recovery of the vegetation (Ramírez et al., 2016).
El Niño years are associated with intense droughts and an increase in wildfires. In Mexico, during El Niño of
1998 near to 849,632 hectares were affected for 14,445 fires (Delgadillo, 1999). While the El Niño of 2005
registered 9,709 fires in Mexico that affected 276,089 hectares (Villers & Hernández, 2007).
There is also a great deal of seismic activity in the region due to the presence of several active geologic
faults within the Central America Volcanic Arc. Volcanic eruptions and earthquakes occur frequently that
have resulted in the loss of lives and property and impacted natural ecosystems.

Caribbean
In the Caribbean, windstorms constitute more than half of disasters while flooding is the second most
common disaster. Floods are a function of climate, hydrology, and soil characteristics and are usually
associated with hurricanes and other tropical storms which generate heavy rainfall. Small Island Developing
States of the Caribbean are particularly vulnerable. The region experiences regular annual losses due to
natural hazard events in the order of $3 billion (Collymore, 2011). In Haiti, a devastating earthquake struck
the island in 2010, killing more than 300,000 people. The human impact of the earthquake was immense
primarily because it occurred in a large urban area with many poorly-constructed buildings (Zephyr, 2011).
Geology and climate contribute to the prevalence of landslides in the Caribbean. Weather patterns,
deforestation in some places, and increasing population density are among the major causes of landslides
in the region (Holcombe et al., 2012). Droughts have also negatively affected the economic and social
sectors of several Caribbean states and are often related to the El Niño Southern Oscillation. Some countries
in the region, like Guyana in 1997 and Cuba between 2004-2006 and 2015-2017, experience severe
droughts that direct influence biodiversity and ecosystem services. The Caribbean and eastern Central
America are also prone to disturbance due to tsunamis, which have historically caused substantial loss of
life and property in many countries of the region (Henson et al., 2006)
Huge and very rare catastrophes affecting entire regions are likely to remain imprinted in the structure of
local biological communities for millennia (Brooks & Smith, 2001). The increasing frequency and range of
natural disasters which, when coupled with the intensified vulnerability in the Caribbean, demonstrates the
need for sustained regional efforts to reduce vulnerability to climatic and environmental hazards there.
Given that the Caribbean coastal zones are at the heart of the tourism industry in the region, the economy
and well-being of many countries is immensely vulnerable to natural disasters.

South America
In South America, between 1904 and 2011, 966 natural disasters were recorded, 735 of which of
hydrometeorological nature. The most common events were floods and earthquakes corresponding to
more than 55% of the calamitous occurrences in South America, however droughts and floods affected the
largest number of people in the period (Nunes, 2011). El Niño events have resulted in higher rainfall in Peru,
Ecuador, Argentina, Paraguay and Southern Brazil. The hydrological system in the region also contributes
to flooding risk. The major drainage divide is far to the west along the crest of the Andes. West from this
divide, in the mountainous regions, slopes of the riverbeds are very steep, which, in the event of storms,
increases risk of flash flooding, the most dangerous types of flooding.
Landslides are also common in the region due to the nature of soils and steep topography and usually occur
in connection with earthquakes, volcanoes, wildfires, and floods. Andean soils are relatively young and are
subject to great erosion by water and winds because of the steep gradients of much of the land. Along the
Andean mountain chain, landslides produce serious damage with widespread environmental and
economical effects for Andean countries (Lozano et al., 2006). Landslides may have severe and long-lasting
negative effects on natural and human-dominated ecosystems, but they may also influence ecosystems in
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positive ways. For example, landslides play a key role in the dynamics of mountainscapes and creating
suitable habitat patches for some species (Restrepo et al., 2009).
With a current total of 204, South America has more active volcanoes than any other region of the world.
The volcanic eruption of Puyehue-Cordón Caulle volcanic complex in Chile in 2011 dispersed about 100
million tons of pyroclastic materials. Impacts included changes in the reproduction and the body condition
of a population of a lizard population (Boretto et al., 2014), increased mortality of honeybees (Apis
mellifera) (Martínez et al. 2013), and reduced availability of forage by 90% to 100% (Siffredi et al., 2011).
Seismic activity is significant along the South American portion of the Ring of Fire. Jaramillo et al. (2012)
provided the first quantification of earthquake and tsunami effects on sandy beach ecosystems after Chile’s
2010 Mw 8.8 earthquake which indicated that ecological responses of beach ecosystems were strongly
affected by the magnitude of land-level change.
Seasonal drought occurs in climates that have well-defined annual rainy and dry seasons. However, there
are important and severe drought and precipitation changes that are not seasonal and can last months to
years. The arid (northeast Brazil, Mexico) and cold (south Chile) climate zones in the region have a higher
propensity to drought episodes. Forest fires are associated with the dry season and drought conditions.

Interactions between direct drivers
Although biodiversity may also change due to natural causes (section 4.5), anthropogenic drivers dominate
current change in the Americas. As presented in Figure 4.12 in all four subregions of the Americas, multiple
drivers such as habitat loss and fragmentation, changes in biogeochemical cycles and pollution, climate
change, overexploitation and invasive species increasingly threaten biodiversity, ecosystem services, and
their benefits to society.
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The analysis of status and trends of the different drivers indicates that habitat degradation has been the
largest threat to freshwater, marine, and terrestrial biodiversity in the Americas. The net change in local
diversity (for both species richness and total abundance) caused by land use and related pressures by 2005
is highlighted in Figure 4.13 (Newbold et al., 2015). All four subregions showed critical areas with significant
loss of biodiversity in association to habitat degradation. As presented in section 4.4.1 and further discussed
in the following section, indirect drivers such as agriculture expansion, energy demand, and urbanization
are linked to extensive changes in natural landscapes.
Over time, however, it is expected that the relative importance of direct drivers will change and the effects
of climate change are expected to significantly increase (Alkemade et al., 2009). The importance of the
drivers of biodiversity change differs across realms, with land-use change being a dominant driver in
terrestrial systems, and overexploitation in marine systems, while climate change is ubiquitous across all
realms (Pereira et al., 2010). A meta-analysis of 1,319 studies that quantified the effects of habitat loss on
biological populations (different taxa, landscapes, land-uses, geographic locations and climate) pointed out
the magnitude of these effects depends on current climatic conditions and historical rates of climate change
(Mantyka-Pringle et al., 2012). Current maximum temperature was the most important determinant of
habitat loss and fragmentation effects with mean precipitation change over the last 100 years of secondary
importance (Mantyka-Pringle et al., 2012).
Climate change will have far-reaching impacts on biodiversity, including increasing extinction rates. Besides
exposure to climate change, there are biological differences between species that may significantly increase
or reduce their vulnerability. Species that are both highly vulnerable and threatened by climate change, and
the regions in which they are concentrated, deserve particular conservation attention to reduce both
threats and climate change adaptation interventions (Foden et al., 2013). For example, the Amazon and
Mesoamerica emerge as regions of high climate change vulnerability for both birds and amphibians, due to
the large overall numbers and proportions of these groups that exist there (Foden et al., 2013).
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Future impacts of climate change are also related to different mitigation strategies, especially those related
to land-based carbon sequestration Figure 4.4 shows historical and future estimates of net change in local
diversity from 1500-2095, based on estimates of land-use intensity and human population density from the
four IPCC RCP scenarios, which correspond to different intensities of global climate change (Newbold et al.,
2015). Studies that addressed the interactions between land use and climate change (e.g. Oliver &
Morecroft, 2014; Jantz et al., 2015) indicate the loss of natural vegetation cover generally decrease as
mitigation efforts increase (RCP scenarios). The worst biodiversity outcomes arise from the scenario with
the most dramatic climate change (MESSAGE 8.5) Figure 4.14 in which rapid human population growth
drives widespread agricultural expansion, even though the projections omit direct climate effects on local
assemblages. Recent trends in greenhouse gasses emissions most closely match this scenario (Newbold et
al., 2015).
In addition, concurrent effects of climate and land use changes can further increase the already dramatic
rates of biological invasions. Projections using multiple species distribution models, several global climate
models, and land cover change scenarios, evaluated the vulnerability of biomes to 100 of the world’s worst
invasive species and highlighted the need to consider both climate and land use change when focusing on
biological invasions (Bellard et al., 2013). Analysis of the future vulnerability of various biome types to these
invasive alien species indicated northeastern North America as one of the three global future hotspots of
invasion. Southern Brazil could be affected at a lower rate (20–40 invasive alien species) (Bellard et al.,
2013).
The recognition of the interactions between direct drivers and conservation efforts implies that not only
strategies focusing on a single driver might be inadequate, but also there are opportunities to align
biodiversity conservation and mitigation. The cumulative and synergistic effects of drivers reinforces the
need of effective adaptation strategies and policies to better safeguard protected areas under multiple
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drivers of change, especially since land use changes, invasives, and climate are expected to impact
ecosystem function and biodiversity significantly (Hansen et al., 2014). Future trends and scenarios are
developed in Chapter 5 and governance and policy options in Chapter 6.

Effects of indirect drivers on direct drivers
Changes in the behaviour and values of individuals, institutions and organizations are a prerequisite for
sustainable development which is a means to reduce environmental degradation and improve the quality
of life within generations as well as between generations. Therefore, the identification of drivers of change,
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especially indirect drivers, would contribute to discerning the characteristics that need to be targeted in
order to achieve sustainable development.
In the Americas, the usage and exploitation of available natural resources are expected to intensify. The
indirect drivers behind this are demographic, economic, socio-political, cultural, scientific, and
technological advances among others (section 4.3.). The understanding of causal dependencies between
human activities and their various impacts on ecosystems is a major challenge for science and requires
integration of knowledge across different ecosystem components, linking physical, chemical and biological
aspects with existing and emerging anthropogenic stressors. Likewise, an effective response to these
interacting threats involves a better understanding of governance systems (section 4.3) and ecological
processes that affect the resilience of the biota and ecosystems including the identification of early
warnings of change, tipping points and the characteristics of species, communities and ecosystems that
underpin ecological resilience.
The cumulative effects of multiple stressors may not be additive but may be magnified by their interactions
(synergy) and can lead to critical thresholds and transitions of ecological systems (Cotê et al., 2016).
Synergistic interactions are caused by amplifying feedbacks and can provoke unpredictable “ecological
surprises” that can accelerate biodiversity loss and impair the functioning of ecosystems. The conservation
implications of synergies are that cascading impacts of co-occurring stressors will degrade ecosystems
faster and more severely. For example, the unforeseen crash of the Peruvian anchovy populations is
proposed to have resulted from the interaction between El Niño driven warming and reduced productivity,
in combination with overfishing (Jackson et al., 2001).
The Americas, and in particular South American, has a major role in the global trade of products where
cultivation involves deforestation and vegetation clearing in the producing countries. These products are
referred to as forest and biodiversity risk commodities (Henders et al., 2015), such as beef, soybeans, maize,
cotton, cocoa, coffee and timber products. There is a large potential to increase South America’s role in the
trade of a number of others like palm oil and biofuels. The Americas account for the vast majority of global
soy exports, for about two thirds of global maize exports and for about one third of bovine meat exports
(Table 4.14 and Chapter 2, section 2.2.1). This reliance on land-based export commodities, paired with the
relative abundance of arable land currently sustaining natural vegetation, clearly poses a threat to the
preservation of the remaining natural areas. It has been hypothesized that in order to increase food security
globally more trade liberalization is crucial, but that it would also lead to more environmental pressures in
some regions across Latin America (Flachsbarth et al., 2015). The global trade network has increased
enormously since 1950s in terms of the total value of exchanged goods. The technological development of
means of transportations (e.g. large-scale transport of goods by airplanes, transcontinental containerships)
has decreased the time necessary for transport, greatly expanded the type and value of goods transported.
Increases in trading activity will cause substantial increases in invasion levels within a few decades,
particularly in emerging economies (Seebens et al., 2013). These countries show most pronounced growth
of naturalized plant numbers compared to countries with similar trade value increases (Seebens et al.,
2013) and most of these economies coincide with regions of megadiversity (Brooks et al., 2006), rich in
endemic and rare species.
The Americas experienced an early and intense urbanization process. While urbanization rates will be
highest in China and India, it is in Central and South America where the largest number of species will be
affected (Seto et al., 2012). Urban land-cover change threatens biodiversity and affects ecosystem
productivity through loss of habitat, biomass, and carbon storage. Even relatively small decreases in habitat
can cause extinction rates to rise disproportionately in already diminished and severely fragmented
habitats, like the Atlantic forest hotspots in South America (Seto et al., 2012). Coastal regions and islands
are particularly under pressure to increase their urban footprint. The projected urban expansion in the
Caribbean islands is relatively small in total area, but they are home to a significant proportion of endemic
plants and invertebrates (Chapter 3).
Energy production and agriculture are related to pollution and changes in biogeochemical cycles of major
nutrients (nitrogen, carbon, phosphorus, sulfur). Atmospheric ozone occurs where emissions from fossil
fuel combustion (energy utilities, industry, motor vehicle exhaust) or biomass burning interact with vapors
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from solvents, gasoline or vegetation. Emissions from motor vehicles and other fossil fuel combustion are
also large contributors to atmospheric fine particulate matter a human health hazard. The geographic
distribution of atmospheric nitrogen deposition is related to fossil fuel combustion for utilities, industry and
transportation. The levels of nutrients in rivers are expected to increase in the Americas, particularly as per
capita GDP, food crop, meat and milk production increase. Widespread trends in pesticide concentrations,
some downward and some upward, occur in response to shifts in use patterns primarily driven by regulatory
changes and introductions of new pesticides or crops, but the use of pesticides is projected to increase.
Urban systems, via runoff and treated and untreated sewage, add more nutrients, sediment and organic
matter to aquatic systems.
Even places with low human density are subjected to pollution from human activities. Pollution from past
mining and smelting exposes wildlife to toxic metal contamination across the Americas. Lead contamination
has also reached the Arctic from coal combustion and Amazonian countries are among the largest sources
of mercury emissions from artisanal gold mining in the Americas. Major sources of atmospheric mercury
also include fossil fuel, non-ferrous metal manufacturing, cement production, waste disposal and caustic
soda production and emissions from soils, sediment, water, and biomass burning, which include reemissions from sites that have legacy contamination issues. Toxic releases from these sites may continue
due to weak environmental laws or enforcement, poor public understanding of the continuing
environmental effects of these sites, and a lack of public or private funds.
The interactions between drivers presented in this chapter can be further examined using freshwater and
wetland ecosystems throughout the Americas as case studies. These units of analysis appear particularly
threatened in the qualitative approach presented in Figure 4.12 and their analyses can provide a means for
understanding the interactions of multiple drivers with greater clarity.

Freshwater and wetland ecosystems as examples of interactions
Freshwater is an essential resource for human life and for many natural systems that support human wellbeing. Human alteration of rivers, lakes and wetlands has followed economic development (Revenga et al.,
2005). Most freshwaters have been altered in multiple ways, and changes in any particular freshwater
system usually have multiple causes. Water management is also a vast subject embracing such diverse
topics as water markets, political conflict over water, connections between water and social development
(Carpenter et al., 2011).
A global assessment of patterns of freshwater species diversity, threat and endemism (Collen et al., 2014),
indicated that three processes predominantly threatened freshwater species: habitat loss/degradation,
water pollution and over-exploitation. Of these, habitat loss/degradation was the most prevalent, affecting
more than 80% of threatened species. The main indirect drivers of habitat loss and degradation were
conversion to agriculture, logging, urbanization, and infrastructure development (particularly the building
of dams). Dams disrupt the ecological connectivity of rivers, whereas water storage in reservoirs and release
patterns affect quantity, quality, and timing of downstream flows. Consequences are influenced by
interactions between different threat processes (for example, water pollution can be caused by chemical
run-off from intensive agriculture or manufacturing, sedimentation by logged riparian habitat, and
domestic waste water by urban expansion). On the top of these drivers climate change affects will cause
impacts on freshwater and wetland ecosystems due to sea level rise, changes in precipitation, air
temperature, and river discharges.
The Americas are particularly rich in terms of freshwater resources. In South America, about 30% of the
planet’s freshwaters flow through the Amazon, the Parana-Río de la Plata and the Orinoco watershed. In
North America, the Great Lakes shared by the USA and Canada span more than 1,200 kilometers from west
to east and represent 84% of North America's surface freshwater and about 21% of the world's supply of
surface freshwater. The Americas have also significant areas of wetlands. In South America, the exact size
of the wetland area is not known but may comprise as much as 20% of the sub-continent, with river
floodplains and intermittent interfluvial wetlands as the most prominent types (Junk, 2013). North and
Central America has a combined total of 2.5 million km2 of wetlands, with 51 % in Canada, 46 % in the USA,
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and the remainder in subtropical and tropical Mexico and Central America (Mitsch & Hernandez, 2013).
Along the Caribbean coast and in addition to coral reefs, saltwater wetlands such as mangroves and
seagrass beds are the dominant ecosystems.
Because streams, rivers, and groundwater integrate the landscape, providing a conduit for the transfer of
energy and material from terrestrial habitats into freshwater systems and ultimately to the oceans, they
are particularly vulnerable to environmental impacts from land use change. Wetlands are also not isolated,
but are connected to their surroundings as they are often located at the transition zone between upland
and open water, wetlands can be affected by activities and conditions in both terrestrial and aquatic areas.
Land use influences sediment, hydrologic, and nutrient regimes, which in turn influence aquatic biota and
ecological processes in freshwaters. Land use change occurs largely through human actions affected by
economic incentives and regulation. These changes can have both direct and indirect effects on freshwater
ecosystems - the former have immediate ecological impacts (e.g. destruction of wildlife habitats), while the
latter have impacts that are transmitted via altered flow or sediment transport patterns (e.g. lower
productivity due to increasing turbidity) (Palmer et al., 2002). Conversely, on many major rivers the need
for hydroelectric power, flood control, and water for irrigation has led to the building of large dams that
reduced the amount of sediment carried by those rivers.

North America – The Mississippi Basin
The Mississippi River watershed is the fourth largest in the world and the largest in North America at 3.2
million km2 and includes all or parts of 31 USA states and two Canadian Provinces. Communities up and
down the river use the Mississippi to obtain freshwater and to discharge their industrial and municipal
waste. The Missouri River, one of the major tributaries of the basin, has had a long history of anthropogenic
modification with considerable impacts on river and riparian ecology, form, and function (Skalak et al.,
2013). During the 20th century, several large dam-building efforts in the basin served the needs for
irrigation, flood control, navigation, and the generation of hydroelectric power. Agriculture has been the
dominant land use for nearly 200 years in the Mississippi basin, and has altered the hydrologic cycle and
energy budget of the region. The basin produces 92% of the USA agricultural exports, 78% of the world’s
exports in feed grains and soybeans, and most of the livestock and hogs produced nationally. Sixty percent
of all grain exported from the USA is shipped on the Mississippi River through the Port of New Orleans and
other ports in southern Louisiana.
Changes in the watershed and management practices impact the wetlands of Mississippi Delta and the Gulf
of Mexico. As the Mississippi River reaches the last phase of its journey to the Gulf of Mexico in
southeastern Louisiana, it enters one of the most wetland-rich regions of the world. The total amount of
freshwater and saltwater wetlands has been decreasing at a rapid rate in coastal Louisiana, amounting to
a total wetland loss of between 66 and 90 km2 per year and has been attributed to both natural and artificial
causes (Dunbar et al., 1992). The Mississippi River Basin accounts for 90% of the freshwater inflow to the
Gulf of Mexico (Rabalais et al., 1996). Nitrate–nitrogen concentrations and fluxes from the Mississippi River
Basin increased dramatically in the 20th century, particularly in the decades after 1950, when nitrogen
fertilizer came into increasing use. Artificial drainage and other hydrologic changes to the landscape,
atmospheric deposition of nitrates, runoff and domestic wastewater discharges from cities and suburbs,
and point discharges from feedlots and other sites of intensive agricultural activity are also contributing
factors to the input of nutrients into the Gulf.

South America – Río de la Plata Basin
The La Plata River Basin is one of the most important river basins of the world. Draining approximately onefifth of the South American continent, extending over some 3.1 million km2, and conveys water from central
portions of the continent to the south-western Atlantic Ocean. The La Plata River system is recognized as
among those watersheds of the world having the highest numbers of endemic fishes and birds but also the
highest numbers of major dams. The La Plata Basin represents an important concentration of economic
development in southern and central South America (Tucci & Clarke, 1998). Thirty-one large dams and fiftyseven large cities, each with populations in excess of 100,000 including the capital cities of Argentina, Brazil,
Paraguay, and Uruguay, are to be found within this Basin. The rivers of the La Plata River Basin are subject
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to pressures that have modified, and can further modify the quantity and quality of their waters (Cuya et
al., 2013). The consequences of these pressures are not restricted to specific countries, but are of a
transboundary character. Before 1960, the Plata River Basin was almost undeveloped. The regulation of the
Paraná (a large tributary of the La Plata in Brazil) for hydroelectricity has been increasing since the early
1970s. Water in reservoirs of the upper Paraná Basin currently comprises more than 70 % of the mean
annual discharge at its confluence with the Paraguay River. The expansion of hydroelectric generation in
the upper basin brought with it an increase in industry, agriculture, transport and settlements. These in
turn increased deforestation, soil erosion, degraded water quality and reduced fisheries opportunities in
both the upper and lower basins (FAO, 2016). These pressures are expected to increase in the future as
the Basin countries continue to enlarge their agricultural and industrial bases, and provision of services, to
improve the living standards of their increasing populations (Cuya et al., 2013). The basin has the second
greatest number of planned dams in the world: 27 large dams, of which 6 are under construction. The
national governments of the basin are planning a massive navigation and hydroelectric dam project
(Hidrovia) to facilitate expansion of the export of soybean, timber, iron ore and other commodities during
the dry season.

Central America and the Caribbean
Tropical rivers of Central America are highly heterogeneous systems, ranging from fast-flowing mountain
torrents in areas of high relief to slow-moving rivers that meander through lowland environments. Relative
to rivers in neighboring North and South America, the narrowness of the isthmus means that Central
American rivers are shorter in length, carry a substantially lower volume of water as they drain smaller
basins, and generally are closely connected to marine environments. Central American rivers contain
hundreds of species of fishes and shrimp, including many migratory species that depend on a natural flow
regime and upstream-downstream connectivity for survival. Human populations derive most water for
consumptive uses from surface waters. Rivers provide a source of food, income, and building materials,
serve as transportation routes, and have strong linkages to the cultural identity of rural people. Regionally,
hydropower accounts for approximately 50% of net electricity generation and 42% of total installed
generation capacity (Anderson, 2013). Central America has experienced a proliferation of hydropower
dams in recent years, a trend that began with the construction of a few large dams in the 1980s (e.g. Arenal
dam in Costa Rica, El Cajón in Honduras, and Chixoy in Guatemala), that accelerated with the privatization
of electricity generation in the 1990s, and that has continued into the 21st century.
Population growth, an increase in rural electrification, and rising electricity consumption (estimated at 4.2%
regionally in 2011) and reduced availability of domestic fossil fuel sources are important drivers of
hydropower development in Central America. Expansion plans for the period 2012–2027 include many new
hydropower developments in Central America, including large dams as well as small and medium-sized
dams. Although a critical source of electricity, existing dams in Central America have been linked to declines
in migratory and sensitive fish species, compromising other ecosystem services, and having negative
impacts on population health and well-being. In the Caribbean, erosion, sedimentation, pollution, water
nutrient enrichment, saltwater intrusion, and loss of biodiversity have been identified as the most
significant factors affecting wetlands. The causes of these impacts include deforestation, tourism, urban
development, industry, agriculture, damming and diversion of rivers, and dredging for navigation. In
addition, natural and human enhanced phenomena such as tropical storms and hurricanes, sea level rise,
and global warming also threaten these valuable ecosystems.

The challenge of matching scales: drivers, ecological and social responses
Systematic conservation planning must also ensure that not only biodiversity but also the supporting
ecological processes are protected at a relevant and appropriate scale (Possingham & Wilson, 2005). Drivers
interact across spatial, temporal, and organizational scales. Studies indicate that different drivers of
biodiversity-ecosystem function relationships occur at small plot scales (species identities, composition)
and large landscape scales (biomass, species richness) as well as in short and long temporal scales. These
results imply that not all relationships and findings obtained by studies at small spatial and short temporal
scales can necessarily be translated to larger or longer scales that have relevance for political decisions and
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conservation biology (Brose & Hillebrand, 2016). Global trends (e.g. climate change or globalization) can
influence regional contexts and local ecosystem management while changes in national regulations might
influence responses of different stakeholders to global change (Nelson et al., 2006). Changes in ecosystem
services also feed back to the drivers of change (e.g. altered ecosystems create new opportunities and
constraints on land use) (Nelson et al., 2006).
Some effects of drivers emerge in the short-term (e.g. land use, deforestation), while others mainly in the
long-term (e.g. climate change, changes in biogeochemical cycles). Long-term impacts of anthropogenic
drivers of environmental change on ecosystem functioning can strongly depend on how such drivers
gradually decrease biodiversity and restructure communities (Isbell et al., 2013). Current models do not
account for potentially important indirect effects of habitat destruction on ecosystem services resulting
from changes in biodiversity that occur within nearby remaining ecosystem fragments, even though many
species could be lost from such fragments (Isbell et al., 2015).
Socio-ecological systems are characterized by causal relationships between their different components
(Fischer & Christopher, 2007) Figure 4.15a and environmental problems can originate from the
relationships between stakeholders, from the inefficiency of institutional arrangements in implementing
regulation, from social inequality or from the inadequacy of policy actions for a given social context (Maxim
et al., 2009). In addition, uncertainty is intrinsic to complex biological and social systems (Maxim et al.,
2009). In the case of the Americas, reducing uncertainties through the improvement of integrated
monitoring networks will enhance the ability to respond to environmental changes in the different
subregions and improve the understanding of potential interactions of multiple drivers and scales and how
the interactive effects of change drivers might impact (positively or negatively) ecosystem in the future.
The Figure 4.15b represents the mismatches in the spatial and temporal scales at which the relationships
between anthropogenic drivers, biodiversity, and ecosystem functions and services (Isbell et al., 2017).
These mismatches pose a challenge to link the cascading effects of human activities on biodiversity,
ecosystems and ecosystem services. Furthermore, the scales at which knowledge is available for some of
the relationships do not yet align with the scales at which policies and other decisions are often made.
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The Aichi 2020 targets, under the CBD, endeavor to halt the loss of biodiversity by 2020, in order to ensure
that ecosystems continue to provide essential services. The present evaluation of the status and trends of
the multiple drivers of change for the different units of analysis in the Americas shows that most of the
Aichi targets will be not achieved without significant policy interventions. This analysis is in accordance with
a study at the global scale of the many impediments for the accomplishment of the Aichi targets that
indicated 15 of the Aichi targets as unlikely to be delivered; three likely to be delivered in part; and two in
full (Hill et al., 2015).
Understanding and managing ecosystem-service delivery is of key importance for human wellbeing
(Chapter 2). Development, poverty eradication, and biodiversity conservation are key areas of focus of the
United Nations SDG. The initiative adopted in 2015 by more then 150 world leaders set targets to be
achieved by 2030 as part of a new sustainable development agenda and reinforces the demand for
integrated analyses of indirect and direct drivers of biodiversity and ecosystem changes. This agenda is
particularly relevant to Mesoamerica and South America whose countries still show social inequality allied
to economies highly dependent on the export of natural resources and agricultural commodities.
The rapidly increasing dependency on biodiversity-risk commodities, which are expanding mostly at the
expense of existing natural vegetation, is currently not accompanied by comprehensive governance policies
and land planning (Lemos & Agrawal, 2006). Efforts to revise this situation face a variety of challenges. The
increased globalization of the world economy has catalyzed rapid growth and the complexity of
international trade, leading to a disconnection and physical separation of the places of production,
transformation and consumption of land-based products. This disconnectedness strongly hampers socioenvironmental governance and the implementation of regulatory frameworks, beyond the intrinsic
difficulties to govern sectors already in rapid transition driven by increasing global demand for food, fuel,
feed and fiber Figure 4.16. As a result, natural resource use policies often come in place only when
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fundamental shifts in the land-use system are already underway and interventions become costly and have
limited influence. Furthermore, while benefits from trade of agricultural commodities are easily measured
and perceived by those in the supply chain and production countries as a whole, the associated externalities
have so far been poorly understood and/or poorly translated into economic costs in future years.
The application of the knowledge of ecological and socio-ecological processes to the
sustainable management of natural systems is the foundation to build resilience to future environmental
change. In the different units of analysis, increasing and diverse exploitation of natural resources demands
the development of different regional and national legislative initiatives aimed at protection and
restoration of biodiversity and ecosystems and further adequate and sustainable management of nature
(see Chapter 6). Policies and strategies could reduce the anthropogenic impacts on biodiversity by
modifying the trends of drivers and underlying causes. The integration of biodiversity protection into other
sectoral policies might enhance the chances for effective political action. Planning of measures to prevent
and mitigate biodiversity loss, like habitat preservation, restoring degraded landscapes, maintaining or
creating connectivity, avoiding overharvest, reducing fire risk and control of greenhouse gasses emissions,
should consider the need to manage multiple drivers simultaneously over longer terms (Brook et al., 2008).
Usually, conservation plans are developed for regions that encompass only one environmental realm
(terrestrial, freshwater or marine) because of logistical, institutional and political constraints (Beger et al.,
2010). However, as shown above for freshwater and wetland ecosystems, these realms often interact
through processes that form, utilize and maintain interfaces or connections, which are essential for the
persistence of some species and ecosystem functions. These linkages must be also considered in policy
framing processes as well as the analysis of values and human behavior that induce, are affected by or
respnd to the changes in environmental conditions.
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Table 4.14. Weight of the Americas in the global exports of key bodiversity-risk commodities (as percentage of global exports), 2015.

COUNTRY
Argentina
Aruba
Belize
Bolivia
(Plurinational
State of)
Brazil
Canada
Chile
Colombia
Costa Rica
Dominican Rep.
Ecuador
El Salvador
Guatemala
Honduras
Jamaica
Mexico
Nicaragua
Panama
Paraguay
Peru
Uruguay
USA
Venezuela
(Bolivarian
Republic of)
TOTAL
VS
WORLD

2,87
0,01
0,01

0,43
0
0,00

8,87
0,00
0,00

44,03
0,00
0,00

39,66
0,00
0,00

Meat of
bovine
animals;
fresh or
chilled**
1,52
0,00
0,00

0,14
6,01
3,22
0,83
0,46
0,28
0,12
0,35
0,08
0,34
0,14
0,02
1,67
0,12
0,02
0,42
0,30
0,44
10,57

0,06
1,29
2,44
0,41
0,31
0,06
0,05
0,13
0,03
0,05
0,04
0,01
2,02
0,01
0,00
0,05
0,22
0,05
8,39

0,01
41,37
3,23
0,00
0,00
0,00
0,00
0,00
0,00
0,00
na
0,00
0,00
0,00
0,00
3,48
0,00
2,31
36,73

3,04
13,13
1,21
0,00
0,00
0,07
0,05
0,00
0,01
0,03
na
0,00
0,02
0,15
0,00
5,49
0,00
0,00
7,53

2,31
22,09
0,34
0,00
0,00
0,00
0,00
0,00
0,00
0,00
na
0,00
0,02
0,00
0,00
3,72
0,00
0,02
13,92

0,02
3,22
5,90
0,07
0,05
0,16
0,00
0,00
0,00
0,01
na
0,00
3,78
0,84
0,03
2,57
0,00
1,10
8,56

0,02
17,79
1,13
0,11
0,15
0,18
0,01
0,00
0,00
0,02
na
0,00
0,45
1,15
0,06
3,30
0,00
4,06
7,57

0,07
19,84
0,41
0,01
0,00
0,00
0,00
0,00
0,00
0,01
na
0,00
0,51
0,00
0,00
2,25
0,01
0,00
30,63

0,00
17,78
0,10
0,00
1,71
0,24
2,12
0,00
6,76
1,53
na
0,00
13,20
0,00
0,00
0,00
0,02
0,00
16,71

0,01
0,27
0,05
0,00
0,55
0,01
3,17
9,41
0,00
0,00
na
0,01
0,01
0,16
0,02
0,00
2,36
0,00
0,62

0,01
3,66
0,20
0,00
0,36
0,01
0,17
0,70
0,00
0,00
na
0,00
0,65
0,00
0,01
0,00
0,94
0,00
3,35

0,00
1,15
0,51
0,00
0,29
0,00
0,02
1,47
0,00
0,00
na
0,00
0,01
0,00
0,00
0,00
0,31
0,00
3,08

0,00
0,54
0,01
0,01
0,01
0,01
0,07
0,01
0,02
0,02
na
0,00
0,10
0,00
0,00
0,00
0,03
0,00
2,19

0,01
0,13
5,06
0,07
0,05
0,07
0,01
0,18
0,01
0,01
na
0,00
0,07
0,00
0,14
0,01
0,00
6,29
16,37

0,04
1,53
0,00
3,22
0,00
0,22
0,00
0,07
0,00
0,05
na
0,00
0,03
0,02
0,05
0,03
0,10
0,22
0,00

0,00
28,45

0,47

na

na

na

na

na

na

na

na

na

na

na

na

na

16,54

96,01

74,78

82,09

27,81

37,41

65,23

60,37

16,65

10,05

6,86

3,04

28,49

5,69

Agricult.
products*

Total
merchandise
trade*

Soy
beans**

Soy
oil**

Soy
meal**

Meat of
bovine
animals,
frozen**

Maize**

Maize
flour**

Cocoa
beans**

Cocoa
butter,
fat and
oil**

Cocoa
paste**

Cotton***

Wood in the
rough or
roughly
squared****

Wood sawn or
chipped
lengthwise****

1,41
0,00
0,00

11,48
0,00
0,00

0,18
0,00
0,02

0,00
0,00
0,01

0,00
0,00
0,00

0,00
0,00
0,00

0,02
0,00
0,00

0,00
0,00
0,00

0,10
0,00
0,01

*FAOSTAT (2013), % of USA Dollars value versus world, **COMTRADE (2015), % of weight versus world, ***COMTRADE (2015), % of USA Dollars value versus world, ***COMTRADE
(2015), % of m3 volume versus world
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Gaps in knowledge and data
Relevant information on indirect drivers is extremely limited at environmental scales (e.g. habitats,
ecosystems, biomes), which in many cases may be more relevant than institutional scales (e.g.
administrative, municipalities, provinces, countries) for IPBES assessments. In addition, internationally
comparable data on indirect drivers are not always available for all countries and regions of the Americas
being particularly limited for small economies.
The mechanisms by which direct drivers interact are poorly understood. The mechanisms include
interactions between demographic parameters, evolutionary trade-offs and synergies and threshold effects
of population size and patch occupancy on population persistence. Understanding how multiple drivers of
global change interact to impact biodiversity and ecosystem services requires a multiscale approach as
drivers act at from global to local scales, and their interactions have emergent properties (i.e. change with
the scale). The lack of appropriate research is partially due to limited data availability and analytical issues
in addressing interaction effects.
In the case of the Americas, for some regions, there is still substantial uncertainty associated to spatial and
temporal magnitude of the drivers (e.g. area and spatial distribution of the different land-use classes and
infrastructure maps, measurements and model forecasts for climate and nitrogen deposition, distribution
of invasive species). For example, studies that quantify the impacts of invasive species on biodiversity and
ecosystems are still very scarse, especially outside North America. In addition, there is very little information
on the effects of nitrogen deposition on tropical forests, woodlands, savannas and grasslands (Bobbink et
al., 2010). Likewise, in contrast to North America, no systematic surveys exist for pollutants, including
agricultural chemicals, persistent organic pollutants and mercury, in South America, the Caribbean and
Mesoamerica. Another major difficult to assess the effects of pesticides on biodiversity and ecosystem
services is just knowing what pesticides are used, when and how much as well as having little information
on the environmental occurrence of these same pesticides. Regarding climate change, the degree to which
climate change in tundra and boreal ecosystems will promote fires and droughts is not well-documented
considering that these disturbances have major consequences for species productivity and dynamics in this
region (Abbott et al., 2016; Pastick et al., 2017).
For some ecosystems, lack of consistent information on drivers of change is observed in all subregions of
the Americas. Trends in land condition, and drivers of those trends, remain unstudied or understudied in
most dryland areas across the Americas. Coastal aquatic and pelagic ocean biodiversity also remains poorly
characterized throughout the Americas. Understanding how sensitive areas change in relation to regionalto global-scale processes, a mechanism to communicate the needs of people making decisions about local
resources to scientists, and pathways to deliver scientific knowledge to decision makers remain prioritary
needs for the region. At this time it is not possible to make a generalized statement of impacts of global
changes in physical ocean dynamics and atmospheric carbon dioxide concentrations on coastal ecology.
Another major unknown is the fate of plastic pollution in coastal regions of the Americas, as the amount of
plastic pollution on the ocean surface is much less than the amount that is released to oceans, yet we know
that many plastics can take hundreds of years to degrade (Clark et al., 2016).
A major limitation in the study and management of coastal zones around the world has been the lack of a
capacity to collect, handle, and process repeated, frequent observations of aquatic and nearby wetland
resources in an integrated manner to enable the detection of changes in the chemistry and in the diversity
of wetland and aquatic organisms.
Regarding American mangroves, more data on consequences of nitrogen and phosphorus enrichment to
nutrient cycling rates, fluxes and stocks, sediment microbial communities structure and functioning, and the
resulting primary productivity in the different types of mangroves are needed, especially in
underrepresented areas like South America (Reis et al., 2017). Information about oil contamination effects
on sediment microbial communities and the effects of bioremediation techniques on microbial diversity in
mangroves are also needed (Santos et al., 2011; Machado & Lacerda, 2004).
Improved management for overharvested species requires inventories, baselines, and monitoring
knowledge of targeted species. Managers need to know population densities, sizes and trends, breeding
472

IPBES/6/INF/4/Rev.1

and migration patterns, and ecological conditions they require. Understanding the threats that are causing
their decline (e.g. trade markets) as well as traditional values and knowledge will assist both management
and enforcement.
There are active efforts to organize partnerships and collaborations to observe biodiversity and ecosystem
characteristics in the Americas. Specifically, a series of Biodiversity Observation Network efforts are being
organized under the Group on Earth Observations with some of these are at the country level. Networks of
regional observation systems that collaborate and share information, and that work jointly to understand
biodiversity and ecosystems could provide support to existing national programs and contribute to address
United Nations SDG.

Supplementary material
Box 4.17. Nutrient pollution in the Mississippi River and Gulf of Mexico
Run-off from fields used for food and fiber production, point sources of municipal waste (from human
waste and manufacturing), as well asand urban run-off, can transport nutrients and sediment to rivers
and streams. This can increase nutrient (phosphorus, nitrogen, and carbon) concentrations and promote
algal and aquatic vegetation growth causing eutrophication.
Over the last 30 years a hypoxic zone in the northern Gulf of Mexico has been measured each summer.
This is an area along the Louisiana-Texas coast in which water near the bottom of the Gulf contains less
than two parts per million of dissolved oxygen. Hypoxia can cause fish to leave the area disrupting
fisheries and can cause stress or death to bottom dwelling organisms that can’t move out of the hypoxic
zone. Hypoxia is believed to be caused primarily by excess nutrients delivered from the Mississippi river
in combination with seasonal stratification of Gulf waters. Excess nutrients promote algal and attendant
zooplankton growth. The associated organic matter sinks to the bottom where it decomposes, consuming
available oxygen. Stratification of fresh and saline waters prevents oxygen replenishment by mixing of
oxygen-rich surface water with oxygen-depleted bottom water. Despite scientific concern, serious debate
and billions of dollars used to ameliorate the offsite movement of nutrients in the Mississippi river basin
over the past 20 years, the amount of nutrients being discharged from the Mississippi river into the Gulf
of Mexico has not decreased (Sprague et al., 2011).
Shorebirds like the interior least tern and piping plover preferred habitat is sparsely vegetated sandbars
along rivers or lakes and reservoir shorelines. The interior least tern was put on the Endangered Species
List in the USA in 1985 and it was widely believed that river engineering threatened the species continued
existence especially in the lower Mississippi river. In 2013, a Government report recommended that the
interior least tern be removed from the list of plants and animals protected by the Endangered Species
Act. Much of the credit for this has been given to two Federal agencies, The Fish and Wildlife Service and
the Army Corps of Engineers who have specific differing responsibilities in manging the Mississippi river
basin, but decided to cooperate in order to achieve objectives of flood control, navigation, and
biodiversity (Nielsen, 2014).
One of the major improvements to interior least tern habitat came from a slight modification to the many
engineered dikes along the lower Mississippi river which are used to focus the current into the main
channel. Many of this dikes had notches built into them that allow some water through and creates
backwater for fish habitat and keeps the interior least tern sand bars, isolated from shore and away from
mammalian predators. Now, as Paul Hartfield, from Jackson, Mississippi, says “the interior least tern is
one of the most abundant shorebirds in the lower Mississippi river” (Nielsen, 2014).
Nutrient and organic matter pollution from human sewage, urban runoff and agriculture are also a major
concern in Central and South America and the Caribbean. Most municipal wastewater in South America
is not treated, and rivers and estuaries draining lands with large urban areas or extensive agriculture, like
the Río de la Plata, exhibit relatively high concentrations of dissolved nitrogen and organic matter
(Bustamante et al., 2015; Mekonnen et al., 2015; Venturini et al., 2015). Eutrophic zones are also found
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in the Amazon river basin.

Box 4.18. Organochlorine contaminant effects on bald Eagles in the Laurentian Great Lakes
Bald eagles (Haliaeetus leucocephalus) have been treated as bioindicator species in the recovery of the
Laurentian Great Lakes from organochlorine contamination. As studies documented in early studies
(Mitchell et al., 1953; Wurster et al., 1965; Wurster & Wingate, 1968) in addition to acute toxicity to
songbirds, offspring of certain bird populations suffered from eggshell thinning when adults were
exposed to commercial DDT. Commercial DDT is a mixture of compounds including
dichlorodiphenyldichloroethylene, a much more potent toxicant towards avian populations than DDT
itself. Migration surveys showed drastic declines of bald eagles from the 1940s-1960s. The species almost
became extinct (Farmer et al., 2008), but populations have shown recovery since the 1970s.
The recovery of the bald eagle population in the Great Lakes was not uniform, however (Bowerman et
al., 1995). Bald eagles nesting along the shores of the lakes and rivers open to spawning runs of
anadromous fishes from the Great Lakes continued to exhibit impaired reproduction due to continued
exposure to contaminants through consumption of contaminated fish. Total polychlorinated biphenyls,
dichlorodiphenyldichloroethylene and also 2,3,7,8-tetrachlordibenzo-dioxin equivalents (TCDD-EQ;
http://www.dioxinfacts.org/tri_dioxin_data/sitedata/test3/def.html) in fishes were shown to represent
a significant hazard to bald eagles living along these shorelines or near the rivers. Bowerman et al. (1998)
attributed the recovery of the bald eagle population along the Great Lakes to immigration of healthy
individuals from interior regions. This conclusion was supported by findings that the reproduction rate
of bald eagles nesting along Lake Superior’s shore was significantly less than that in neighboring inland
regions in Wisconsin and other inland Great Lakes sites (Dykstra et al., 1998). It was concluded that the
low productivity of Lake Superior eagles was at least partly attributable to low food availability, but
another factor, possibly polychlorinated biphenyls, could also have contributed to low productivity.
Dykstra et al. (2001) further showed that bald eagle populations nesting on the shores of Green Bay, Lake
Michigan, where concentrations of polychlorinated biphenyls are high, due to the historical presence of
numerous pulp and paper mills, had reproductive rates significantly lower than those of neighboring
eagles nesting inland (0.55 versus 1.1 young per occupied territory). It was concluded that organochlorine
contaminants caused all or most of the depression in reproductive rates of Green Bay bald eagles.
More recently bald eagle populations have recovered. Although other contaminants, including
methylmercury (Depew et al., 2013), may have sublethal or lethal effects, Dykstra et al. (2005) found that
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concentrations of polychlorinated biphenyls and dichlorodiphenyldichloroethylene decreased
significantly in bald eagle nestling blood plasma from Lake Superior from 1989-2001. Mean
concentrations were near or below threshold concentrations for reproduction impairment, and
reproductive rate and contaminant concentrations were not correlated, suggesting that polychlorinated
biphenyls and dichlorodiphenyldichloroethylene no longer limited Lake Superior eagle population
reproduction.
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Box 4.19. Pollution in Greenland
Mining within Greenland is limited but related issues with pollution can occur. For example, the Black
Angel mine in Maarnorilik, West Greenland, one of the richest zinc mines in the world, operated from
1973 to 1990 and restarted in 2009, has contaminated nearby waters with heavy metals especially zinc,
lead, and mercury, plus others. But 30 km from the mine heavy metals are not elevated (Perner et al.,
2010).
In 2004 - 2005 air samples were collected from a site in Nuuk, in Southwestern Greenland and analyzed
for a suite of persistent organic pollutants. The results from the study indicate that a number of persistent
organic pollutants were detected in the air in significant quantities; these included alpha and gamma
hexacholorhexane, cis- and trans- chlordane, dieldrin, and degradants of DDT.
There were several studies, in two locations in Greenland that examined the long-term trends in
persistent organic pollutants in biota including ringed seal, seabirds, and fish. In Greenland, there were
no upwards trends in concentrations for any persistent organic pollutants, most had decreasing
concentrations, although not all were statistically significant (Hung et al., 2005; Rigét et al., 2010).
In another study that examined 17 whitetail eagles found dead in Western Greenland from 1997 to 2009
all had detectable levels of persistent organic pollutants and methoxylated polybrominated diphenyl
ethers in different tissues. The majority of the chemicals were found in muscle tissue and the largest
portion of sum of the chemicals was polybrominated biphenyl ethers with over 50% of the totals,
followed by components of DDT. Collectively the concentrations in the birds did not reach known toxic
levels, but some individual birds did have levels that would be considered toxic (Jaspers et al., 2013)
In Greenland, pregnant Inuit women, women of child-bearing age and infants have high mercury and
persistent organic pollutants levels in maternal blood and hair; maternal blood mercury levels exceed
guidelines and are much greater compared with most Europeans; and mercury levels increase with
increasing marine mammal consumption (Bjerregaard & Hansen, 2000; Dietz et al., 2013; Visnjevec et
al., 2014; Weihe et al., 2002). The combined evidence suggests mercury exposure is causing subtle
neurobehavioral deficits in children (Weihe et al., 2002). In the Faroe Islands, which are also in the north
Atlantic, modeling suggests that mercury inputs would have to decline by ~50% to achieve safe Inuit
exposure levels (Booth & Zeller, 2005), which is about the portion of the global environmental mercury
burden that has man-made origins (Bergan et al., 1999). Polar bears in Greenland also have mercury
levels in tissues that are high enough to be toxic. As in other Arctic biota, Greenland birds of prey have
been exposed to steadily increasing levels of mercury, beginning with the industrial revolution and
through the 10th century, as indicated by feather mercury levels. A few samples from the late 20th
century suggest recent declines in mercury (Dietz et al., 2006).
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Box 4.20. Pollution of South American mangroves
South American mangroves are threatened by human-induced alterations in the nitrogen and
phosphorus cycles. Increased nitrogen availability originating from agriculture and mining activities,
sewage pollution, and also from shrimp farming and direct solid waste disposal that take place in South
American mangroves (Lacerda et al., 2002; Castellanos-Gallindo et al., 2014; Rodríguez-Rodríguez et al.,
2016) can lead to intensification of nitrogen cycling in mangrove sediment with direct effects on
ecosystem functioning and also potential indirect effects on ecosystem structure and biodiversity. As a
consequence of anthropogenic nitrogen enrichment, mangroves may increase nitrous oxyde fluxes to the
atmosphere, also contributing to global warming (Reis et al., 2017). Phosphorous enrichment may also
extensive affect nutrient cycling in mangrove sediment by modifying physical and chemical conditions
and phosphorus fractionation, and by increasing microbial activity and organic matter decomposition in
sediment (Nóbrega et al., 2014). Other pollutants affecting mangroves in South America are oil spills
(Lacerda & Kjerfve, 1999; Lacerda et al., 2002) and toxic metals (Machado & Lacerda, 2004). In general,
consequences of oil spills to mangroves include trees defoliation and leaf deformation, mortality of
seedlings and trees, bioaccumulation of toxic compounds, and reduction in faunal density, which can
persist over many years after the spill (Lacerda et al., 2002). Oil spills were also reported to affect the
structure and biodiversity of microbial and fungal communities in mangrove sediment (e.g. Taketani et
al., 2010; Fasanella et al., 2012). Enhanced trace metal availability due to engineering works at
watersheds and input of waste from urban and industrial centers and aquaculture and agriculture areas
has favored trace metals trapping and storage in mangrove sediment (e.g. Machado & Lacerda, 2004;
Lacerda et al., 2011; Costa et al., 2013). While the retention of such elements within mangrove sediments
may contribute to the reduction of metal transfer to surrounding coastal areas, it may also cause negative
effects on mangrove plants and animals, with special concerns on transfer within food chains, and
transfer to man through fisheries (Machado & Lacerda, 2004).
Box 4.21. Case study: Pterois volitans (Linnaeus 1758) and P. miles (Bennett 1828) Family Scorpaenidae
The Indo-Pacific lionfish is the first nonnative marine fish to establish in the western north Atlantic and
Caribbean Sea. The lionfish invasion is predicted to be the most ecologically impacting marine invasion
ever recorded (Albins & Hixon, 2011). Invasive lionfish prey on a wide range of native fish species (Côté
et al., 2013) due to a suite of predatory characteristics and behaviors that have no parallel in the Atlantic
(Albins & Lyons, 2012; Albins & Hixon, 2013). Field experiments have demonstrated that lionfish reduced
recruitment of native species in coral reef patches, including important functional groups like
parrotfishes (Albins & Hixon, 2008; Green et al., 2012). The reduction in the abundance of native fishes
caused by lionfish in controlled experiments was 2.5 times greater than the one caused by a similarly
sized native predator (Albins, 2013), suggesting that lionfish can outcompete native predators. The first
confirmed record of lionfish occurrence in the USA was a specimen taken 1985 (Morris & Akins, 2009).
Whitfield et al. (2002) documented the presence and likely establishment of the Indo-Pacific lionfish
Pterois volitans in the western Atlantic. They postulated that the source of the introduction was the
marine aquarium trade. Lionfish specimens are now found along the USA east coast from Cape Hatteras,
North Carolina, to Florida, and in Bermuda, The Bahamas, and the Caribbean throughout, treats including
the Turks and Caicos, Haiti, Cuba, Dominican Republic, Puerto Rico, St. Croix, Belize, and Mexico
(Schofield, 2009; Schofield, 2010; Betancur et al., 2011). In less than 30 years, lionfish have dramatically
expanded their non-native distribution range to an area of roughly 7.3 million km2, encompassing the
eastern coast of the USA, Bermuda, the entire Caribbean region and the Gulf of Mexico (Schofield, 2010).
Because of euryhaline and eurythermal features of this species, its expansion was not constrained by the
Amazon-Orinoco plume (Luiz et al., 2013) and it was recently reported almost in the southeastern coast
of Brazil expanding its distribution range to the Atlantic coast of South America (Ferrerira et al., 2015)
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Box 4.22. Impacts of invasive alien species Clarias sp. on populations of freshwater fish in the biosphere
Reserve Cienaga de Zapata, Cuba
Biosphere Reserve Cienaga de Zapata, is the largest wetland in the Caribbean islands and is home to high
biodiversity in the presence of many local endemic. As 75% of the territory is flooded, water regime is
the main ecological factor that determines the characteristics of its complex ecosystems (ACC-ICGC,
1993) .The physical, geographical and hydrological characteristics, together with the periodic floods that
occur in rainy periods, and the incidence of major hurricanes, have influenced the introduction and rapid
increase of two exotic and invasive species of the genus Clarias (Clarias macrocephalus and Clarias
gariepinus), being more abundant C. gariepinus. This is an omnivorous species with high fertility, rapid
growth and high resistance to diseases, and stress management, justifying its rapid distribution in the
natural environment.
Studies for more than a decade (2003-2014) on the impact of the species on wetland biodiversity are
based on the results of the analysis of stomach contents. These results showed that C. gariepinus feeding
was mainly composed of fish in the first two years of sampling, predominantly the endemic, biajaca criolla
(Nandopsis tetracantus) accounted for 12.5% of the diet. This species was not found in the stomach
contents in the later years. Simultaneously, the analysis of the variation in the composition of catching
fish companions showed that in less than two years, fish populations with some degree of endemism
began to decline drastically and only introduced species maintain their populations. Importantly, from
2002, specimens of the genus Clarias were the most abundant in catches.
Today, populations of biajaca criolla have declined substantially in the wetland, proving to be rare in the
lakes and rivers. Studies by Perez & Duarte in 1990 linked the decline in populations of biajaca criolla in
Cuba with the introduction of other exotic species such as trout (Micropterus salmoides) and sunfish
(Lepomis macrochirus). However, in 1979 the biajaca criolla represented 46.7% of the population of fish
in Laguna del Tesoro, while 24.3% and 20.6% were trout and sunfish, respectively. It is with the arrival of
specimens of the genus Clarias that the effects on this Cuban endemic species of freshwater fish (meat
is of great commercial value), belonging the family Cichlidae became stronger (Howell Rivero & Rivas,
1940; Vales et al., 1998).
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Box 4.23. More than an invasive ecosystem engineer: introduced beavers in southern Patagonia as a
social-ecological system
In the 1940s and 1950s, government and private initiatives brought various exotic species to Patagonia,
including Canadian beavers (Castor canadensis), American mink (Neovison vison), muskrats (Ondatra
zibethicus), red deer (Cervus elaphus) and European rabbits (Oryctolagus cuniculus) (Ballari et al.,2016).
The re-construction of this ecological landscape was largely driven by a cultural “mindscape” that valued
Northern Hemisphere species over local ones, conceiving these introductions as a way to “enhance” the
fauna, “develop” the region or bring “progress” to a remote area (e.g. Sucesos Argentinos)
(Anonymous,1946).
Since the late 1990s, ecological research has mostly quantified the negative impacts of introduced
invasive species and focused on emblematic or problematic cases like the beaver (Anderson &
Valenzuela, 2014). For example, the biological invasion by beavers has been shown to be a significant
transformation of sub-Antarctic forests in the Holocene. As an invasive ecosystem engineer, the beaver
creates novel ecosystems conformed by meadows and ponds that reorganize biotic communities and
facilitate the spread of other exotic flora and fauna, but they also provide habitat for native waterfowl
and fish (Anderson et al., 2014). However, unlike the northern hemisphere, southern Patagonian forests
in particular are not resilient to beaver impacts, and therefore, they require active restoration measures
to ameliorate beaver impacts (Wallem et al., 2010). This ecological information motivated Argentine and
Chilean decision-makers to agree to eradicate beavers and restore degraded ecosystems. However, it
quickly became apparent that achieving these goals required understanding not only ecological
dimensions, but also social aspects of this system. Although global images of Patagonia tend to project it
as an unsullied wilderness, but it has a long history of human habitation and a modern social context that
is quite complex (Moss, 2008). In the case of beavers, an eradication program must recognize that the
Tierra del Fuego Archipelago is one biogeographic unit, but it is administered by two nations with
different political-administrative systems. Furthermore, different social groups within each country
understand their relationship with beavers differently. For example, while environmental managers in
southern Patagonia rank invasive species as a primary threat to ecosystems, the 98% of residents who
live in cities do not perceive them as a priority problem (Zagarola et al., 2014). Indeed, the novel social
context of beavers includes the fact that they have become a symbol for various tourism enterprises and
companies, particularly in Argentina. This social system includes not only two nation-States, but diverse
stakeholders and social groups that have multi-relationships and perspectives with this multi-natural
ecosystem (Santo et al., 2015). Incorporating this complexity of human and environmental factors means
reconceiving biological invasions and restoration ecology as social-ecological systems for both research
and management, but achieving this recognition has literally taken decades. By recognizing the socialecological dimensions of invasive exotic species, not just their "biological invasion", ecologists would be
better positioned to effectively and efficiently address these and other problems in association with not
only other academic disciplines, but other social actors that are part of the study and management of
environmental issues.
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Box 4.24. Case study: Limnoperna fortunei (Dunker, 1857)
This mussel species, commonly known as the golden mussel, is native to the freshwater systems southeast China.
Because of the ecological effects caused in aquatic ecosystems and expenses incurred in industrial infrastructure
concerned is considered as aquatic invasive species and environmental issues at regional level (Darrigran, 2002). It
was accidentally introduced to the region of the Río de la Plata basin in 1991 through ballast water and first reported
on the coast of Río de la Plata, Buenos Aires (Pastorino et al., 1993, Darrigran & Pastorino, 1995). Currently, it has
a rapid ascent up the Río de la Plata basin (feed rates of 250 km per year), invading major rivers (Río de la Plata,
Uruguay, Parana, Paraguay, Tiete) and smaller water systems in basins Guaíba, Tramandaí (south east Brazil),
Laguna de los Patos-Mirim (Brazil-Uruguay), Mar Chiquita (Argentina-central) or Laguna del Sauce (east coast
Uruguay) (de Oliveria et al., 2015). It is currently in aquatic environments from five countries in South America:
Argentina, Brazil, Bolivia, Paraguay and Uruguay, identified as the main vector of invasion commercial navigation
on the waterway of the Río de la Plata basin (Karatayev et al., 2006). Since its arrival to the region, it was found
associated with a variety of natural and artificial substrates consolidated, increasing its population abundances,
causing changes in the benthic communities and in the eating habits of native fish. It generates further problems
macrofouling (settlement and colonization of organisms greater than 50 micrometre on artificial substrates) in
hydraulic systems of companies and industries that use different branches water resources in their production
cycles (Boltovskoy & Correa, 2014). Among the effects caused are clogging of filters, disablement of hydraulic
sensors, damages to pumps or decreased uptake diameter line pipe for cooling water, irrigation, or water
purification. These effects cause overhead in major water purification water plants, nuclear, hydroelectric plants,
refineries, steel mills and agro-industrial plants (aquaculture, forestry, food), due to maintenance, structural
modifications, as well as management plans and population control (Brugnoli et al., 2006; Boltovskoy & Correa,
2014; Boltovskoy et al., 2015).

Box 4.25. Case study: Rapana venosa (Valenciennes, 1846)
The snail rapana is native to the Sea of Japan, Yellow Sea, Bohai Sea and the Sea of China to Taiwan (Mann et al.,
2004). In 1947, it was described for the first time outside of its original range in the Black Sea and then subsequently
reported in the Azov, Aegean, Adriatic Seas and North America (Pastorino et al., 2000, Mann et al., 2004, Kerckhof
et al., 2006). It is a predator of molluscs subtidal, usually feeding on bivalves of economic interest such as oysters,
mussels and clams (Harding & Mann, 1999; Savini & Occhipinti-Ambrogi, 2006; Giberto et al., 2011; Lanfranconi et
al., 2013).
It was first recorded in South America in 1999 in the Río de la Plata, Argentinian coast (Bay Samborombón)
(Pastorino et al., 2000). A decade after its first records outside Samborombón Bay, the species expanded its
distribution to all muddy bottoms of the subtidal mixohaline zone of the Río de la Plata (Giberto et al., 2006). For
the Uruguayan coast of the Río de la Plata, Scarabino et al. (1999) reported on the coast of Maldonado; meanwhile,
Carranza et al. (2007) describe its distribution in the outer area of the Río de la Plata. Currently, it presents its limit
of this distribution in the Bay of Maldonado-Punta del Este (Lanfranconi et al., 2009; Carranza et al., 2010).
Perception of local communities: conducting a study with a multidisciplinary approach involving biologists,
sociologists and consultation of fisherfolk (mussel) in the south east of Uruguay coast, allowed to highlight the
importance of considering local knowledge with stakeholders involved daily with the impact of invasive species on
fishery resources (Brugnoli et al., 2014). The "empirical" knowledge, largely consolidates existing scientific
knowledge concerning R. venosa and, in certain cases, brings new questions for future research. Both approaches
(scientific-community local) agree on the dates of the first observations of the snail to the area as well as
observation of mucous trail left by its movement. This empirical knowledge as well as information collected in the
field by local people, is sometimes prescinded by the academy. However, it could play an important role in
monitoring programs that include early warning, monitoring of abundance and distribution, as well as the
identification of direct or indirect effects on the native fauna caused by invading organisms like R. venosa
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Executive summary
1. One hundred per cent of the natural units of analysis will continue to be negatively affected,
with a concomitant decrease in nature’s contributions to people, given current trends
(business as usual), though the magnitude and exact mechanism of the individual drivers will
vary by driver and unit of analysis (established but incomplete){5.4}. For example, tropical
moist and dry forest and coastal mangroves will continue to exhibit a decline due to land use
change regardless of the scenarios considered, but different local factors (agriculturalization
and urbanization, respectively) will be involved (well established) {5.4.1, 5.4.11}. Additionally,
some drivers will affect units of analysis differently. Empirical evidence indicates differential
effects of climate change: boreal forest is extending northward {5.4.2}, while tundra is
diminishing in land area (established but incomplete) {5.4.3}. Thus, some drivers, and their
relative roles, will need to be further refined on a local scale and with respect to their
proximate factors.
2. Multiple drivers will act in synergy and further produce biodiversity loss and impact nature’s
contributions to people in most of the units of analysis for the Americas (established but
incomplete){5.4}. Climate change, combined with other drivers, is predicted to account for an
increasingly larger proportion of biodiversity loss in the future, in both terrestrial and aquatic
ecosystems {5.3}. Forest fragmentation, climate change and industrial development increase
risk of biodiversity and nature’s contributions to people loss i.e. dry forest unit of analysis
{5.4.1.2}. Predictions on invasive species and climate change indicates an increase in habitable
areas and their potential impacts on different units of analysis {5.3}.
3. Changes in temperature, precipitation regime and extreme climate events are predicted to
impact all units of analysis in the Americas (well established) {5.4}. Climate change and the
potential impacts on tropical dry forests by changing the frequency of wildfires; change in
forest structure and functional composition in the Amazon tropical moist forest; extreme
drought events changing nature’s contributions to people in the Amazon region; insect
outbreaks and changes in albedo are predicted to significantly impact temperate, boreal and
tundra units of analysis, affecting society and indigenous communities and well-being {5.4}.
4. Thresholds, or tipping points (conditions resulting in rapid and potentially irreversible
changes) may have already been exceeded for some ecosystems and are likely for others
(established but incomplete). For instance, it is considered more likely than not that such a
threshold has already been passed in the cryosphere with respect to summer sea ice
(established but incomplete) {5.4.12}. Model simulations indicate changes in forest structure
and species distribution in the Amazon forest in response to global warming and change in
precipitation patterns (forest die-back) (established but incomplete) {5.4.1}. So too, a 4oC
increase in global temperatures is predicted to likely cause widespread die off of boreal forest
due to greater susceptibility to disease {5.4.2} and global temperature increases may have
already started persistent thawing of the permafrost {5.4.3}. Under 4°C warming, widespread
coral reef mortality is expected with significant impacts on coral reef ecosystems {5.4.11}. Sea
surface water temperature increase will cause a reduction of sea grass climatic niche: those
populations under seawater surface temperature thresholds higher than the temperature
ranges required by the species could become extinct by 2100 with concomitant loss of
ecosystem services.
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5. Changes in nature and nature’s contributions to people in most units of analysis are
increasingly driven by causal interactions between distant places (i.e. telecouplings) (well
established) {5.6.3}, thus scenarios and models that incorporate telecouplings will better
inform future policy decisions. Nature and nature’s contributions to people in telecoupled
systems can be affected negatively or positively by distant causal interactions. Provision of
food and medicine from wild organisms in temperate and tropical grasslands, savannas and
forests of South America is being dramatically reduced due to land-use changes driven by the
demand of agricultural commodities (e.g. soybeans) mainly from Europe and China.
Conservation of insectivorous migratory bats in Mexico benefits pest control in
agroecosystems of North America, resulting in increased yields and reduced pesticide costs.
Trade policies and international agreements will thus have an increasingly strong effect on
environmental outcomes in telecoupled systems.
6. Policy interventions have resulted in significant land use changes at the local and regional
scales and will continue to do so through 2050. These policies have affected nature’s
contributions to people both positively and negatively, and provide an opportunity to
manage trade-offs among nature’s contributions to people (well established) {5.4}. Land use
changes are now mainly driven by high crop demand, big hydropower plans, rapid urban
growth and result in a continued loss of grasslands {5.4.4, 5.4.5}. However, strategies for
establishing conservation units have helped in reducing deforestation in the Brazilian Amazon
from the period of 2004 to 2011 (well established) {5.4.1}. Similarly, wetland protection policies
and regulation have helped reduce the conversion of wetlands in North America {5.4.7}.
Policies based on command and control measures may be limited in providing effective
reduction in ecosystem loss and should be complemented with policies acknowledging
multiple values {5.6.3}.
7. Policy interventions at vastly differing scales (from national to local) lead to successful
outcomes in mitigating impacts to biodiversity (established but incomplete){5.4}. For instance,
long-established governmental protections of wetlands in North America have significantly
slowed and may have stopped wetland loss based on acreage {5.4.7}. In South America, where
mangrove loss continues at a rate of one to two per cent, different stakeholders such as local
communities and/or governments have been successful in protecting mangroves based on
empowerment and shared interests in their preservation {5.4.11}.
8. Pressures to nature are projected to increase by 2050, negatively affecting biodiversity as
indicated by a potential reduction of the mean species abundance index. However, the
magnitude of the pressures by 2050 are expected to be less under transition pathways to
sustainability in comparison to the business as usual scenario (established but incomplete),
{5.5}. The Global Biodiversity model projected that under the business as usual scenario mean
species abundance had decreased in the Americas by approximately 30 per cent by 2010
compared to its values prior to European settlement of the New World, with historical losses
primarily attributed to land transformation to agricultural uses. Using the Global Biodiversity
model, there is an additional projected loss of 9.6 per cent by 2050, primarily attributed to
some additional land use changes , and especially to climate change, which will steadily
increase relative to other drivers considered in the model. However, under the transition
pathways to sustainability of global technologies, decentralised solutions, and consumption
change pathways, the projected losses are 6 per cent, 5 per cent, and 5 per cent, respectively,
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achieving a relative improvement of approximately 30 per cent to 50 per cent compared to the
business as usual scenario. Under these pathways, climate change mitigation, the expansion
of protected areas and the recovery of abandoned lands would significantly contribute to
reducing biodiversity loss.
9. Participative scenarios have proven to be a successful tool for envisioning potential futures
and pathways and to embrace and integrate multiple and sometime conflicting values and
their role in promoting bottom-up decision making in the face of future’s uncertainties (well
established) {5.3}. The use of participative approaches to develop scenarios has increased
during recent years in the Americas. The inclusion of different stakeholders and their
knowledges in the process of constructing potential futures has promoted a better
understanding of the complexity of the social-ecological systems in which they are embedded.
This has enhanced co-learning processes between all actors involved, even those normally
under-represented in decision-making activities. As a result, several participative scenario
exercises have motivated community-based solutions and local governance initiatives all
pointing towards the development of adaptive management strategies {5.3}.
10. Pathways that consider changes in societal options will lead to less pressure to nature
(established but incomplete) {5.6.3}. An example is the indirect impact that shifts in urban
dietary preferences have on agricultural production and expansion, and food options that are
expected to continue growing into the future. Therefore, not only is there a strong connection
between urbanization and economic growth, but also between affluence (and urban
preferences) and the global displacement of land use particularly from high-income to lowincome countries.
11. Available local studies informing regional futures of nature and nature’s benefit to people
do not allow scalability as of yet (well established) {5.3}. The challenge in expanding the
findings from local studies resides in the fact that a number of comparable local studies are
still not available. Information is scattered throughout the region by the use of different units,
methods and scales, which prevents a local-to-regional generalization. The list of “nature”
indicators used in studies at local scales is large and heterogeneous (well established). Even for
the same indicator (e.g. biodiversity), different metrics are used (e.g. species-area curve, mean
species abundance) {5.5}. In other cases, multiple indicators are used to describe different
aspects of biodiversity and ecosystem services. In this latter case, synergies and trade-offs are
explicitly mentioned with a clear pattern in which increasing the provision of some indicators
result in the detriment of others {5.3}. For example, agriculture expansion leading to loss in
biodiversity illustrates a common trend from local studies expected to continue into the future.
12. There is a significant research gap in the development of models and scenarios that integrate
drivers, nature, nature’s contributions to people and good quality of life (well
established){5.3}. Models and scenarios can be powerful tools to integrate and synthesize the
complex dynamics of coupled human and nature systems, and to project their plausible
behaviors into the future. Most existing models and scenarios focus on the link between drivers
and its impacts on nature. Few cases exist in which models or scenarios integrate the
relationships between changes in nature and changes in nature’s contributions to people and
good quality of life {5.3}. Inter-and trans-disciplinary modeling efforts will be required to
address this research gap {5.3}.
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Introduction
The IPBES (Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services) conceptual
framework illustrates the complex relationships between natural systems and human well-being and how
these relationships are determined through the interdependence of the various components. These
components include the specific biological system, Nature’s Contributions to People (NCP, which includes
both ecosystem goods and services and natures’ gifts), direct and indirect drivers affecting the system, and
the perceived value of the NCP. Previous chapters considered the breadth of NCP, the status and trends of
biodiversity, and the major direct and indirect drivers affecting NCP. This chapter aims to: 1) integrate these
components by examining what is known with respect to the relationships between them in the Americas;
2) examine what the future state of biodiversity and NCP may be under different plausible future conditions
(i.e. “scenarios”); and 3) discuss the establishment of a framework, or pathway, to inform the policy process
to attain a sustainable future.
To achieve integration of the framework components we relied on two sources of information: 1) the
empirical information presented in earlier chapters of this assessment; and 2) modeling studies. As
described in 1.2.6, (IPBES, 2016), and as depicted in Figure 5.1, models are “qualitative or quantitative
descriptions of key components of a system and of the relationships between those components”, which
can be used to assess how systems function or how changes in a system may result in altered outcomes. In
the case of this chapter, models involving the components of the IPBES framework can inform us as to likely
future conditions, the possible result of policy interventions, or help us define pathways to a more
sustainable future and more equitable distribution of NCP among sectors of society or regions. However, it
should be noted that even the best models are only approximations of reality and they all have some degree
of uncertainty associated with them (Maier et al., 2016). We then evaluated this information through the
lens of four major classes of scenarios.

Due to the complexity of the issue of biodiversity and NCP, as well as the universe of possible policy
interventions, there are an almost infinite number of scenarios that can be constructed and on which
models can be based; Hunt et al. (2012) report that over 450 scenarios relating to NCP have been
developed. However, as compellingly argued by Hunt et al. (2012), van Vuuren et al. (2012), IPBES (2016)
and Kubiszewski et al. (2017), scenarios can be grouped according to a limited number of “archetypes” or
families, originally identified by the Global Scenario Group (Gallopin & Rijsberman, 1997). The archetypes
encompass four main themes: 1) Market Forces; 2) Fortress World; 3) Policy Reform; and 4) Great
Transition.
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•
•

•

•

Market Forces: This scenario is a story of a market-driven world in the 21st century in which
demographic, economic, environmental, and technological trends unfold without major surprises.
Policy Reform: This scenario envisions the emergence of strong political will for taking harmonized
and rapid action to ensure a successful transition to a more equitable and environmentally resilient
future.
Fortress World: This scenario is a variant of a broader class of Barbarization scenarios in the
hierarchy of the Global Scenario Group. Barbarization scenarios envision the grim possibility that
the social, economic and moral underpinnings of civilization deteriorate, as emerging problems
overwhelm the coping capacity of both markets and policy reforms.
Great Transition: This scenario explores visionary solutions to the sustainability challenge, including
new socioeconomic arrangements and fundamental changes in values.

Comparison of future conditions among the archetypes can be informative as they present a continuum of
possible future conditions and can highlight the implications to NCP of continuing on the world’s current
path, or veering to better or worse paths with respect to biodiversity conservation. Consistent with the
basic uses of modeling, they can also be used to develop more detailed pathways to different possible
futures.
This chapter follows a logical progression, starting from a synthesis of the modeling literature at local scales,
to consideration of the empirical evidence of chapters 2, 3 and 4, to consideration of global modeling efforts
and their applicability to the Americas. Thus, in section 5.3, literature involving local scales is reviewed and
synthesized into the larger context of the regional scale. In section 5.4, we elaborate narratives for the units
of analysis based on focal issues of importance to the Americas Region drawn from the information
contained in chapters 2, 3 and 4. section 5.5 examines the results of global-level modeling, and how global
databases and models can be used in the America’s context. Section 5.6 examines present thoughts on
particularly important considerations in the development of pathways to a sustainable future. Throughout
development of this chapter, we were able to identify clear limits to the modeling approach imposed by
lack of data or simply the fact that the modeling has not been done. These “data gaps” provide guidance as
to future areas in need of research to generate data for more in-depth and expansive analyses with respect
to geography, status and trends of biodiversity and its indicators, and direct and indirect drivers; we
consider these, along with our conclusions section 5.7.
A separate IPBES effort is focusing on the concept of sustainable use of biodiversity, and hence,
sustainability is not the focus of this assessment specifically. However, when we consider the integration of
NCP, trends in biodiversity, drivers, and policy in this chapter, we are doing so with the ultimate purpose of
informing not only policy makers, but other IPBES teams with respect to issues related to sustainability.
Thus, discussions related to resource exploitation, pollution, and land use change are intimately related to
sustainability and will be considered, as appropriate, throughout this chapter.

Informing the future from local studies
Given the regional diversity of ecosystems, the heterogeneity of social groups, different types of local
knowledge and country-based environmental decisions and policies, transformation processes are
expected to occur at different magnitudes and in response to the influence of distinct drivers of change
throughout the region. Arguably, a precise understanding of future trends of biodiversity and nature’s
contribution to people for the Americas, the role that different drivers, models and scenarios play in this
understanding, and the amount of synergies and trade-offs between them requires the analysis and
synthesis of studies developed at local scales.
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In an attempt to elucidate what is known concerning the relationships between indirect and direct drivers,
direct drivers and nature, and nature and nature’s contribution to people, a literature search was conducted
to identify studies with a local scope that used a prognostic approach through “modeling” to determine the
nature, form and future projections of those relationships. Within this context, models are seen as
“qualitative or quantitative descriptions of key components of a system and of the relationships between
those components” (IPBES, 2016). We conducted an initial literature review based on Thompson Reuters
Web of Science database using an open search approach in which different combination of search terms
were used (e.g. scenarios, ecosystem services, biodiversity, participative scenarios, nature’s futures, visions,
land use change scenarios, climate change scenarios). The search lasted until September 2016. From each
document, the abstract was evaluated for its suitability for the chapter where the main criterion was that
analyses use projections, trends or narratives into the future. Subsequently other documents were
identified through the list of references as well as recommendations by third parties. This led to a selection
of 36 local case studies published between 2001 and 2017 (Figure 5.2).

The consulted literature could be categorized into 3 groups: studies mainly with a social science perspective
(accounting for 25% of the total), those with an economic focus (17% of the total) and predominantly
ecological studies (58% of the total), aiming at understanding current drivers, indicators and trends in the
use of ecosystem services. These groups, however, are not mutually exclusive as some of the studies do
apply to more than one category.
The first group, with a predominantly social sciences approach, focused mostly on stakeholders’
perceptions and dependence on ecosystem services (Cárcamo et al., 2014; Riensche et al., 2015),
community adaptation responses (Brown et al., 2016), the political process in nature conservation
(Manuschevich & Beier, 2016), effects of natural phenomena on people and property (Arkema et al., 2013)
and social implications of land use change (Evans et al., 2001; Mastrangelo & Laterra, 2015; Tejada et al.,
2016).
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A commonality in this type of studies is the use of participative approaches for scenario development. In a
recent review and analysis of several participative scenario exercises, Oteros-Rozas et al. (2015) grouped
different studies according to their application and utility. Studies were placed in each of the four identified
clusters as follows:
Cluster 1: studies that performed desirability and vulnerability analysis. These studies broaden the
thinking of social actors about social-ecological systems and also identified the stimulation of creative
and complex thinking as a strength (Beach & Clark, 2015; Quinlan, 2012; Ruiz-Mallén et al., 2015).
Cluster 2: studies that identified stakeholders and drivers of change before workshops, and developed
backcasting during the participatory process. They aimed to understand the social and institutional
mechanisms behind management decisions and they recognized insights for landscape management as
a positive outcome (Vilardy-Quiroga & González Novoa, 2011).
Cluster 3: studies that identified direct drivers of change prior to participatory scenario planning and
explicitly included uncertainty. They aimed to promote community-based solutions and recognized as a
positive outcome having engaged social actors that are unrepresented in decision making (e.g. Mistry et
al., 2014).
Cluster 4: studies that used modeling as a quantitative technique after a workshop and monitoring
processes. They aimed to facilitate sharing experiences among stakeholders in a creative and
collaborative way. In this cluster, a complex understanding of the current situation and the co-learning
process between scientists and nonacademic stakeholders were highlighted by researchers as positive
outcomes (e.g. Peterson et al., 2003; Ravera et al., 2011a, 2011b; Waylen et al., 2015).
The second group, which makes predominant use of economic tools was concerned with the valuation of
ecosystem services (Nelson et al., 2009; Outeiro et al., 2014), land use changes (Schneider et al., 2012),
combining agricultural productivity with conservation (Latawiec et al., 2014), economically beneficial
climate change adaptation strategies (Rosenthal et al., 2013), and forestry and future land use (Radeloff et
al., 2011).
The third group’s studies discuss issues from an ecological perspective. They encompass issues such as
deforestations’ causes and effects, landscape fragmentation (Piquer-Rodríguez et al., 2015; Zanella et al.,
2012), land use change (Aguiar et al., 2014; Del Toro et al., 2015; Lawler et al., 2014), bioclimatic niches
(Giovanelli et al., 2008; Uden et al., 2015; Urbina-Cardona & Castro, 2010; Urbina-Cardona & Flores-Villela,
2010; West et al., 2015), ecological interactions (Bello et al., 2015; Jarnevich et al., 2017), impacts of
agriculture on biodiversity (Chaplin-Kramer et al., 2015), effect of anthropogenic occupation to nature and
nature's contribution to people (Duggan et al., 2015; van Soesbergen & Mulligan, 2014; Verutes et al.,
2014), as well as general effects of agriculture and forestry on nature (Aguiar et al., 2016; Giannini et al.,
2015; Müller et al., 2014; Uden et al., 2015). Studies investigating scenarios or future trends of the condition
of marine ecosystems are scarce in the Americas but the review analysis of Teh et al. (2016) investigating
the future of Canada´s oceans and marine fisheries is a good example to elucidate how environmental
change and socioeconomic pathways will play a role on marine ecosystems integrity.
Forty seven percent (47%) of the studies analyzed include a multiple driver approach. The analysis revealed
an impressive diversity for both direct and indirect drivers affecting nature. Among them, urbanization,
climate change, political process and land use change were the most cited. In general, these local studies
show that anthropogenic drivers affect nature and nature’s contribution to people both indirectly through
policy and directly through immediate changes in nature as caused by such factors as deforestation.
Importantly, among the studies, a particularly strong correlation is found for land use change as a driver of
deforestation.
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Another important finding from the local literature regards to biological invasions that, acting in synergy
with climate change, are predicted to increase areas suitable for exotic species such as reptiles like
Lithobathes catesbeianus (Bullfrog) in Brazil and Colombia (Giovanelli et al., 2008; Roura-Pascual & Suarez,
2008; Urbina-Cardona & Castro, 2010). By 2050, Hemidactylus brookii (now H. angulatus) and Hemidactylus
turcicus could increase their range by 72.6% and 33.5% of Colombia’s area, respectively.
The most common indicator to measure human’s impacts on nature across the analyzed studies was
deforestation, second was biodiversity loss. Although, the diversity of indicators was large among the
analyzed studies.
With regards to indicators, the first group of studies used indicators of nature´s contribution to people such
as freshwater quality, climate regulation, aesthetic values, value of biodiversity and resource availability.
The value of ecosystem services and productivity were also found as indicators. Human well-being
indicators were human vulnerability to natural disasters and dependency on ecosystem services.
The second group of studies used mostly monetary valuation of ecosystem services as an indicator. Typical
economic indicators were land use and economic benefits of land use change as for example the shifts from
agricultural to urban land use and cover (Schneider et al., 2012).
The third group of studies mostly presented ecological indicators such as change in forest cover and
connectivity, deforestation dynamics, species distribution, biodiversity, carbon storage and emissions,
change in species compositions and abundance, and effects of anthropogenic activity on nature, such as
water quality.
Among the studies, the most common trends linked to the “economy prevails” archetype were biodiversity
loss due to agriculture or forestry and the negative impacts of urbanization. The positive impacts of more
strict environmental conservation legislation found in the studies can be linked to the “policy reform and
great transition” archetypes.
Studies showed very clear negative effects on nature by urbanization, intensified agriculture (ChaplinKramer et al., 2015; Müller et al., 2014) and forestry, energy production and climate change. However, by
changing to sustainable agricultural practices, productivity could be increased with less impact to
biodiversity (Latawiec et al., 2014). One important recommendation found is that in political processes, the
relationship between political dynamics and economic processes, communication and early stakeholder
engagement as well as more equitable access to ecosystem services should be addressed by decision
makers (Cárcamo et al., 2014; Manuschevich & Beier, 2016).
In summary, the biggest challenge informing regional futures of nature and nature’s contribution to people
from local studies is that the limited number of studies, different methodologies and heterogeneity (in
terms of indicators, drivers and trends) produce a number of different results. This makes scalability (from
local to regional) a challenge yet to overcome. There is a clear need for the production of comparable
studies at the local level that can aid to better understand the region. Narratives scenarios at the local scale,
similar to the ones developed by the Global Environmental Outlook-6 for Latin America and the Caribbean,
could well bridge this gap. Despite current scarcity of such studies, it was possible to draw preliminary
findings on how the region can be informed through local studies. For example, the presence of agriculture
expansion leading to loss in biodiversity illustrates a common trend from various local studies suggesting
plausible scalability.

In conclusion, there are two major issues that emerge:
(1) Although models can be a powerful tool to integrate and synthesize the complex dynamics of coupled
human and nature systems, a major gap on modeling and scenarios, identified from the literature review is
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related to the lack of studies integrating changes in nature with changes in NCP and good quality of life.
Consequently, the complexity of these interactions and feedbacks are still not fully represented in the
models.
(2) The second issue to point out regarding the current understanding of the relation between human and
nature through modeling and future scenarios, concerns the scale and feedbacks considered in the analysis.
Global models represent quite well broad trends and analysis, however, there remains a gap in downscaling
this information and the feedback from the global approach to the regional and local: a gap to be filled in
the future. As well, local studies, representing specific trends in a specific unit of analysis is not frequently
upscaled to larger areas. Within this same logic, issues of telecoupling are not well represented either.

Informing the future from regional studies: Focal issues within units
of analysis and other ecological systems
This section presents syntheses of the information contained in Chapters 2, 3, and 4; focusing on key issues
within the IPBES framework. As it is not possible to comprehensively consider all of the units of analysis
within each subregion, and that the units of analysis do not address some commonly recognized
socioecological systems important in the Americas, we present the information at the regional level, and in
the narratives, we concentrate on specific issues that we feel are illustrative of the issues in general. With
respect to the information contained in the figures based on the IPBES framework, for NCP, indirect drivers,
and direct drivers, the primary bullet items follow the nomenclature and taxonomy of the issues as
presented in Chapters 2, 3, and 4. However, for the sub-bullets, as well as the boxes corresponding to
quality of life, anthropogenic assets, and nature, we used the terminology as cited or interpreted from the
literature. While this results in a profusion of terms, it also gives a sense of the lack of consistency in
describing drivers and NCP in the literature; we felt this appropriate in order to convey the many ways that
these factors are viewed and referred to.
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Tropical and subtropical dry and moist forests UAs – Trade-offs between
multiple ecosystem goods and services and scale effects
5.4.1.1 Tropical and subtropcial moist forests

Forests are extremely important ecosystems because of their multiple functions in biodiversity
conservation and ensuring long-term environmental stability, while providing a variety of economically-
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important products and services (De Costa, 2011). Tropical forests cover 10 % of all land area (i.e.
1.8×107 km2) (Mayaux et al., 2005), and represent about half of global species richness. Clearing of these
forests is estimated to account for 12 per cent of anthropogenic carbon emissions (Dirzo & Raven, 2003).
Over half of the tropical-forest area (1.1×107 km2) is represented by moist tropical forests (also called ‘moist
tropical forests’, ‘wet tropical forests’, or ‘tropical rainforests’), characterized by high tree-species diversity
and high biomass density (Ter Steege et al., 2003).
Asner et al. (2009), alarmingly wrote “In recent decades the rate and geographic extent of land-use and
land-cover change has increased throughout the world's moist tropical forests. The pan-tropical geography
of forest change is a challenge to assess- and improved estimates of the human footprint in the tropics are
critical to understanding potential changes in biodiversity. We combined recently published and new
satellite observations, along with images from Google Earth and a literature review, to estimate the global
extent of deforestation, selective logging, and regrowth in moist tropical forests. Roughly1.4% of the biome
was deforested between 2000 and 2005”. According to the Global Forest Resources Assessment (FAO,
2015) of the Food and Agriculture Organization of the United Nations (FAO), compiled by Keenan et al.
(2015), indicate that, in the period from 1990 to 2015 Central America lost 25% of forest cover, South
America lost 10%, North America gained 0.4% and the Caribbean gained 43%. At global level, the tropical
forest suffers the biggest pressure, with higher deforestation rates. Despite the reduction in the past
25years, deforestation is still in high levels. In the period from 1995 to 2000, the raters were at 9.54
million/hectares/year, while from 2010-2015, the rates fell to 5.52 million/ha/year (Keenan et al., 2015).
Carbon emissions from tropical deforestation were at the range of 2.9 ± 0.47 PgC/year during the period
from 1990-2007 (Pan et al., 2011). From the period from 2000 to 2005, Asner et al. (2009), estimated that
about 20% of the moist tropical forest biome was undergoing some level of timber harvesting, and that
forest regeneration on this unit of analysis was basically occurring in hilly, upland, and mountainous
environments, which are areas considered marginal for large-scale agriculture and ranching. Aside from
deforestation, another growing threat to moist tropical forests, especially to indigenous land and protected
area, is mining (Ferreira et al., 2014; Boillat et al., 2017).
For biodiversity however, droughts, coupled with increased evapotranspiration from rising temperatures,
can cause forest dieback expressed as the loss of both carbon and tropical species (Oliver L Phillips et al.,
2009). Moreover, there is a significant likelihood of future forest dieback in the Amazon under most climate
change projections (Malhi et al., 2009). The future of moist tropical forests has become one of the iconic
issues in climate-change science (Zelazowski et al., 2011). For instance, the extensive tropical rainforests of
Amazonia affect the functioning of the Earth’s climate through the exchange of large amounts of water,
energy, and carbon with the atmosphere. During the past few decades, a large research effort has been
devoted to understand the functioning of Amazonian ecosystems and their responses to deforestation,
climate change, and altered ﬁre regimes (Gloor et al., 2015). Changes in forest species composition,
increasing dominance of lianas and turnover rates have been reported (Laurance et al., 2004; Lewis et al.,
2004; Phillips et al., 2004). Based on an extensive field site network, Brienen et al. (2015) suggest a strong
decrease in the Amazon forest net carbon sink. The increase on the frequency of extreme drought events
was suggested to worsen these responses in the future (Feldpausch et al., 2016). Moreover, there is a
significant likelihood of future forest die back in the Amazon under most climate change projections and it
is uncertain which species will adapt to novel climates projected to concentrate in tropical forest biomes
(Zemp et al., 2017). The main negative effects of the increasing climate variability on forests will likely be
via occasional drier and hotter episodes particularly in those regions which have experienced a slight drying
trend, i.e., the southwest and south of the basin (Gloor et al., 2015). Seasonality and strength of carbon
fluxes in the Amazon forest might be affected, in the short term, by climate change (Gatti et al., 2014).
Aside from the fact that deforestation and forest degradation is the biggest threat for forest areas in the
tropics, (Bustamante et al., 2016), some studies show a tendency of the potential extent of moist tropical
forests in future climate regimes between 2°C and 4°C, where a risk of forest retreat, especially in eastern
Amazonia and Central America are highlighted. The main conclusion is that the water availability is the best
determinant of the current distribution of moist tropical forests, which can dominate over other vegetation
types only in high-precipitation, low water-stress environments; the change in the extent of the moist
tropical forests niche is uncertain (Zelazowski et al., 2011). Some global circulation models predict increase
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in drought frequency in the South American Amazon (Cox et al., 2004); however few experimental data
simulate the Amazon response to climate change (Davidson et al., 2012). With lack of experimental data
and the complexity of the forest ecophysiological process, in response to change in temperature and
precipitation (mainly parameters simulated by global circulation models), models a decade ago simulated
a dramatic amazon forest die back (Cox et al., 2004). More recently a strong resilience of the Amazon forest
has been suggested by simulations, much associated with the positive vegetation primary productivity
response to the increase in the atmospheric carbon dioxide (Cox et al., 2013; Huntingford et al., 2013).
Anadón et al. (2014) found that climate change will increase savannas at the expense of forests and treeless
vegetation in tropical and subtropical Americas (Figure 5.4), predicting a large shift in the savannah-forest
transition in the eastern Amazon, supporting the hypothesis that climate change will lead to more
unsustainable states for theses ecosystems (Figure 5.5).
However, the key message remains related to the ability of moist tropical forests to acclimate and adapt to
future temperature changes. De Costa (2011) suggested that due to the narrower range of seasonal
temperatures experienced by forests in the moist tropics, the capacity to adapt is considered to be lower
than that of temperate forests. Indicative of this pattern is the reduction in sequestration of carbon
observed during years of warmer temperatures and lower precipitation resulting from El Niño Southern
Oscillation (De Costa, 2011) or even stronger seasonal patterns (Gatti et al., 2014).
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5.4.1.2 Tropical and subtropical dry forests unit of analysis
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Tropical dry forests occur from Mexico, through Latin America and the Caribbean, with the most extensive
area being the Gran Chaco of South America. The forests contribute to human well-being on a local scale
through regulating services, such as erosion control and micro-climate regulation, and provisioning services,
such as non-timber forest products (e.g. bushmeat, fodder, and firewood), and non-material NCP such as
cultural identity. However, these services are becoming increasingly impacted due to land conversion that
replaces these locally-relevant services by services relevant on larger scales, e.g commodity agriculture
(Lapola et al., 2013). Thus, changing global demographics, consumption patterns, and global trade are
driving land conversion from tropical dry forest to other uses such as cropping and cattle ranching, leading
to the loss and fragmentation of native ecosystems. These land-use changes produce a strong trade-off
between ecosystem goods such as grains and beef for export and the regional or country level, economic
benefit, versus ecosystem services relevant for local people. Further discussions are found in Chapter 3.
The evolving trade-off underscores one of the main challenges inherent in sustainable use of biodiversity,
namely spatial scales as relevant to the generation of ecosystem goods and services as opposed to where
their benefits are ultimately realized. These scale considerations include local social-ecological systems
where ecosystems are converted and local population is displaced, the national scale where the different
Chaco countries (Argentina, Bolivia, Paraguay), or Cerrado (Brazil), design and implement their agricultural
and environmental policies, the regional scale where some environmental processes become relevant (e.g.
climate regulation) and the global scale where driving forces originate (China´s demand for soybean meal
to feed pigs and poultry) and where countervailing policies may be created (e.g. Reducing Emissions from
Deforestation and Forest Degradation).
Thus, effective policies for addressing the conversion of dry tropical forest to other uses will need to be
addressed at various organizational scales. National governments affect land-use changes through
agricultural (e.g. technology adoption), economic (e.g. currency devaluation, reduction of fiscal pressure)
and environmental policies (e.g. land-use planning); companies and corporations that operate along the
agro-industrial chain influence the rate and direction of land-use changes; international organizations (e.g.
Roundtable for Responsible Soy) lobby national governments to increase or decrease agricultural expansion
over native forests, etc. The policy and environmental challenges are to define effective and sustainable
land use planning, which includes strong institutional arrangements, clear legislation and economic
opportunities for conservation and sustainable production.
Just as there is a significant component of temporally changing demographics and consumption patterns,
there are other temporal aspects to this issue, including the temporal considerations inherent to this unit
of analysis. The decadal scale is relevant for climatic fluctuations (e.g. dry and wet periods) that naturally
occur in the Gran Chaco and that strongly affect agricultural production. At the scale of centuries there may
occur fluctuations in ecosystem state, such as changes in the dominant vegetation, with periods of
woodland domination being followed by periods dominated by herbaceous (savanna-like) vegetation.
Within periods dominated by woodlands like the current one, regeneration of dominant tree species (e.g.
Prosopis spp., Schinopsis spp.) after land conversion may take more than 50 years due to the slow growth
rate of these species.
The United Nations Environment Programme (UNEP, 2016a) considers three scenarios for Latin America
and the Caribbean: ‘economy prevails’ scenario tends to maximize economic growth at the expense of
social and environmental objectives. This approach is reactive in terms of policy responses. Consequently,
economic growth instability increases, as does vulnerability to unforeseen events. Policy options in this
outlook emphasize privatization of public services and attempts to internalize environmental and social
externalities into the costs of production through market tools. On a ‘Policy trade-offs’ scenario, new
policies and regulations are introduced to partially mitigate the adverse impacts of more than two decades
of neo-liberal practices, in this scenario, population growth slows, urbanization stabilizes and emigration
pressures reduce. The policy trade-offs scenario promotes greater transparency, policy effectiveness, and
institutional coordination. However, environmental sustainability, even while a policy objective, remains a
secondary priority for governments. Finally, a ‘sustainability agenda’ scenario assumes the implementation
of policies to promote sustainable approaches to agricultural practices, rather than market signals, more
conscientious tourism, and a more participative and coordinated strategy for energy trade. However, in
some areas, this outlook may result in a slowing of technological intensity, as well as a shift towards local-
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level issues. In this case, policy options tend to prioritize the emphasis on building and keeping a social
consensus through education and institutional strength (UNEP, 2016a). Whether considering spatial or
temporal scales, the inherent trade-offs or synergies associated with this issue need to be considered fully.
These trade-offs include: forest loss and fragmentation increases agricultural area and production volumes
at the expense of biodiversity; forest degradation increases accessibility of cattle to natural fodder, but
decreases carbon sequestration on biomass; landscape homogenization facilitates agricultural operations
but reduces livelihood options for local people, forcing them to migrate into urban areas, etc. Regardless
of the ultimate trade-offs, this issue is urgent in that tipping points may be reached that eliminate a
reasoned approach to the trade-offs, such as: regarding climate, the loss of forest cover alters the
hydrological cycle and forces the system towards drier conditions; regarding vegetation, the degradation
of woodland vegetation alters soil and climate conditions and shifts the system towards one dominated by
scrublands.
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Temperate and boreal forests and woodlands units of analysis – Key to
indigenous people and carbon storage
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Temperate and boreal forests occur in the northern hemisphere of the Americas – mostly in the USA and
Canada. The boreal forest covers northern Canada and Alaska with a belt of coniferous forests. Boreal
forests, and the peatlands that many grow on, are critical for carbon storage. Temperate forests are located
in eastern North America. They are comprised of a mix of deciduous, broadleaved and coniferous evergreen
forests. Temperate rainforests – which are dominated by coniferous trees - are found on the on the West
Coast of North America in British Columbia and in the USA´s Pacific Northwest. In addition, evergreen
rainforest occurs in Chile.
Boreal forests are known for caribou (Rangifer tarandus groenlandicus), moose (Alces alces), bear (Ursus
spp.), beaver (Castor canadensis), rabbit and migratory birds, which are important to local and Indigenous
communities. Indigenous communities have lived in the boreal forest for thousands of years. There are
more than 600 primarily indigenous communities in the Canadian boreal region. They rely on the forest for
physical subsistence and cultural wellbeing. Fish and waterfowl provide for a significant part of the
subsistence diet for many remote communities.
In addition to the cultural and provisioning benefits provided to local populations (Figure 5.7), carbon
storage is a key NCP. Climate change, which is considered the primary anthropogenic driver in this system,
has resulted in temperatures changing faster in the high latitudes than in any other area on the planet (IPCC,
2013a).
The boreal landscape is dominated by an active natural disturbance driven by large area stand-replacing
wildfire and insect outbreaks (Price et al., 2013). Changes in climate, atmospheric carbon dioxide
concentrations and fire regimes have been occurring for decades in the global boreal forest. Future climate
change is likely to increase fire frequency and insect outbreaks. Warming in the boreal region is projected
to be substantially above the global average. According to the IPCC (Intergovernmental Panel on Climate
Change), temperatures in the northern boreal have increased at twice the global rate. Boreal forests are
particularly sensitive to warming because of their soils (e.g. peat, permafrost) and likelihood of increased
incidence of fire disturbance.
Predictions of future climate largely agree that Canada’s boreal forests will experience substantial warming
(Plummer et al., 2006). Lenton (2012), argues that the boreal forest (and arctic) is subject to a tipping point
due to strong internal feedback systems; an increase of 4oC global warming (7oC above current levels in the
forest) will result in a marked increase in susceptibility to disease. If such a tipping point is reached, there
could be significant changes in the landscape (i.e. tree die-off, conversion to grassland) and release of
carbon.
Resource extraction, oil and gas development, and timber harvesting are increasingly fragmenting the
boreal region, which is impacting migratory connectivity, ecosystem integrity, habitat resilience and species
diversity, especially for migratory species. Additionally, the role of infectious plant diseases, mediated by
invasive species, will continue to be a significant issue negatively affecting the temperate forests in the
future (Chapter 3).
Boreal forests are experiencing the most rapidly changing climate (along with tundra) anywhere on Earth
and are likely to be impacted in critical ways in coming decades. Predicted climate change is anticipated to
cause shifts in species ranges, with an average northward shift of about 700 km for Canadian tree species;
with some species expected to shift as much as 1000 km northwards (sugar maple (Acer saccharum), black
willow (Salix nigra), American basswood (Tilia americana) and white alder (Alnus rhombifolia)) (McKenney
et al., 2007). Biodiversity gains are anticipated in Canada's maritime provinces, including Quebec, Ontario,
northern prairies and Alaska, with up to 60 new tree species possibly appearing in some areas, although
low soil fertility might limit their migration (McKenney et al., 2007). Extreme fires in intensity and extent
have threatened forests in recent decades partially as the result of forest management practices that have
permitted decades of deadwood (fuels) to accumulate (Oswalt & Smith, 2014). Drought is exacerbating
wildfires in western forests, particularly in California in the USA and Alberta in Canada.
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Tundra and high mountain habitats units of analysis – Remote, but not
remote enough
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Tundra occurs in two settings within the Americas; at high elevations (“alpine tundra”) and in the high
latitudes (“arctic tundra”). Arctic tundra is circumpolar in its distribution and accounts for a large amount
of land area across the USA and Canada (Chapter 2). Adjacent marine areas of the arctic are also critical
habitat for numerous tundra species. It presents a unique set of circumstances with respect biodiversity
and NCP, namely that of all the units of analysis, Tundra is the most closely linked with respect to NCP and
local ecosystems and that the primary drivers affecting the system are almost wholly external to the region
in which the unit of analysis occurs. Tundra includes well-known fauna, such as barren ground caribou and
muskoxen (Ovibos moschatus), which are important to indigenous populations from subsistence and
cultural standpoints (Figure 5.8). While difficult to separate, it is perhaps this latter consideration that is the
primary NCP for Tundra, for while the physical needs of the indigenous people associated with Tundra
could, conceivably, be replaced with market goods, the culture of these peoples is intimately related to
biodiversity of the system; loss of which would threaten the cultures continuity.
Aside from the cultural and provisioning NCP accrued to local populations depicted in Figure 5.8, the NCP
of carbon storage is of concern on a global basis. Arctic tundra is estimated to store approximately 50% of
the world’s soil carbon (Tarnocai et al., 2009), mainly in the form of permafrost (perpetually frozen soil).
But climate change, which is considered the primary driver in this system, has resulted in temperatures
changing faster in the high latitudes than in any other area on the planet (IPCC, 2013a) (Chapter 4). Thus,
the situation with respect to Tundra provides a clear example of telecoupling, i.e. where cause and effect
are separated geographically, but are clearly related.
The warming in the Tundra, and its neighbouring marine areas, has resulted in several changes that have
affected the Tundra, including: thawing of the permafrost (Walker et al., 2006), changes to the plant
communities (reduction of graminoid species in favour of shrubs and expansion of the boreal forest) (Hu et
al., 2010; Lloyd et al., 2003) (Chapter 3), increased frequency of fires, and changes in neighbouring sea ice
conditions (Bhatt et al., 2010). These changes result in a lowering of the local albedo (the reflectivity of the
Earth’s surface) in the immediate area in the case of shrubs and fires resulting in a positive feedback to
climate change and thawing of the permafrost. Due to the amount of carbon stored in the permafrost, the
change of tundra from a carbon sink to a carbon source is also of great concern from a global perspective.
Adding to the concern is the consideration that warmer temperatures and change in vegetation adds
uncertainty to what was considered a relatively stable biome. This uncertainty stems from unknowns
regarding the natural processes associated with the tundra. For example, fires which were once rare in the
tundra may be increasing in frequency and perhaps extent (Hu et al., 2010) and these fires may increase
the rate of stored carbon release (Mack et al., 2011). Additionally, as with the Boreal Forest, Tundra is also
subject to a tipping point or threshold with loss of the native plant communities whenever 1000 degree
days is exceeded (IPCC, 2014; Lenton, 2012).
Uncertainty is also associated with respect to existence of a “tipping point” with respect to degradation of
the permafrost, i.e. a point at which the degradation is irreversible and accelerates (IPCC, 2014). Some
modellers believe that such a tipping point exists and that it could be reached within the next 100 years
(Scheffer et al., 2012). If such a tipping point is reached, there would be a massive release of greenhouse
gases. In that event, it is anticipated that over time the area currently occupied by arctic tundra would be
replaced by boreal forest. The implications of this scenario are that the rate of climate change would
increase, flora and fauna would be further endangered or driven to extinction and the cultures and
traditional ways of indigenous people throughout the Holarctic would be severely impacted.
The issue of melting permafrost and its implications is a particularly intransigent problem for several
reasons. The ultimate source of the drivers affecting the system are not internal to the system, rather, they
originate faraway geographically, i.e. anthropogenic greenhouse gasses, and are exacerbated through the
effects of a positive feedback acting locally and through teleconnection.
With temperatures in the Arctic rising twice as fast as the global average, climate threatens to alter
biodiversity and ecosystem functioning in Tundra in the coming decades (Pithan & Mauritsen, 2014; Screen
& Simmonds, 2010). Vegetation models predict significant northward range expansion of boreal species
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into Tundra, leaving few refugia for tundra-specialist species by 2050 (Kaplan & New, 2006; Pearson et al.,
2013; Hope et al., 2015). Thus, while the intrusion of boreal species may augment species richness in
Tundra, the potential extinction of tundra-adapted taxa may detract from it (CAFF, 2013; Chapin et al.,
2000). The overall balance of these processes is uncertain. As sea ice declines, shipping in the Arctic may be
a dispersal mechanism for invasive species (CAFF, 2013). Many future changes in Tundra are predicted to
be rapid nonlinear transitions, rather than smooth gradual changes. Among such “regime shifts,” the Arctic
Council (2016) predicts decreased carbon storage capacity, drying soils, and increased woody vegetation.
Experimental and modeling work from several authors across Arctic Resilience Assessment document (Artic
Council, 2016) support for these conclusions (for carbon storage, see Abbott et al., 2016; Hu et al., 2015;
Lara et al., 2017; Li et al., 2014; Mack et al., 2004; Natali et al., 2015; Schuur et al., 2013; Schuur et al., 2015;
Sistla et al., 2013; Sitch et al., 2007; Sweet et al., 2015; Webb et al., 2016).
Treeline advance in North America will continue to reduce the extent of alpine habitat (Harsch et al., 2009),
while deciduous shrub growth and overall plant productivity above treeline will increase due to warming
(Raynolds et al., 2014). Habitat degradation may also occur through nitrogen deposition (Dentener et al.,
2006), with the potential to reduce species richness (Walker et al., 2006).
Distribution modeling predicts northern Andean birds will lose 30-40% of their ranges with compositional
changes (Velasquez-Tibata et al., 2013); páramo and puna are predicted to experience reduced species
richness and species turnover (Ramirez-Villegas et al., 2014). The biodiversity of hyper-arid alpine areas,
where many species depend on moisture supplied by peat bogs could be especially vulnerable. A recent
assessment for páramo (Buytaert et al., 2011) concluded that changes in precipitation patterns, increased
evapotranspiration and alterations of soil properties will have a major impact on water supply, which will
further affect species composition. Warming is expected to have a major impact on seasonal water flow all
along the Andes due to loss of glaciers, although the latter will depend on future precipitation trends along
the Andes (Vuille, 2013). However, given the complex landscape and regional climatic variation, there are
large uncertainties regarding the responses of high Andean biodiversity and ecosystem functions to climate
change.
The possible futures for the tundra under the scenario archetypes is somewhat limited due to the facts that
the indirect and direct drivers at play are remote relative to the region and the fact that climate change
effects in terms of temperature change are more extreme for this region than any other on the globe. Under
the Market Forces archetype we can expect the continued reduction of sea ice and thawing of the
permafrost to continue as this simply represents a continuation of the factors that have resulted in the
impacts seen thus far. Under the Fortress World, archetype we can expect to see a more rapid deterioration
of the permafrost and perhaps surpassing of a tipping point with respect to greenhouse gasses release due
the ecological processes inherent to the Tundra. The Policy Reform archetype scenarios could be a
significant contributor to lessening of the factors at play in the Tundra, but given the fact that climate
change effects appear to be greatest at the high latitudes, a very concerted effort would have to be made
to adopt policies lessening or reversing greenhouse gasses emissions. Because of the telecoupling and
teleconnection aspects involved with the tundra, this scenario would require a coordinated effort on a
global scale, as there is little that local populations and policymakers can do to affect the drivers involved.
This latter consideration, namely that an effort on a global scale is needed, argues that to truly avoid a
tipping point in the Tundra, an approach within the Great Transition archetype will be required.
Northern ecosystems are highly dynamic and variable, however, climate change is considered to be
increasing the nature and range of variability and adding new kinds of stresses that are outside what is
considered ‘normal’ as defined by both scientists and indigenous and local knowledge (ILK) (Huntington et
al., 2007). This is likely to continue with implications for arctic biodiversity and Indigenous communities that
depend on Tundra for their culture and livelihoods. While Indigenous communities are highly adaptive,
options for tundra as a biome are limited. In other regions and for other units of analysis, natural adaptation
by the biome is possible… arid areas may expand, temperate forests may move north, animals may shift
their range along with changing climate envelopes, as have small mammals in North America (Myers et al.,
2009). However, as tundra is already at the extreme reaches of the globe, such adaptive responses are
limited to non-existent.
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Box 5.1. Dealing with Ecological Variability and Change in Human-Caribou Systems
Indigenous communities from tundra (arctic and sub-arctic) regions of Canada and the USA are highly
dependent on barren ground caribou (Rangifer tarandus groenlandicus) as a foundation of culture and
livelihood. There are between 10-15 subpopulations of barren ground caribou in northern Canada and
Alaska; both science and ILK tell us these populations tend to rise and fall in a 40-70 year cycle. Although
there is much adaptive capacity within northern communities based on ILK, climate change as well as
resource development are creating new stresses on human-caribou systems. For example, the Bathurst
caribou, which last peaked at 475,000 animals, has declined by 90%, which has had dramatic implications
for the diets and well-being of local Inuit, Dene and Metis peoples. Booms in mineral resource
development such as diamond and rare earth metal mining, in the absence of a cumulative effects
framework will lead to major challenges to arctic biodiversity as well as the sustainability of arctic peoples
and livelihoods. The preservation of these resources for use by indigenous people is a major goal in this
region (Environment Canada, 2016; Gunn et al., 2011; Parlee et al., 2013).
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Tropical and subtropical savannas and grasslands unit of analysis –
Agriculturalization

Agriculture is the most important anthropogenic activity responsible for terrestrial biotic resource
commodities, producing 2121.6 million tons of grain, 391.6 million tons of oilseed and 120.5 million tons of
cotton globally in 2008 (USDA, 2009; UNEP 2010). Wood harvesting, generally associated with tropical and
subtropical regions, is another important activity for terrestrial biotic resource production, accounting for
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1.55 billion m3 of wood annually (FAO, 2009). Other activities implying significant terrestrial biotic resource
extraction include grazing and energy production, which are relatively smaller compared to the two
previous categories. In addition, relatively insignificant amounts of terrestrial biotic resource are extracted
through recreational sports (mainly hunting) and pharmaceutical uses.
Tropical and subtropical grasslands, savannas and shrublands are well represented in South America (Figure
5.10). The Latin America and the Caribbean region support large areas of tropical savannas and temperate
grasslands. The Río de la Plata grasslands are the largest complex of temperate grasslands ecosystems in
South America, covering approximately 750,000 km2 within the Pampas of Argentina and the Campos of
Uruguay, northeastern Argentina, Paraguay, Bolivia (Chaco ecoregion) and southern Brazil. The highest
rates of endemism in the grasslands of the region are found in the páramo and puna systems, covering the
upper parts of the tropical Andes from southern Venezuela to northern Peru (WWF, 2016).

Tropical grasslands have, and will continue to be under pressure to support global demand for biomass and
food, resulting tropical forest and savannas conversion for this purpose. Habitat change in particular in
tropical regions has been a main cause of global losses of biodiversity. One of the areas where this
transformation is resulting in transformation of land use is the savannas in the Chaco Region (Figure 5.11),
as result of land demand for soybean production, cotton and cattle expansion.
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Grasslands in general, are the units of analysis that as a whole present a rising trend in all major pressures
on biodiversity: land degradation and land use change; climate change; land-based pollution; unsustainable
use of natural resources and invasive alien species. Regional biodiversity declines are most dramatic in the
tropics. A recent analysis by Brooks et al. (2016), using the UNEP (United Nations Environment Programme)
regional and subregional classification as employed at the International Union for Conservation of Nature
global red list database, found that 13,835 species occur within the Latin America and the Caribbean region,
and that 12 per cent of these are threatened with extinction. In America, tropical and temperate grasslands
were a good provider of “new lands”, with soils rich in nutrients and good structure, and could be directly
used for agriculture. Trends show a rising demand of land from these areas (UNEP, 2014). The food context
is accompanied by rising demands for biofuels, biomaterials and biomass that compete among others with
food supply. Changing diets in the national and international context, produce trade-offs on the regional
and local level and models of agriculture production.
Native grasslands and savannas formerly occupied truly immense areas of the Americas and large areas still
exist, though in varying states of ecological integrity, such as Pampas/Chaco/Espinal, Great Plains/savanna,
and Rolling Plains/Cerrado. However, much of the grasslands and savannahs of the Americas have been
greatly impacted, especially in North and South America. Different organizational scales are directly related
to the grassland transformations. International trade and global demand for food, feed, biomass for
biofuels, biomaterial and others, resulted in government policies that promote exports, which in turn are
driving forces transforming lands for extensive agriculture and cattle grazing to fit the requirements of
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international markets. The issue is generating two syndromes that affect sustainability of grasslands:
agriculturisation and pampeanisation (savannisation) (Manuel-Navarrete et al., 2005; Pengue, 2005).
Grasslands current scenario and regional analysis
During the last 20 years, significant challenges exist in any attempt to address the continued land use
changes from grasslands and savannahs to agricultural systems due to spatial, economic and temporal
considerations. Tropical and subtropical savannas, represented by the Chaco Region, are a good example
of the deforestation expansion with focus on soybean expansion for sustaining international demand.
Forest cover change monitoring in the Gran Chaco region in South America was undertaken using visual
interpretation of Landsat satellite images, taken at monthly intervals throughout 2013. The Gran Chaco
Americano is a region of forest habitat converted to savanna (Morello et al., 2012), with exceptional
biological diversity and unique ecological processes being impacted. “It covers an area of 1,066,000 km2 in
four Latin America and the Caribbean countries; most of the region is in Argentina, followed by Bolivia,
Paraguay and in smaller proportion, Brazil. Changes in land use were detected in 502,308 ha in 2013, the
equivalent to a deforestation rate of 1,376 ha per day. Paraguay had the highest proportion of land use
change recorded with 236,869 ha, followed by Argentina with 222,475 ha, and then Bolivia with 42,963 ha.
According to the spatial distribution and trend of deforestation identified at the provincial, departmental,
and municipal level, the Boqueron and Alto Paraguay departments had the highest rates of deforestation
recorded around the Gran Chaco region”. (UNEP-WCMC, 2016). In Argentina, deforestation is concentrated
in the provinces of Santiago del Estero, Salta and Chaco; whereas in Bolivia the province with the largest
area of change was Santa Cruz.
With a loss of over half a million hectares of forests in 2013, the land-use change in the Gran Chaco region
is of great concern, and is primarily driven by the international demand for food, particularly meat
production in Paraguay and soybean in Argentina (Caballero et al., 2013). Trade-offs in terms of land
demand, rural development and national incomes are critical issues. Local or international goals could
produce different results.
Main drivers are related to changing diets in western and eastern societies, China demands and the
introgression of financial markets and big investors in rural communities and an expanding middle-class
(UNEP, 2014) are changing the main global goal for societies: food security. On the other hand, decisive
action is needed to change the present trajectory. Policies, which would limit or counter the demand of
land and land use changes, particularly in developing countries, where cashcrops are seen as an opportunity
to take advantage of a global demand. Agricultural intensification and expansion of arable land in tropical
and subtropical grasslands for international trade will continue to expand. Latin America and the Caribbean
region is regarded as second, only to sub-Saharan Africa, in terms of the potential for further arable
expansion (Lambin et al., 2013), and despite droughts and water scarcity in some parts, it also holds the
highest share of global renewable water resources (UNEP, 2014). Growth in sugarcane, palm oil and coffee
plantations, as well as expansion of livestock production continues, often leading to deforestation,
fragmentation, and overgrazing of the converted pasturelands (Michelson, 2008).
In particular, the Atlantic coastal forests, as well as tropical savannas are the most rapidly changing biomes
in the region, threatened by advancing agricultural frontiers and rapidly growing cattle production (Magrin
et al., 2014). This expansion and intensification of agriculture and pastureland is resulting in a decline in the
area and quality of habitats and an associated increase in pollution of water courses and loss of biodiversity.
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Temperate grasslands unit of analysis– Agricultural intensification

Rapid economic growth and social inequity have created certain associated pressures on the natural
resources of this unit of analysis, particularly associated with the agricultural intensification. Demand for
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new lands and land use changes are the driving forces in the business as usual scenario. This is directly
related to global trends in demand for biomass (agroindustry, biofuels and biomaterials). Conversion of
grasslands to croplands is one of the key drivers in this situation. Grassland losses are significant, even in
relation to other major biomes in North America. Most of the grassland loss in Canada occurred before the
1930s as a result of such conversion to cropland (UNEP, 2016b). Estimates of total loss prior to the 1990s
include 97 per cent of tallgrass/savanna in southern Ontario, 70 per cent of prairie grasslands, by far the
largest of Canada’s grasslands, and 19 per cent of bunchgrass/sagebrush in British Columbia (Federal,
Provincial, Territorial Governments of Canada, 2010). Fragmentation and land use changes is generating a
degradation of natural resources and climate change, particularly where fire is used as a management tool.
In Latin America and the Caribbean, the use of fire in agriculture is widespread in the region. Native forests,
grasslands and other natural habitats are burned after being cleared to provide more land for agriculture;
in some areas fire is also used as part of crop rotation practices. Overall, emissions from agriculture and
deforestation-related fires in the region are a major contributor to atmospheric trace gases and aerosol
mass concentrations (UNEP, 2016a).
Grasslands are following the fate of native forest areas. Demand for land is the driving force on the last
native grassland. These changes occur in certain hotspots whose locations reflect the close and complex
links between land cover, agriculture and consumption patterns both inside and outside the region (Hecht,
2014). Processes like forest clearing for creating pastures and agricultural land are still important, but have
shifted from forests to other natural ecosystems, like Cerrado (Brazilian savanna) and grasslands, where
soybean crops are replacing native grasslands in Argentina, Bolivia, Brazil, Paraguay, and Uruguay. Cattle
production and feedlots are other main factor. In the USA, land-use scenarios assume that suburban and
exurban areas will expand by 15–20 per cent between 2000 and 2050, cropland and forest areas are
projected to decline compared to 1997, by 6 per cent and 7 per cent, respectively, by 2050 (Brown et al.,
2014).
Several practices and policy issues are being implemented for better understanding and decision-making.
Argentina recently implemented a national zoning plan (i.e., the Forest Law) to reduce further forest loss
(Piquer-Rodríguez et al., 2015). For example, grasslands in Uruguay are increasingly under sustainable
production systems that promote soil conservation, which is reducing land degradation (Hill & Clérici, 2013).
Agriculturization is a primary process in temperate grasslands with concentration in grain and crops
production and displacement of cattle production to feedlots or other areas more marginal. The process
has been well investigated by Gallopin et al. (2003) at the Economic Commission for Latin America and the
Caribbean. New technologies play a relevant role in terms of agriculturization process on grasslands (Figure
5.13). The incorporation of modern technologies such as transgenic crops, no tillage practices, precision
farming, herbicides and chemicals promote strong transformation to practically the whole of the remaining
grasslands of the Americas.
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Drylands and deserts unit of analysis– Exceptionally fragile diversity,
resource demands, and ever-diminishing moisture
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Due to the unpredictable aridity of drylands (primarily cool and hot deserts, as well as arid and semi-arid
shrubland, in Mesoamerica- and North America), both the biota and the human cultures associated with
drylands have evolved a remarkable set of adaptations and cultural traditions to deal with this
unpredictability (Chapter 2). Thus, despite the harsh conditions, or perhaps because of them, this biome
has exceptionally high levels of biodiversity in several groups, notably plants, mammals and reptiles; there
are over 30,000 plant species in the southwest USA and the State of Arizona in the USA has over 200 snake
species, 2/3 the number of species in the entire Amazon (Chapter 3).
Despite water limitations, this biome provides significant provisioning services such as cattle grazing and
agricultural production, though the latter is highly dependent on a non-sustainable use of irrigation via
groundwater withdrawal and over allocation of surface water. However, in many cases, agricultural
activities are abandoned: croplandsdue to water shortage and over grazing severely damages rangeland,
resulting in the dominance of non-native species, such as Cenchrus ciliaris (Chapter 3). Based on the
Fragmentation Index reported in (Chapter 3) only about 4% of undisturbed drylands remain, which puts it
barely above the index for grasslands, one of the most heavily impacted biomes, with the main drivers being
agriculture and mineral extraction. The future of drylands under climate change is unclear; temperatures
may increase or stay the same.
Climate change forecasts indicate an increase in temperature, but no clear trend in annual precipitation in
drylands in North America, although timing of events is likely to shift (Cook & Seager, 2013). As a
consequence, potential evapotranspiration and drought severity will increase in dryland regions. Drought
conditions are already common in the desert southwest, and drought periods are expected to become more
frequent, intense, and longer (Garfin et al., 2014). The consequences for biodiversity are not entirely
established, although drought results in a large decline in plant cover and richness, which likely impacts
wildlife populations (e.g. Mulhouse et al., 2017). However, some predictions indicate that desert ecology
will be impacted, resulting in perhaps half of the bird, mammal and butterfly species in the Chihuahuan
Desert being replaced by other species by 2055 (Chapter 2). Drought also reduces free surface water, a
resource already severely limited in most dryland regions and this reduction will affect wildlife. For instance,
drought impacts desert reptiles because there is less free water for them and their prey. As many reptiles
rely on their diets to obtain water if they cannot drink free water, they may die from dessication if they
cannot eat enough (Schmidt-Nielsen, 1997). Drought has even more severe consequences for amphibians,
as most require free water in which to live and reproduce.
Although arid land vegetation tends to show high resilience to climatic fluctuations, currently the driest
part of the loma desert vegetation appears to be at a tipping point. According to the fifth IPCC report, this
area of the desert, and northward, is predicted to experience higher temperatures, but possibly more
precipitation over this century, whereas more southerly parts of the desert are predicted to experience
increased temperature and decreased precipitation. Increased rainfall could eventually detain present loma
dieback. However, the southern end of South American desert is expected to dry further, in which case its
vegetation could follow a similar trajectory today seen in the more northerly lomas. Overall, climate change
and rampant development in coastal areas of Chile could become major threats to endemic western
dryland biodiversity. Currently 35% of Chilean table grapes are grown in the southern part of the desert
biome and its transition to the Mediterranean-climate area in Chile (ODEPA, 2013). Given expected
increasing water scarcity in an increasing arid climate, grape-growing activity is likely to further affect
terrestrial and aquatic biodiversity.
Although fire is far less prevalent in Caatinga than in adjacent Amazonian forest and Cerrado (de Araújo et
al., 2012), fire frequency could increase with increasing aridity, predicted by the fifth IPCC report. This,
however, will depend upon how woody cover evolves taking into account that vegetation response of
Caatinga to precipitation tends to be nonlinear (Souza et al., 2016) and that a carbon dioxide fertilizing
effect is possible. That Caatinga lies adjacent to wetter biomes is positive for providing habitat suitability
elsewhere under climate change (c.f. Oliveira & Cassemiro, 2013).
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As with the Tundra, climate change is the major threat to drylands, though urbanization is also a serious,
continuing threat. Drylands would be expected to continue to be impacted by changing climate under the
Fortress World and Market Forces archetype. While improvements with respect to climate change can be
expected under the Policy Reform archetype, it is likely that scenarios that can be classified under the Great
Transition archetype are the only ones that could reverse current trends.
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Wetlands – Policy potentialities
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Wetlands constitute one of the more ubiquitous types of ecosystems throughout the Americas, providing
a wide range of NCP and occur as a significant component within the following units of analysis: temperate
and boreal forests, montane systems, grasslands, tundra, freshwater surface waters and water bodies,
coastal habitats, and production systems. Although scattered across these units, wetlands have the shared
charateristic that they are areas where the soil is saturated at a frequency and duration such that the soils
are physically and chemically modified to form “hydric soils” (e.g. peat) and the vegetation is dominated by
plant species adapted to growing in saturated conditions; such species are referred to as “hydrophytes”
(e.g. cattails (Typha spp.)) (Laboratory, 1987). Wetlands may be characterized by standing water throughout
the year (e.g. marshes), or water may never be visible at the surface of the ground, though saturation is
close enough to the surface as to affect the soils and influence the plant community (e.g. some temperate
swamps). Thus, wetlands are transitional between purely aquatic ecosystems and purely terrestrial
ecosystems.
Wetlands are recognized as providing the full range of ecosystem goods and services defined in this
assessment (Figure 5.15). For example, they provide provisioning services, such as food in the form of
waterfowl, seafood, and cultivated rice (Oryza sativa and O. glaberrima); regulating services in the form of
groundwater recharge and discharge zones, shoreline protection, as well as contaminant removal; and
cultural services, such as aesthetic enjoyment, recreation, and are important culturally, such as the role of
wild rice (Zizania palustris) in the culture of some Native North Americans (Mitsch & Gosselink, 2007;
Vennum, 1988).
As noted above, wetlands occur as a significant component in seven of the 17 units of analysis recognized
in this assessment. Indeed, they occur to at least some extent in all of the units, except deep water habitats.
The importance of wetlands is amply demonstrated in terms of NCP by Figure 5.15.
On a worldwide basis, 64% of the wetlands that existed in 1900 have disappeared (Davidson, 2014; Ramsar,
2006). The reasons for this decrease are varied, but are primarily due to changes in land use, with the
majority of wetland loss attributable to conversion to agriculture and forestry (Poulin et al., 2016). Ramsar
has monitored 1,000 sites since 1970 and has found that wetland loss continues, with these sites shrinking
by an average of 40% by 2008. This loss of wetland is not distributed uniformly on a global basis. Dixon et
al. (2016) found that for Oceania, North America and Africa, the rate of wetland loss has substantially
decreased. However, rates of loss for Asia and Europe continue fairly unabated.
For North America, the reduction in the rate of loss has been accomplished primarily through policy
intervention. The USA Federal Government has enacted laws and regulations protecting wetlands, as well
as encouraging conservation measures through government programs, and in the non-Governmental
organization sector. While Canada has no specific Federal legislation protecting wetlands (Environment
Canada, 2016), it does have a national policy of wetland conservation on Federal lands (Canada, 1991).
However, wetland protection is provided indirectly at the national level through a variety of laws and
regulations including, Canada Wildlife Act, Fisheries Act, Migratory Birds Convention Act, Species at Risk
Act, and Canadian Environmental Assessment Act. Additionally, Canadian provinces have enacted a variety
of laws intended to conserve wetlands (Rubec & Hanson, 2009).
To assess the effectiveness of these measures specifically in the USA, the federal government began
monitoring the extent and type of wetlands in the coterminous USA in 1970, as well as the quality of the
wetlands more recently (Dahl, 2011; USEPA, 2011). Dahl (2011) reported that the rate of wetland loss in
the USA has decreased from an annual loss of 185,425ha in 1950-1970 to 5,590ha in 2004-2009; a decrease
of 97%. In fact, in the period of 1998-2004, there was an actual net gain in wetlands in the USA of 12,955ha
per year.
In addition to the work by Dahl (2011), Dixon et al. (2016) has evaluated wetland trends for all of North
America and found that 4% of inland wetlands were lost in the period 1970-2008, while 28% of
coastal/marine wetlands were lost, for an overall loss of 17% for the two classes of natural (not manmade)
wetlands. It is notable that the 4% loss of inland wetlands in North America compares to 31%, 39%, 59%
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loss of inland wetlands in Africa, Asia, and Europe, respectively. On the other hand, Poulin et al. (2016) have
assessed the effectiveness of recently established provincial policy in Quebec. They found that despite
legislative mandates for wetland mitigation, nearly all wetlands subject to permit agreements were lost
without commensurate wetland mitigation (though other forms of mitigation did come into play, such as
upland preservation).
While these figures argue for the effectiveness of policy efforts, they mask other underlying considerations.
The capability of any ecosystem to delivery its characteristic suite of goods and services is dependent on
the integrity of the structure and function of the ecosystem. While Dahl (2011) reports that for the period
of 2004-2009, wetland losses were statistically insignificant overall, there were quite decided shifts in
wetland types. For that period, freshwater wetlands actually increased by 8,900ha, but this increase was
attributable to an increase in agricultural, industrial and urban ponds. Non-forested freshwater wetlands
(which were considered in the report to be the ones expected to have a reasonable degree of ecological
integrity) actually decreased by 72,900ha, with forested wetlands decreasing by 249,200ha; while the types
and level of ecosystem goods and services delivered by constructed agricultural, industrial and urban ponds
are not the same as lost from the forested systems, they may nevertheless deliver more NCP for a specific
service, such as food production. The tension between the valuation of different wetland ecosystems and
their associated NCP is also exemplified by somewhat conflicting legislation. For example, while there is
federal legislation in Canada protecting naturally occurring wetlands, there is also local legislation, such as
Ontario’s Tile Drainage Act that promotes drainage of wetlands for agricultural purposes (Environment
Canada, 2016). A similar situation exists in the USA at the state and local levels.
It is also instructive to look at the land use changes that accounted for the shifts in wetland types during
the period of 2004-2009 (Table 5.1).
Table 5.1. Changes in wetlands attributable to indicated land use classification 2004-2009. Source: Dahl
(2011).
Net change in wetland area (hectares) attributable to
Land use category
change to indicated land use
Deep Water
-46,947
Urban Development
-24,951
Rural Development
-27,101
Silviculture
-124,429
Agriculture
40,494
Other
157,738
Conversion to silviculture accounted for the greatest decrease in wetland extent, while “Other” accounted
for the greatest gain. “Other” includes land use changes that are so recent that the ultimate land use
category could not be determined. However, it also included newly constructed wetlands and
establishment of conservation easements. Thus, it is apparent from Table 5.1, that wetland loss continues
with respect to underlying causes. These causes also point to other factors contributing to wetland loss.
The conversion to deep-water habitats is largely from salt marsh loss resulting from wave action
encroachment allowed by fragmentation of salt marsh associated with oil and gas production. Similarly,
urban and rural development can have synergistic effects through increased nutrient, heavy metal, and
other pollutant loading to nearby wetlands.
The United States Environmental Protection Agency (USEPA, 2011) considers these latter concerns as
potential threats to the quality of wetlands. For example, they list road runoff as a source of copper, lead,
and vanadium contamination. Similarly, they point out that agricultural activities can be the source of heavy
metals such as cadmium, copper, nickel and tin, as well increased nutrient and sediment loads to wetlands.
The overall effects of these contaminants may be reflected in the fact that wetlands in areas with intense
agricultural activities also tend to have lower floristic quality compared to areas with less intense
agriculture.
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Historically, wetland degradation near large urban centers has been particularly acute. This trend is likely
to continue, given the limited options for avoiding land use conflicts in densely settled areas. Climate
change is a growing threat to wetlands across North America. Across the peatlands of Canada and
Greenland, climate change is likely causing widespread permafrost degradation, alterations of snow and ice
regimes, and changes in ultraviolet radiation (Jeffries et al., 2013). Changes in freshwater geochemistry
including eutrophication arising from the release of stored nutrients in permafrost and deepening of the
active soil layer have been reported (Meltofte, 2013). In boreal peatlands, climate change is expected to
trigger increased drought and so increased fire frequency and peat loss (Galatowitsch et al., 2009). Climate
change projections for the prairie pothole region suggest shifts in hydrology that will make most of the
region unsuitable breeding and migratory habitat for waterfowl (Galatowitsch et al., 2009; Johnson et al.,
2005). Climate maladaptation by the agricultural sector, needing to secure more water sources, seems likely
to result in water diversions and groundwater extraction, adversely altering wetlands in many parts of
North America, including the prairie pothole and Everglades wetland landscapes (Galatowitsch et al., 2009;
National Research Council, 2014).
Wetlands in seasonal tropical climates, as is the case of the Palo Verde wetland, are governed by extreme
seasonal hydrologic fluctuations and are characterized by rapid vegetation responses to changes in water
level. Climate change models in the seasonal Palo Verde wetlands in Costa Rica predict reduced rainfall and
a drier wet season. Based on the distinctive composition of wet and dry season vegetation, and high species
richness in the wet season, local loss of diversity is predicted accompanied by increased abundance of
drought-tolerant emergent species (Osland et al., 2011).
Given a general tendency for increased aridity and changes in seasonal rainfall distribution in South America
over the coming century, wetlands are likely to be negatively impacted by climate change (Junk, 2013).
However, there are many uncertainties given regional climatic variation. For example, some climate models
show increases in rainfall and in discharges of the Paraguay Basin, while others show reductions (Marengo
et al., 2016).
The two main drivers affecting wetlands currently and expected to continue to do so in the future (Figure
5.15) are habitat degradation and climate change. With respect to habitat degradation (i.e. primarily
conversion of wetlands to agricultural use), the information presented above speaks to the feasibility and
potential effectiveness of policy intervention in wetland conservation and, thus, speaks to the potential
implications of the archetypes. The majority of wetland loss that has occurred in North America occurred,
as the land was being settled and converted to agriculture. We see this driver still taking place in other
areas of the Americas, notably South America where land is being converted to agricultural purposes, such
as growing soybeans. Thus, under the Market Forces archetype, we would expect to see continued loss of
wetlands in areas that do not already have protections. Under Fortress World, we would expect a similar,
though likely more severe, trend as market forces and expanding populations requiring food would result
in the same trend observed in North America in the 1800 to mid-1900s. The relative effectiveness of policy
intervention is well-evidenced by the above discussion and thus, under the Policy Reform archetype one
would expect a reduction in the rate of wetland loss where it is still prevalent, though depending on the
policies, shifts among wetland types may occur as the do in USA, with concomitant shifts in the exact NCP
provided. The adoption of policies, such as those in USA and Canada and the recent significant set aside of
the Llanos wetlands of Bolivia, could be a significant boon to maintaining the NCP provided by wetlands.
The set aside in Bolivia also points to what might happen under the New Sustainability Paradigm archetype
(i.e., an archetype similar to the Policy Reform and the Great Transition group of archetypes). Despite being
in a region where land use changes to agriculture is proceeding at a substantial rate; it is possible to set
aside ecosystems whose NCP values are recognized.
While the Policy Reform family of archetypes hold promise with respect to addressing land use changes, it
is likely a much less effective scenario for curbing wetland impacts due to climate change. Additionally,
climate change may also result in increased water withdrawal from wetlands or the aquifers that supply
groundwater-fed wetlands. Thus, agriculture and climate change can be viewed as synergistic drivers, and
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for reasons covered under Tundra and Boreal Forest, effective approaches in dealing with this synergistic
pairing will require more radical approaches, consistent with the Great Transition family of scenarios.
The above focal analysis provides a good indication of the complexity of determining what “the best” use
of world’s natural capital is. Multiple drivers, teleconnections, telecoupling, differing socio-economic
conditions, and differences in cultures and values are all considerations in trying to create a sustainable
world. Section 5.6 discusses the detailed considerations in developing specific scenarios that can inform the
policy process in attaining this goal.
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Urban/Semi-urban – Effects on multiple aspects of human well-being
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Urbanization will continue as world population grows and may have its greatest effect in intermediate-sized
cities, which have the highest growth rates (Chapter 2). The continuation of urbanization will impact other
units of analysis, such as agricultural systems and can result in significant impacts to NCP provided by those
systems, such as provisioning of food (Chapter 3). For example, Schneider et al. (2012) estimates that by
2030, urban expansion in the Midwest of the USA may reduce agricultural land that could feed up to
532,000 people.
While urban centers are impoverished ecological systems relative to many ex-urban areas (including
agricultural systems and the landscapes within which they are imbedded (Chapter 3), they still host a variety
of species and underpin a variety of ecosystem services, especially with respect to regulating and cultural
services (Chapter 2).
Some urban areas, such as the City of Detroit, Michigan, USA, park systems contain remnant tracts of
vegetation that are only slightly changed from pre-settlement times due to the fact that they were parts of
estates before urbanization spread to their area and were protected as part of park systems (Weatherbee
& Klatt, 2004). Indeed, one of the natural communities (Mesic Flatwoods) recognized in Michigan, was first
described just a few years ago based on the urban park Belle Isle, located in the Detroit River, between the
downtowns of Detroit and Windsor, Ontario, Canada (Cohen et al., 2015). These observations argue for
continued inventorying of the biological assets in urban areas, even in areas that are considered highly
urbanized and studied (Chapter 3).
Perhaps the greatest impact on biodiversity due to urbanization may be indirect, through the continued
reduction of human-nature interactions, which have been shown to be beneficial to people in general and
even utilized in human medicine as an adjunct to cancer treatment (Chapter 2) (Cimprich & Ronis, 2003;
Louv, 2008). The disconnect from nature is likely to result in disaffection toward nature and reduced
motivation to protect, due to a lack of understanding.
It is in the area of urban planning that some of the greatest opportunities for meeting the Sustainable
Development Goals (SDG) by employing technological advancement in preserving and enhancing the
function of urban ecosystem and mitigating the negative consequences of urbanization exist. For example,
the use of designed wetlands for the treatment of storm runoff and sanitary wastewater can lower point
pollution of surface water, provide wildlife habitat, and afford cultural opportunities to enjoy nature. More
study is needed to determine adequate amounts of greenspace for human well-being from a variety of
perspectives, Shanahan et al. (2016) have shown significant effects with 30 minutes per week of exposure
to natural surroundings. There is strong evidence for a positive effect of the number of urban greenspaces
on biodiversity; a relationship well established on the principle of MacArthur and Wilson’s Theory of Island
Biogeography (Macarthur & Wilson, 1967). Indeed, the mathematical relationship between available
habitat and species diversity has been described for a number of systems.
As with most human endeavours, such as the development of agriculture and technological advances,
urbanization has both significant benefits and costs. Urbanization is associated with increases in quality of
life in terms of food availability, sanitation, and healthcare; it is also associated with environmental
degradation, poverty, unemployment, and violence. It will take public discourse and development of
sustainable development policies to insure maximization of benefits and minimization of costs.
As urbanization is one of the main causes of land use changes, reduction of the effect of this driver in urban
areas themselves will require concerted effort in land use planning. Thus, various approaches within the
Policy Reform and Great Transition archetypes hold promise for biodiversity conservation with respect to
urbanization.
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Cultivated areas (including cropping, intensive livestock farming, etc.)
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The agricultural land in Latin America and the Caribbean showed one of the larger expansions in the past
50 years (Martinelli, 2012). The challenge the region faces is to meet the large potential for food, fiber and
fuel production aligned with conservation of one of the larger and unique collections of biodiversity, on the
planet. Most of the increase in production was associated to the expansion of extensive agriculture over
forests and natural ecosystems areas (Willaarts et al., 2014). In Brazil, one of the larger agricultural
commodity producers in the regions, circa 20% of the Amazon rain forest and 50% of the dry forest
(Cerrado) was lost due to the expansion of agriculture in the past 40 years (Aguiar et al., 2012; Bustamante
et al., 2012). Also, pressures over the Chaco area (Bolivia, Paraguay and Argentina) due to increase of grain
and beef production is critical. Latin America and the Caribbean has a key role in the international
agriculture products market, as a leading exporter and producer of soybean, sugar, coffee, fruits, poultry,
beef and bio-ethanol (Martinelli, 2012). The greenhouse gases emissions portfolio in the region is strongly
centered in process of land cover change (deforestation, forest degradation, land degradation) (Aguiar et
al., 2012) and land use by agriculture and cattle ranching. According to Sy et al. (2015), analyzing the 2010
global remote sensing survey of the FAO - Global Forest Resources Assessment, pasture was responsible
for more the 70% deforestation in Northern Argentina, Western Paraguay, and eastern portion of the
Brazilian Amazon (the arc of deforestation), whilst deforestation driven by commercial cropland (12-14%)
had an increased pattern in time, and the hotspots found in Brazil (south western Amazon), Northern
Argentina, Eastern Paraguay and Central Bolivia. In Brazil, Argentina and Mexico agriculture has already
surpassed the emissions derived from deforestation (UNFCCC). Broader data published by (Graesser et al.,
2015) indicate that, for the entire Latin American region, 17% and 57% of forest replacement was due to
new cropland and new pastureland.
The agricultural expansion and production varies strongly in the region, and production has distinct level of
cropping efficiency and intensity in different countries and biomes. Thus, intensification and extensification
processes have driven the agriculture expansion in the region in the past decades. Most commoditized
agriculture is highly technological and is related to private and commercial companies, but small holder
agriculture plays a critical role on food production at local and regional scale (Boillat et al., 2017). Land
tenure and demography in the region also play a role in the dynamic of land use change processes. The
demographic configuration of the Latin America and the Caribbean region has low population density in
the rural area and one of the most urbanized regions on the planet (e.g. almost 80% of the population lives
in cities) (UNEP, 2014). Land tenure is a critical issue. In Mexico, Bonilla-Moheno et al. (2013) showed
differences in woody cover, in natural vegetation landscape units, from common-pool systems of land
tenure, in contrast to communal and private regimes, where the latter ameliorate, reducing the
deforestation process.
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Inland surface waters and water bodies/freshwater unit of analysis- The
case of multiple demands/multiple drivers on natural capital
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Water is fundamental to all living things, the chemistry of life occurs in aqueous solution. Whether an
organism occurs in terrestrial, sub-terrestrial, marine or freshwater environments it is dependent on water.
Thus, all of biodiversity, as well as the NCP stemming from that diversity, link to water. While marine
systems dominate the globe in areal extent, human well-being is, arguably, more closely linked to
freshwater, if for no other reason than the human need for drinking water.
The distribution of water is heterogeneous, as is the specific need for water. The demands on freshwater
systems are large and extremely diverse. For example, though both are areas of high intensity agriculture,
the need for irrigation in the Upper Midwest of the USA is much lower than for the central valley of
California. Ironically, in the Upper Midwest where rainfall tends to be adequate, 20% of the world’s
freshwater is found in the Great Lakes. Thus, there can be major disconnects between need and occurrence
of this natural capital.
Sustainable Development Goal 6 is “Ensure access to water and sanitation for all.” Chapter 2 makes clear
the NCP of freshwater systems and are presented Figure 5.18. Indeed, the criticality of water as a resource,
in terms of sustainability, economic activity (including as a source of jobs), and human health have been
emphasized, respectively, in the last three World Water Reports (WWAP, United Nations World Water
Assessment Programme, 2015, 2016, 2017). While Chapter 3 describes both discouraging and encouraging
trends, the challenges facing this unit of analysis are made clear by the discussion of drivers in Chapter 4.
Two primary drivers that act synergistically are demographics and agriculture. It is expected that water use
will continue to rise both absolutely and on a per capita basis due to increasing populations throughout the
Americas and agricultural intensification, respectively. Though irrigation technology has improved via such
aspects as in-field moisture sensors, the adoption of these technologies is slow (WWAP, United Nations
World Water Assessment Programme, 2015). As agriculture intensifies, especially in South and
Mesoamerica, increased pressure will be placed on freshwater systems due to water withdrawal and
eutrophication due to nutrient-laden runoff. Though point-source pollution has been much reduced in
North America, the same does not apply regarding non-point source pollution and agriculturally-related
nutrient inputs are a major concern in the Mississippi River basin and western Lake Erie of the Great Lakes.
The aspect of water withdrawal is especially troubling in Mesoamerica where, in certain areas, a third of
aquifers are already over-allocated. But water withdrawal is also a serious problem as well as in North
America where there is a dependence on “fossilized water” (aquifers that are not being replenished) for
irrigation. The combination of the need for drinking water and irrigation is particularly problematic in the
southwest USA where up to 76% of river flows are withdrawn annually (the Colorado River frequently does
not reach the Sea of Cortez and its delta is 10% of what it used to be).
Linked drivers, including urbanization and energy needs, provide a challenge to freshwater systems and
simultaneously meeting SDG 7 (sustainable energy) and 15 (eliminate biodiversity loss). There is no doubt
that energy production via burning of fossil fuels has significant environmental consequences and that
sustainable energy sources are needed, especially if urban energy needs are to be met. However, the three
main current sources of sustainable energy, namely solar, wind and hydro, all come with their own
ecological footprint. Hydropower is a source being widely considered in South America and there are
currently a number of dams either under construction or being planned. While these will provide reliable
energy, they also come with an environmental price including disruption of fish migration routes, increased
sediment deposition upstream, channel scouring downstream, and disruption (increased and decreased)
of annual flooding of riparian terraces traditionally used for agriculture.
While freshwater systems are undeniably an important resource to humans as drinking water, freshwater
is also critical to the biological resources found in lakes, streams, and rivers. The Americas are exceptional
in their freshwater resources. For example, as noted in Chapter 3, the Americas contribute 47% of the
freshwater that flows to the oceans and the freshwater of the Americas is home to over 5,000 species of
fish, which provide subsistence food, commercial food, and sport opportunities. However, these and other
freshwater biological resources in the Americas are threatened by habitat degradation (e.g. construction of
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dams for hydroelectric power), climate change, pollution (as in the water quality issues for Lake Erie
discussed above), and invasive species (e.g. Asian carp and zebra mussels in North America) resulting in
higher extinction rates than for most terrestrial biomes (Dove, 2009; Chapter 3).
These drivers will continue to present recurring and likely increasing, challenges to freshwater resources as
we approach 2050. While serious threats exist to the Americas’ freshwater systems, there is also evidence
that planning and international cooperation in addressing these threats through policies and
intergovernmental agreements have helped some freshwater systems, notably the Laurentian Great Lakes
in North America. Coordinated water pollution control by Canada and USA, and the formation of the
International Joint Commission on the Great Lakes have achieved substantial levels of success in protecting
the Great Lakes with respect to water removals and diversions (International Joint Commission, 2016) and
reductions in petroleum, pesticides, heavy metals, and nutrient pollution since the 1970s (Hartig et al.,
2009). For example, water clarity has vastly increased in Lakes Michigan and Huron, phosphorous levels
have been reduced to the extent that they are now considered a limiting nutrient in the lakes, chloride
levels in Lakes Huron, Erie, and Ontario have decreased (reversing a 150-year trend of increasing levels).
These improvements are credited with recovery of a number of biological resources, including bald eagles
(Haliaeetus leucocephalus), peregrine falcons (Falco peregrinus), lake sturgeon (Acipenser fulvescens), lake
white fish (Coregonus clupeaformis), walleye (Sander vitreus), and burrowing mayflies (Hexagenia spp.)(an
important prey item in fish diets) (Hartig et al., 2009). While improvements have been noted in these
measures, other pollutants, such as silica and nitrogen, have increased (Binding et al., 2015; Chapra et al.,
2009; Dove, 2009; Dove & Chapra, 2015).
Thus, while policies and international cooperation has been helpful in North America, it is clear that futures
that include scenarios from the Fortress World or Market Forces archetypes will not be enough to stem the
increasing pressures of non-point pollution, climate change, and invasive species even at the subregion.
True paradigm shifts will be required throughout the Americas to address impacts to freshwater, especially
in terms of water quality and availability, in the face of increasing reliance on pesticides, fertilizers, and
irrigation in agriculture in response to increasing populations and climate change. It is clear that to make
progress towards the Aichi targets and SDG, serious consideration should be given to devising scenarios
designed within the Policy Reform and Great Transition archetypes.
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Coastal habitats/coastal and near shore marine/inshore ecosystems unit of
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Coral Reefs. According to Knowlton (2001) the combination of nutrification, global warming, and loss of top
members of the food chain (and introduced chemicals) is unprecedented over the last 65 million years.
Bozec et al. (2016) concluded that reduced fishing for parrotfish and other herbivores would make reefs
more resilient to warming and ocean acidification. Global warming is placing Caribbean coastal ecosystems
under further stress. Predicted increased severity of hurricanes and greater rainfall seasonality for the
region are also likely to increase stress (Fish et al., 2009). According to the IPCC fifth assessment report,
under 4°C warming, widespread coral reef mortality is expected with significant impacts on coral reef
ecosystems, this will imply a high risk of extensive loss of biodiversity with concomitant loss of ecosystem
services (CB Field et al., 2014).
Mangroves. These wetland systems occur along coastal areas from the subtropics in North America to the
tropical and subtropical regions of Central and South America. Like most wetlands, they provide a range of
ecosystem goods and services. They provide provisioning services in the form of food production (Engle,
2011); regulating services in the form of storm protection, coastal protection, and erosion control (Anthony
& Gratiot, 2012a; Marois & Mitsch, 2015; Zhang et al., 2012) and cultural services in the form of recreation
and aesthetic enjoyment (Mitsch & Gosselink, 2007) (Figure 5.19). Indeed, they are considered some of the
most productive wetlands on Earth from the standpoint of providing habitat for fisheries and wildlife.
On a global basis, it is estimated that over 60% of the world’s wetlands have been lost and this is largely
due to land use changes, primarily conversion to agricultural systems (Ramsar, 2006); these losses are not
uniformly distributed among wetland types or geographic areas, but the losses continue. Between 1980
and 2007, 25-35% of the world’s mangrove forests were lost (FAO, 2017a; Inniss & Simcock, 2016; MEA,
2005). Moreover, Marois and Mitsch (2015) state that the majority of remaining mangrove forests are
located within 25km of major urban centers. Recent figures indicate that the loss of mangrove forest has
continued with an additional loss of 1-2% per year, though higher rates occur in some regions. It is notable
for this assessment that from 1980 – 2007, there has been a loss 24-28% of the areal extent of mangroves
in the Caribbean with much of the loss due to conversion to urbanization, fuel wood, solid waste disposal,
and aquaculture (Anthony & Gratiot, 2012b; Inniss & Simcock, 2016).
With anticipated rises in sea level and more and more intense storm events associated with climate change,
this loss of mangrove forest is of concern due to their role in storm surge attenuation, shoreline protection,
and soil erosion prevention. The attenuation of normal wave energy by mangroves is well known. However,
it has become increasingly recognized that mangrove forests may play a significant role in ameliorating the
effects of severe storm and tsunami-generated waves. Danielsen (2005) reported that villages that had a
mangrove barrier suffered relatively fewer deaths from the Indian Ocean tsunami than villages without
such a barrier. While some have questioned the efficacy of mangroves in the case of tsunamis, Zhang et al.
(2012) have convincingly demonstrated the protective value of mangroves in the case of hurricane Wilma
that had landfall in southwest Florida USA. They showed that a 7-8km wide mangrove forest reduced
inundation by 80%, thus protecting inland freshwater wetlands from saltwater encroachment.
Mangroves also play a role in prevention of soil erosion. Along the northern coast of South America,
sediment-laden waters from the Amazon River form extensive areas of shifting mud flats. These mud flats
extend thousands of kilometers along the coast and are stabilized by mangroves. However, in some areas,
the mangroves have been removed for development, or dikes built to establish aquaculture operations,
isolating the mangroves. In those areas, the protective stabilization provided by the mangroves is no longer
there, resulting in erosion of the mud flats and conversion of the shore to sand. The sandy soils do not
support vegetation and are highly erodible requiring local communities to install expensive shoreline
armoring, such as rip-rap or concrete break walls (Anthony & Gratiot, 2012b).
Conservation of the mangroves in an area may also have synergistic effects. Engle (2011), reviewed the
available information on ecosystem services associated with wetlands in the Gulf of Mexico, including
shrimp production. Juvenile shrimp develop in coastal wetlands, primarily marshes. However, as in the case
of mangrove forests, there is an on-going loss of coastal marsh in the Gulf of Mexico primarily resulting
from changes in flow patterns induced by oil and gas exploration (Rangoonwala et al., 2016). As shrimp
habitat decreases, it has been found that juvenile shrimp use other coastal wetlands, such as open bays
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and seagrass areas. Thus, there may be ancillary benefits to the shrimp industry from mangrove
conservation by providing alternative habitat for juvenile shrimp.
Despite
efforts
to
restore
mangroves
in
some
areas
in
the
Americas
(http://www.mangroverestoration.com/), expansion of aquaculture and will likely continue to reduce the
extent of this valuable ecosystem. Alongi (2002) predicted that over the next 25 years, unrestricted tree
felling, aquaculture, and overexploitation of fisheries will be the greatest threats worldwide, with lesser
problems being alteration of hydrology, pollution and global warming. In contrast, Ellison and Farnsworth
(1996) felt that climate change would likely cause fringing mangroves to vanish. However, in recent years,
mangroves have been spreading northward in Florida, expanding their range in response to warming
(Cavanaugh et al., 2014). Since they are not likely to be harvested for wood or removed for aquaculture,
this northward move may counterbalance some of the threats. In the Caribbean, rising sea levels will likely
have a large impact on coastal areas, although mangroves have been shown to keep pace with sea level
rise in some areas of the Caribbean such as Belize (McKeeand Feller, 2007).
Although mangroves provide various NCP, undeniably contributing to human well-being by reducing
fatalities associated with extreme events, the drivers resulting in the loss of mangroves also contribute to
human well-being; thus we have to consider the full range of consequences involved. Conversion of
mangrove forests for agriculture or aquaculture contributes to food supply, urbanization may result in the
general increase of the standard of living of those in the urban areas. So too, all of these drivers are
associated with economic activity of one sort or another and may contribute to alleviation of poverty. Thus,
various considerations need to be taken into account when evaluating the sustainable use of mangroves.
Datta et al. (2012) present an approach that can help to resolve these questions of both negative and
positive consequences. They review the results of a number of community-based mangrove management
efforts and provide a number of observations regarding factors that contribute to the success of such
efforts, such as ensuring the voices of the those depending on the mangroves for subsistence are heard and
that the benefits derived from the management efforts, including the economic benefits, are distributed
equally regardless of socio-economic status of the recipients.
Clearly, the situation and necessary considerations in the case of mangroves, and the NCP they supply,
differ substantially from the issues with Tundra wetlands. In the case of mangroves, the drivers are both
direct and indirect, and while some, such as climate change (which causing some latitudinal change
northward, (Inniss & Simcock, 2016)) are global, others, such as land use change are very local. So too, there
are costs and benefits in terms of NCP that are related to the relevant drivers (e.g. aquaculture provides
food and economic activity). There is also clear evidence that local populations can have a direct effect on
the resource, including the NCP that it supplies.
Thus, the scenario archetypes have slightly different implications in this case and pathways to a sustainable
future are possibly more flexible. Under the Fortress World archetype, it is still likely that mangroves in the
Americas will continue to suffer losses, though an extreme acceleration of impacts, as would be anticipated
for Tundra wetlands is less likely, due to local recognition of the NCP of mangroves in terms of local fisheries
and shoreline protection. However, this may be overbalanced by a presumed increase in urbanization or
other land use changes, as cooperative agreements and existing protections in some areas may roll back.
As with the Tundra wetlands, a future under the Market Forces archetype will likely result in the continued
degradation of this resource throughout the Americas. Assuming an even greater reliance on market forces,
there may be an actual increase in impacts to mangroves, as the NCP most easily monetized, such as
aquaculture, urbanization and coastal development, will likely increase; these being the factors most often
cited in current impacts to mangroves, especially in the Caribbean.
A future under a Policy Reform archetype scenario holds potential for real reduction in impacts to
mangroves. Again, considering the most important drivers affecting mangroves, aquaculture, urbanization,
and coastal development, these are factors that are amenable to policy intervention at various levels of
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governance. Indeed, Innis et al. (2016) recognizes that legislation is a viable avenue for protection of
mangroves and cites examples of where this has been implemented. However, as these drivers also
associated recognized socio-economic benefits, complete elimination of impacts is unlikely.
Innis et al. (2016) suggest a number of avenues for potential mangrove conservation, including: legislation;
conventions and protected areas; management, education and restoration projects; and emerging
conservation strategies, such as Reducing emissions from deforestation and forest degradation plus. These
are all approaches that could be incorporated into policy developments under the Policy Reform scenario.
These are also approaches that could be instituted at a variety of governance levels and are more amenable
to including NCP that are not as easily monetized, such as preservation of human life from severe storms.
The approach described by Datta et al. (2012) is a clear example of using a decided paradigm shift, including
local stakeholder input that resembles the Policy Reform scenario. Under such an approach, a balancing of
social, economic, and cultural interests would be possible and could optimize the NCP of mangroves.
Seagrasses. Seagrasses are the only flowering plants (class Monocotyledoneae) that are found in the marine
environment. They are present in all continents except Antarctica (Green & Short, 2003). In spite of the low
global species diversity of seagrasses (72 species of seagrasses distributed into six families, (Short et al.
2011)) compared with the terrestrial angiosperms (250,000 species approx.), these marine flowering plants
can have distributional ranges that extend for thousands of kilometers of coastline along 6 geographical
bioregions: 1) Temperate North Atlantic, 2) Tropical Atlantic, 3) Mediterranean, 4) Temperate North Pacific,
5) Tropical Indo-Pacific, and 6) Temperate Southern Oceans (Short et al., 2007). These widespread marine
angiosperm evolved from terrestrial origins and have been present in the marine coastal waters for over
100 million years (Les et al., 1997); they constitute one of the richest and most important coastal habitats
(Short et al., 2011), ranked among the most valuable ecosystems on Earth (Costanza et al., 1997, 2014).
Seagrass beds provide key ecological functions for maintaining healthy estuarine and coastal ecosystems
(Cullen-Unsworth & Unsworth, 2013; Duarte et al., 2008; Moore & Short, 2006), enhancing biodiversity
and water quality in the immediate environment and adjacent habitats (Duarte, 2002; Green & Short, 2003;
Beaumont et al., 2007). Their canopies enhance the settlement of suspended particles and prevent
resuspension; their root systems help to bind sediments over a long-term; and they release oxygen from
photosynthesis. Their above and below ground systems also have a major role in coastal protection; holding
and binding sediments, they prevent the scouring action of waves directly on the benthos, thus seagrasses,
likewise mangroves and corals, dampen the effects of wave and current energy, reducing the processes of
erosion and turbidity and increasing sedimentation (Green & Short, 2003).
Seagrass meadows, corals and mangroves, supply habitat, shelter and breeding ground for important
marine species, including numerous commercially important fish and shellfish species (Hughes et al., 2009;
Orth et al., 2006). In addition to these nursery functions, seagrass beds are also feeding ground for
protected species (Christianen et al., 2013) and seabirds (Shaughnessy et al., 2012). Thus, seagrasses and
mangroves and corals, contribute to various trophic levels of the soft-sediment coastal ecosystems
enhancing overall productivity and biodiversity (Green & Short, 2003).
Summarizing, these units of analysis provide a wide range of ecosystem services, including raw materials
and food, coastal protection, erosion control, water purification, maintenance of fisheries, carbon
sequestration, and tourism, education, and research (Figure 5.19). Apart from providing a wide array of
ecosystem services, aquatic angiosperms are valuable biological indicators integrating environmental
impacts over measurable and definable timescales (Martínez-Crego et al., 2008; Orth et al., 2006). Under a
changing climate context, their regulation service on organic matter accumulation could play a critical role
in long-term carbon sequestration. As perennial structures, seagrasses are one of the few marine
ecosystems which store carbon for relatively long periods (Green & Short, 2003). Therefore, these coastal
plant communities could play an important role in climate change mitigation and adaptation (Duarte et al.,
2013), not only in carbon sequestration (Fourqurean et al., 2012) but also in coastal protection (Ondiviela
et al., 2014).
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However, estuarine and coastal habitats have been historically altered and degraded (Halpern et al., 2008)
and seagrass beds in particular, are undergoing a global decline (Waycott et al., 2009a). Seagrasses and
their NCP are subjected to many pressures, both anthropogenic and natural (Green & Short, 2003) (Figure
5.19). Natural causes of seagrass decline include geological (i.e. coastal uplift or subsidence);
meteorological events (i.e. major storm events); and specific biological interactions (e.g. eelgrass wasting
disease) (Muehlstein et al., 1991) (Figure 5.19). Whereas, human induced threats are now widespread
(Green & Short, 2003). Without considering climate change and its consequences, anthropogenic impacts
range from estuarine and coastal habitat degradation; direct impact inducing fragmentation or loss of
seagrass beds; increase of nutrient and sediment runoff; introduction of invasive species; hydrological
alterations; and commercial fishing practices (Orth et al., 2006) (Figure 5.19). Although seagrass declines
have been related to a combination of impacts rather than individual threats (Orth et al., 2006), two major
causes of loss were identified by Waycott et al., 2009: direct impacts from coastal development and
dredging activities; and indirect impacts from declining water quality, i.e eutrophication (Dennison et al.,
1993; Krause-Jensen et al., 2008; Short & Burdick, 1996).
Due to the above mentioned multi-drivers of change, seagrass meadows are among the most threatened
ecosystems, with loss-rates comparable to those reported for mangroves, coral reefs, and tropical
rainforests (Waycott et al., 2009a). Their habitat is being lost and fragmented overall (Duarte, 2002; Hughes
et al., 2009); over the last two decades, up to 18% of the documented seagrass area has been lost
(Boudouresque et al., 2000; Green & Short, 2003; Kirkman, 1997; Short et al., 2006), with rates of decline
accelerating in recent years (Waycott et al., 2009a). This present situation of declining seagrasses may be
exacerbated by increasing human induced pressures (Nicholls et al., 2007; Wong et al., 2014) and additional
global change drivers (Short & Neckles, 1999), including global warming (Jordà et al., 2012a) and sea level
rise (Saunders et al., 2013). Considering the key role of seagrasses in the ecosystem function, their decline
might be detrimental to those species that depend on them, including economically important fishes and
invertebrates (Hughes et al., 2009); and considering moreover, that seagrass meadows are often dominated
by a single seagrass species, the loss of only one seagrass species might initiate a negative cascade of effects
for the whole biome (Duarte, 2002; Hemminga & Duarte, 2000).
Recent climate change has already impacted marine environments with documented effects on the
phenology of organisms; the range and distribution of species; and the composition and dynamics of
communities (Richardson et al., 2012). In the coming decades, coastal systems and low-lying areas will
increasingly experience adverse climate-related impacts (IPCC, 2014). Global mean upper ocean
temperatures have increased over decadal times scales from 1971 to 2010, with a global average warming
trend of 0.11 ºC per decade in the upper 75 m of the ocean (IPCC, 2013b). The global ocean is predicted to
continue warming during the 21st century (Collins et al., 2012) and it is very likely that, by the end of the
century, over 95% of the world ocean, regional sea level rise will be positive (Church et al., 2011).
Pressures to seagrasses derived from global climate change have been extensively summarized (Björk et
al., 2008; Duarte, 2002; Short & Neckles, 1999). Among the overall potential impacts of climate change,
three major threats are associated with intertidal habitat forming species: increases in sea surface
temperature (e.g. Jordà et al., 2012), sea level (e.g. Saunders et al., 2013), and frequency and intensity of
storms together with their associated surge and swells (e.g. Ondiviela et al., 2014).
Intertidal and near-shore benthic habitats are characterized by strong vertical patterns in the distribution
of organisms (Harley & Paine, 2009), being elevation relative to mean sea level a critical variable for the
establishment and maintenance of biotic coastal communities (Pascual & Rodriguez-Lazaro, 2006).
Consequently, zonation patterns are likely to shift following the environmental changes (Lubchenco et al.,
1993). Wernberg et al. (2011) found several large and common species retreated south in seaweed
communities, which could have substantial negative implications for ecological function and biodiversity.
Temperature has important implications on the geographic patterns of seagrass species abundance and
distribution (Walker, 1991), being considered as one of the main variables controlling the seagrasses
distribution at global scale (Greve & Binzer, 2004). Waycott et al (2007) predicted that the greatest impact
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of climate change on seagrasses will be caused by increases in temperature, particularly in shallower
habitats where seagrasses are present.
Temperature increase may also alter seagrass abundance through direct effects on flowering and seed
germination (Jordà et al., 2012a; Massa et al., 2009; Olsen et al., 2012). Since changes in seawater surface
temperature would differ geographically the effects would vary between locations and therefore, some
meadows could be favoured by the temperature increase; e.g. Hootsmans et al. (1987) found
experimentally that temperatures rising from 10 ºC to 30 ºC significantly increased Zostera noltii seed
germination. Short and Neckles (1999) concluded that, under global climate change, an average annual
temperature increase will decrease productivity and distribution of seagrass meadows growing in locations
with temperatures above the optimum for growth, or near the upper limit of thermal tolerance. In this
sense, projections of future distribution of the intertidal seagrass Z. noltii performed using a highly accurate
habitat suitability model based on mean and minimum seawater surface temperature, showed that the
changes in seawater surface temperature derived from global warming would promote an important
change in the distribution of the species, triggering a poleward shift of 888 km in the area suitable for the
species by the end of the 21st century (Valle et al., 2014).
This shift in the species’ distribution would turn into a reduction of the species climatic niche: those
populations under seawater surface temperature thresholds higher than the temperature ranges required
by the species (i.e. southernmost populations) would become extinct by 2100, and the colonization of the
predicted suitable areas in the northernmost estuaries could be unlikely because Z. noltii populations have
shown a low recolonisation rate from estuary to estuary (Chust et al., 2013; Diekmann et al., 2005) and
might not shift their suitable habitat northward at a pace comparable to warming rates, especially in regions
where the species is restricted to intertidal estuarine zones. Koch et al. (2013) also stated that many
seagrass species living close to their thermal limits will have to up-regulate stress-response systems to
tolerate sub-lethal temperature exposures. Therefore, physiological capacity of adaptation of the species
would determine the vulnerability degree of seagrasses to climate change. Although photosynthesis and
growth rates of marine macro-autotrophs are likely to increase under elevated carbon dioxide, its effects
on thermal acclimation are unknown (Koch et al., 2013). Jordà et al. (2012b) reported that it is unlikely that
enhanced carbon dioxide may increase seagrass resistance to disturbances such as warming.
Eutrophication is a major threat to submerged aquatic vegetation, and with more people living near the
coast and the high costs of controls, the likelihood is that submerged aquatic vegetation will continue a
downward trend. However, in some areas that have undergone restoration and controls on nutrients, such
as
Chesapeake
Bay
in
the
USA
there
has
been
some
recovery
(http://www.chesapeakebay.net/indicators/indicator/bay_grass_abundance_baywide). In cases where
nutrient limitations are implemented, recovery is a very slow process, involving the replacement of fastgrowing macroalgae with slower-growing plants. Simulation models predict recovery times of several years
for fast-growing seagrasses to centuries for slow-growing seagrasses following nutrient reduction (Duarte,
1995).
Scenarios archetypes for seagrassess are very similar to those for mangroves, under Fortress World and
Market Forces direct and indirect pressures to seagrasses will increase and additional global change drivers
will take place, thus seagrasses will continue to suffer losses. NCP of seagrasses are not as recognized as
those from mangroves and therefore an extreme acceleration of impacts might occur.
Even though present declining trends in seagrasses exceed more than 10 times the increasing trends
(Waycott et al., 2009a), water quality improvements and habitat remediation are leading to encouraging
results regarding the potential of seagrasses to recover (Barillé et al., 2010; Dolch et al., 2013). Thus under
a Policy Reform scenario archetype, a reduction in impacts to seagrasses might be possible.
Under a Great Transitions scenario archetype where there is a high awareness and concern about the
negative repercussions derived from the loss of biodiversity and ecosystem functions of these habitats,
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policy changes that allow seagrasses to become targeted for conservation and restoration, and promotes
attenuation of global warming, seagrass meadow decline might be reduced and recovery might occur.
Salt Marshes. In recent years, many previously healthy marshes in the Americas show adverse effects from
sea level rise (such as ponding, where water remains on the marsh surface during low tide and plants get
water-logged), and it is questionable whether they will be able to keep up. The actual rate of sea level rise
in the future will affect which marshes can keep up. Other marshes are being restored, a very expensive
procedure. There are some attempts to increase their elevations (Ford et al., 1999), but given the
inevitability of sea level rise at an accelerated rate, it is highly probable that extensive areas will continue
to be lost. The invasive reed, Phragmites australis, which has reduced plant diversity in many brackish
marshes in the East coast of the USA and is often removed in restoration projects, allows marshes to
increase their elevation more rapidly (Rooth & Stevenson, 2000) and might better enable marshes to keep
up with sea level rise.
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Cryosphere unit of analysis
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Arctic sea ice is an important habitat for many species in northern Canada and Alaska. Sea ice includes both
multi-year ice (fast ice) as well as seasonal ice. The extent of multi-year sea ice in the circumpolar north is
highly variable and subject to cyclical drivers such as the North Atlantic Oscillation (Delworth et al., 2016).
The range in area of sea ice varies on a yearly basis from 15 million km2 on average to 7 million km2,
considering September as reference. However, this is theorized to be changing due to climate change.

Sea ice provides provisioning services as habitat for many arctic species including polar bears, seals, and
walruses, which in turn provide economic and health benefit to northern peoples. Sea ice is also considered
to be providing regulating services related to climate change impacts (e.g. regional and global air and water
temperatures) (Parmentier et al., 2013). There are also valuable cultural services in the form of tourism and
recreation that are sometimes considered, as the arctic becomes a greater interest globally (Stewart et al.,
2017).

Major trends of nature and nature's contributions to people in the
Americas: learning from global scale literature
Extensive efforts have been allocated to develop global biodiversity databases and integrated assessment
models with the aim of understanding past, present and future trends of nature and nature’s benefit to
people (e.g. Alkemade et al., 2009; Leadley et al., 2010; PBL, 2014, 2012; Pereira et al., 2010). Results from
these models aim to facilitate decision makers developing policies and strategies to achieve conservation
targets and sustainable uses of natural resources. They can also be used to engage the larger public in
thinking about the kind of future they really want (PBL, 2012). Although most of these databases and
models have a global scope, several approaches can be used to extract the most relevant information on
major trends for the Americas. Here we based our approach on the results available in raw format from the
Global Biodiversity model for policy support (http://www.globio.info/), a modeling framework to calculate
the impact of environmental drivers on biodiversity for past, present and future. Global Biodiversity Model
for policy support was developed under collaboration between Netherlands Environmental Assessment
593

IPBES/6/INF/4/Rev.1

Agency, UNEP/Global Resource Information Database - Arendal and UNEP-World Conservation Monitoring
Centre.
The Global Biodiversity Model for policy support was designed to quantify past, present and future humaninduced changes in terrestrial biodiversity at regional to global scales (Alkemade et al., 2009; PBL, 2016).
The time frame of the period over which projections are made is 1970 – 2050. The model is built on a set
of cause-effect relationships to estimate the impacts on biodiversity through time of six human-induced
environmental drivers: land use, climate change, atmospheric nitrogen deposition, habitat fragmentation,
disturbance by roads and disturbance through human encroachment in otherwise natural areas (PBL, 2016).
The spatial information on environmental drivers used by Global Biodiversity Model for policy support is
mainly derived from the Integrated Model to Assess the Global Environment 3.0 (Stehfest et al., 2014). In
the Integrated Model to Assess the Global Environment -Global Biodiversity Model for policy support
framework, models of socioeconomic drivers, such as climate change, land-use change and pollution, are
linked with models that analyze impacts on the environment and biodiversity allowing assessment of the
impact of human induced environmental drivers on biodiversity and exploring policy options in the form of
intervention scenarios to reduce biodiversity loss (IPBES, 2016). Using the Integrated Model to Assess the
Global Environment - Global Biodiversity Model for policy support framework, trends in biodiversity under
future plausible policy scenarios have been projected, including the expected outcome in the absence of
additional policies to prevent biodiversity loss (business-as-usual scenario). The results of Integrated Model
to Assess the Global Environment - Global Biodiversity Model for policy support have provided information
for policymakers at the international level on current biodiversity status and future trends (Alkemade et al.,
2009). Specifically, model projections have been used to analyze how combinations of technological
measures and changes in consumption patterns could contribute to achieve global sustainability goals by
2050 (PBL, 2012) and to inform within the fourth Global Biodiversity Outlook how sectors can contribute to
the sustainable use and conservation of biodiversity (PBL, 2014).
In Global Biodiversity model for policy support, biodiversity responses are quantified as two main
indicators: Natural areas and Mean Species Abundance relative to the natural state of original species.
Natural areas indicator includes calculated natural areas and forestry, excluding plantations. Mean Species
Abundance indicator expresses the mean abundance of original species in disturbed conditions relative to
their abundance in undisturbed habitat, as an indicator of the degree to which an ecosystem is intact (PBL,
2016). The Mean Species Abundance indicator uses the species composition and abundance of the original
ecosystem as a reference situation. Mean Species Abundance values have been quantified based on a
synthesis (meta-analysis) of empirical species monitoring data in disturbed habitat compared to an
undisturbed reference situation, reported in comparative studies derived from the literature. It covers the
following taxonomic groups: mammals, birds, amphibians, reptiles, terrestrial invertebrates and vascular
plants (PBL, 2016).
To project future trends of the indicators Global Biodiversity model for policy support made use of the trend
scenario derived from the baseline scenario of the third Organization for Economic Cooperation and
Development Environmental Outlook (OECD, 2012) as a benchmark to construct a business-as-usual future.
Additionally, the model uses 3 alternative pathways that represent possible routes to achieve the
sustainability targets: (1) Global technology, (2) Decentralized Solutions, and (3) Consumption Change
(Table 5.2). Under the terminology used thus far in this assessment, these three pathways roughly equate
to a combination the Policy Reform and Great Transitions archetypes.
Under the trend scenario (business as usual) SDG will not be achieved; the model assumes that world
development continues to be characterized by a focus on economic development and globalization (Market
Forces scenario archetype) and no pro-active policies to reduce the risks associated with environmental
degradation are presumed (PBL, 2012). The scenario also assumes a continuing increase in the consumption
of food, the production of material goods and services and the use of energy, although with a tendency
towards saturation at high-income levels (Table 5.2).
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The pathways represent different ways to strengthen and direct, or redirect, the technologies, preferences
and incentives in society in more sustainable directions (PBL, 2012). Each alternative pathway would
achieve ambitious global sustainability targets in 2050, such as limiting climate change to 2 °C, stabilizing
biodiversity loss and providing full access to energy, water and food, but differ fundamentally in their
approach (Table 5.2). The first pathway (Global Technology) assumes the adoption of large-scale
technologically-optimal solutions to address climate change and biodiversity loss from a “top-down”
approach with high level of international coordination (PBL, 2012), under this pathway the most important
contribution comes from increasing agricultural productivity on highly productive lands.
The second pathway (Decentralised Solutions) relies on local and regional efforts to ensure a sustainable
quality of life from a “bottom-up” managed system where small-scale and decentralized technologies are
prioritized (PBL, 2012), under this pathway the major contribution is linked to avoided fragmentation, more
ecological farming and reduced infrastructure expansion. The last pathway (Consumption Change)
contemplates a growing awareness of sustainability issues which leads to changes in human consumption
patterns and facilitates a transition towards less material- and energy-intensive activities (PBL, 2012), this
implies a significant reduction in the consumption of meat and eggs as well as reduced wastage, which leads
to less agricultural production and, thus, the reduction of the associated biodiversity loss.
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Table 5.2. Assumptions of business as usual, global technology, decentralised solutions and consumption change scenarios for the year 2050. Sources: PBL (2012),
Visconti et al. (2016)
Business as usual
Global technology
Decentralised solutions
Consumption change
Inequality in access to food Inequality in access to food
272 million people are projected
Trend
Access to food
due to income inequality due to income inequality
to still be undernourished by 2050
converges to zero by 2050
converges to zero by 2051
Meat consumption per capita
levels off at twice the
consumption level suggested
65%
increase
in
energy
by a supposed healthy diet
consumption in the 2010–2050,
(i.e., low beef, pork intake,
Consumption
Trend
Trend
50%
increase
of
food
resulting in 10 g beef, 10 g
consumption
pork and 46.6 g chicken meat
and eggs per person per day)
(Stehfest et al., 2009; Willett,
2001)
Waste is reduced by 50% (15%
Waste
Stable 30% of total production
Trend
Trend
of production)
In all regions, 20% increase in
In all regions, 30% crop yields and 15% increase
increase in crop yields and in livestock ‘yields’ with least In all regions, 15% increase in
Yield increase by 0.06% annually 15% increase in livestock possible
impacts
on crop
yields
by
2050,
Agricultural productivity
‘yields’
by
(+27% by 2050)
2050, biodiversity
(Biodiversity: compared with the Trend
compared with the Trend Mean Species Abundance in scenario
scenario
agricultural area 40% higher
than in the Trend scenario)
17% of each of the 7
17% of each of the 779 eco- 17% of each of the 65 realmNo further protected areas realms;
Expansion
Protected areas
regions; Expansion allocated biomes; Expansion allocated
respect to 2010
allocated far from existing
far from existing agriculture
close to existing agriculture
agriculture
Greenhouse gas emissions are To meet the 2 °C target, atmospheric greenhouse gas concentrations are held below 450
Greenhouse gas emissions
projected to increase by 60% and parts per million carbon dioxide equivalents (40% to 50 % reduction) and decarbonisation
and decabornisation rate
historical annual decarbonisation rate undergo an improvement of 4.5% to 6% (3 to 4 times the historical rate).
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rate of 1% to 2% is projected to
continue
Forestry

Forest plantations supply
+30%
in
clear-cut,
+35%
50% of timber demand;
plantation,
-2.5%
selective
almost
all
selective
logging. No reduced impact
logging based on Reduced
logging
Impact Logging

Forest plantations supply 50%
of timber demand; almost all
selective logging based on
Reduced Impact Logging

Forest plantations supply 50%
of timber demand; almost all
selective logging based on
Reduced Impact Logging
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Original data from Global Biodiversity Model for policy support was developed based on Integrated Model
to Assess the Global Environment regions, those regions within the Americas are: (1) Canada, (2) USA; (3)
Greenland; (4) Mexico; (5) Central America and Caribbean; (6) Brazil; (7) Rest of South America. In order to
show a detailed picture of what is happening in the Americas region, Integrated Model to Assess the Global
Environment regions have been aggregated to match as much as possible IPBES Americas subregions (North
America, Mesoamerica, the Caribbean and South America) (Chapter 1). Two out of the four IPBES regions
has been properly matched (1) North America, where Canada, USA and Greenland have been aggregated;
and (2) South America, where Brazil and the rest of South America have been joined. The other two IPBES
subregions couldn’t be represented because data cannot be disaggregated, thus data from Mexico are
presented alone as a country study case, and data from Central America and Caribbean are presented
together as a region.
Trends in biodiversity loss indicated by mean species abundance
Biodiversity loss, indicated by Mean Species Abundance, will continue under Trend scenarios and the three
alternative pathways (Figure 5.22). Under Global Baseline scenario and Baseline scenario for the Americas,
Mean Species Abundance is projected to decrease from 76% in 1970 to 59-60% in 2050. Trends in
subregions from 2010 to 2050 under Baseline scenario (business as usual) show a decline from 73% to 67%
for North America, from 61% to 51% for Mexico, from 64% to 37% for Central America and Caribbean, and
from 68% to 55% for South America. Thus, whilst North America would experience less loss than the global
and regional trends and the rest of subregions, Central America and Caribbean would experience the larger
loss of biodiversity under business as usual scenario (Figure 5.22c). These declines in biodiversity could be
slowed down or reduced under the 3 alternative pathways, being Desentralised Solutions the pathway
leading to best results for all subregions except Mexico where Global Technology and Consumption Change
could represent a better option. Under the Desentralised Solutions pathway, Central America and
Caribbean could prevent their biodiversity loss by 8% compared to business as usual scenario, whereas
North America and South America could reduce biodiversity loss by 5% under the same pathway and
Mexico could achieve a reduction of 6% in comparison to business as usual under both Global Technology
and Consumption Change pathways. In summary for the American region, under business as usual scenario,
a loss of almost 40% of all original species in the Americas is expected while under the three pathways to
sustainability 35 to 36% loss is presumed to occur.
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Trends in biodiversity indicated by natural area
Projections of biodiversity loss indicated by natural area show declining trends under Baseline scenario and
the three alternative pathways, however, the projected loss by 2050 is expected to be less under the three
transition pathways to sustainability in comparison to the business as usual scenario (Figure 5.23). Model
projections indicate that Consumption Change pathway would lead to the best results for all regions except
for the Central America and Caribbean, where Global Technology pathway could lead to a higher increase
in natural area in comparison to the Desentralised Solutions and Consumption Change pathways results
(Figure 5.23c). Under Consumption Change pathway Mexico could stabilise its natural areas almost to their
original extent in 1970 (Figure 5.23b).
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Pressures driving biodiversity loss
Pressures to nature are predicted to increase by 2050 under the Trend scenario (business as usual) and the
three alternative pathways, negatively affecting biodiversity as indicated by a potential reduction of the
Mean Species Abundance index (Figure 5.24). However, the magnitude of the pressures by 2050 is expected
to be less under transition pathways to sustainability in comparison to the business as usual scenario (i.e.,
baseline scenario). Under the transition pathways to sustainability, climate change mitigation, the
expansion of protected areas and the recovery of abandoned lands significantly contribute to reducing
biodiversity loss. Although, in comparison to the projection of baseline scenario for 2050, a reduction of
pressure to biodiversity driven by crops, pastures and climate change is expected under the three pathways
to sustainability, other pressures to biodiversity such as forestry, biofuels and abandoned land are expected
to increase. Under Baseline scenario, climate change is projected to become the fastest growing driver of
biodiversity loss by 2050. The Central America and Caribbean subregion would experience larger pressures
to biodiversity than the other subregions, which will be mainly driven by expansion of crops.
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Relative share of each sector to additional biodiversity loss
Projections outputs for the baseline scenario regarding the attribution of biodiversity loss, as indicated by
Mean Species Abundance percentage, to different production sectors show a similar pattern for all
subregions: crop and livestock is the sector with the higher increasing trends, followed by energy and traffic
sector, wood production, hunting, gathering, recreation and tourism shared sector, and industry sector
(Figure 5.25). Pressures driven by those production sectors will be slowed down, or even be reduced, under
the three alternative pathways, however crop and livestock will continue to have major impact in the
Central America and Caribbean subregion resulting in the region with the higher percentage of biodiversity
loss as indicated by Mean Species Abundance percentage.
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Projected relative losses of biodiversity per sector
Projected relative losses of biodiversity (Mean Species Abundance) per sector under the three different
pathways, compared to trend (Baseline scenario) indicate that actions leading to land use change (reduction
of crops and reduction of the use of pastures by livestock grazing) and climate change mitigation would
significantly contribute to reducing biodiversity loss (Figure 5.26). As indicated above, pressures driven by
forestry, demand of biofuels and abandoned land are expected to increase under the transition pathways
to sustainability, which will be translated in an extra loss of biodiversity driven for those sectors in
comparison to projections under business as usual scenario.
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Trends in land use
According to the projected trends in land use, extent of natural areas will decrease from 2010 to 2050 under
business as usual scenario in all subregions (Figure 5.27). The Central America and Caribbean subregion will

603

IPBES/6/INF/4/Rev.1

experience a significant reduction in comparison to the rest. However, under transition pathways to
sustainability, these trends would be reduced in all subregions by 2050. The sustainability pathways are
thought to strengthen and direct, or redirect, the technologies, preferences and incentives in society to
more sustainable directions, for instance to achieve the Aichi targets and the SDG. Trends in land use show
that the Consumption Change pathway would lead to an increase of Natural areas within all subregions
except within Central America and Caribbean, where Global Technology pathway could lead to a greater
increase in natural areas. In comparison with business as usual scenario, under the Consumption Change
pathways, natural area in the subregions is projected to increase 1.9% for North America; 10.1% for
Mesoamerica; and 9.6% for South America, whilst Global Technology pathway would positively affect the
extent of natural areas in Central America and the Caribbean by 11.2%.

In summary, according to future scenarios results presented above, it is clear that improvement of the
future prospects to ensure biodiversity and NCP conservation requires rethinking the current orientation
from common policies; and that change in societal options could lead to less pressure to nature and help
moving towards a sustainable future. Scenarios are simplifications of complex futures, to build them several
assumptions are made and these simplifying assumptions result in different limitations (Kubiszewski et al.,
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2017b). However, they are not intended to be predictions of the future, but rather to lay out a set of
plausible futures and help decision makers and society in general, rethink possible ways to move towards
more desirable futures.

Constructing a pathway to a sustainable world
Toward policy targets and Sustainable Development Goals in the face of “wicked problems”
Some problems, while not necessarily easy, are relatively straightforward, like solving an algebra problem
or determining a move in chess, in which standard approaches and strategies have long been established.
Then there are problems that have resisted solutions for centuries or millennia, such as human rights
violations across the globe and territorial disputes. Problems of the latter category are difficult to solve
primarily because their root causes are varied and complex. In social planning and management science
such problems have been termed “wicked problems”, not in the strict sense that they are “evil”, but that
they are resistant to resolution, are complicated, tend to be fraught with interdependencies, and frequently
the solution to one aspect of them creates, or simply reveals, a different challenge; environmental
degradation and sustainability represent wicked problems. The focal analyses of section 5.4 give a good
indication of the complexity of determining what “the best” use of the world’s natural capital is; multiple
drivers, teleconnections, telecoupling, differing socio-economic conditions, and differences in cultures and
values are all considerations in trying to create a sustainable world. The Aichi targets and the SDG represent
efforts to address, or at least frame, wicked problems related to the environment and human condition,
towards which solutions should be aimed.
It is clear from this assessment that progress toward reaching the Aichi targets has been incremental at
best and that no target has been fully reached; nevertheless they remain desirable goals. The SDG
complement the Aichi targets, but the goals are still too new to expect significant progress since their
promulgation. Each set of targets and goals establish guideposts on the paths to achieving the other set.
Thus, solutions in one area should be designed to help provide solutions in the other. However, as both
address suites of wicked problems, the question, of course, is how does policy and other decision makers
actually develop solutions to meet the targets and goals? In the remainder of this section, we present a
number of considerations that, based on this assessment are likely to prove helpful, if not critical, as the
world goes forward in development of pathways to a sustainable future for humankind.
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Box 5.2. Novel considerations and questioning the assumptions: Is it possible to achieve environmental
sustainability by reducing economic growth, while increasing human well-being?
Trends show a continuing decline in biodiversity even in the most optimistic scenarios (as observed in
Figure 5.22, section 5.5). Most scenarios quantifying future trends in biodiversity and ecosystem services
and showing their future decline have in common a continuous growth of the economy, commonly
measured as GDP (Gross Domestic Product). For example, the shared socioeconomic pathways (O’Neill
et al., 2014) of the IPCC do not consider any alternative where environmental improvement goes
together with low or no economic growth. In addition, evidence suggests that a decoupling of growth in
both the economy (GDP) and environmental impacts is unrealistic (Ward et al., 2016). This situation has
motivated a line of thought and research arguing that environmental sustainability will not be possible
without considering a significant slowdown or total halt of economic growth. This has been embraced by
a group of narratives that could be classified within the Great Transitions scenario archetype. For
example the eco-communalism type of scenarios (Makropoulos et al., 2009), the degrowth movement
(F. Schneider et al., 2010), or specific to Latin America visions like “Buen Vivir” (Gudynas, 2011). These
types of visions appear as alternative pathways to development and have one main aspect in common
(for a comparison see Escobar, 2015); “an equitable downscaling of production and consumption that
increases human well-being and enhances ecological conditions at the local and global level, in the short
and long term (F. Schneider et al., 2010)”. By reducing production and consumption it is expected,
indirectly, that GDP as a measure of economic growth would decline without affecting good quality of
life, social equity and environmental sustainability.
There are no modeling exercises for the Americas that explicitly quantify trends into the future of NCP
contemplating low economic growth. However, some modeling exercises have quantified future trends
on economic and climate related aspects given energy constraints. Victor (2012) quantified a degrowth
scenario for Canada in order to achieve a reduction in GDP per capita ($15,260) by 2035 (Figure 5.28).
Social indicators, compared with 2005, show a reduction in unemployment and the human poverty index.
Environmentally, gas emissions are reduced almost 80% by 2035.

Integrated scenario building
IPBES has identified scenario building as a key approach in helping decision makers assess potential future
impacts of different policy options they are considering on biodiversity and NCP in an uncertain world. This
is a daunting task however as no human can provide a certain prediction of what lies ahead or anticipate
how existing socio-economic and environmental trends will continue, or shift unexpectedly, and the
implications for vulnerable ecosystems and people. Further complications are the associated inter-linkages
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to consider about what all of this may mean for individual countries, subregions, regions and at the global
level. Hopefully, these considerations influence the decisions that societies take in shaping the future they
want. Individuals though, appear to be more interested in how decisions affect them locally. A challenge in
building scenarios in the Americas is therefore to develop scenarios that have local relevance to decision
makers, and that make sense in the short term demanded by political considerations, and in the long-term
context required to conserve regional biodiversity and NCP.
These considerations imply that the IPBES scenarios (IPBES, 2016), should not only be built from the groundup to the regional level, but also simultaneously from the top-down global level to the regional level. The
scenarios for the Americas could therefore be conceived as being primarily focused on issues at the regional
level (section 5.3) with multi-scale links down to the local level (section 5.6.3) and links up to the global
level (Rosa et al., 2017) (sections 5.4 and 5.5). Although many scenario exercises have been done over time,
several authors have noted that the diversity of scenarios commonly falls within predictable archetypes as
outline in section 5.2. With the constraints of limited time and resources, three suggestions of how regional
scenarios can be linked to typical global archetypes, such as those used by IPCC (adapted from Kok et al.,
2016) are shown in Table 5.3.
Table 5.3. Strengths and weaknesses of the 3 options to develop new scenarios for biodiversity and
ecosystem services as proposed by Kok et al. (2016).
Strengths
Weakness
• readily
available
global • minimal
involvement
of
pathways
stakeholders
Option 1 Use existing IPCC
• can be extended
to • lack of connection to ILK
related shared socioeconomic
biodiversity and ecosystem • only implicit connection to
pathways/ RCP archetype
services
biodiversity and ecosystem
scenarios
• accepted by scientists and
services
policy makers
• IPBES product and opportunity • Not available yet
to involve IPBES stakeholders
• Requires long process with
• Strongly linked to biodiversity
high demand for time and
Option 2 Develop new global
and ecosystem services
funding
biodiversity and ecosystem
• Build on results & methods of • Risk of reinventing the wheel
scenarios
Millennium
Ecosystem • Difficulty of incorporating
Assessment
cross-scale feedbacks
• Link IPBES to existing scenarios • Potential lack of cross-scale
consistency and comparability
Option 3 Link bottom up local • Explicitly
multi-scale,
biodiversity scenarios to
accounting for local variability • Risk of focus on local, shortexisting shared socioeconomic
and local issues
term issues that could be
pathways
difficult to upscale
• Relatively easy to develop and
connect to IPBES stakeholders
Kok et al. (2016) further recommend Option 3 for IPBES because it builds on existing global scenarios while
accommodating the heterogeneous diversity of local and regional biodiversity and ecosystem services
scenarios. This proposed multi-scale scenario approach should capture the diversity of local socialecological processes and cross-scale global-to-local interactions that affect human well-being.
While there are clear advantages of building on existing scenario work, it should not preclude new or novel
approaches as they arise. As pointed out in Box 5.2, all of the shared socioeconomic pathways assume
global GDP to be at current or increasing levels. However, some researchers have questioned this basic
assumption (see Box 5.2).
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Inclusion of essential stakeholder groups

Scenarios are excellent thought-provoking exercises and can help to frame pathways to a sustainable world.
However, to develop plausible scenarios, and ultimately to effectuate them, like those that will be required
to achieve the Great Transition endpoint, will require solutions to multiple wicked problems through the
concerted efforts of at least four categories of stakeholders operating at the global/regional and local levels:
1) policy makers; 2) local populations; 3) civil society; and 4) business community. The development of
plausible scenarios that can successfully drive effective policy needs to take into consideration a great many
factors. As outlined in the previous section, scenario development should proceed from a regional setting
with region-to-global and regional-to-local integration, which includes participation by all four categories
of stakeholders. Implementation of the policies that will be necessary to fulfill a vision of a future, in which
the NCP stemming from the globe’s natural capital are enjoyed by all, requires the buy-in by all four
categories of stakeholder; all groups are necessary to assure the plausibility of any given scenario.
Civil society may fulfill various roles in scenario development, including provision of technical expertise
through scientific and academic institutions; “grass roots” organizations (formal or informal collective
groups centered on an issue), conservation organizations (e.g. The Nature Conservancy, The International
Union for Conservation of Nature), the IPBES effort being an example itself. So, too, civil society may play
an important role representing segments of the population; i.e. providing input, or even advocacy, for
particular viewpoints and may be critical in assuring consideration of particular SDG such as: 3 – Healthcare;
4 – Education; and 5 – Gender equity.
Regarding SDG, it should be recognized that SDG 4 – Jobs and economic growth, and 5 – Industrialization,
are directly linked and dependent on the business community. In addition, SDG 2 – Agriculture, 7 – Energy,
12 – Production patterns, 13 – Climate change, 14 – Sustainable use of oceans and marine resources, and
15 - Forest management, all involve the business community. We speak of “natural capital” for a good
reason. Aside from a pure subsistence level, realization of NCP requires higher levels of activity such as
municipal and regional governments, the local business community, and multi-national corporations. The
business community, at all levels, has a very decided stake in perpetuation of our natural capital and it can
play a significant role in its preservation. The primary goal of most corporations is to benefit its
stockholders; scenarios that do not account for this are not plausible. Thus, bottom-up scenario building
needs to include not only the lowest levels of organization (i.e. the individual), but also the higher levels,
such as multinational corporations. There is a significant number of forward-looking corporations that take
their environmental and social responsibilities seriously and dedicate resources to those efforts. Likeminded business leaders have banded together to form such organizations as the World Business Council
on Sustainability, which is composed of high-level executives dedicated to environmentally sustainable
business practices. Groups such as this hold great potential in furthering the efforts of the IPBES. So too,
scenario building should incorporate developing business practices such as social and environmental
accounting and reporting. Other emerging trends, such as formation of “B Corporations” which have a
specific recognition of social responsibility and that maximization of returns to shareholders is not
necessarily their primary goal; this deviates from a principle that has been operating for over a hundred
years and could produce revolutionary results in transforming the business world. Thus, in scenario
building, the business world should be viewed as a resource and a necessary partner. Incorporating the
views of the business community, along with other sectors of society such as local and indigenous people,
will allow considering the multiple and sometimes conflicting values that often determine the effectiveness,
equity and legitimacy of management and policy actions.

Telecoupling - Recognizing interactions between distant socio-ecological
systems profoundly affect nature and nature’s contribution to people
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In today’s highly interconnected world, sustainability issues should be analyzed with attention to the
impacts that consumption and production patterns in one part of the world can have on nature, NCP and
quality of life elsewhere. To do this, several concepts and frameworks have been developed with the aim
of better understanding and integrating the various distant interactions that often strongly influence the
flow of NCP within and between social-ecological systems, e.g. trade and invasive species. Among these,
the concept of telecoupling is useful to analyze cross-scale socio-economic and environmental interactions
that influence local to regional sustainability trends and outcomes (Liu et al., 2013).
Telecoupling refers to socio-economic and environmental interactions among social-ecological systems
over distances and scales. The telecoupling framework takes a multilevel analytic approach. At the level of
the telecoupled system, an interrelated set of social-ecological systems (sending, receiving and spillover
systems) connect through flows among them. At the coupled-system level, each system consists of three
interrelated components: agents, causes and effects. At the component level, each component includes
many elements or dimensions, e.g. individuals, households, organizations, etc. The sustainable and
equitable flow of nature contributions to people is strongly influenced by telecouplings in several socioecological systems of the Americas. Therefore, neglecting telecouplings and the resulting off-stage
ecosystem burdens in model and scenario building, and in environmental decision-making, will jeopardize
achieving SDG (Pascual et al., 2017).
Nature in many rural landscapes of Latin America has been heavily transformed in order to produce raw
materials that are exported to supply the increasing demand in emerging and developed countries.
Conversely, rates of environmental degradation have been reduced in some developed countries as they
displace land-use abroad by importing raw materials from developing countries (Meyfroidt et al., 2013).
The lower levels of environmental degradation for North America projected by the Global Biodiversity
Model for policy support scenarios may be explained by the fact that the USA and Canada are large
importers of food, have a large ecological footprint and thus export environmental degradation to food
exporting regions such as Latin America (Moran & Kanemoto, 2017). Such telecoupling between exporting
and importing regions of agricultural products means that trading decisions and policies in importing
countries have a strong impact on the status of nature and its contributions to good quality of life in
exporting countries.
Telecouplings can have negative or positive effects on sending and receiving systems. Many policy
interventions proposed to improve sustainability outcomes in particular places (e.g. payments for
ecosystem services, protected areas creation, etc.) are prone to have unintended effects on distant places,
indicating that telecouplings must not be overlooked in the knowledge-policy interface (Pascual et al.,
2017). Next, the telecoupling framework will be used to illustrate how cause-effect interactions between
distant places influence trends and outcomes of key sustainability issues in the Americas.
Case 1: Agricultural pest control
While it is difficult to estimate true losses, reduction in agricultural crop production due to insect feeding
damage ranges from 10-20% and accounts for tens of billions of USA dollars in lost harvest worldwide on
an annual basis (Maine & Boyles, 2015; Oerke, 2006; Oliveira et al., 2014). It has been demonstrated that
predators feeding on agricultural pests reduce feeding damage, resulting in increased yields. One such
group of predators are migratory insectivorous bats.
Brazilian free-tailed bats (Tadarida brasiliensis) overwinter in central and southern Mexico, moving in the
spring to northern Mexico and the southwestern USA, where they form large maternity colonies
(aggregations of primarily female bats raising their young) and can number in the millions. They feed on a
number of Lepidtopteran species (butterflies and mothes) in the family Noctuidae, including: fall armyworm
(Spodoptera frugiperda), cabbage looper (Trichoplusia ni), tobacco budworm (Heliothis virescens), and corn
earworm/cotton bollworm (Helicoverpa zea) (Cleveland et al., 2006). Studying the role of Brazilian freetailed bats in a multi-county region of Texas, Cleveland et al. (2006) estimated that bats consuming 1.5 adult
cotton bollworm moths per night will prevent about five moth larvae from damaging crop plants. Given
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that a single moth larva can destroy two to three bolls in its lifetime, they estimated that the bats reduce
insect damage on cotton by 2-29%, depending on conditions.
Federico et al. (2008), in a follow-on study, calculated that Brazilian free-tailed bats not only contribute to
more profitable agriculture by increasing yields, but also lower pesticide costs to farmers by delaying the
build-up of cotton bollworms to critical levels, at which point pesticide applications become economical in
terms of yield. Additionally, the modeling by Federico et al. (2008) indicates that predation by Brazilian freetailed bats result in significant economic benefits even in the case of genetically modified cotton that is
resistant to the moths; this has the ancillary contribution to society of lowering the amount of pesticides
used.
Similar benefits from migratory, insectivorous bats for the corn crop have been shown in the Midwest of
the USA. In areas where the eastern red bat (Lasiurus borealis), believed to be the primary species of bat
feeding on pests, was excluded from cornfields, Maine and Boyles (2015) found a 59% increase in the
number of larvae of corn earworms. They calculate that for corn alone, bats reduce crop loss by over $10
billion per year worldwide. As with the Brazilian free-tailed bats, eastern red bats are migratory,
overwintering in the southern USA and traveling northward to the Midwest in the spring.
There are several important points to note about these cases of telecoupling: 1) the bats spend a large
portion of the year distant from where they provide benefit; 2) the beneficiaries of the cotton crop are, in
essence, distributed worldwide; and; 3) being migratory, the bats are at risk not only in their summer
habitat, but also during migration and in their winter habitat.
The risk to migratory bats can be substantial. Bat fatalities at wind turbines in North America have been
documented at various rates, depending on the site and situation, with higher rates being reported in the
Eastern USA (National Academy of Science, 2007). Strickland et al. (2011) reviewed fatality rates and found
them to vary from 0.07-39.7 fatalities/MW/Year, with the highest rates associated with forested, mountain
ridge tops. (Frick et al., 2017) has estimated that deaths due to wind turbines pose an actual extinction
threat for some species. Fatalities can result from either direct interaction with wind turbines, i.e. bats
struck by turbine blades or colliding with monopoles (Kunz et al., 2007), or from barotrauma, i.e. lung
damage resulting from rapid decompression due to turbulence associated with wind turbines (Gorell et al.,
2004). Approximately 75% of bat mortality associated with wind turbines in North America is accounted for
by three species: eastern red bat, hoary bat (Lasiurus cinereus), and the silver-haired bat (Lasionycteris
noctivagans), all of which are long-distance migrators, wintering in the southern USA and migrating north
to the Midwest each summer (National Academy of Sciences Agencies, 2007). Klatt and Gehring (2013) have
shown that in an agricultural area in southern Michigan USA, these three species tended to be found over
open agricultural fields as opposed to riparian areas, which are preferred by the cave-hibernating bats in
the area. In the Midwest, most wind farms are located within agricultural fields. Thus, preservation of NCP
in agro-ecosystems can be aided by conservation of migratory, insectivorous bat species, but, ironically,
these species are threatened by alternative energy options.
Case 2: Amazon forest as provider of global services
The case of the Amazon forest may well illustrate cross-scale interaction where decisions on land use at the
local level may influence the global wellbeing. There have been two (intertwined) ways to look at how this
influence happens: by understanding the loss of a given ecosystem service (e.g. negative consequences of
deforestation for biodiversity and ecosystem functioning, or, as put by Costanza et al. (1997) and Fearnside
(2008), what it would cost to replicate the service in a technologically produced, artificial biosphere, or by
assessing the value of a given ecosystem service to society (e.g. the willingness to pay for an ecosystem
service). In any case, different time scale analysis plays an important role for decision-making. For example,
land use change from forest to pasture could show advantages in the present time (and at the local scale)
(Foley et al., 2005); but be proven otherwise in the long run with implication ranging from local to regional
or even global scales.
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As the world's largest tropical forest (~5.4 million km2), Amazonian forests, a myriad of biodiversity, have a
substantial influence on regional and global climates (Malhi et al., 2008; Ometto et al., 2011; Schwartzman
et al., 2012). For instance, almost 1/3 of the global net primary productivity (photosynthesis minus plant
respiration) interannual variation is associated with Amazonia carbon fluxes (Zhao & Running, 2010). The
carbon stock, in living biomass, is considered to be on the order of 150–200 Pg C, being one of the largest
ecosystem carbon pool (Brienen et al., 2015; Feldpausch et al., 2012; Nogueira et al., 2015). The range of
carbon pool estimate (Malhi et al., 2009; Potter et al., 2009; Saatchi et al., 2007), as well as the differences
representing the vegetation cover (Bustamante et al., 2016; Ometto et al., 2014), reflects the difficulty to
estimate forest structure and vegetation biomass, in a large and highly diverse ecosystem.
The carbon budget and the regional hydrological dynamic are affected by direct anthropogenic actions, as
land cover and land use changes (e.g. deforestation, forest fires, forest degradation associated to
unplanned logging, expansion of pasturelands) and by climate-induced extreme events, such as extended
droughts (Marengo et al., 2004). Effects of these, independently or combined, increase the risk of disruption
of these natural processes, as well the threat to biodiversity and ecosystem services (Aragão et al., 2014;
Poulter et al., 2011). Climate feedback of these processes have also been shown through local observation
and modelled at regional scale (Marengo et al., 2004; Spracklen & Garcia-Carreras, 2015), as a strong
indication of the importance of the natural vegetation as climate regulation. Therefore, deforestation can,
itself, be a driver of climate change (Cardoso et al., 2009; Malhi et al., 2008; Sampaio et al., 2007) at both
local and global scale (Lawrence & Vandecar, 2014; Maeda et al., 2015; Werth, 2002). Normally, climate
change simulations consider deforestation in large areas, or even at biome scale, although, the effect on
loss of ecosystem services at local scale can drive deep changes in subregion climate, possibly weakening
the resilience of the whole region (Malhi et al., 2008).
Despite the recent reduction in deforestation rates in the Brazilian Amazon, deforestation and forest
degradation are still process of high concern; the region has lost about 19% of its natural cover and has
about 40% of its area on conservation units and Indian reservation (Aguiar et al., 2016). The Amazon
monitoring systems of Brazilian Government, as Amazon Forest Degradation Monitoring System (INPE,
2014, www.inpe.br) and Amazon Deforestation Monitoring System (INPE, 2017) identified, in the period
from 2007 to 2013, illegal logging and anthropogenic fire activities, degraded 103,000 km2 of forests, whilst
clear cut deforestation impacted 56,000 km2. From the clear cut, about 60% turned into pasturelands, and
23% is abandoned, leading to the recovery of secondary vegetation (TerraClass, INPE, 2015, www.inpe.br).
These systems, associated with the agricultural census, provided useful information on the major
characteristic of the rural properties, which reflected in a better mapping of the deforestation paths and
characteristics (Godar et al., 2015). Those initiatives were associated to a Government act named (in
Portuguese), “Plano de Ação para Prevenção e Controle do Desmatamento na Amazônia Legal”, Brazilian
Ministry of Environment, 2004, important to reduce the rate of deforestation observed in 2004, at 27,772
km2, to 4571 km2 in 2012. Since then, deforestation has an increasing trend, reaching 7,893 Km2 in 2016
(INPE, 2017). However, the revision of the Brazilian forest code might threaten, under legal terms, forests
from the biomes Amazon, Cerrado and Atlantic forest, mainly by the broad possibilities of reducing the
requirement to preserve natural vegetation outside the farm boundaries and the relaxation of the rules for
private farms established before 2008 (Brancalion et al., 2016; Sparovek et al., 2015). The dynamic of land
cover change, implementation of agricultural production areas or, otherwise, further abandonment,
defines important patterns of land use in the region, with similar patterns in other forests in Latin America
(Boillat et al., 2017).
Although, not advocating the maintenance of the replacement of natural vegetation, local societal needs
ought to be in consideration. A deep analysis in the policies addressing environmental conservation and the
relation to societal need, or poverty alleviation, shows a dichotomy (Pinho et al., 2014), indicating the need
of deeper action towards a sustainable future for the moist tropical forests. Boillat et al. (2017), on analysing
land systems in Latin America, identified that the dynamic of land change process in the region tends to be
persistent in the future. The identification of the high value services provided by the forest in comparison
to what agriculture, or beef, production does goes back more than 20 years, as observed by Chomitz and
Kumari (1998) and Fearnside (1997), however, the strong historical connections to the global market (Dalla-
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Nora et al., 2014), the importance of commodities for the region’s economies (Lapola et al., 2013), land
tenure and governance, with lack of socio-ecological inclusive strategy might lead to a persistence of
depletion of natural vegetation in the region.
Aguiar et al. (2016) used several socio-economic scenarios approach to calculate future carbon emissions
for the Amazon region and conclude that unless a “forest based transition economy evolves in the region
the land use and forest sector in Brazil shall have a limited capacity of mitigating other sectors emissions in
the next decades”. Historically, for the countries in Latin America and, especially considering areas of moist
and dry forests, both, deforestation and forest degradation, are important drivers of carbon dioxide
emissions to the atmosphere, contributing significantly to the country emissions profiles (as observed in
the past two National Communications that Brazil has submitted to the United Nations Framework
Convention on Climate Change, http://sirene.mcti.gov.br).
For these reasons, Foley (2005) argues it is appropriate (in order to make more informed decisions) to
balance the trade-offs between “the societal benefits (typically the short-term realization of ecosystem
goods and commercially valuable commodities) against the long-term costs of ecological degradation
(associated with the functioning of the ecosystem). Adding to this is the fact that, in large, NCP descend
from common goods (such as clean air and water, soil formation, climate regulation, waste treatment,
aesthetic values and good health), which are generally taken for granted, as they do not pass through the
money economy (Costanza et al., 1997).
Case 3: Urban Telecoupling
The world is increasingly urban and interconnected. This alone makes urban processes of fundamental
importance to better understand global change (Huang et al., 2010) and respond to it. Today’s population
of 7.6 billion is expected to reach 9.8 billion in 2050, when about two-thirds of the world’s population is
projected to be urban (UN, 2017). This unprecedented state is posing consequences regarding the balance
between demand and supply of ecosystem services in order to assure human well-being. After all,
urbanization should be understood not only as a demographic or socioeconomic phenomenon but also as
a process of ecological transformation by humans, affecting land ecosystems from local to global (Huang et
al., 2010). This occurs for at least two intertwined reasons. First, because the increasing magnitude and
pace of urbanization directly reshape land use locally in an accumulative fashion throughout the world (Seto
et al., 2012). More than 1.5 million square kilometers of global urban land area is expected to be added by
2030 (Seto et al., 2011). This expansion is expected to occur at the cost of high quality agricultural land as
well as high biodiversity sites (Fragkias et al., 2012). Additionally, at a global scale, the physical expansion
of urban areas is growing twice as fast as urban population (Seto & Ramankutty, 2016). New expansion is
expected to increasingly take place close to biodiversity hotspots. By 2030, 1.8 % additional area from
biodiversity hotspots will be converted into urban use (Seto et al., 2012). It is in South America where the
most pronounced increase in the amount of urban land (forecasted at 100,000 Km2) in biodiversity hotspots
will take place (Güneralp et al., 2013) and in the Americas, in general, where the highest number of species
already highly threatened will be impacted by urban expansion (Seto et al., 2012).
The second reason, captured by the concept of telecoupling, is linked to trends in urban consumption
patterns that unintentionally affect ecosystems at different spatial scales. However, despite conceptual
advances, there is a gap in studies demonstrating these linkages. This is partially because telecoupling
between places of consumption and places of production are largely unnoticed at subnational levels.
As opposed to non-urban, urban residents tend to consume differently (Gadda & Gasparatos, 2009; Rudel
et al., 2009; Yu et al., 2013), artificially detached to the source of the ecosystem service. This means that
urban residents, “appropriate” natural ecosystems, ecosystem goods and services, and natural capital from
one or more “different elsewheres” and therefore indirectly affect land use at scales ranging from the
hinterlands of the urban area to a single or multiple remote geographical unit(s) (Seitzinger et al., 2012;
Seto et al., 2012). This is largely driven by economic complexities and dynamic interrelations among scales
(local, regional, and global processes) and flows of goods and services. Along these lines, Seto et al. (2012)
argue that since urban economies currently generate more than 90% of global gross value added, there
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may be few non-urban systems unaffected by urbanization. An outstanding example is the indirect impact
that shifts in urban dietary preferences (Gadda & Gasparatos, 2009; Satterthwaite et al., 2010) is having on
new agricultural lands and which is expected to continue growing into the future (FAO, 2017b). This is well
illustrated by the growing demand for animal protein expected to continue throughout the urban world, at
least until 2050. After all, more land is needed to produce meat (and dairy-based foods) than vegetable and
grain-based diet (Güneralp et al., 2013). And, as demands for agricultural products grow, large remaining
forest area is likely to experience increasing pressures (Defries et al., 2010; FAO, 2017b) especially in
developing countries (FAO, 2017b). Therefore, not only is there a strong connection between urbanization
and economic growth but also between affluence (and urban preferences) and the global displacement of
land use particularly from high-income to low-income countries (Weinzettel et al., 2013). Despite increasing
evidence of these trends, the underlying processes relevant to better manage the increasing telecoupled
urban world are still not well captured (Liu et al., 2013; Seto & Ramankutty, 2016).
While land-use and land-cover change have been well documented, its linkage with urbanization is less well
studied. As land is a finite resource, the increasing competition for land globally (e.g. for agricultural
products, energy production, biomass, infrastructure and settlements, conservation and recreation, as well
as a large range of other ecosystem services) and the degree of global environmental change associated
with it (embedded in the general phenomenon of the “Great Acceleration”) makes the understanding
between land-use and urbanization an urgent need. Most studies have focused on land-use changes driven
by international food trade and its great influence on global food production and the environment. After
all, agricultural products are an outstanding illustration of ecosystem services of global demand. Among
studies, a particular emphasis has been around global demand for cash crops. One reported case is of
continued deforestation in South America in general, and in the Amazon rainforest in particular, due to the
demand for soybean (Graesser et al., 2015) by urbanized and affluent European Union countries, USA,
Japan and by increasingly urbanized China, (Rudel et al., 2009; Sun et al., 2017), among others. Yu et al.
(2013) show that 47% and 88% of cropland in Brazil and Argentina, respectively, are used for consumption
in other countries, mainly the European Union and China. China alone displaces 5 Mha pf cropland in Brazil,
mainly for soybeans. China’s appropriation of virtual water embodied in soybeans from Brazil nearly
doubled between 2001 and 2007 (Liu et al., 2015). Commoditization of agriculture in the South is, therefore,
a key driver affecting land cover (Lapola et al., 2013), well illustrating the interconnection and cross-scale
issues of a globalized urban world. That is, telecoupling in the agriculture sector shows a very strong
interaction among agri-social-ecological systems over long distances and scales.
These trends are expected to continue into the future. For example, it is expected that the demand for food
between 2012 and 2050 will increase by 50%. The underlying factors will continue to be urbanization,
population growth and increases in income. This increasing demand will happen as natural capacity for
producing the needed food will be under increasing stress. This includes the need for additional land. It is
expected that by 2050, 100 million ha of new land will be required (FAO, 2017), very likely at the expense
of forested areas (e.g. natural ecosystems). This poses a threat to priority areas for biodiversity conservation
in many places of Latin America, for example. In fact, the rising international demand for land embodied in
food trade has been growing and is expected to continue rising throughout the coming decades, mostly at
the cost of land cover conversion to new arable land in developing countries (Figure 5.29). In other words,
“doubling global food supply without extensive additional environmental degradation to non urban areas
presents a major challenge” (Seitzinger et al., 2012).
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While cities are often solely perceived as a driver of environmental degradation, consequently affecting
human well-being, they also offer important opportunities to reduce these impacts, if well managed.
Therefore, urbanization has increasingly been recognized as a key element for a sustainable future, with
impacts beyond urban borders. Urban environmental sustainability is now an important pillar of the new
urban agenda (Habitat III, 2016). Included in the vision shared by signatories of the United Nations
Conference on Housing and Sustainable Urban Development is that urban food security and strengthening
of urban-rural linkages will play a major role towards sustainable urban development. Moreover,
governments are committed to ensuring environmental sustainability by several measures, including the
protection and improvement of ecosystem services and biodiversity.
For this end, however, the sustainability of cities needs to be understood beyond place-based concepts that
advocate for decisions that are local in scope (e.g. efforts of self-sufficiency at the local level) as these
decisions do not account for critical consequences of telecouplings in distant places and people. Urban
telecoupling (as an analytical tool) can assist in concentrating decisions concerning urban processes (flows
of capital, information, people, goods, materials, energy, and services) that spill over large geographical
areas with the advantage of having both well-being and equity issues more explicit (Seto et al., 2012).
Urbanization, after all, can be conceptualized as “a multidimensional, social and biophysical process driven
by continuous changes across space and time in various subsystems including biophysical, built
environment, and socio-institutional (e.g. economic, political, demographic, behavioral, and sociological)”
(Marcotullio et al., 2014). As such, urbanization with appropriate governance, incentives, and cultural
capacities (Satterthwaite et al., 2010) that adopt planetary stewardship (Seitzinger et al., 2012) may well
lead the path towards a desirable global future. For example, urban residents tend to have a higher
willingness to pay for ecosystem services than non-urban counterparts do. Urban citizens from Italy and
the United Kingdom were willing to pay almost $44 to protect 5% of the Brazilian Amazon rain forest and
therefore protect an existence value; that is, protect an ecosystem that they may not ever visit or use
directly (Güneralp et al., 2013). Also, changes in urban consumption patterns can have far-reaching
consequences that are less environmentally harmful. One example is the increasing European preference
for organic food that has developed a new supply chain of these products in South America (Seto &
Ramankutty, 2016). Moreover, urban citizens and organizations have the potential of self- organizing to
ensure better decisions. The next couple of decades offer us the opportunity to showcase how cities can
be responsible stewards of biodiversity and ecosystem services at all scales (Elmqvist et al., 2013).
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Case 4: Biomass burn
Despite the local effect of fire, especially the high frequency of fire events in the tropical ecosystems, in
general affecting biodiversity, the process of atmospheric transfer of biomass burning plume takes material
and chemicals to further distances. Until 2100, atmospheric deposition of reactive nitrogen shall be the
third-largest determinant of biodiversity loss, behind land use and climate changes (Sala, 2000). Plant
community composition is tightly related, at larger scale, to nutrient availability, and for several ecosystems
low fertility is determinant of community process stability. Therefore, changes in nitrogen input may
directly impact ecosystems and constitute a major ecological threat. Among the ecological disruption
processes one can highlight, nitrophilous plant species are favored in a high nitrogen input systems resulting
in declining species diversity (Bobbink & Lamers, 2002); soil acidification, herbivory and susceptibly to
drought, can lead to competitive exclusion and biodiversity loss.
Reactive nitrogen input in natural ecosystems, derived from atmospheric deposition is associated with
several factors, such as use of fertilizer in agriculture, industrial gaseous waste/fossil fuel combustion and
biomass burning. Austin et al. (2013) discuss the uneven use of nitrogen fertilizers among different
countries in the Americas. In South America, especially Brazil, the use of fire is a common management
practice in agricultural areas, which very often burns areas of natural vegetation marginal to the production
areas. Amazonian fires contribute a flow of smoke following the jet streams associated to the Intertropical
Convergence Zone, towards the southern area of the continent, including areas of Bolivia, Paraguay,
Northern Argentina and substantial area of Brazil. In regions closer to highly urbanized areas, with strong
industrialization, in southeastern Brazil, as well in the Central area of the Country, dominated by Cerrado
biome, the nitrogen budget indicates an increase of anthropogenically derived nitrogen atmospheric
deposition (Filoso et al., 2006; Lara et al., 2001).
Nitrogen deposition might affect biodiversity in priority areas for conservation in developing countries,
especially in tropical and subtropical regions of the Americas. Despite the fact that the surface covered by
hotspots for biodiversity conservation in these areas (2.1% of Earth’s land surface), they host circa of 50%
of the world’s vascular plant diversity (Mittermeier et al., 2005; PHOENIX et al., 2006). Deposition rates for
reactive nitrogen deposition, modeled for 2050, indicate values exceeding 15KgN ha-1 y-1 in areas of South
America that are hot spots for endemic plants, as the tropical Andes and the Atlantic Forest in Brazil.
Another aspect to highlight refers to the relation of nutrient availability (nitrogen and phosphorus) and
carbon cycling, affecting the prediction of productivity responses of tropical ecosystems to climate changes
(Cleveland & O’Connor, 2011).
Biomass burning in Southern and Eastern Brazilian Amazon, Central Brazil and Western Bolivia
(www.inpe.br/queimadas) feed the atmosphere with a broad distribution of chemical compounds,
including nitrogen oxides and organic substances; long-range transport of reactive nitrogen compounds are
observed by smoke plume rise and transport modeling (Longo et al., 2009). This transport takes the
chemical compounds to the Southern portion of Brazil, Uruguay and Northern Argentina (Zunckel et al.,
2003). The photochemical reaction in the atmosphere my lead to the production of ozone, in lower
altitudes, by the high nitrogen oxide presence. Ozone in lower atmosphere is phytotoxic, impacting plant
communities, but also human health (Artaxo et al., 2009; Butler et al., 2008).

Recognition and inclusion of multiple values

Models and scenarios are powerful tools to assist in the identification of policy and management options.
The arena for the design and implementation of these options is characterized by a diversity of values of
nature and its contributions to people’s good quality of life, associated with different cultural and
institutional contexts. Stakeholders’ values of nature and NCP conflict in most contexts of the Americas,
affecting the way sustainability is conceived and policy and management decisions are made (Pascual et
al., 2017). Thus, the full range of values should be considered when building models and scenarios if they
are to assist in the development of effective, legitimate, adaptive and equitable options towards
sustainability. Value conflicts arise because stakeholders hold different identities and beliefs of their
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relationship with nature, which produces different and sometimes contrasting preferences over NCP and
ways to manage these (Mastrangelo & Laterra, 2015). Most of the literature on value conflicts tends to
emphasize the dichotomy between instrumental (i.e. values of living entities as means to achieve human
ends, or satisfy human preferences) vs. intrinsic (i.e. values inherent to nature, independent of human
judgement) dimensions of nature (Pascual et al., 2017).
A pluralistic approach to the diversity of values underpinning nature–human relationships also recognizes
that NCP can embody symbolic relationships with natural entities that define “relational values”, i.e. values
that do not directly emanate from nature but are derivative of our relationships with it and our
responsibilities towards it (Chan et al., 2016). Capturing this diversity of values in models and scenarios
requires an integrated valuation approach. However, most valuation efforts to date have relied on
unidimensional valuation approaches, by which, either economic, ecological or socio-cultural values are
elicited separately. Ecological or biophysical values have been the most frequently incorporated in models
and scenarios, with ecological values of multiple NCP being used in protocols for assessing and mapping
NCP at regional scales such as InVEST (Nelson et al., 2009) and ECOSER (Laterra et al., 2012). Economic or
monetary values have often been incorporated into models and scenarios, for example, to make global
estimates of the value of ecosystems and their services (Kubiszewski et al., 2017a) (Box 5.3). In contrast,
social and cultural values of nature and NCP have been rarely incorporated in models and scenarios. This
represents a significant research gap as the knowledge and values of local stakeholders have been
demonstrated to confer legitimacy, flexibility and adaptive capacity to policy and management actions
(Pascual et al., 2017).
Integrated valuation approaches that incorporate social and cultural values allow capturing the knowledge
and values of indigenous and local people. Indigenous and local knowledge can provide an important
catalyst for scoping and developing management actions in response to larger-scale drivers of change (Folke
et al., 2005). Given the scale of environmental problems, most efforts at building models and scenarios
have been done at subregional to global scales. Incorporating ILK into these broad-scale models and
scenarios becomes important as most scenario archetypes, although considering a range of drivers and
impacts, make implicit assumptions on underlying worldviews and values (Kubiszewski et al., 2017a).
Participatory scenario planning is one technique to incorporate multiple stakeholder values, including ILK,
into models to explore plausible futures or support decisions to reach desirable futures. Participatory
scenario planning is a process in which stakeholders, frequently guided by researchers, are engaged in a
highly collaborative process and develop a leadership role within some or all stages of a scenario
development process to investigate alternative futures (Oteros-Rozas et al., 2015). Participatory scenario
planning has been applied in some socio-ecological contexts of the Americas; however, the lack of
systematic monitoring and evaluation to assess its impact on the promotion of collective action and social
learning precludes us from determining the actual potential of participatory scenario planning for linking
broad-scale models and scenarios and ILK (Brown et al., 2016; Oteros-Rozas et al., 2015). Nevertheless,
participatory scenario planning holds promise as the use of intuitive stakeholder-based scenarios rather
than more formal scenarios (e.g. quantitative model outputs) reportedly engendered a greater sense of
ownership of the process because participants could modify and customize narratives that incorporated
local knowledge (Brown et al., 2016).

Box 5.3. Future changes in the monetary value of ecosystems services
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Kubiszewski et al. (2017a) evaluated scenarios for ecosystem services in the Anthropocene globally,
assessing the future change of total ecosystem services values due to land-use change decisions. The
study used four scenarios archetypes of the “Great Transition Initiative” (Raskin et al., 2002) presented
in section 5.2.
The change in the value of ecosystem services in each scenario was calculated considering two factors:
1) change in area covered by each ecosystem type; and 2) change in the “unit value” based on policy
and management assumptions that are likely to happen in each scenario. The plausible estimates of the
magnitude of change that may occur under each scenario are based roughly on the estimates from
(Bateman et al., 2013) of future scenarios for the United Kingdom:
• Market Forces: 10% reduction in unit values from their 2011 levels due to a decrease in
environmental and non-market factors.
•

Fortress World: 20% reduction in unit values from their 2011 levels due to a significant decrease
in consideration of environmental and non-market factors.

•

Policy Reform: no significant change in unit values from their 2011 estimates due to a slight
improvement from 2011 policies and management.

•

Great Transition: 20% increase in unit values from their 2011 levels due to a significant increase
in consideration of environmental and non-market factors.

Under the Market Forces and the Fortress World scenarios all countries in the Americas show a decrease
in ecosystem services value (Figure 5.30), with an average negative change of 24% and 36% for Market
Forces and Fortress World respectively. The highest negative percentage changes are particularly
experience by islands in the Caribbean. For example, Saint Vincent and the Grenadines is expected to
have a decrease in ecosystem services value of 79% under the Fortress World scenario. Within the inland
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countries, Bolivia shows the biggest loss (69%). In comparison, Brazil will show a decrease of 45%,
equivalent to a loss of $3,717 billion/year due to losses of Tropical Forest, while USA will have a decrease
of 38% ($3,279 billion/year). In the Policy Reform scenario most countries in the Americas experience an
increase in ecosystem service values except for Argentina and Chile and the Caribbean islands but the
magnitude of the changes are very small. In contrast, the increment in ecosystem services value is greater
under the Great Transition scenario (23% average increment).

Conclusions regarding modeling, scenarios, and pathways
Scenarios and models (both qualitative and quantitative) have formed a thread throughout this chapter
and we believe that several conclusions regarding their utility, use, construction, and state-of-the-art with
respect to the Americas can be stated.
• While the links between the various components of the IPBES framework are easy to conceptualize
qualitatively, much work remains to be done to define the relationships quantitatively, as
evidenced throughout this chapter. Yet, the utility of both qualitative and quantitative modeling is
clearly demonstrated by use of the IPBES framework in section 5.4 and the Global Biodiversity
Model for policy support considerations presented in section 5.5, respectively.
• From Chapters 3 and 4, it is clear that region-level datasets are lacking for many taxa and drivers
and this will continue to be a challenge for regional and subregional modeling in the Americas.
• Scenarios and scenario building will provide only some of the process and raw intellectual material
for development of solutions for the wicked problem of biodiversity conservation. Development of
new approaches to governance and new policy tools will be necessary for those solutions. Modeling
will help evaluate policy options that are inherent in scenarios and both will lend themselves to
development of visions of achievable and desirable futures and the most efficacious pathways to
those futures. This ex-ante modeling to evaluate the effectiveness of policies is critical; as some
policies and efforts may have unintended consequences.
• Scenarios are descriptions of plausible futures, but the futures themselves need to be carefully
defined with clear endpoints in mind and implemented at the national and international levels.
Progress is being made on defining desireable endpoints through the Aichi targets, the Paris Accord,
and the SDG, but consistent with Aichi target 2, critical to the effectiveness of both is mainstreaming
of the targets and goals throughout governance systems at all scales. With well-defined goals, the
development of target-seekiing scenarios would likely prove productive.
• A number of considerations have been identified throughout this chapter that are necessary to
insuring effective and comprehensive scenarios and modeling efforts:
o Making use of all sources of knowledge
o Consideration of different value systems
o Hundreds of scenarios already exist, more effort by practitioners should go towards
integration of these scenarios rather than development new ones
o Telecoupling
o Feedback systems in nature, especially as related to tipping points and thresholds
o Synergies among drivers
• As with the search for modeling studies that comprehensively address the IPBES framework, no
regional level visions or pathways for the Americas Region were identified through this assessment.
However, a number of studies have identified principles that have met with success in more limited
situations. The following are emerging principles/efforts in this area specifically from studies for
the Americas.
o Developing countries will be key factors in biodiversity conservation, as they are by
definition expanding their economy, and hence, ecological footprint and have the potential
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o

o

o

o

o

to disproportionately influence progress towards biodiversity conservation by 2050
(Adenle et al., 2014; Joshi et al., 2015).
Participatory approaches to scenario development are helpful in insuring their achievability
and the lack of participatory mechanisms can be detrimental to resource management
(Bohunovsky et al., 2011; Gonzalez-Bernat & Clifton, 2017; Quinn et al., 2013; SchmittOlabisi et al., 2010; Seghezzo et al., 2011).
Refocusing and directing resources in direct support of biodiversity projects, especially in
developing countries, may be a viable component of future pathways (Adenle et al., 2014;
Boit et al., 2016).
Environmental management would benefit from systematic and complete reviews of
available evidence and data (Cooke et al., 2016; Kremen, 2015); this concept is applicable
to scenario-modeling development as well.
Pathways, which by necessity must include socio-ecological-governance systems, can be
more effective if adaptive capacity is designed into them via cooperative networks;
conversely, lack of capacity can be a significant hindrance to even the best intended policies
(Folke et al., 2005; Gonzalez-Bernat & Clifton, 2017; Howes et al., 2017; Joshi et al., 2015;
Young et al., 2014)
While funding plays a role in the implementation of the Convention on Biological Diversity,
general awareness among policy makers also plays a significant role, whereas lack of
awareness among those responsible for policy implementation can be detrimental
(Gagnon-Legare & Prestre, 2014; Howes et al., 2017).
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6 Executive summary
1. For most countries of the region, environment is mostly dealt with as a separate sector in
national planning, and has hitherto not been effectively mainstreamed across development
sectors (well established). Moreover, the development pressures outpace or outweigh the
development and implementation of policies that can attend to the growing drivers affecting
biodiversity and ecosystem services. This is especially true for the developing countries in the
Americas region; and accounts for many of the negative trends in biodiversity and ecosystem
services that are evident across the region (well established). For example, in Latin America
and the Caribbean, natural resource use policies often come into place only when fundamental
shifts in land-use are already underway such that interventions tend to become more costly
and have limited influence (established but incomplete). {6.1.1, 6.2, 6.3.1, 6.3.4, 6.4}
2. Despite reported reductions in the rate of loss in specific biomes in the Americas, the net loss
that is currently evident in almost every aspect of the region’s natural ecosystems is
expected to continue through to 2050, driven largely by unsustainable agricultural practices
and climate change (established but incomplete). This will result in reductions in the adaptive
capacity of the societies throughout the region, especially economically vulnerable
communities in Latin America and the Caribbean (established but incomplete). {6.1.1, 6.4,
6.6.4}
3. There are threats to the goal of achieving a fair balance between a healthy environment and
enhanced quality of life across the region. In addition to the speed of climate and land use
change, and the persistence of poverty, the region continues to be challenged by failure to
implement designed policies, lack of transparency and/or accountability of key stakeholders,
failure to acknowledge indigenous and local knowledge and practices, difficulty in engaging the
public or developing truly participatory mechanisms for decision-making (established but
incomplete). {6.1.1, 6.2, 6.3, 6.4, 6.5, 6.6, 6.7}
4. There are evidences of leakage and spillover effects in many levels and scales across the
region, but they remain understudied. Cases where environmentally damaging activities are
relocated elsewhere after being stopped locally are found from protected area level to biome
level (established but incomplete). Such issues are often unforeseen either due to lack of
systemic planning or adequate mapping of potential stakeholders (inconclusive). {6.3.4}
5. Ecological restoration is having positive effects at local scales, speeding up ecosystem
recovery in many cases (established but incomplete). However, restoration of ecosystems and
species has high up-front costs and usually requires long periods of time (well established).
Furthermore, full reversal of degradation, if possible at all, has not been demonstrated
(established but incomplete). This indicates that countries are likely to benefit from acting
quickly to invest in the conservation and sustainable use of their existing ecological
infrastructure. In this context, ecosystem-based strategies incorporated into national and subnational-level planning are a gap to be filled in the region.{6.4, 6.6.3}
6. For most countries, global goals, targets and aspirations (Sustainable Development Goals,
Aichi targets, national determined contributions) are neither aligned with nor integrated into
national policies (inconclusive). As a result, the rate of achievement of global commitments
vary largely between countries. For instance, among the 2020 Aichi targets of the Convention
on Biological Diversity, in Canada and Latin America and the Caribbean, most progress has been
reported in target 11 (protected areas). In Latin America and the Caribbean, there is also
reported progress on target 17 (adoption and implementation of policy instruments), target 1
(people aware of the value of biodiversity and the steps to conserve and sustainably use it),
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target 16 (Nagoya Protocol) and target 19 (improved biodiversity information sharing). In Latin
America and the Caribbean, the targets most lagging behind however are target 6
(anthropogenic pressures/ direct drivers of change minimized) and target 10 (management of
fish and aquatic invertebrate stocks) {6.5}.

7. There is an overall lack of policy evaluation in the Americas, which is more pronounced in
Latin America and the Caribbean than it is in North America (established but incomplete).
Information on policy effectiveness is often derived through case studies and anecdotal
accounts {6.4.1, 6.6.1, 6.7}.
8. Participatory deliberative processes contribute to a large class of problem-solving situations
and can support successful governance (established but incomplete). This is evidenced by a
diversity of cases across policy areas, levels of economic development, and political cultures.
However, there are reports of cases when the participatory process is flawed {6.3, 6.4.1, 6.6.4}.
9. There is use or interest in a broad array of policy instruments by a range of actors to support
biodiversity and ecosystem services management, but their implementation, even when
effective locally, often do not add up to overall effectiveness at national or regional scales
(inconclusive). This is evidenced by the persistent, growing intensity of most driving forces, and
the negative trends apparent in biodiversity and ecosystem services across the region. Types
of policy instruments found in the region include conservation incentive mechanisms (e.g.
Socio-Bosque in Ecuador, Bolsa Verde in Brazil; Fonafifo in Costa Rica); protected areas (e.g.
the large terrestrial cover attained in the Amazon), including marine protected areas (e.g.
network governance schemes in Colombia, Ecuador, Jamaica, United States of America);
natural capital accounting (e.g. North America); eco-certification (managed by governments,
research institutions, non-governmental organizations, multiple stakeholders or individual
companies across the region); and biodiversity offsets (mainly in North America) {6.4}.
10. Indigenous peoples throughout the Americas have developed many different socioecological

and governance systems (nationally and locally), which exist in parallel to mainstream
governance (well established). Although conflicts persist both in 15 countries that formally
acknowledge such rights and 20 countries that do not, indigenous and local knowledge and
practices are expressions of social capital that can positively influence biodiversity and
ecosystem services (established but incomplete) {6.3.5, 6.4.1.1, 6.4.3}.

647

IPBES/6/INF/4/Rev.1

Setting the scene
Americas in context

In parallel to holding the largest biological diversity on the planet and several of the world’s megadiverse
countries, the Americas display a mosaic of socioeconomic conditions, cultures, and political systems, as
well as countries that range from island-size to continental-size (Chapters 1, 2). The region’s diversity is also
evident in the fact that the Americas spans the full spectrum both of human development and of
environmental performance - from highest to lowest (Martins et al., 2006) – as illustrated in Figure 6.1.

All across the Americas there has been steady economic growth, accelerated urbanization, and significant
demographic changes in the last decade, despite unevenness and inequality (Chapter 4). There is evidence
that poverty and inequality are decreasing at a slow pace in the region, particularly in Latin America (ECLAC,
2011; UN, 2015a; Chapter 4), which remains as one of the most unequal regions in the world (ECLAC, 2016).
Steffen et al. (2015a) defined the process of development that took place from 2000 to 2010 as an extension
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of the ´Great Acceleration´ described for the period from 1750 to 2000. This has boosted patterns of
production and consumption in the region, which in turn has also been a key driver of environmental impact
(Visconti et al., 2015).
Climate change also remains high on the agenda within the region (UN, 2016). Despite a high environmental
performance index, the USA in 2013 accounted for the second highest share (16%) of global greenhouse
gas emission, and Brazil, Mexico and Canada were among the top 15 emitters worldwide (Boden et al.,
2015). Furthermore, although poverty alleviation and development initiatives have improved adaptive
capacity across the region (McGray et al., 2007; Magrin et al., 2014), dramatic forecasts of biome shifts due
to global climate change on regional biomes where many people live (e.g. North American prairies, tropical
rainforests, tropical alpine environments, the Brazilian caatinga, and coastal/marine environments such as
in the Caribbean) indicate that there are limits for adaptation (Seddon et al., 2016). Climate change and
biosphere integrity (including massive land conversion, soil and air pollution, and ocean acidification) –
although contested by some authors (e.g. Brook et al., 2013), have been recognized as planetary boundaries
mankind persistently trespasses (Steffen et al., 2015b), and this is a serious concern for the countries of the
Americas.
Countries within the Americas continue to face the challenge of decoupling economic growth and resource
consumption. The main challenges and opportunities for protecting and sustainably using the region’s
biodiversity and ecosystem services are intricately tied to the region’s distinct contrasts. On the one hand,
the Americas hold what is probably the largest wealth of renewable natural resources on the planet
(Mittermeier et al., 2002; 2005), along with a number of creative policies and governance mechanisms to
protect and use natural wealth sustainably (Chapters 2, 3). On the other hand, the Americas is also the
region with the largest area of agricultural expansion in recent years (Foley et al., 2011), an increasing
potential for exploitation of extractives (CEPAL, 2012), and the highest proportion of urban population on
the planet (Chapter 4; World Bank, 2012; Magrin et al., 2014).
Another outcome of these combined features is a landscape mosaic of socioecological systems that often
imply distinct governance arrangements. For instance, conservation incentives such as the schemes broadly
known as payment for ecosystem services (PES) are now more common in Central and South America than
anywhere else in the world (Balvanera et al., 2012; Magrin et al., 2014). In terms of percentage of land
protected, North America, Mesoamerica, Caribbean and South America hold some of the highest values in
the world (Chape et al., 2005). Brazil alone was responsible for 70% of new land brought under protection
across the globe between 2003 and 2008 (Jenkins & Joppa, 2009), although most of that was concentrated
on the Amazon biome. Despite pockets of noteworthy progress, many policies that define and guide
conservation incentives are designed almost solely from an environmental standpoint. In parallel, the
outcome of business-as-usual development policies that do not account for the socio-ecological component
has often been widespread, unsustainable land use change in rural and urban areas that eventually drive
climate change (Chapter 4; Magrin et al., 2014; Nurse et al., 2014; Romero-Lankao et al., 2014).
Reconciling nature conservation and socio-economic development, especially in the context of the 2030
Sustainability Agenda, is the main challenge for the Americas (CEPAL, 2015); and achieving more sustainable
use of biological resources is crucial for societies both in and outside of the region, especially in the context
of a changing climate (Lucas et al., 2014). From a regional perspective, the clustering of countries at the
center of Figure 6.1 suggests some level of similarity in the socio-ecological challenges faced by countries.
And although each country will need to tailor development strategies and pathways to suit its own context,
regional and subregional cooperation could enhance the exchange of solutions (Ölund-Wingqvist, 2009),
and this could potentially accelerate the region’s progress towards meeting the Sustainable Development
Goals (SDGs).

Our approach to assessing governance and policy

This Chapter starts from the premise that biodiversity and ecosystem services is an important consideration
in the sustainability transition process, whereby a given society moves away from unsustainable
development trajectories towards a sustainable development paradigm. Such transition processes entail a
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great deal of complexity, are pushed forward by policies, and are supported by governance options that
vary in impact and success (Figure 6.2).
This Chapter follows a set of principles to select the main policies and their respective components that will
receive attention in the following sections: (1) To highlight the relevance of the selected options of
governance systems and policies for the conservation and sustainable use of biodiversity and ecosystem
services, long-term human well-being and sustainable development, rather than to prescribe specific
policies or actions. In the process of examining institutions (rules-in-use) and institutional arrangements
(formal or informal regimes and coalitions for collective action) in place in the Americas at different levels,
equal weight is given to options described as solutions or apparent successes as compared to options
described as problematic or challenging. (2) To examine the entire cycle of selected governance systems
whenever possible: agenda setting, design, implementation, monitoring and evaluation. (3) To assess
feasibility of implementation, scalability from local to higher governance levels, sustainability in time, types
of governance systems and processes, institutional capacity and resource allocation, relationship to the
private sector, and policy integration for all selected policies. Whenever applicable, the Chapter will take
account of potential leakage and spillover effects amongst territories and sectors, be it at regional,
subregional, national or sub-national levels. (4) To provide a balanced view among the four macro
subregions defined for the Americas: North America (Canada and the USA), Mesoamerica (Mexico and
Central America), Caribbean, and South America.
Unlike the previous Chapters in this assessment, treatment is not given to specific biomes - unless in
relevant cases where biome-specific policies exist. Rather, a fair balance between inland and marine cases
is provided. The Chapter will also attempt to balance the relative effectiveness of policies in cases where
there is socio-economic stratification.
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Sectoral versus integrated policies
Policies are often designed from a sectoral perspective (Gomar, 2014; Lima et al., 2017). The topics of
interest to IPBES - biodiversity, ecosystem services, and human wellbeing - comprise sectors themselves:
environmental sector (in the case of biodiversity and ecosystem services) and social welfare sector (at least
partly, for the case of human wellbeing), which tend to have specific policies. Conventional development
and market forces also display sectoral policies that affect and are affected by biodiversity and ecosystem
services and human wellbeing. There is an increasing body of evidence showing that environmental
conflicts and unsustainability emerge largely from the lack of integration between/ among sectors and
between/among sectoral policies, particularly when development and market policies do not account for
environmental and/or social issues (e.g. Franks et al., 2014) and vice-versa (e.g. Adams & Hutton, 2007).
This is especially important given the finding in Chapter 4 that impacts on biodiversity and ecosystem
services are often the result of multiple driving forces working in tandem.
Bennett et al. (2015) have stated that focus on a single driver of change is often the result of a problemcentered, rather than a community-centered, approach. Based on an extensive review, these authors argue
that various socioeconomic and biophysical changes may take place concurrently and at multiple scales to
result in different outcomes for communities in different places. This is why, they propose, that when the
predominant focus of vulnerability and adaptation research, policy and practice lie solely on one problem
(e.g. biodiversity conservation or climate change) it undermines the complexity of multiple interacting
variables. A community-centered approach requires multifactorial, transdisciplinary analysis and
subsequent interventions, but remains more theoretical than empirical.
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One example that relates to the argument of Bennett et al. (2015) is the impact of policies to combat
narcotraffic on policies to combat deforestation. For instance, policies to eradicate drug plantations (coca,
opium poppy and marijuana) in the Andes often push growers into ecologically sensitive zones causing
environmental impacts in those areas (McSweeney et al., 2014). In addition to this case study, these authors
use examples from Mexico, Honduras, Guatemala to postulate that well-targeted narcopolicy reforms could
yield important socio-ecological benefits, by reducing pressure on forests and local communities (including
indigenous ones) while reinforcing governance of protected areas. A second example is related to Reducing
Emissions from Deforestation and Forest Degradation Plus (REDD+ (the “+” refers to additional benefits,
such as those derived from biodiversity conservation, for instance)). Phelps et al. (2012) illustrate the
potentially challenging trade-offs between climate change and the “+” related to biodiversity conservation;
and the demands and needs related to livelihoods of forest-dependent communities, extractive industries
and national economies (see 6.4.2 for specific examples in the region). Moreover, Faith (2014) warns that
over focus on local carbon/biodiversity win-wins could mean a collapse in the regional capacity to conserve
biodiversity.
Greater mainstreaming of biodiversity and ecosystem services considerations into important development
sectors such as energy and agriculture is occurring in many governments, but scope for substantially more
progress has been identified (CBD, 2016a). In the region and elsewhere, there is a reported recent trend
toward developing more domestic energy sources partly due to political uncertainties in the relationships
with some oil-rich nations and part due to the desire to maintain energy security (Jones et al., 2015). This
trend is exemplified by the USA, where wind energy increased 23-fold since 2000, and natural gas
production has risen by almost 21% over the last two decades. While changes in energy systems seems to
be taking place fast, scientific literature on the relationship between the energy sector and biodiversity and
ecosystem services remains biased geographically, with the USA and Canada housing most of the studies
(Jones et al., 2015). Political decision-making in this regard is therefore uneven in most countries. Two facts,
however, are relevant for policy design and implementation in the energy sector during its transition to a
model that is less carbon intensive, and less harmful to biodiversity and ecosystem services. First, there are
no renewable energy pathways that have zero environmental impact, especially if they are to be deployed
at a large-scale (Gasparatos et al., 2017). Thus, compensation and offset logic ought to be applied to energy
projects (see 6.4.2.2) and biodiversity and ecosystem services policy instruments should also be used in
energy policy design. Central America has been pointed out as a particularly vulnerable region in terms of
biodiversity impacts from renewable energy expansion (Santangeli et al., 2016). Secondly, most energy
sources depend on good flow of ecosystem services. Typical examples are water for hydropower (see
Medeiros et al., 2011, on the role of protected areas in Brazil; and Sáenz et al., 2014, on the role of cloud
forests in Colombia) and pollinators for agriculture (in the region, the agricultural Gross Domestic Product
(GDP) of countries like USA, Brazil and Argentina are largely dependent on pollinators; Lautenbach et al.,
2012; see also Chapter 2).
There are also persistent challenges to mainstreaming biodiversity and ecosystem services into the
agricultural sector. Most policies and practices are designed specifically either for farm, or for landscape,
or for the agri-food system that has national to global reach (Foley et al., 2011). Moreover, agri-food
systems are under pressure from external factors - such as globalisation, climate change, and scarcity of
resources - and internal factors - such as changes in market relations, asymmetric price transmission, input
suppliers and retails concentration, changing consumer demands (Hubeau et al., 2017; Lowitt et al., 2015).
In turn, such global systems impact biodiversity and ecosystem services (Moran & Kanemoto, 2017). For
instance, in the case of Brazil, the third largest agricultural exporter in the world (after EU and USA;
Handford et al., 2015), recent national-level legislation on conservation and restoration within private
properties to be delivered at farm level will have positive landscape consequences related to connectivity
and protection of biodiversity and ecosystem services, and will feed into the country´s commitments at
various global conventions (Soares-Filho et al., 2014; Brancalion et al., 2016; Scarano, 2017; see also 6.6.3).
In parallel, governmental incentives for low carbon agriculture (Soares-Filho et al., 2014; Rodríguez-Osuña
et al., in press) and existing state-level payment for ecosystem services legislation are well aligned with that
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(Zanella et al., 2014). In contrast, lack of policy integration is perceived when existing farm-level policies
and standards (see Handford et al., 2015) do not keep the country from being the largest worldwide user
of agrochemicals in commodities (Gerage et al., 2017); when logistic and infrastructural limitations at
national level cause large global greenhouse gas emissions from transportation of agricultural goods and
beef (Soysal et al., 2014); when export policies of commodities create biodiversity footprint hotspots driven
by market demands of the USA and the European Union (Moran & Kanemoto, 2017); and when many
smallholder farmers who produce food remain poor and vulnerable to climate change (Burney et al., 2014;
Guedes et al., 2014). These contradictory policies related to Brazilian agriculture and its impacts on
biodiversity and ecosystem services are being transferred to Mozambique to some extent, in the realm of
the cooperation of the two countries in this field (Zanella & Milhorance, 2015).
The role and impact of private sector in biodiversity and ecosystem services management is another key
dimension. Private sector practices are often influenced by government-led policies and vice-versa. Franks
et al. (2014) showed major losses of mining and hydrocarbon companies due to conflicts that emerged
locally when environmental (e.g. biodiversity and ecosystem services) and social (e.g. consent, culture)
variables were not accounted for in their policies and governance systems, including countries such as
Argentina and Peru. They concluded that to ensure sound management of environmental and social risks
and to deal constructively with conflicts, the policy environment should encourage: (1) effective predictive
assessment and management of environmental and social impacts; (2) greater community involvement in
dialogue and decision-making during the early stages of projects (including addressing community held
expectations for consent); (3) the formalization of such dialogue into agreements between companies and
their employees, indigenous peoples, and communities; and (4) the implementation of conflict resolution
and grievance handling approaches. This rationale is in harmony with the assessment made by Jaskoski
(2014) who, in a case study in Peru, found that reduced space for community participation in the
environmental impact assessment process led to the stalling of major extractive projects.

Governance
Moving from a state-centered approach to greater participation

Diverse forms of socio-ecological governance strategies are being practiced worldwide, and it is now clear
that market, state, or civil society-based strategies depend on support from other domains of social
interactions for their efficacy. The complex nature of socioecological challenges and the occasional
reluctance or inability of nation states to regulate the sources of these problems or to enforce solutions
lead to increasingly decentralized governance schemes, where nonstate actors are capable of generating
innovative solutions (Lemos & Agrawal, 2006). This is an emerging trend in the Americas.
Until the 1990’s, state-centered governance dominated most of the Americas region - particularly Latin
America, where several countries were under military dictatorship -, with top-down decision-making
procedures controlled by a technocratic elite and grounded in a nationalist discourse of state sovereignty
(Castro et al., 2016). In the 1990’s, most Latin American societies - which were not already democratic went through a process of democratization but, at the same time, continued to be influenced by policies
from international institutions, particularly the International Monetary Fund, the World Bank and the InterAmerican Development Bank (Liverman & Vilas, 2006). These policies called for a market-based approach
to self-governance, through self-designed corporate mechanisms such as social responsibility, certification
and compensation schemes (Castro et al., 2016).
At the same time, another type of self-governance approach began to become visible: governance systems
relying primarily on collective action to regulate the access to and use of natural resources (common-pool
resources, or simply the commons). Stemming from evidence collected in multiple disciplines, this mode of
self-governance gained the attention of society by environmental justice movements and transnational
activism networks (Castro et al., 2016). Defying a widespread theory that resource users are incapable of
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self-organizing to maintain their resources – and therefore the only way to avoid a “tragedy of the
commons” (sensu Hardin, 1968) would be privatization or State rigorous control –, an extensive body of
literature shows many cases where human groups (with an important presence of indigenous peoples) have
used their resources sustainably for generations (e.g. Brondizio et al., 2009; Gibson et al., 2000; Ostrom et
al., 2002), whereas some government policies have accelerated resource depletion (Ostrom, 2009).
Analyses of cases all around the world support the idea that groups who are capable of self-organizing to
successfully manage their resources tend to follow some principles such as clearly defined boundaries,
equitable rules for sharing benefits and costs, effective monitoring arrangements, graduated sanctions for
those who violate rules, mechanisms for conflict resolution, and recognition of rights to organize (Cox et
al., 2010; Ostrom, 1990). Sattler et al. (2016) reached similar conclusions in an analysis of four cases of
multilevel community governance in Latin America (three in Brazil, one in Costa Rica). Furthermore, they
acknowledged that complex solutions that work for a specific context often cannot be transferred directly
to another context.
Participatory governance emerged in this context in the 2000s and became a central element of
environmental governance in the Americas (Castro et al., 2016). Viewed as an alternative capable of
deepening democracy and citizenship, it seeks to integrate environment with other societal concerns – such
as poverty alleviation, inclusion of minorities and local and indigenous populations, and social justice; and
to devise strategies and solutions that differ from the top-down ones, in terms of greater inclusion of local
knowledge, greater learning capacities, and improved accountability (Fung & Wright, 2001). In state-,
community- or market-based governance, participatory governance is based on partnerships between
relevant actors to set goals and to design and implement initiatives. It ranges from models of partnership
between state and local communities developing a plan for territories, to more complex arrangements
including multistakeholders and multiscale institutions. It represents a new layer in hybrid governance
models composed by state-centered, market-based and local-based mechanisms (Castro et al., 2016) (see
also Table 6.1 for more examples across the region).
Participatory governance has not been without its challenges however. The effectiveness of these
arrangements depends on the manner in which different worldviews and interests are negotiated, how
problems are prioritized, and how compatible the proposed solutions are with the social, institutional and
environmental context. Examples of success stories range from the soybean moratorium in Brazilian
Amazonia to watershed management in Montana, USA. Soybean moratorium was encouraged by nongovernmental organizations (NGOs) and soybean retailers and resulted in significant reduction in
deforestation due to soybean production (Nepstad et al., 2014; see also 6.3.4). In Montana´s Yellowstone
River Basin, dissensus – as a particular aspect of collaboration in a collaborative planning effort for water
use measurement– has been essential to disrupt modes of inquiry, open alternative perspectives, and
provide innovative possibilities, even among sanctioned participant voices operating within otherwise
established, depoliticized governing arenas (Anderson et al., 2016).
Therefore, a diversity of cases across policy areas, levels of economic development, and political cultures
around the globe suggest that partnerships and participatory deliberative processes contribute to a large
class of problem-solving situations and can support successful governance of socio-ecological systems (Fung
& Wright, 2001; Tucker, 2010; see also 6.4.2, 6.4.3). However, there is recent theory on the existence of
conditioning factors for participation to lead to successful environmental outcomes (e.g. Newig et al., 2017),
which still requires testing. One potential weakness in participatory processes occurs when participation is
treated or included as a façade. In such cases, state and/or other privileged actors retain the authority to
govern within a given arena - while giving the impression of being more decentralized or democratic - while
less privileged stakeholders merely approve top-down designed policies (Anderson et al., 2016).
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Table 6.1Examples of participatory processes in the Americas that take place in protected areas and/or in community-based management areas: public policies
with the involvement and participation of social actors in the design, implementation, monitoring and/or evaluation stages
Instrument
Protected
areas

Type
Shared management
with
NGOs,
companies, and/or
other civil society
institutions

Shared management
with
local
communities

Country (and sub-national unit)
Brazil (e.g. Amazonas and São Paulo
states)
Canada
Paraguay
St. Lucia, Trinidad and Tobago,
Argentina (Patagonia)
Brazil
Canadá

Control
and
surveillance
Private PAs officially
recognized
Communitybased
management

Fisheries

Mexico
Paraguay
Brazil
Belize, Brazil, Costa Rica, Ecuador,
Dominican Republic, Guatemala,
Peru, Trinidad and Tobago, Venezuela
Antigua, Argentina, Barbados, Belize,
Chile, Colombia, Costa Rica, Cuba,
Dominica,
Dominican
Republic,
Ecuador, Guatemala, Guyana, Mexico,
Nicaragua, Panama, Peru, Puerto Rico,
St. Vincent & Granadines, Trinidad
and Tobago, Uruguay, Venezuela
Brazil

Canada

Forestry

Chile, Mexico
Mexico
St. Lucia, Trinidad and Tobago
USA (Alaska and Washington)
Belize, Costa Rica, El Salvador,
Guatemala, Panamá

Brief description
Often informal support to management by non-governmental institutions (Koury & Guimarães, 2012; BorriniFeyerabend et al., 2004; Lima & Pozzobon, 2005; Maccord et al., 2007)
Organizations with indigenous representation in co-management agreements (Armitage, 2005; BorriniFeyerabend et al., 2004)
Co-management with participation of the private sector (Sienra & Medina, 2013)
Co-management with participation of the private sector and other groups of interest (Adger et al., 2006)
Involvement of indigenous and local coastal communities (Garcia, 2003)
Involvement and participation of local communities in the decision-making process through deliberative or
advisory councils (Queiroz, 2005; Queiroz & Peralta, 2006; Silvano et al., 2014)
Involvement of indigenous communities in territorial management (Armitage, 2005; Borrini-Feyerabend et al.,
2004)
Participatory land management by local communities (Porter-Bolland et al., 2013)
Involvement of indigenous populations on management of natural áreas (Fogel, 2007)
Voluntary agents from local communities (Souza & Queiroz, 2008; Lima & Pozzobon, 2005)
Mostly dedicated to ecotourism (Langholz, 1996)

Participatory management by coastal communities and private sector: marine (Salas et al., 2007)

Participatory management by riverine communities in Amazonia: freshwater (Castello et al., 2009, 2011;
Kalikoski et al., 2009; McGrath et al., 1993; Silvano et al., 2014; Arantes & Freitas, 2016)
Participatory management by coastal communities: marine (Diegues, 2008; Freitas & Tagliani, 2009; Lopes et al.,
2013; Reis & D´Incao, 2000; Schafer & Reis, 2008; Salas et al., 2007)
Participatory management by coastal communities: marine (Kearney et al., 2007; Pinkerton & Weinstein, 1995;
Wiber et al., 2004)
Participatory management of small scale benthonic fisheries (Basurto et al., 2013)
Participatory management of watersheds, water and fisheries (Porter-Bolland et al., 2013)
Participatory management of coastal fisheries in National Parks (Adger et al., 2006)
Participatory management of freshwater salmon by the Pacific (Kellert et al., 2000)
Forest community management (Gómez & Méndez, 2005; Hogdon et al., 2015; Larson, 2003; 2005; Primack et
al., 1998; Radachowsky et al., 2011; Sayer & Campbell, 2004)
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Canada
United States
Brazil
Paraguay
United States

Community management associated to strengthening of family-based agriculture in the Andes (Sayer &
Campbell, 2004; Larson, 2003; 2005)
Low impact, timber and non-timber management, in Amazonian flooded forests (Schöngart & Queiroz, 2010;
Larson, 2003)
Management by indigenous peoples and their organizations (Natcher & Hickey, 2002)
Participatory management with communities, organizations, local and central government (Nygren, 2005;
Larson, 2003; 2005; Sayer&Campbell, 2004)
Management inside and outside protected areas, by community-based companies (Ellis & Porter-Bolland, 2008;
Porter-Bolland et al., 2013)
Collaborative management and monitoring by community-based organizations (Fernandez-Gimenez et al., 2008;
Meffe et al., 2002)
Participatory management of hunting and fishing by indigenous communities (Armitage, 2005)
Community management of hunting (Decker et al., 2004; Meffe et al., 2002)
Multistakeholder watershed management and governance of water resources
Management by indigenous peoples inside their territories (Fogel, 2007)
Participatory co-management of watersheds and water resources (Rhoads et al., 1999)

Bolivia, Canada, Colombia, Ecuador,
México, Nicaragua, Peru

Citizen monitoring by using transects, camera traps, species lists (Danielsen et al., 2005; 2008; 2014; Pasteur &
Blauert, 2000)

Ecuador

Community-based, with no participation of official agencies (Danielsen et al., 2008)

Bolivia, Colombia, Peru
Brazil
Canada
Honduras, Nicaragua
Communitybased
management
(cont.)

Mexico
US
Hunting
Water

Monitoring

Biodiversity
and
natural
resource
monitoring
Monitoring
of
invasions
of
protected areas
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Addressing socioecological complexity in governance systems

Facing the intrinsic complexity of coupled human-environment systems and, consequently, of
contemporary problems, societies increasingly acknowledge the absence of one-size-fits-all solutions; in
other words, there are no panaceas for socio-ecological governance (Ostrom et al., 2007). Complexity here
means that these systems are self-organizing, interconnected within and across scales and levels, and their
trajectories are highly unpredictable, nonlinear, and frequently surprising. Therefore, some argue that in
order to manage complex problems, governance approaches should aim to build socio-ecological resilience,
as a perspective for understanding how co-evolving societies and natural systems can cope with, and
develop from, disturbances and change (Duit et al., 2010; Walker & Salt, 2012). A resilience approach to
governance may enable understanding of the dynamics of rapid, interlinked and multiscale change, as
decision-makers try to deal with converging trends of global interconnectedness and increasing pressure
on socio-ecological systems. However, criticism on resilience thinking ranges from lack of consensus around
the definition of resilience to lack of clarity or difficulties at establishing its practical application (see WalshDilley et al., 2016). Walker and Salt (2012) argue that resilience practice is largely dependent on
understanding limits, thresholds, tipping points, so as to have a perspective of regime shifts – which are
often difficult to detect.
Biggs et al. (2012) present a set of general principles for building resilience into socio-ecological systems,
which are discussed specifically in terms of enhancing the resilience of ecosystem services. The seven
principles are (1) maintain diversity and redundancy, (2) manage connectivity, (3) manage slow variables
(e.g. composition of soil or sediment nutrient) and feedbacks (i.e., slow responses in the system to change
in given variables), (4) foster an understanding of social-ecological systems as complex adaptive systems,
(5) encourage learning and experimentation, (6) broaden participation, and (7) promote polycentric
governance systems. In accordance with this view, there is rich discussion in the literature, based both on
empirical data and theoretical construction, proposing adaptive management, adaptive co-management
and adaptive governance as systems more suitable to overcome contemporary socio-environmental
problems. Adaptive management emphasizes learning and uses structured experimentation in combination
with flexibility to foster learning. Adaptive co-management explicitly links learning and collaboration to
facilitate effective governance. Adaptive governance connects individuals, organizations, agencies, and
institutions at multiple organizational levels. Adaptive governance systems often self-organize as social
networks with teams and actor groups that form a learning environment to draw on various knowledge
systems and experiences to tackle complex environmental issues (Stockholm University, 2014). Knowledge
generation, bridging organizations, social learning and collaboration are in the core of these systems
(Armitage et al., 2009; Berkes, 2009; Folke et al., 2005).
Similarly, Crozier (2008) points out that generating knowledge, authority and legitimacy to effectively
respond to societal issues requires the involvement of multiple actors from different scales and levels
through interactive structures and processes to stimulate communication and the sharing of responsibilities
among actors. Networks seem to offer a way to manage processes that involve multiple actors with diverse
interests and orientations. Different evaluations of network governance agree on the importance of
facilitating interactive processes, mediating interactions between actors, and focusing on goal searching
rather than goal setting (Crozier, 2008; Scarlett & McKinney, 2016). In the region, there are a number of
examples of network governance to achieve goals related to restoration (e.g. Americas Longleaf Restoration
Initiative - US, Scarlett and McKinney, 2016; Atlantic Forest Restoration Pact – Brazil, Pinto et al., 2014),
control of invasive alien species (e.g. Invasive Spartina Project – US, Lubell et al., 2017), fisheries (e.g. Special
Fisheries Conservation Areas – Jamaica, Alexander et al., 2016), among others. The Fire Learning Network,
in the USA, exemplifies a network based on an interacting process of adaptive learning. It facilitates
information flow across scales, involving diverse actors, stimulating innovative solutions, influencing plans
and policies, and then using this learning to enable further experimentation and innovation. It builds socioecological resilience by overcoming the rigidity traps that characterize many natural resource management
bureaucracies (Butler & Goldstein, 2010; see also http://fireadaptednetwork.org; and
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https://www.conservationgateway.org/
ConservationPractices/FireLandscapes/FireLearningNetwork/Pages/fire-learning-network.aspx)

Achieving better integration in policy through effective governance

Design and implementation of multidimensional, multifactoral policies require effective governance
systems. For instance, it is estimated that the developing world suffers 140,000 child deaths and loses $1
trillion every year because of corruption and poor governance, which is a monetary measure of the negative
costs of ineffective governance (Joshi et al., 2015). Corruption is still a major issue in Latin America and the
Caribbean (CEPAL, 2007; Kaufmann, 2015), despite efforts to combat these through strengthened national
regulations and increased international cooperation (OECD, 2016). Joshi et al. (2015) showed that highincome countries (including USA and Canada) had, by 2010, the highest composite governance (0.86) and
HDI = 0.87. Latin America and the Caribbean came second in this world ranking, both in terms of composite
governance index (0.66) and HDI (0.70). These data are in harmony with Figure 6.1 and suggest that some
Latin America and the Caribbean countries still have room for improvement in terms of governance
effectiveness, which might be an obstacle for design and implementation of integrated policies that foster
sustainability.
However, the Latin America and the Caribbean subregion displays some interesting examples of effective
governance systems related to cross-cutting issues and policies. Estrada-Carmona et al. (2014) surveyed
104 initiatives of integrated landscape management in 21 Latin America and the Caribbean countries, which
aim at reconciling food production, livelihood improvement and biodiversity and ecosystem services
conservation. They found that positive results were often related to institutional planning and coordination
of the local governance systems, whereas setbacks and challenges were related to the long time span
necessary to bring results to scale, unsupportive public policy frameworks, and lack of private sector
engagement. Non-governmental organizations were important stakeholders in 87% of the initiatives
surveyed.

Factoring scale into governance arrangements

Multiple socioeconomic and biophysical changes take place simultaneously at different scales and levels,
interacting to produce different outcomes for communities in different places (Bennett et al., 2015). There
is often no fixed scale or level that is sufficiently appropriate for governing ecosystems and the services
they provide (Brondizio et al., 2009). Sustainability in agriculture will require good practices at all three
levels – farm, landscape and market: although policies are usually set at national or sub-national level, they
normally respond to market demands (which can range from local to international) and are implemented
at farm and landscape levels. However, it is only rarely that all three levels are dealt with in an integrated
fashion, scientifically or politically (see Clapp, 2015).
Thus, socio-ecological challenges often have a multilevel nature and require connecting different
institutions across levels to facilitate governance and build on social capital that is essential for the longterm protection of ecosystems and the well-being of human populations (Brondizio et al., 2009). Crossscale and cross-level problems may emerge when this is not considered. Leakage is a typical case. For
instance, Lui and Coomes (2015) showed that for c. 80% of 60 protected areas (including 20 in tropical
America) deforestation rates increased gradually from their interiors to the outer periphery of their buffer
zones. Another example is that of the soybean moratorium in Brazil: an arrangement whereby major
soybean traders agreed not to purchase soy grown on lands deforested after July 2006. The result of this
movement, incentivized by NGOs and soybean retailers, was that deforestation in Brazilian Amazon due to
soy expansion dropped to less than 1% (Rudorff et al., 2011; Gibbs et al., 2015). However, deforestation for
soy expansion leaked into neighbouring biomes such as the Brazilian Cerrado (Morton et al., 2016).
Environmental problems and the human actions to overcome them frequently display a scale mismatch. A
common mismatch on time-scale arises, for example, when public policies depend on short electoral cycles
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that conflict with long-term planning needs (Cash et al., 2006). Thus, integration across functions, space,
time, institutions, fields of knowledge, governance, and other dimensions are important and essential for
the sustainability of ecosystems and societies (Ascher, 2007). Regarding governance scale, policies can be
local, subnational, national, regional or global. How lessons learnt on governance scale up from local
practice to become policies at any level, and how policies agreed upon and designed globally or nationally
are mainstreamed into local practices is a matter of interest to allow amplification of solutions and best
practices.
One important concept regarding cross-scale governance, and top-down/bottom-up relationships, is that
of boundary objects. Marine protected areas have been defined by Gray et al. (2014) as one such boundary
objects, since they “range in size, purpose, resource use policies, and governance structures, for example,
from large no-take areas identified for their ecological value and administered by states, to small, multi-use
areas protected by communities”. Thus, while individual marine protected areas are the outcome of
particular local-to-national political processes, the cumulative global increase in these areas´ number and
coverage is the result of a coordinated international effort.
In insular Caribbean, for instance, a combination of national initiatives, with regional efforts such as the
Caribbean Challenge Initiative to protect by 2020 “at least 20% of nearshore marine and coastal habitats”
and international efforts of multilaterals and NGOs to ensure data consistency, have resulted in an marine
protected areas coverage comparable to global figures and not as far below global CBD (United Nations
Convention of Biological Diversity) targets (Knowles et al., 2016). For an example in another realm, Holden
(2013) suggests that indicator systems should be applied as boundary objects, in other words, tools which
“open up dialogue, information sharing, learning and consensus-building across different policy boundaries:
between experts and nonexperts, formal government and different nongovernment actors, higher-order
governments and lower-order governments”. The application of this approach in the urban context in
Seattle (USA) and Vancouver (Canada), according to this study, indicates the usability of non-governmental
indicator systems designed for use as boundary objects, as a leap forward for indicator work aiming to
change policy, from a governance perspective.

Indigenous and local knowledge systems

Especially considering the issue of scale, and in the context of the Americas, it is particularly relevant to
address local and indigenous groups that have their own governance or environmental management
systems based on an extensive and detailed ecological knowledge accumulated throughout several
generations. The region has hundreds of indigenous communities as well as other local communities that
have a close and traditional dependence on biological resources. For instance, while in most countries
indigenous peoples are perceived as minorities, in some (e.g. Bolivia, Guatemala, Mexico, Peru) they
constitute a significantly large percentage of the population. Other local groups living in traditional
dependence on biological resources include afro-rural communities (e.g. Brazil, Ecuador, Panama, Surinam
– IPEA, 2012), raizales in Caribbean Colombia, and caiçaras in coastal Brazil, among others. Many but not
all governments 32 acknowledge the ethnic and cultural identity of these populations’ governance and/or
management systems and the rights to coexist with the mainstream (western-based) governance system.
However, both in countries with and without acknowledgement of such indigenous and local governance
systems, there are accounts of many related conflicts both with governments and with the private sector
(e.g. Franks et al., 2014; Haslam & Tanimoune, 2016; see also 6.4.1.1).
Many such systems related to local and indigenous groups are based on worldviews that consider biotic,
abiotic and human dimensions as integral parts of a whole. Although several countries in the Americas
formally recognize such self-governance systems, in most cases these groups are marginalized and have
little political power under the authority of a central government (Vinding & Jensen, 2016). In a few cases,
32

Countries in the Americas that ratified the Indigenous and Tribal Peoples Convention n.169, from the International Labour
Organization (1989): Argentina, Bolivia, Brazil, Chile, Colombia, Costa Rica, Dominica, Ecuador, Guatemala, Honduras, Mexico,
Nicaragua,
Paraguay,
Peru,
Venezuela.
Source:
http://www.ilo.org/dyn/normlex/en/f?p=NORMLEXPUB:11300:0::NO::P11300_INSTRUMENT
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such as the Plurinational State of Bolivia (Pacheco, 2014; UNEP, 2013) and aboriginal peoples (including The
First Nations) in Canada (Slowley, 2001; Preston, 2016), there is enough political decentralization allowing
for the coexistence of self-governing and western-based systems – although conflicts occasionally occur. In
Tomave, Bolivian Andes, the Ayllu Sullka people have their own political and social system, an autonomous
government that sometimes share decisions with the State authorities, but, in general, decisions are taken
from the bottom-up, by consensus of assemblies. With the exception of the “wise elder” of the
communities, there is rotation in every other government’s position. The Ayllu Sullka ecological-territorial
management is based on the concept of living well, in harmony and balance with Mother Nature, and
depends on principles such as: indigenous government; exchange of products and seeds; integral and
communal management of the territory; food sovereignty; spiritual practices in sacred locations and
medicinal plants; communal land ownership, including land redistribution to accommodate the needs of all
families. This system ensures the conservation of the ecosystem as a whole, including cultivated plants,
especially potatoes and quinua, and domesticated animals, especially camelids (Mamani Machaca, 2017).
In Tungurahua, Ecuador, local communities challenged an international model of watershed management
reform that coupled conservation with markets for ecosystem services, and negotiated with transnational
advocates to create an alternative model rooted in indigenous norms (Kauffman & Martin, 2014). They did
not reject the idea of reforming watershed management, but aimed to do so by realizing the Quichua
concept “sumah hawsay” (buen vivir in Spanish or wellbeing in English), which refers to living in harmony
with nature, rather than dominating nature or removing human presence through preservation. The
government of Ecuador has brought the attention of this case to various international fora. It shows how
new environmental governance regimes can emerge locally by a participatory process where global,
international agendas are critically questioned and revised according to local culture and principles, and
how, in turn, such learning poses a reflection at global level that might challenge dominant international
norms (see also 6.4.3.2).
The outcomes of the study by Evans et al. (2014) on the perception of REDD by community members in the
Amazonian state of Loreto, Peru, have followed a similar logic to the Ecuadorian case (see also Vasseur et
al., 2017). Indigenous interviewees were skeptical about REDD’s long-term positive impacts for
communities and forests, including benefit distribution, and also revealed uncertainty about the future and
lack of trust in governance regimes. Community priorities included work opportunities, educational
opportunities for their children, and improving the quality of their forest. The author’s conclusions were
that REDD design should recognize local communities as active participants in global and national climate
management. Indeed, a recent study by Ochieng et al. (2016) has shown that whenever overall
effectiveness of REDD+ schemes is only moderate it is due to either issues with exercising good governance
(e.g. Bolivia) or with lack of ownership of technical methods (e.g. Peru). Further issues regarding carbon
benefits from REDD relate to the realism of baselines and the treatment of leakage and permanence (Vitel
et al., 2013).

Policy instruments, support tools and methodologies related to
biodiversity and ecosystem services
Several existing policy instruments are applicable to different biodiversity and ecosystem services-related
policy types, be they sectoral or integrated. However, they can often be perceived as environment-related
only, and being neutral or even negative to socio-economic aspects. This section examines relevant
biodiversity and ecosystem services-related instruments and how they relate to human well-being and
sustainable development. They are divided into three groups of instruments: regulatory mechanisms,
incentive mechanisms, and rights-based approaches. This classification is for schematic purposes only: we
understand that there is a significant overlap between these groups. For instance, protected areas and
ecosystem restoration are often regulatory, but can emerge out of incentive mechanisms or voluntarily.
Their design and implementation can also follow a rights-based approach. Policy instruments are developed
and adopted by the use and application of policy support tools and methodologies. The draft guidance of
IPBES (IPBES, 2016) defines policy support tools and methodologies as “approaches and techniques based
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on science and other knowledge systems that can inform and assist policy-making and implementation at
local, national, regional and international levels to protect and promote nature, nature’s benefits to people,
and a good quality of life”. These support tools and methodologies have been organized in a typology of
families and this section will examine examples from each of them (Box 6.1).
Box 6.1. Families of policy support tools and methodologies
Assembling data and knowledge: this family includes monitoring, indicators, oral history, mapping of
ecosystem services, census data, population dynamics.
Assessment and evaluation: this family includes trade-off analysis, management effectiveness, trend
analysis, identification and assessment of indigenous and community conserved areas (ICCAs),
quantitative modelling, cost-benefit analysis, non-monetary valuation, scenarios.
Participatory processes: this family includes expert interviews, stakeholder consultation, cultural
mapping and implications for policy goals and criteria, social media tools.
Selection and design of policy instruments: this family includes instrument impact evaluation, ex-ante
evaluation of options and scenarios, designing of individual territory sets or systems of protected areas.
Implementation, outreach and enforcement: this family includes audits, risk-based enforcement efforts,
process standards (e.g. ISO), monitoring reporting and verification.
Capacity building: this family includes handbooks, manuals, guides, e-learning resources, webinars,
training, education, knowledge sharing.
Social learning, innovation and adaptive governance: this family includes strategic adaptive management
and social learning theory.
Source: IPBES Policy support catalogue available at http://ipbes-demo.net/node/140
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Regulatory mechanisms
6.4.1.1

Protected areas

Areas of particular importance for biodiversity, ecosystem services and human wellbeing (including
protected areas, ICCAs, other area-based conservation measures, and biodiversity, ecological and
conservation corridors) are among the main policy instruments that address biodiversity and ecosystem
conservation in the region. Supporting tools and methodologies such as species and ecosystem redlists and
participatory processes are often used. The region presents a broad diversity in the history of use and
application of such instruments and tools.
Protected areas - public, communal and private - have been a key element in biodiversity and ecosystem
services conservation, in promoting tourism (see also 6.6.1) and also in generating social and community
benefits across the region and elsewhere (Watson et al., 2014). In the Americas, the proportion of protected
areas following IUCN (International Union for Conservation of Nature) definition by 2017, was higher than
the global average: North America had 11.3% of its terrestrial area protected and 25% of its marine areas
protected, Mesoamerica 17.5% terrestrial and 2% marine, Caribbean 17.5% terrestrial and 5.7% marine,
and South America 24.0%, and 5.9% marine (UNEP-WCMC and IUCN, 2017). By 2014, Latin America and the
Caribbean altogether continued to lead globally with 23% of its land under protection (UN, 2015a). The
region has thus been progressing well towards Aichi target 11 (see 6.5.1). Two main questions deriving from
this are: how effective are such protected areas (1) for nature conservation and (2) to provide direct and
indirect socio-economic development benefits.
On the distribution and coverage of protected areas, there seems to be greater emphasis on forests
(especially tropical and subtropical) and other highly diverse ecosystems, at a global level (Anthamatten &
Hazen, 2014). This also holds even in terms of other environment-related policies, such as restoration,
conservation incentives, etc. (e.g. Overbeck et al., 2015). On the effectiveness of protected areas for
biodiversity and ecosystem services conservation, there are mixed viewpoints, but there remains a clear
gap regarding impact assessment (Coad et al., 2014; Pressey et al., 2015). While some meta-analyses
indicate an overall positive impact of protected areas on conservation (e.g. Bruner et al., 2001; Geldmann
et al., 2013), other authors argue that little is known about how much difference protected areas actually
make (Pressey et al., 2015). On the positive side, Bruner et al. (2001) analysed 93 parks in 22 tropical
countries (34 of them in the Americas) and concluded that most of them are effective, especially at
protecting from land clearing and, to a lesser degree, at mitigating logging, hunting, fire, and grazing. As
they found the effectiveness of parks to correlate with basic management activities such as enforcement,
boundary demarcation, and direct compensation to local communities, they suggest that even modest
increases in funding would improve parks effectiveness. This is consistent with the meta-analysis more
recently performed by Geldmann et al. (2013) including 35 cases from Central and South America and one
from North America, which found a positive impact of protected areas on conservation in 86% of cases.
GEFIEO (2015), in a study that analysed 618 projects funded by the Global Environment Facility in protected
areas of 137 countries, found that a combination of good governance, effective protected area
management, and community engagement explain why protected areas funded by the Global Environment
Facility are more effective in delivering conservation outcomes than those not funded.
However, Watson et al. (2014) demonstrated that recent years have seen a decline in the effectiveness of
protected areas across the region, with problems such as major budget cuts (e.g. USA), extractive activities
inside national parks (e.g. Belize), and increasingly frequent protected area downgrading, downsizing and
degazettement (e.g. Brazil). For some species, climate change poses an additional threat to the
effectiveness of biodiversity conservation in protected areas in the region, be it at taxa level (e.g. Ferro et
al., 2014; Lemes et al., 2013; Loyola et al., 2012; Nori et al., 2015), or from an evolutionary history
perspective (Loyola et al., 2014). Geldmann et al. (2013) argue that there is limited evidence for
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understanding the exact conditions or combinations of circumstances under which this policy instrument
succeeds or fails to deliver conservation outcomes.
Marine protected areas are smaller than their terrestrial counterparts in proportional coverage, in the
region and elsewhere (Gray et al., 2014), although their numbers are increasing rapidly in line with global
targets agreed under the CBD. In a meta-analysis that included some 20 marine protected areas across the
Americas (mainly in the Caribbean, Central America and at Northwestern South America), Edgar et al.
(2014) concluded that effectiveness is related to good design, isolation by deep water or sand, durable
management and compliance related to “no-take” (or no fishing in specific zones or specific moments in
the year). Other studies in the region relate effectiveness to environmental zoning, management plans, and
participatory management (e.g. state of Ceará, Brazil: Andrade & Soares, 2017) or to network management
(state of California, USA: Mach et al., 2017) (see also 6.3.2). Another peculiarity of marine protected areas
is related to size. Most marine protected areas are relatively small in size (global median of 3.3 km2) and
the current expansion on the creation of large marine protected areas, led Ban et al. (2017) to investigate
the social and ecological effectiveness of marine protected areas. After examining 12 large marine
protected areas, three of them in the Americas (Galápagos, Ecuador: 133,000 km2; Seaflower, Colombia:
65,000 km2; and Central California National Marine Sanctuaries: 27,645 km2), they found that effectiveness
was related to age of the marine protected area, enforcement and, again, participatory processes.
Nevertheless, considering both small and large marine protected areas, Davidson and Dulvy (2017)
demonstrated that shortfall in marine protected areas remains significant when it comes to the
conservation of endangered species. By using systematic conservation planning to prioritize conservation
actions for sharks, rays and chimaeras (class with the highest proportion of threatened marine species),
they found 12 nations with more than 50% of imperilled endemics, four of which are in the Americas:
Colombia, Brazil, Uruguay, and Argentina. Among those, they found that Brazil and Argentina have low
conservation likelihood (an index built based on 10 national measures including governance, economics
and welfare, fishing, and human pressure).
Indigenous peoples’ and community conserved territories and areas are found around the globe and have
a long-standing history in the Americas. Under this umbrella, many types of areas exist: indigenous
territories, community forests, sacred natural sites, community-managed coastal and marine areas, among
others. They may cover at least as much area as non-ICCA protected areas do, help sustain ecosystems and
services, and are the basis of livelihoods for millions of people. They are seen as efficient instruments to
mitigate (Ricketts et al., 2010) and adapt (Magrin et al., 2014) to climate change and to reconcile
biodiversity conservation with human development (e.g. Argentinian Chaco: Marinaro et al., 2015; Bolivian
Andes: Hoffmann et al., 2011; Panama: Oestreicher et al., 2009). There is an inconclusive discussion as to
whether protected areas without people inside or protected areas with people inside are more effective at
promoting conservation. For instance, a comparative meta-analysis for reserves in different parts of the
world, most of which in the Americas, showed that protected areas without people inside have higher
deforestation rates than areas under community management (Porter-Bolland et al., 2012). Similarly,
Nelson and Chomitz (2011) found for Latin America and the Caribbean that (1) protected areas of restricted
use reduced fire substantially, but multi-use protected areas are even more effective; and (2) in indigenous
reserves the incidence of forest fire was reduced by 16% as compared to non-protected areas. On the other
hand, Miteva et al. (2012) found opposite results and suggested that fully protected areas are more efficient
in constraining deforestation.
Despite mixed reviews, there are new, successful experiences in the Americas (Nygren, 2005; Lima &
Pozzobon, 2005; Silvano et al., 2014) that show potential for enhancing biodiversity and ecosystem services
conservation in the region. Some useful examples of adaptive community management include community
forest concessions (e.g. Guatemala: Radachowsky et al., 2012), multiple-use management of forests
(Guariguata et al., 2012; see also examples in Bolivia: Cronkleton et al., 2012 and Brazil: Klimas et al., 2012;
Soriano et al., 2012); and local communities where payments are made to promote citizen collection of
primary scientific data (Luzar et al., 2011). One of the main critiques of community-based management has
to do with scalability, since many such local successes do not operate well at larger levels (Berkes, 2006).
Moreover, one must consider that the ecosystems currently called ‘native’ have probably been, to some
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extent, managed by humans, as the work by Levis et al. (2017) on the effects of pre-Columbian plant
domestication over the structure of tree communities in Amazonia indicates. Another important related
aspect is the relevance of indigenous peoples and local communities to conserving agrobiodiversity. These
populations provide a largely under-recognised contribution to in-situ conservation and enhancement of
crop diversity, as well as to high forest biodiversity, providing a free service that economists call positive
externality (Carneiro da Cunha & Morim de Lima, 2017; Emparaire, 2017). Consequently, assuring the rights
of indigenous and local populations to land and to keeping traditional management practices - inside or
outside protected areas - is not only a matter of social justice; it is intimately related to a conservation
strategy for biodiversity and ecosystem services conservation at a relatively low cost. This seems especially
relevant for food security in the current global context of climate change, increasing population and an
eroding genetic diversity of plant cultivars.
Biodiversity, ecological and conservation corridors provide connectivity and are essential to ensure flow of
genetic material and ecosystem services (Hilty et al., 2006), despite the fact that they may not be equally
efficient for different groups of species (Snäll et al., 2016). Therefore, policy design to address such concerns
takes place at landscape scale and applies corridors as a policy instrument that will frequently have
complementarity to existing protected area and/or ICCA networks, and may need to include ecosystem
restoration (see 6.4.1.2) as an implementation tool. It is an instrument that potentially links units of
conservation to promote an integrated conservation system within productive landscapes, and it has
recently been argued that they may also serve as carbon corridors under REDD+ schemes, based on studies
conducted in the Amazon, specifically in the Guiana Shield (Jantz et al., 2014). IUCN (2007) reported Latin
America as leading international connectivity efforts, since, up to that time, more than 100 corridors had
been created in 16 countries. Moreover, more than 20 of these corridors were multicountry. Although only
Bolivia, Brazil and Venezuela had, by then, specific national legislation enabling corridors, there are
examples at sub-national level (e.g. Argentina, Ecuador).
Another multicountry example is the Mesoamerican Biological Corridor, launched in 1994 (IUCN, 2007). It
covers 27% of Mesoamerican territory and encompasses 26 indigenous groups, all the major Mayan
archaeological sites, and 368 protected areas. Finally, in North America, the most important initiatives are
driven by NGOs that aim to achieve their goals through broad-based stakeholder processes. This includes
collaboration with government authorities to secure support through conservation policy and public land
management. The corridor initiatives centre on biodiversity conservation and wilderness concepts. The
best-known North American continental scale initiative is the Yellowstone to Yukon Conservation Initiative,
extending along 3,200 km of the northern Rocky Mountains from Wyoming to the Arctic Circle. It includes
areas protected under the national legislation of Canada and the USA, as well as private lands (IUCN, 2007).
As a result of these various initiatives, the connectivity between protected areas in the Americas – alongside
with Africa – is high when compared to other regions, and the networks of countries such as Argentina,
Brazil and Canada are important to promote continental connectivity (Santini et al., 2016).
Other effective area-based conservation measures are considered as conservation mechanisms by Aichi
target 11. Other effective area-based conservation measures must contribute to both the quantitative and
qualitative aspects of target 11, and have the potential to contribute greatly to elements such as
representativeness and connectivity, and to contribute to conservation in relevant places such as Key
Biodiversity Areas, especially in cases where protected areas are not an option. Key Biodiversity Areas are
sites that contribute significantly to the global persistence of biodiversity, including Important Bird and
Biodiversity Areas, Alliance for Zero Extinction sites, and similar networks (UNEP-WCMC and IUCN, 2016).
Key Biodiversity Areas, Important Bird and Biodiversity Areas and Alliance for Zero Extinction sites derive
from analyses of threatened biodiversity, restricted-range biodiversity, ecological integrity, biological
processes, and irreplaceability, across genetic, species, and ecosystem levels (IUCN, 2016). For that, the Red
List of species is an important tool. The Red List of species is a 50 year old tool put in place by IUCN, which
is the most widely used global imperiled species list (Rodrigues et al., 2006; Schipper et al., 2008). The use
and application of the list varies across the region, but mainly there are differences between national lists
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and the IUCN Redlist. In the USA (Harris et al., 2012), Brazil and Colombia (Brito et al., 2010), the IUCN
Redlist has a longer list of endangered species than in the country’s official lists.
With respect to the relationship between the redlist and the design of marine protected areas, Agardy et
al. (2011) highlight the need for protecting the core habitat of threatened species, to avoid population
decline as found in the 1990’s for the vaquita (Phocoena sinus), a small porpoise endemic to the northern
Gulf of California, Mexico. However, the IUCN mechanism has been criticized for falling short on capturing
functional and phylogenetic diversity, for instance, in the case of Brazilian birds (Hidasi-Neto et al., 2013).
Mace et al. (2008) provide a detailed analysis a description of IUCN methods and its potential limitations.
Measures of phylogenetic diversity and evolutionary distinctiveness are becoming more widespread and
can potentially help to circumvent existing limitations (Faith, 2016). Controversy also exists around marine
fisheries in the relationship between CITES (Convention on International Trade in Endangered Species of
Wild Fauna and Flora), FAO (Food and Agriculture Organization, which revises CITES criteria periodically)
and nations on the relevance of listing on CITES species that are commercially exploited (Cochrane, 2015).
Following the same logic, IUCN is in the process of developing a RedList for threatened ecosystems. Current
challenges include ecosystem classification, measuring ecosystem dynamics, degradation and collapse, and
setting thresholds to define categories of threat. Examples of potential applications of Red Lists of
Ecosystems in legislation, policy, environmental management and education in the Americas region are
found in the province of Manitoba (Canada) – a law on threatened ecosystems - and in Venezuela, which
has a National Ecosystem Redlist (Keith et al., 2015).

6.4.1.2

Ecosystem restoration

Ecosystem restoration is a practice that is becoming widespread across the region. It can serve different
purposes, such as climate change mitigation and adaptation, or circumvention of biodiversity loss. It can
also help promote the integrity of existing protected areas and ICCAs and create biodiversity corridors.
Furthermore, a meta-analysis of studies on ecological restoration of agroecosystems (54 published papers,
five in the Americas) has shown that this practice is generally effective and can enhance biodiversity and
the supply of supporting and regulating ecosystem services in agricultural landscapes (Barral et al., 2015).
Another meta-analysis (Crouzeilles et al., 2016) performed on 221 landscapes worldwide (>50% in the
Americas) that have undergone forest restoration found that it enhances biodiversity by 15–84% and
vegetation structure by 36–77%, compared with degraded ecosystems. These authors also found that the
main ecological drivers of forest restoration success are the time elapsed since restoration began,
disturbance type and landscape context. Therefore, success in restoration efforts can help to positively
influence the status of conservation of species, habitats and ecosystems (see also Chapter 4). However,
there is still a limited repertoire of studies and practical actions related to ecological restoration policy and
practice (Aronson et al., 2010; Baker et al., 2013). For instance, Jørgensen et al. (2014) showed that only
three out of 58 articles in restoration-related journals globally identified specific policies relevant to their
research results. Nevertheless, the increasing relevance of ecosystem restoration in the international
agenda - such as the CBD; Aichi target 15 (Jørgensen, 2015; Murcia et al., 2016), or the Bonn Challenge (Liu
et al., 2017) – can impact national policies. For instance, the Nationally Determined Contributions of Brazil
to the Paris agreement of the United Nations Framework Convention on Climate Change (UNFCCC) is
echoed by recently designed national restoration policies (Scarano, 2017).
Globally, there is an apparent emphasis on restoration efforts related to forest, coastal and freshwater
ecosystems as opposed to dry and semiarid ecosystems (Aronson et al., 2010; Crouzeilles et al., 2016),
which is a pattern mirrored in the Americas. Aronson et al. (2010) also indicate that restoration efforts tend
to be more common in high income than in low income countries. In the Americas, however, restoration is
already present in national legislation and policies of several countries, such as the USA (Baker et al., 2013;
Palmer and Ruhl, 2015), Brazil, Colombia, Ecuador (Murcia et al., 2016) and Mexico (Ceccon et al., 2015).
There is also a wealth of emerging bottom-up restoration initiatives, such as new international and national
associations and collaborations including both practicioners and academics, in Latin America and the
Caribbean (Echeverría et al., 2015).
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There is a debate on the links between restoration science and policy, including legislation. Palmer and Ruhl
(2015) argue that the USA legal system fails to distinguish between ecosystem restoration and any other
type of environmental intervention, which, they argue, may imply continuation of net ecological losses.
However, there are relevant national policies such as the Estuary Restoration Act that created a federal
interagency (the Estuary Habitat Restoration Council) that leverages resources and expertise from different
agencies to help restoration practitioners, such as local and state agencies, tribes and nongovernmental
organizations (Schrack et al., 2012). More recently, a policy support tool has been developed that integrates
network analysis results with ecological habitat data to subsidize a socioecological restoration planning for
USA estuaries (Sayles & Baggio, 2017). In Mexico, Ceccon et al. (2015) claim that despite the existence of
legal instruments at a national level to regulate ecosystem restoration, there are no specific instruments
defining basic concepts, criteria and standards, required actions, or regulations to implement and evaluate
ecological restoration. In Brazil, there was subnational legislation in the state of São Paulo that imposed
high species diversity for restoration, which for many academics was a misinterpretation of the best science
available (Durigan et al., 2010; Aronson et al., 2011). This eventually led to the legislation being overruled
and being replaced by a new legal instrument that assesses success of restoration projects based on: ground
coverage with native vegetation, density of native plants spontaneously regenerating, and number of
spontaneously regenerating native species (Chaves et al., 2015).
Given the inherent high costs of ecosystem restoration, it can be promoted by economic incentives such as
PES (Bullock et al., 2011) and/or by biodiversity-offset policies (Maron et al., 2012). These topics are
discussed next (6.4.2). Clearly, however, the costs of restoring are much higher than the costs of conserving
(Chapter 4). Thus, in cases where old-growth mature forest remains, such as in the Amazon, restoration of
degraded areas is less of a priority than avoiding further deforestation (Fearnside, 2003). Finally, another
type of ecosystem intervention that might have regulatory backing in some cases is the control and
eradication of invasive alien species, which is explored in Box 6.2.

Incentive mechanisms
6.4.2.1

Conservation incentives

The global leaders’ commitments to SDG aim at a sustainable use of the oceans, seas and marine resources
as well as the protection of life on land including the sustainable management of forests, and halting
biodiversity loss (SDG 14 and 15) (UN, 2015b). Furthermore, there is a clear need stated in Aichi target 17,
related to the development, adoption and early implementation by 2015 of a policy instrument aligned
with each signatory’s national biodiversity strategy and action plan (CBD/UNEP, 2010). Given the level of
political uncertainty and governance changes, it is strategic to seek for additional policy instruments to fund
biodiversity and ecosystem conservation and its range of benefits. This is even more important, considering
the severe under-funding of protected areas and the high costs of restoration, yet evident high value
provided by nature and its benefits to people.
Conservation incentives are increasingly implemented as complementary and allegedly cost-effective
means to align biodiversity and ecosystem services conservation efforts with a good quality of life in the
Americas and elsewhere (Magrin et al., 2014). Such incentives are an alternative to governmental
command-and-control measures, are contingent upon defined environmental outcomes, and are intended
to encourage the adoption of more sustainable land uses. Different from the “polluter pays” principle,
which is based upon land users bearing compliance costs, conservation incentives enable mechanisms
where the beneficiaries compensate the providers for the additional provision or maintenance of desired
ecosystem services (e.g. regulation of freshwater quantity). Examples of conservation incentives in the
Americas include Payment for Ecosystem Services, REDD+, environmental certification, conservation
easements, as well as sustainable finance instruments.
Payment for ecosystem services schemes are one of the most common examples of conservation incentives
in the Americas. The focus of a PES scheme varies according to their purpose. For example, the main focus
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of PES is often to support and improve ecosystem management (especially related to carbon sequestration
and storage, watershed protection, landscape aesthetics, and biodiversity protection), although some PES
schemes also attempt to achieve multiple goals (i.e., poverty reduction, regional development or political
objectives) (Rodriguez-Osuna, 2015). PES worldwide and in the Americas primarily target water-related
ecosystem services (Ezzine-de-Blas et al., 2016). Amongst all types of PES, payments for watershed services
and reciprocal agreements for water, known also as water funds, are becoming the most significant
incentive-based tool for watershed conservation in Latin America (Goldman-Benner et al., 2012; MartinOrtega et al., 2013; Rodriguez-Osuna, 2015; Grima et al., 2016).
Grima et al. (2016) identified 40 cases of PES across Latin America and they concluded that successful PES
programs have in common four features: (1) the way ecosystem services are traded (i.e., securing the
continued provisioning and quality of a critical resource while positively contributing to local livelihoods);
(2) spatial and time scales are more likely to succeed (local and regional schemes with a duration between
10-30 years); (3) transaction types: in-kind contributions are preferred as opposed to solely using cash
payments; and (4) successful schemes tend to involve mostly private stakeholders, and no intermediaries
between buyers and sellers. Other authors (Wünscher et al., 2008; Southgate et al., 2009) highlight that
PES program efficiency increases (especially in the case of budget constraints) when payments reflect
differences in opportunity costs, transaction and direct protection costs, all of which vary across space.
Furthermore, a meta-analysis of 55 PES schemes worldwide found that there are three key factors
contributing to the likelihood of a PES scheme to have environmental additionality: 1) spatial targeting of
contracts focused on hotspots of high ecosystem service intensity or high threat; 2) differentiated payments
that consider variable provision costs across providers; and 3) to a lower extent, the degree of conditionality
which refers to the implementer´s ability to monitor and sanction non-compliance (Ezzine-de-Blas et al.,
2016). However, Börner et al. (2016) on a global synthesis including various studies across the Americas
showed that the effectiveness of forest conservation instruments in the same category, including incentive
mechanisms, vary greatly and suggest that it is too early for generalizations about pre-requisites for success.

Factors that were common across PES schemes that had a low degree of success include: schemes
that did not reduce pressure on ecosystems, investors were not convinced of the impact of their
investments, opportunity costs were not met, local livelihoods were not improved, land tenure
arrangements and power structures were weakened and showed an unfair distribution of benefits
(Grima et al., 2016). Other additional factors that might negatively impact the feasibility and
implementation of PES schemes are: a perceptions of commoditization of nature, schemes that
are not able to achieve poverty reduction, slow or absence of trust building between service users
and providers and gender and land tenure issues (Asquith et al., 2008; Balvanera et al., 2012;
Magrin et al., 2014).
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Box 6.2. Control and eradication of invasive alien species

At the international level, the eradication of invasive alien species is one of the priority targets for the CBD’s Aichi
targets. Invasive alien species are the second greatest agent of species endangerment and extinction after habitat
destruction (Pejchar & Mooney, 2009; see also Chapters 3 and 4), and drive economic setbacks. Indeed, this is a
true international issue, since historically and up to this day, many species invasions are brought about by an
indirect effect of trade or economic flows between countries and regions (Liu et al., 2013). Therefore, regarding
coordination across jurisdictional boundaries, one of the CBD guiding principles on invasive alien species is
cooperation (https://www.cbd.int/decision/cop/?id=7197), which suggests efforts related to information sharing
and agreements (including on trade) between countries.

However, solutions are on most occasions addressed at the local level, where the impacts are most felt. For
instance, in the USA, where many national and sub-national policies and research regarding invasive alien species
are in place (e.g. Crowl et al., 2008; García-de-Lomas & Vilá, 2015), there is evidence showing that even small
amounts of cooperation to control bioinvasions between neighboring individuals or groups can provide large social
benefits. Therefore, coordination among managers across jurisdictional boundaries can have profound effects on
the outcomes of invasive alien species management (Epanchin-Niell & Wilen, 2014). This conclusion also applies to
transboundary multinational relations. For instance, in the region, North America has several mechanisms of
collaboration between countries (Canada, USA, and Mexico), such as the North American Plant Protection
Organization (http://www.nappo.org/; under the International Plant Protection Convention): the Forest Insects &
Disease and Invasive Plants Working Group of the North American Forestry Commission (under the umbrella of the
FAO; http://www.fs.fed.us/global/nafc/insects/ aboutus.htm) and the North American Invasive Species Network
(http://www.naisn.org/). Fonseca et al. (2013) describe a tri-national initiative created to face the challenge of the
invasive alien species associated with the South American Pampas, a grassland vegetation type that covers parts of
southern Brazil, Argentina and the whole of Uruguay. They suggest that regional legislation to manage invasive
alien species should be designed. At present, however, in the case of Latin America, national invasive alien species
policies (Speziale et al., 2012) and research (Gardener et al., 2012) are less well developed. Existing national policies
mainly deal with alien species threatening productive systems (Speziale et al., 2012).
The harmful effects of invasive alien species can be particularly serious in islands (Simberloff, 2011), and are a
concern in the Caribbean. Since the beginning of this decade, The Bahamas, Dominican Republic, Jamaica, Saint
Lucia and Trinidad and Tobago either revised or started developing national invasive alien species strategies, as
well as regional invasive alien species strategies for freshwater, marine and terrestrial ecosystems. Challenges to
success include shortage of scientific data, trained personnel and public awareness, insufficient coordination and
collaboration, ease of introduction and movement of invasive alien species and inadequate quarantine facilities,
and inadequate funding (GEF/UNEP/CABI, 2011). In Cuba, invasive alien species is dealt with by policies such as the
National Environmental Strategy, the National Biodiversity Strategy, the Environmental Regulation System, and the
Biosafety Regulations System. Since 2012-2013, a specific National Strategy has been developed and launched,
which produced risk assessments and the elaboration of a List of Harmful Alien Species. In other Caribbean
countries, invasive alien species prevention control, management and eradication has often been related to
National Biodiversity Strategies and Actions Plans (NBSAPs) within the realm of the CBD. Finally, the Caribbean has
launched a regional initiative in 2012-2013: The Regional Strategy for the Control of Invasive Lionfish in the Wider
Caribbean. It has a broad participation from countries (including USA and Mexico), specialists and regional
institutions, under the umbrella of the International Coral Reef Initiative. Collaboration on expertise exchange,
integration of monitoring and legal alignment between countries increase effectiveness of this collaboration
(Gómez Lozano et al., 2013).
A review of 190 publications on invasions by introduced mammals in southern South America forwarded a set of
recommendations that are applicable to all invasive alien species (Ballari et al., 2016): to recognise the presence
and spread of these species in pristine or protected areas; to improve controls to prevent new introductions and
escapes; to include social and cultural aspects of biological invasions in research and management plans; to
establish long-term programmes to monitor distribution and dispersion; to achieve societal involvement in
management programmes to ensure public acceptance; and to develop prioritisation tools.

In Latin America, PES schemes are mostly publicly funded (65%) while the rest are private commercial and
private non-commercial initiatives. North America shows a higher frequency of publicly funded PES (70%)
(Ezzine-de-Blas et al., 2016). For example, payments made to preserve upstate New York watersheds that
supply New York City with its water, while seemingly costly at $1-1.5 billion, are substantially less than the
$6-8 billion needed to construct an additional filtration plant plus another $300-500 million in annual
operating costs (Hanson et al., 2011). Another example is the so-called “Swampbuster program” of the USA
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(Highly Erodible Land Conservation and Wetland Conservation Compliance Provisions) that financially
incentivizes farmers to conserve wetlands (Geyer & Lawler, 2016).
Examples of publicly funded national schemes that launched PES are Mexico and Costa Rica. Since 2003,
Mexico implements a federal PES program remunerating communities for forest conservation (now called
PRONAFOR) that represents a significant additionality (12-15% of forested area protected) to conservation
(Costedoat et al., 2015; LeVelly et al., 2015). Since 1997, Costa Rica’s National Fund for Forest Financing has
provided incentives for farms that provide upstream watershed protection, and also for carbon
sequestration, biodiversity conservation and landscape aesthetic features. The major source of funds for
Costa Rica’s PES is a national tax on fossil fuel utilization (Montagnini & Finney, 2011). Guatemala, with its
Program of Forest Incentives, benefited 4,171 beneficiaries who planted 94,151 ha of forest and put
155,790 ha of natural forest under protection by 2009 (INE, 2011). Ecuador launched Socio-Bosque in 2008
and by 2010 the program already included more than half a million hectares of natural ecosystems
protected with more than 60,000 beneficiaries (De Koning et al., 2011). In Trinidad and Tobago, the Green
Fund (established by law in 2004 by a national environmental fund) provides incentives for local
communities and other non-business entities to undertake projects and programs that focus on:
reforestation, restoration, conservation and education (UNEP, 2012). Peru has a program called
“Conditioned Direct Transfers” that incentivizes sustainable production in the Amazon region, currently
benefitting 57 native communities. Since 2014, Peru has also had a national law called “Compensation
Mechanism for Ecosystem Services”, which promotes voluntary agreements for water, carbon and
biodiversity conservation.
Regional initiatives include Watershared (launched in 2015), which involves more than 125 local
governments across the Andes of Bolivia, Peru, Ecuador and Colombia and uses reciprocal water
agreements to preserve forests and to get downstream water users support upstream forest owners. This
initiative includes 200,000-signed agreements benefiting around 4,000 families that conserve 200,000 ha
of forests (Fundación Natura, 2016).
The private sector and businesses offer incentives (through different instruments such as PES and
sustainable investments) for conserving and maintaining nature’s contributions to society (Naturevest &
EKO, 2014). This sector has shown a growing awareness about their increasing exposure to risks (e.g. to
water scarcity, extreme weather events) as well as opportunities (sustainable investment) that can
contribute to biodiversity and ecosystem service enhancement (UNEP FI, 2010; 2015; TEEB, 2010; WEF,
2015; WBCSD, 2017). For example, business incentives for ecosystem services include carbon sequestration
and storage (e.g. through forest restoration activities). This ecosystem service is commonly traded in two
types of markets where transactions for greenhouse gas emission reductions are in place. On one side, the
compliance markets are ruled by the UNFCCC framework and on the other side, voluntary markets operate
with requirements that are more flexible and where voluntary buyers drive demand. These markets allow
companies, governments, NGOs and individuals to counterbalance their emissions through the purchase of
offsets, commonly by certification of emission reduction credits (Rodríguez-Osuna et al., in press). The
major share of voluntary carbon transactions came from REDD+ projects, which increased to nearly 50% of
the total market share in 2013. In this context, Latin America has been the most important sourcing region,
tripling their 2012 activity (Goldstein & Gonzalez, 2014).
Most of voluntary carbon transactions have been developed for the private sector, as well as local or
international non-profit organizations and public entities. A significant value arose from Germany´s REDD
Early Movers financing program in 2013 (government to government deal with the State of Acre in Brazil),
which is a national program to avoid emissions based on performance. In this agreement, the State of Acre
agreed to supply 8 million tons of carbon dioxide equivalent to the German Development Bank in 2013
(Goldstein & Gonzalez, 2014; Hamrick, 2015). Cumulatively, mostly voluntary offset supply came from the
USA (136 million tons of carbon dioxide equivalent worth $656 millions), Brazil and Turkey (Hamrick et al.,
2015). The most important buyer motivations for forest carbon transactions are corporate social
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responsibility (40%), demonstrating climate leadership (22%), compliance (17%), demonstrating industry
leadership (13%) and taking action on climate change (12%) (Goldstein & Gonzalez, 2014).
Consumer preferences, investor’s motivations as well as international agreements and agendas such as the
SDGs and the Paris Agreement are increasingly driving the need for environmental certification and
sustainable finance (Lewis et al., 2016). For example, the decline in deforestation in the Brazilian Amazon
was partly driven by supply chain interventions, as in the example of the soy moratorium (see also 6.3.1,
6.3.4). Market opportunities for the business sector rise with increasing consumer preferences and
demands for certification schemes for “climate neutral” products and services, sustainable fisheries,
deforestation free products, among others (WEF, 2017).
Businesses can significantly foster conservation efforts and have a key role to play in halting biodiversity
and ecosystem service loss as well as addressing the challenges posed by climate change. Already, the
effects of climate change and the transition to a low carbon economy have progressively become a major
feature driving adoption of corporate sustainable development strategies (KPMG, 2015). Most large global
companies and many small and medium sized enterprises issues annual corporate sustainability reports
(KPMG, 2013). The growing interest in sustainable finance is evidenced by several alliances and initiatives
such as the Natural Capital Finance Alliance, with 90 financial institutions that have committed to
collaborate towards understanding the natural capital risks and opportunities in their products and services
(Redford et al., 2015; NCFA, 2016).
Conservation easements help protect private land from development and overuse, in exchange for a
payment, tax reduction, or permit. The institutional context for conservation easements involve strained
financial capacity, decentralized governance, and a mix of regulatory, incentive and market mechanisms
(Rissman et al., 2015). They are particularly common in the USA and while they can significantly prevent
habitat loss in agricultural regions (Braza, 2017), technical assistance and monitoring are frequently
mentioned bottlenecks (e.g. Stroman & Kreuter, 2014).
According to a survey of 1200 chief executive officers worldwide in 2010, more executives in Latin America
were concerned about biodiversity loss as a threat to business growth prospects than in North America
(12%) (PwC, 2010). However, by 2016, the USA alone accounted for $8.7 trillion worth of sustainable assets
under management integrated into their investment decisions (GSIA, 2016). In 2015, a well-supported
investor initiative requested global major publicly listed companies to disclose their water and climaterelated corporate risks. This request was made on behalf of 617 investors with $63 trillion worth of assets
interested in climate corporate disclosure as well as 822 investors with $95 trillion worth of assets
interested in water-related corporate disclosure (CDP, 2015a,b). These efforts indicate the growing
opportunities for sustainable finance to fill the gaps needed to fund biodiversity and ecosystem’s
conservation (Naturevest & EKO, 2014).

6.4.2.2

Offset and compensation

Considerable progress has been made in developing good practice for biodiversity offsets (e.g. BBOP, 2012;
Gardner et al., 2013), which are part of efforts to achieve no net loss of biodiversity while implementing
development projects (Gardner et al., 2013). In the region they are particularly common in the USA and
Canada (Coralie et al., 2015). Overall, there is a lack of integration of biodiversity and ecosystem services in
impact assessment of large projects (mining, dams, roads), which set the scene for offset and compensation
schemes (Brownlie & Treweek, 2013; Geneletti, 2016; Rodríguez-Osuna et al., 2017). Many of the historical
problems with the application of biodiversity offsets have been assigned to lack of enforcement, poor
governance, patchy monitoring, badly defined liabilities and lack of formal methods for designing and sizing
offset requirements (Quétier & Lavorel, 2011). Indeed, it is often very difficult to consider all ecological
dimensions of biodiversity (structural, functional, time, etc.) when offset calculations are made and final
balance may fail to offset loss (Curran et al., 2014). They involve complex issues, even from an ethical
viewpoint, such as the notion of species expendability (e.g. Kareiva & Levin, 2003). Gonçalves et al. (2015)
in an extensive literature review found conceptual (choice of metric, spatial delivery of offsets, equivalence,
additionality, time-scales, longevity, ratios and reversibility) and practical challenges (compliance,
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monitoring, transparency and timing of credits release) to biodiversity offset that deserve scientific
attention. Furthermore, they argue that biodiversity offset locations could contribute towards a global
network of biodiversity monitoring sites. On the other hand, Coralie et al. (2015) have a more skeptical view
and argue that biodiversity offset discourse is framed by an economic rethoric resulting from political
influence rather than by scientific robustness. In one point all these authors agree: more research is
urgently needed to strengthen the evidence base on ways to achieve no net loss (Coralie et al., 2015;
Gardner et al., 2013; Gonçalves et al., 2015). The concerns of climate scientist with the need for a “science
of loss” (Barnett et al., 2016) also applies to biodiversity and ecosystem services. While biodiversity offset
research can increasingly address damage, it remains challenging to address human losses that might derive
from biodiversity loss, such as natural landscapes, cultures (such as those of indigenous peoples), and social
cohesion (such as belonging to a community of knowledge or practice related to biodiversity and ecosystem
services).
There is a rather uneven distribution of biodiversity offset studies in the region, which suggests a similar
unevenness in practical application of this instrument. In a survey of 477 papers published globally between
1984 and 2014, the USA produced 57%, Canada 6.5%, Colombia 2.3%, and Brazil and Costa Rica with less
than 1% - these were the only representatives of the Americas (Coralie et al., 2015). Gelcich et al. (2017)
found similar results. However, it has been argued that while most offset research occurs in the USA, the
majority of offset policies and programs are occurring in many middle- and low-income countries (Villarroya
et al., 2014). Elsewhere in the Americas, most countries have policies that enable biodiversity offset (Gelcich
et al., 2017), and indeed in Latin America, Brazil, Colombia, Mexico and Peru even explicitly require their
implementation (Villarroya et al., 2014). The near absence of published papers or case studies on
biodiversity offsets by Latin America and the Caribbean authors is a clear gap, given the intensive productive
sector, the rich biodiversity, and the existence of enabling policies in most countries. This unevenness is
also perceived between ecosystems. Most studies are concentrated on wetlands (Gelcich et al., 2017),
perhaps because of the recommendation in the early 1970´s of the Ramsar Convention to compensate for
damage to biodiversity (Hrabanski, 2015). The USA is also predominant in such types of studies on wetlands
(Gelcich et al., 2017). However, Matthews and Endress (2008) reviewed monitoring information for 76
wetlands constructed between 1992 and 2002 in the USA, and found several problems with the
performance criteria used to measure progress and assess compliance. Thus, some argue that wetland
offset programs in the USA have often failed to meet their objectives, and have a poor track record of
effective implementation and monitoring (Gelcich et al., 2017). Coastal and marine ecosystems are the ones
with fewer studies on offsets, both regionally and globally (Gelcich et al., 2017). The USA again the main
exception with a large number of studies. For instance, Levrel et al. (2012) reviewed cases in coastal and
marine ecosystems in Florida over a ten-year period and found problems related to methodology,
monitoring and uncertainties related to time-scale. For another coastal case in the region, in Brazil there is
a type of financial compensation for giving up activities such as fishing certain species (including shrimp and
lobster) during reproductive season, both in coastal and continental waters, which is called defeso (Begossi
et al., 2011). On the positive side, the program by 2011 had benefitted nearly 650 thousand people, but the
negative side of it is that there is evidence that funds have been transferred to people who are not involved
in fishing activities (Campos & Chaves, 2014).
Brazil has recently introduced a new mechanism, known as Environmental Reserve Quotas that are tradable
pieces of native or regenerating native vegetation, which are additional to what is required by the Brazilian
environmental legislation. This mechanism allows landowners to offset surplus and deficits of legal reserve
(minimum area required by law to be forest in private properties) and thus provide incentives to comply
with the Native Vegetation Protection Law (Soares-Filho et al., 2014, 2016; May et al., in press).
There have also been advances on valuation and assessment of the economic component of biodiversity
and ecosystem services, with regional-, national- or ecosystem-level application of tools such as The
Economics of Ecosystems and Biodiversity in Business and Enterprise (Bishop, 2012; Kumar et al., 2013) and
the World Bank׳s Wealth Accounting and the Valuation of Ecosystem Services. These tools have challenges
related to interpretation and direct application to policy (e.g. Ring et al., 2010; Spangenberg & Settele,
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2010; Bartelmus, 2015). In the region, their influence on decision-making is still reduced in some countries
(e.g. The Economics of Ecosystems and Biodiversity in Business and Enterprise in Brazil - Roma et al., 2013;
the World Bank׳s Wealth Accounting and the Valuation of Ecosystem Services in the Caribbean - Waite et
al., 2015), while in others such types of approaches have often been incorporated to policies (e.g. USA –
Schaefer et al., 2015).

6.4.2.3

Eco-certification and other mechanisms related to markets and trade

The local, subnational, national, intraregional and international trade is often regulated by policies,
including incentives, disincentives and subsidies applied by each country and subregion. They can have a
large impact, positive or negative, on biodiversity and ecosystem services. State’s capacities to govern for
sustainability are challenged by processes of globalization, such as the telecoupling (Lenschow et al., 2015;
Chapter 5). For instance, Lenzen et al. (2012) have shown that 30% of global species threats are due to
international trade, and that consumers in developed countries cause threats to species through their
demand of commodities that are ultimately produced in developing countries. Many developed countries
cause a larger biodiversity footprint abroad than at home, due to the consumption of imported coffee, tea,
sugar, textiles, meat, fish, timber, extractives, and other manufactured items. In the world ranking of net
importers of biodiversity threat, the USA is first and Canada is ninth. Honduras is among the main net
exporters.
Trade linkages between producers of commodities (e.g. soybean, coffee, palm oil, paper and pulp and beef)
and distant consumers have turned the Americas a key world commodity producer (see Chapters 1 and 4),
which involves a significant ecological footprint (Moran & Kanemoto, 2017). World’s total food and grains
exports have increased tenfold in the past couple of decades. More than 80% of soybeans used by China’s
food industry are imported from Brazil and the USA. The soybean trade between these countries plays a
major role in global trade markets and prices, carbon emissions, ecosystem services, and livelihoods in
many coupled human and natural systems in China, Brazil, and beyond (Liu et al., 2013). In this context,
eco-certification has emerged - partly due to consumer preferences and public legislation in industrialized
countries that demand standards to ensure food safety and environmental sustainability in food (Garrett
et al., 2013; Lambin et al., 2014; WEF 2017), or timber (Polisar et al., 2017), or mining production (e.g.
Ribeiro-Duthie et al., 2017), among others. In the Americas (see also Table 6.2) and elsewhere, ecocertification is managed by governments (e.g. United Sates Department of Agriculture’s organic
certification in the USA), research institutions (e.g. Smithsonian Center’s Bird Friendly Coffee), NGOs (e.g.
Rainforest Alliance), multiple stakeholders (e.g. Forest Stewardship Council) or individual companies (e.g.
Starbucks; C.A.F.E Practices) (Lambin et al., 2014).
The Marine Stewardship Council is a non-profit organization that delivers the most widespread fisheries
certification program. However, there are only 10 Marine Stewardship Council -certified fisheries in Latin
America and the Caribbean, 4% of the total number of certified fisheries globally (Pérez-Ramirez et al.,
2015). These authors argue that Latin America and the Caribbean certified fisheries have good performance
indicators for stock status, governance and management systems, and that shortage of information and
high costs prevent more fisheries to adhering to the certification scheme in the region. Globally, however,
the scheme has received some criticism regarding sustainability of the target fish stock, low impacts on the
ecosystem, and effective responsive management (Christian et al., 2013).
Despite criticism in some fronts, several authors argue for the high potential additionality and low risk of
leakage associated to eco-certification schemes (Lambin et al., 2014). Such schemes can create economic
incentives linked to monitoring and enforcement efforts to deal with externalities caused by commodity
production such as deforestation, soil erosion and agrochemical pollution. ‘Bat-Friendly Tequila’ brands
were introduced in 2014 - as a result from a Mexico-USA partnership comprising scientists, tequila
producers, responsible bartenders associations – and contributed significantly to bat conservation efforts.
The lesser-long bat was declared ‘endangered’ in 1994 in Mexico and in 1998 in the USA but now its
population has recovered, resulting on its removal from the endangered lists in 2015. This certification
promotes blue agave (raw material for tequila) crops to blossom naturally, allowing these plants to be
pollinated by bats, which in return make crops more diverse and healthy. A growing environmental
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awareness and public demand motivates growers, which in 2016 produced 300,000 bottles in five brands
reaching Mexican and USA markets (Trejo-Salazar et al. 2016).
The effectiveness of eco-certification varies widely and depends on the ability to enforce standards, exclude
unsustainable producers, generate price premiums or other economic rewards that are sufficiently high to
certify farmers (Lambin et al., 2014). The few studies that measured farmer-level benefits from ecocertification found reduced economic benefits but key social and environmental impacts under favourable
conditions, especially in the certified coffee production (Mas & Dietsch, 2004; Blackman & Rivera, 2011;
Blackman & Naranjo, 2012; Rueda & Lambin, 2013). Overall, there is a need for improved evaluation of the
effectiveness of eco-certification (Lambin et al., 2014; Tayleur et al., 2017). In addition, to promote lasting
impacts, eco-certification shall strengthen institutions and partnerships on the demand side and ensure
that farmers are compensated for the added costs associated with certification on the supply side (VanWey
& Richards, 2014).
Environmental bonds are still another type of market mechanism. It is a deposit-refund system that secures
environmental restitution in cases of high impact and harmful practices (Gerard, 2000; Boyd, 2002). This
instrument can incentivize land users, industries, and companies to improve monitoring and management
systems, and could be based on the potential loss of the environmental services and relative risk of possible
damages (Garcia et al., 2017).
Other examples of subregional policies and entities regarding the regulation and freedom of markets and
perceived results are summarized in Box 6.3 (section 6.5).
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Table 6.2. Certification schemes for soybeans, coffee and cattle in the Americas including the type of eco-certification and a brief summary of what is certified,
by whom it is managed and the countries where the certification is found.
Countries are (1) Argentina, (2) , (3) Bolivia, (4) Brazil, (5) Canada, (6) Chile, (7) Colombia, (8) Costa Rica, (9) Ecuador, (10) El Salvador, (11) Guatemala, (12) Mexico,
(13) Paraguay, (14) Peru, (15) Puerto Rico, (16) USA.

Commodity
Soybean*

Coffee

Various

Certification type
USA
Soy
Sustainability
Assurance Protocol
(SSAP)
Cert ID Non-GMO Soy
Certification/
Proterra Standard

Brief description
Managed by
Countries
Certification of Sustainability U.S. Soy based on The U.S. Soybean 16
participation in U.S. farm program
Export
Council
(USSEC)

Cert ID certifies soybean that is not genetically
modified and the Proterra standard is designed
to demonstrate social responsibility and
environmental sustainability based on the
Basel Criteria on Responsible Soy.
Round Table on Certifies soy, derivatives and soy products
Responsible
Soy along the supply chain, including flows of
(RTRS) Certified Soy
material and associated claims. RTRS is a global
platform of stakeholders of the soy value
chain, which aims to promote the production
of responsible soy through cooperation and
open dialogue with the parties involved for
making it economically feasible, socially
beneficial and environmentally appropriate.
Bird Friendly Coffee
Identifies and verifies that the produced
organic coffee has been grown using shade
management practices that provide good bird
habitats.

Cert
ID
Limited

Europe 4

RTRS Association

Smithsonian
Migratory
Bird
Center
at
the
National Zoological
Park
C.A.F.E. Practices
Evaluates, recognizes and rewards producers Starbucks
Coffee
of high-quality sustainably grown coffee for Company
Starbucks stores, by examining the economic,
social and environmental aspects of coffee
production against a defined set of criteria.
Rainforest Alliance Ensures that a product (e.g. coffee, tea, The
Rainforest

4

References/weblinks
https://certification.ussec.org/

https://www.certid.eu/CertificationProgrammes/Non-GMOCertification/Non-GMOSoy-Certification
http://www.responsiblesoy.org

3,5,6,7,9,1
0,11,12,13,
14,16

https://nationalzoo.si.edu/migra
tory-birds/bird-friendly-coffee

1,2,4,5,6,1
0,
11,12,14,1
5

https://www.starbucks.com/res
ponsibility/sourcing/coffee

5,16

http://www.rainforest674

IPBES/6/INF/4/Rev.1

Certified

chocolate, fruit, ready-to-drink beverages and Alliance
juices, flowers, paper and tissue products,
furniture and more) comes from a farm or
forest operation that meets comprehensive
standards that protect the environment and
promote the rights and well-being of workers,
their families and communities.

alliance.org/find-certified

*Even if certification schemes are in place, certified soybeans have only 2% of the global market share (WEF, 2017)
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Rights-based approaches
Human rights and human dignity are key principles of the 2030 Agenda for Sustainable Development (UN,
2015b). Rights-based approaches are, therefore, essencial to be applied in initiatives related to nature
conservation, sustainable use and sustainable development. Therefore, in the Americas, many policies and
governance schemes have rights-based approaches as background. For instance, the delimitation of ICCAs
(see 6.4.4.1), decentralization of natural resource management (Hajjar et al., 2017; see also 6.3.5),
participatory processes (see 6.3.1) are types of initiatives and actions that must adopt rights-based
approaches, and many of those have already been explored in this Chapter. This section examines two
specific actions that take into account these principles: Access and benefit sharing and rights of Mother
Earth.

6.4.3.1

Access and benefit-sharing

Despite broad agreement at the Conference of the Parties of the CBD, designing and implementing an
access and benefit-sharing regime at the national level remains challenging. Lack of human and institutional
capacities to grant access, monitor and negotiate mutually agreed terms, legal gaps, unrealistic
expectations of quantity of monetary benefits, and ill-informed laws draft without the benefit of a multistake policy planning process, among other reasons, hinder the effectiveness and efficiency of the access
and benefit-sharing mechanism (Chishakwe & Young, 2003; Correa, 2005; Glowka, 2000; Lewis-Lettington
et al., 2006; Ten Kate & Wells, 2001). In the Americas, 15 countries signed the protocol and eight ratified
(see Table 6.3). Experience in these countries often shows similar challenges, including lack of experience
on the subject, issues with management and personnel, the existence of legal loopholes, complex and
lengthy procedures, etc. The cases of signatories (Argentina, Colombia, Costa Rica, Cuba, Dominican
Republic and Panama) and non-signataries (USA and Canada) are discussed next.
In Argentina, national legislation on access and benefit-sharing is at an early stage of development, and it
currently lacks regulation on the requisites or procedure to obtain prior informed consent or the potential
benefits to be negotiated or prioritized (Silvestri, 2015). Access and benefit-sharing legislation at the
provincial level is incipient and found in eight out of 23 provinces that have passed regulations on the topic,
and the cases of Tierra del Fuego and Jujuy are interesting in that they demand an agreement on scientific
collaboration between local and foreign research institutions if genetic resources are to be accessed
(Silvestri, 2015). Further north, in the Andes, the Andean Community established common rules on access
and benefit-sharing for Bolivia, Colombia, Ecuador and Peru. In the case of Colombia, which has signed but
not yet ratified the Nagoya Protocol, the national regime is the one given by the Andean Decision. Most
important challenges are related to the fact that access and benefit-sharing legislation is mostly spread in
different resolutions and, therefore, lack specificity. Nearly 130 access and benefit-sharing agreements –
pursuing mainly non-commercial research purposes – have been signed between year 2003 and 2016
(Ministerio Ambiente Colombia, 2016), and until 2010 no monetary benefits resulted from this regime
(Nemogá et al., 2010). Other points that require improvements are related to participation of local and
indigenous communities (Nemogá, 2005), to the absence of specific procedures for obtaining prior
informed consent, and to complex bureaucracy (Vargas Roncancio & Nemogá Soto, 2010). However, the
recently lifted administrative obstacles that paralyzed the non-commercial research on genetic resources
seem a leap forward, which will need to be evaluated in the future.
Panama was one of the first countries to regulate the access to its genetic resources in 1998 and to ratify
the Nagoya Protocol. Panama’s legislation requires a certificate of origin or provenance, issued by the
national authority that serves as the legal recognition of the source or origin of the genetic material
following the Nagoya Protocol’s recommendation. This certificate of origin is required for patent
applications based on Panama’s genetic resources, irrespective of the country where the petition is filed
(Cabrera Medaglia, 2013). Challenges include clarifying distinction between accesses to genetic resources
for commercial vs. scientific purposes, protocols for access to indigenous knowledge, and the absence of a
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fund to manage the economic benefits derived from access and benefit-sharing contracts (Lago Candeira &
Silvestri, 2013).
In Costa Rica, The National Biodiversity Institute has signed more than 60 bioprospecting contracts –all of
which have been duly authorized by the national competent authority, and more than 180 permits have
been issued between year 2005 and 2010 (Cabrera Medaglia, 2013). Costa Rica counts on a coherent and
strategic legal framework. By law, benefits to be negotiated between Costa Rica´s National Biodiversity
Institute and the user of genetic resources include a front payment that could amount to up 10% of the
total research budget and is directly allocated to the National Ministry of Enviroment and Energy for
biodiversity conservation. One setback in this process is that the monetary benefits are small (Richerzhagen
& Holm-Mueller, 2005). Another setback is that as of 2014 the National Biodiversity Institute began to
financially decline and collections were transferred to government (Fonseca, 2015).
In the Caribbean, both the Dominican Republic and Cuba are discussing draft regulations on access and
benefit-sharing. In any case it is mentionable Cuba has established in 2011 the Cuban Intellectual Property
Office. Such an office verifies the legality of the access to Cuban and other countries´ genetic resources in
the framework of intellectual property rights petitions.
Canada has not developed yet a comprehensive access and benefit-sharing regime; however, it is working
towards that goal at different levels within government. Today some laws and regulations at the federal,
provincial and territorial levels cover some elements of access and benefit-sharing. In the USA, even though
the country has not ratified the CBD or the Nagoya Protocol, rules for access to genetic resources located
within national parks are in place. The regime does not differentiate between biological or genetic
resources but it includes all scientific and development activities that may be performed on any specimens
of biodiversity. The equalization has led to greater flexibility which in turn has a positive impact on the
benefits gained by the country. Sale and commercial use of biodiversity elements are prohibited because
their property belongs to the federal government; however, subsequent developments and knowledge
generated from any specimens of biodiversity may be privately owned and negotiated. The access and
benefit-sharing regime is not focused on the access to genetic resources per se, but on the subsequent
potential commercial and industrial uses. Therefore, the cornerstone of the USA’s access and benefitsharing system is an agreement of intellectual property rights (Vargas Roncancio & Nemogá Soto, 2010).
Bioprospecting does not lead to biodiversity threat as long as it is undertaken under national and
international access and benefit-sharing principles and regulations (Singh & Singh, 2015). However, the
impact of access and benefit-sharing agreements in reducing biodiversity loss is yet to been seen, since
such agreements are still limited and experience on the topic is poor, as discussed here. At this point in
time, there is a range of impressions: from optimism with bioprospecting and access and benefit-sharing
potential (Skirycz et al., 2016) to doubts about the potential of this value for maintaining large areas of
tropical forest in Amazonia (Fearnside et al., 1999); and from optimism about the potential to conserve
biodiversity (Richerzhagen, 2011) to the overall concerns with potential to promote social justice and
biodiversity conservation (Martin et al., 2013).

6.4.3.2

Rights of Mother Earth

The rights of Mother Earth emerge from a cosmovision that, unlike the predominant anthropocentric
western vision, perceives mankind and nature as one indivisible being (Pacheco, 2014). Bolivia and
Ecuador are two examples of countries in the region that have affirmed these rights in their national
legislations. For instance, in Bolivia, key components of their legislation includes: a) Right to life
and the diversity of life; b) Right to stabilize concentrations of greenhouse gases in the atmosphere
at a level that would prevent dangerous anthropogenic interference with the climate system, and in
sufficient time to allow the components of Mother Earth to adapt naturally to climate change; c)
Non-commodification of the environmental functions of Mother Earth; d) Right to support the
restoration and regeneration capabilities of all its components that enables the continuity of life
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cycles; and e) Right to clean air and live without contamination (Pacheco, 2014). The concept of
buen vivir – living well with oneself, living well with the community and living well with nature is an essential piece in this cosmovision and set of rights. The case of Tungurahua, Ecuador, where
the local community decided on a watershed management model rooted in indigenous norms,
following buen vivir principles, is an example of how this instrument is put in practice (Kauffman
& Martin, 2014; see also 6.3.5).
The examples of these countries are beginning to reverberate in other countries. For instance, in
Brazil, for the first time in history, a river (Rio Doce, in the State of Minas Gerais), represented by
an
NGO
(Associação
Pachamama),
has
entered
a
lawsuit
(available
at
https://docs.wixstatic.com/ugd/da3e7c_8a0e636930d54e848e208a395d6e917c.pdf) in the state´s
capital city. It asked for the recognition of its rights to life and demanding a plan for disaster risk
reduction for the local population in the watershed. This took place in November 5th, 2017, exactly
two years after the river was victim of the worst environmental disaster in Brazil´s history, with the
collapse of a dam and the spill of 40–62 million m3 of mining tailings in the river (Garcia et al.,
2017). In Colombia, Chaves et al. (2018) examined the adoption of the concept of buen vivir by a
network of sustainability initiatives in rural areas. Although the authors believe the network still has
some way to go as regards full accomplishment of buen vivir, they argue that they play an important
role in articulating and promoting novel territorial relations. Building “territories of peace”, as the
authors call them, will be a great asset for post-conflict reconstruction in the country.

Regional adherence to global policies related to biodiversity and
ecosystem services
This section covers the participation of the countries in the region in the global conventions (CBD, UNFCCC)
and also in regard to the SDGs. Box 6.3 shows especially multicountry agreements within the region and
related entities.
Box 6.3. Global, regional and subregional cooperation agreements and/or entities, often related to trade,
infrastructure or governance, and that address directly or indirectly sustainable development and/or biodiversity
and ecosystem services.
Amazonian Cooperation Treaty Organization: it aggregates all Amazonian countries and has four strategic
actions in its portfolio: “conservation, protection and sustainable use of renewable natural resources”,
“indigenous affairs”, “regional health management, infrastructure and transport”, “tourism” and “emerging
topics”. The latter includes climate change, regional development and energy). The topic “Conservation,
protection and sustainable use of renewable natural resources” has six subtopis: forest, water resources,
management, monitoring and control of wild fauna and flora species endangered by trade, protected areas,
sustainable use of biodiversity and promotion of biotrade and research, technology and innovation in
Amazonian biodiversity (ACTO, 2014).

Antarctic Treaty: it is responsible for governance of the Antarctic. Challenges include assessing financial
penalties for environmental damage and regulating bioprospecting, the establishment of marine protected
areas, international regulation of tourism (Kennicutt et al., 2014). Fifty-three countries are Parties to the
Treaty, twelve of which are in the Americas: seven Consultative Parties (Argentina, Brazil, Chile, Ecuador,
Peru, USA, Uruguay) and five Non-Consultative Parties (Canada, Colombia, Cuba, Guatemala, Venezuela).
Arctic governance entities: there is a multitude of Arctic governance structures and Arctic scientific bodies
(Depledge & Dodds, 2017), but efforts are underway to strengthen the Arctic Council - currently a
nonregulatory forum - and the possibility of a United Nations Regional Seas Programme is being considered
as a management tool for the Arctic Ocean (Fleming & Pyenson, 2017).
CAFTA-TR: agreement between the USA, the Dominican Republic, Costa Rica, El Salvador, Guatemala,
Honduras, and Nicaragua that creates economic opportunities by eliminating tariffs, opening markets,
reducing barriers to services, and promoting transparency.
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CARICOM (the Caribbean Community): members (Antigua and Barbuda, The Bahamas, Barbados, Belize,
Dominica, Grenade, Guyana, Haiti, Jamaica, Saint Lucia, St. Kitts and Nevis, St. Vicente and the Grenadines,
Suriname and Trinidad and Tobago) aim to improve 1) standards of living and work, 2) employment of labor,
3) sustained economic development and convergence, 4) breadth of trade and economic relations with
other States, 5) levels of international competitiveness, 6) organisation for increased production and
productivity, 7) economic leverage and effectiveness of member States in dealing with other States and
entities, 8) co-ordination of Member States' foreign and economic policies, and 9) functional co-operation
(www.caricom.org). It promoted, in partnership with the Caribbean Community Climate Change Centre,
major regional projects to strengthen institutional, national, and human capacities. CARICOM heads of
Government adopted the Regional Framework for Achieving Development Resilient to Climate Change and
mandated the Caribbean Community Climate Change Centre to develop a regional plan to implement this
strategy, in addition to an investment program, a governance regime and a monitoring and evaluation
system (ECLAC, 2013).
Fair trade: it approaches production and service chains looking for equitable sharing of income, improving
conditions for consumers on every day shopping decision-making to cope with producers and service
providers’ better livelihoods. It is spread all over Americas and works with producers of banana, cocoa,
coffee, cotton, flowers, sugars, tea, composite products, fresh fruit, gold, honey, juices, rice, spice and
herbs, sports balls and wine (http://www.fairtradeamerica.org/Fairtrade-Products).
Green commodities: United Nations Development Programme´s Green Commodities Programme aims to
improve the social economic, and environmental performance of agricultural commodity sectors of nations.
The Programme works to improve rural livelihoods, mitigate climate change, and maintain ecosystem
services and resilience of landscapes and seascapes. By targeting agricultural commodities that have high
economic and political national relevance and are part of aggregated supply chains, the Green Commodities
Programme optimizes the potential of public-private partnerships to support long-term sustainable change.
The Programme aims by 2020 to contribute to enabling eight million farmers, managing 20 million hectares,
to improve the sustainability of their practices and their livelihoods. There ongoing are public-private
partnerships in Costa Rica, Dominican Republic, Ecuador, Honduras, Paraguay and Peru (UNDP, 2015).
Initiative for the Integration of Regional Infrastructure of South America (IIRSA): South American countries
agreement on joint action to further promote regional integration towards infrastructure investments.
Members are Argentina, Bolivia, Brazil, Chile, Colombia, Ecuador, Guyana, Paraguay, Peru, Suriname,
Uruguay and Venezuela (http://www.iirsa.org/Page/Detail?menuItemId=29). While some authors point
out for the innovative nature of infrastructure financing of this international initiative (Vitte, 2011; Souza,
2015), others highlight the need for new environmental and social standards (Costa et al., 2015) or the risks
of deforestation (De Lisio, 2013; 2014).
The Common Market of South (Mercosur), is a regional integration process initiated by Argentina, Brazil,
Paraguay and Uruguay and which incorporated Venezuela and Bolivia. It is dedicated to create an open
space for generating commercial opportunities and investments through competitive integration of
national economies (http://www.mercosur.int/innovaportal/v/3862/2/innova.front/en-pocas-palabras).
The North American Free Trade Agreement (NAFTA), is the largest free trade region in the world, generating
economic growth and helping to raise the standard of living for the people of Canada, USA and Mexico.
NAFTA has benefited North American businesses through increased export opportunities resulting from
lower tariffs, predictable rules, and reductions in technical barriers to trade. Along with increasing exports
and imports, firms have become more specialized and thus more competitive (Canada, 2014; Villareal &
Fergusson, 2017). The Commission for Environmental Cooperation was established in concert with NAFTA,
the trade agreement, to foster conservation and to monitor and report on the impact of trade on the North
American environment through the North America Agreement on Environmental Cooperation, NAAEC.
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The Union of South American Nations (UNASUR): mechanism for the convergence of political and strategic
objectives of Southern American countries and regional forum for conciliation, including over the
environment (Silva & Brancher, 2014).
World Trade Organization (WTO): agreements cover goods, services and intellectual property. They 1) spell
out the principles of liberalization, and the permitted exceptions; 2) include individual countries’
commitments to lower customs tariffs and other trade barriers, and to open and keep open services
markets; 3) set procedures for settling disputes; 4) prescribe special treatment for developing countries; 5)
require governments to make their trade policies transparent by notifying the Organization about laws in
force and measures adopted, and through regular reports by the secretariat on countries’ trade policies.

Convention of Biological Diversity
In the Americas, all countries, with the exception of the USA, have ratified the CBD agreement. So, next we
will examine Latin America and the Caribbean countries and Canada.
Based on a mid-term assessment (2015) of the Strategic Plan, and with inputs from 24 countries in Latin
America and the Caribbean, national governments of the Latin America and Caribbean region have thus far
reported mixed results in progress towards the Biodiversity 2020 Aichi targets (UNEP-WCMC, 2016). Most
progress has been reported in targets 11 (Protected areas) and target 17 (Adoption and implementation of
policy instruments). There is evidence of good progress in target 1 (People aware of the value of biodiversity
and the steps to conserve and sustainable use it); target 16 (Nagoya Protocol – section 6.3.2.5) and target
19 (Improved biodiversity information sharing). The targets most lagging behind however are targets 6
(Anthropogenic pressures/ direct drivers of change minimized) and 10 (Management of fish and aquatic
invertebrate stocks).
Results from the 24 countries in Latin America and the Caribbean are summarized in Figure 6.3. Canada has
similarly recorded progress in target 11 through the designation of several Protected Areas (Canada, 2014).
Moreover, in Canada’s biodiversity goals and targets (Canada, 2016) there is recognition of the relevance
of traditional knowledge, innovations and practices of Indigenous communities for implementing all
targets.
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The Cartagena Protocol on Biosafety to the CBD, regulates the safe handling, transport and use of living
modified organisms resulting from modern biotechnology that may have adverse effects on biological
diversity, taking also into account risks to human health. Countries of America are 30 Parties (Table 6.3). All
Latin America and the Caribbean countries are Party to the Cartagena Protocol on Biosafety, and some have
a domestic regulatory framework fully in place (e.g. Brazil, Colombia, Saint Kitts and Nevis), others are
partially in place (e.g. Bolivia, Costa Rica, Cuba, Dominique, Ecuador, Guatemala, Honduras, Mexico, Peru
and Uruguay), while other countries do not have measures yet (e.g. and Dominican Republic).
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United Nations Framework Convention on Climate Change nationally
determined contributions
The USA, Canada, 17 Latin American countries (Argentina, Belize, Bolivia, Brazil, Chile, Colombia,
Costa Rica, Dominican Republic, Ecuador, El Salvador, Guatemala, Honduras, México, Paraguay,
Peru, Uruguay and Venezuela) and 15 Caribbean countries (Antigua and Barbuda, The Bahamas,
Barbados, Belize, Cuba, Dominica, Grenada, Guyana, Haiti, Jamaica, Saint Kitts and Nevis, Saint
Vincent and the Grenadines, Saint Lucia, Suriname, and Trinidad and Tobago) presented intended
nationally determined contributions in the 21st Conference of Parties of the UNFCCC (Witkowski &
Medina, 2016; Witkowski et al., 2016). Mostly, Latin American countries presented mitigation
goals based on renewable energy and some with forestry. On adaptation the focus in on
ecosystems, their conservation and services vulnerability risks, together with water management
and efficient use. Caribbean countries have mitigation plans for energy, transportation, forestry,
agriculture, industry, waste management and land use. Adaptation and building resilience are
priority issues, the sectors identified as most vulnerable to climate change include agriculture,
water, fisheries, tourism, human health, and coastal resources, as well as human settlements.

Sustainable Development Goals
The United Nations Rio+20 summit that took place in Brazil in 2012, committed governments to create a
set of SDGs that would be integrated into the follow-up to the Millennium Development Goals after their
2015 deadline. In September 2015, 17 SDG, along with their 169 targets, were adopted by governments
around the world as a part of the Global 2030 Agenda for Sustainable Development 33. The SDG are
important in the Americas context to help advance the progress already made under the Millennium
Development Goals (such as the increase in the number of Protected areas). The SDG also provide an
opportunity to address some of the persistent environmental challenges in the region (e.g. the net loss of
forest in Latin America – especially South America – despite the development of a number of forest laws
and policies across the region) 34.

33

http://www.un.org/sustainabledevelopment/development-agenda/
https://sustainabledevelopment.un.org/post2015/transformingourworld
34
http://www.mdgmonitor.org/mdg-progress-report-latin-america-caribbean-2015/
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Table 6.3. Status of countries regarding two protocols from the Convention of Biological diversity: the
Nagoya Protocol on Access and Benefit Sharing and the Cartagena Protocol on Biosafety.
Status S= signed; R= ratified; √ = under implementation
Country
Antigua and Barbuda
Argentina
The Bahamas
Barbados
Belize
Bolivia
Brazil
Canada
Chile
Colombia
Costa Rica
Cuba
Dominica
Dominican Republic
Ecuador
El Salvador
Grenada
Guatemala
Guyana
Haiti
Honduras
Jamaica
Mexico
Nicaragua
Panama
Paraguay
Peru
Saint Kitts and Nevis
Saint Lucia
Saint Vincent and the
Grenadines
Suriname
Trinidad and Tobago
USA
Uruguay
Venezuela

Subregion
Caribbean
South America
Caribbean
Caribbean
Mesoamerica
South America
South America
North America
South America
South America
Mesoamerica
Caribbean
Caribbean
Caribbean
South America
Mesoamerica
Caribbean
Mesoamerica
South America
Caribbean
Mesoamerica
Caribbean
Mesoamerica
Mesoamerica
Mesoamerica
South America
South America
Caribbean
Caribbean

Nagoya
R
R

R
S
S
S
R
R
R
S
S
R
R
R
R
R
R

Caribbean
South America
Caribbean
North America
South America
South America

Cartagena

√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√
√

R

√
√

Sources: Parties to the Protocol and signature and ratification of the Supplementary Protocol at
https://www.cbd.int/abs/nagoya-protocol/signatories/default.shtml)
The Access and Benefit Sharing Clearing-House. https://absch.cbd.int/search/countries (Accessed November 22,
2017)

Although the SDG are not legally binding, governments are expected to integrate all 17 goals into their
national planning frameworks. Two of the SDG relate directly to the management of biodiversity and
ecosystem services: Goal 14 (Life below water: Conserve and sustainably use the oceans, seas and marine
resources for sustainable development) and Goal 15 (Life on land: Protect, restore and promote sustainable
use of terrestrial ecosystems, sustainably manage forests, combat desertification and halt and reverse land
degradation and halt biodiversity loss). The remaining 15 goals are all considered relevant from a
biodiversity and ecosystem services mainstreaming standpoint. Some goals are actions that are necessary
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to support/enable biodiversity and ecosystem services management (e.g. Goal 13 on Climate action and
Goal 12 on Responsible consumption and production); while other goals can be supported and partially
achieved (to varying extents) by effective biodiversity and ecosystem services management (e.g. Goal 3 on
Good health and well-being and Goal 1 – No poverty).
The SDG are already showing signs of stimulating countries to identifying critical policy entry points for
attending to the wide range of drivers affecting biodiversity and ecosystem services. While it is still too early
to assess SDG impact on biodiversity and ecosystem services policies and management frameworks in the
Americas, one example alights from Trinidad and Tobago. The country development of a new policy
instrument – the National Spatial Development Strategy (which replaces the country’s 1984 National Land
Use Plan) – which has placed the protection of ecosystems at the core of spatial planning (Figure 6.4).

Given that CBD Parties continue to work towards the 2020 Aichi targets (section 6.4.1), the linkages
between the SDG and the Aichi targets have been carefully considered so that efforts can be effectively
aligned (Table 6.4). In many cases, the links between SDG and Aichi targets are strong and clear, and this
implies that where governments have put measures in place to achieve the Aichi targets, there will already
be progress under corresponding SDG.
Fulfilling the goals and targets of the 2030 Agenda for Sustainable Development will require a considerable
effort to mobilize development financing, with both public- and private-sector involvement. In terms of
domestic resource mobilization, one of the key challenges for the America’s governments is raising the tax
burden and improving the tax structure. This means addressing the problems of tax evasion and avoidance,
both domestically and on the external front (ECLAC, 2016).
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Table 6.4. Links between the Sustainable Development Goals and the Aichi targets. Source: CBD (2016).

Case studies highlighting cross-cutting issues in policy and
governance
Four topics have been selected for a closer examination in this section – (1) Ecotourism, (2) Genetically
modified crops, (3) Ecosystem-based adaptation to climate change and disaster risk reduction and (4)
Science-policy interface. These studies seek to highlight some of the cross-cutting issues that have arisen in
the assessment of policy and governance, and the include the following underlying considerations a) they
have social, economic and environmental relevance all across the region; b) they link various points
discussed in this Chapter, from policy mixes and instruments to cross-scale issues to regional integration;
c) they represent large opportunities and/or involve major risks; d) science is largely inconclusive or
unresolved about them; e) they represent significant science-policy communication challenges; and f) they
point to knowledge and policy gaps, limitations and needs.

Case 1: Ecotourism
Travel and tourism industry generates nearly 10% of the GDP and 10% of all employment in the world. In
the Americas, travel and tourism GDP is three times larger than auto manufacturing (WTTC, 2016). Possibly
one billion tourists travel around the world every year (Stronza, 2008). Tourism is therefore one of the
world’s largest economic sectors and ecotourism is its fastest growing component (Klak, 2007). For
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instance, visits to protected areas in the USA and Canada have been estimated at 3.3 billion people per year
(Balmford et al., 2015). Such numbers can be both promising and worrisome for nature conservation and
socioeconomic sustainability. Clearly, a lot of the optimism in the 1990’s about the potential positive
impacts of ecotourism to nature conservation and sustainable development, has been challenged by
negative views including the notion that tourism of any kind poses threat to nature conservation, and that
revenues created by ecotourism are too small to support conservation on a larger scale (Krüger, 2005).
Some of the evidence is therefore conflicting or contradictory. For instance, while comparing 251
ecotourism case studies around the globe, Krüger (2005) found that ecotourism was perceived as less
sustainable in South America, as well as in islands (such as in many places in the Caribbean) and mountain
habitats. Moreover, even renowned ecotourism destinations, such as the Galapagos Islands, are challenged
by socioeconomic issues associated with land-use practices and tourism management strategies (Durham,
2008). This result contrasts to the findings of Gunter et al. (2017) showing that ecotourism has a positive
impact in poverty alleviation in 12 Central American and Caribbean countries. Indigenous or communitybased ecotourism are indeed common across the region (e.g. Amazon: Gordillo-Jordan et al., 2008;
Rodríguez, 2008; Canada: Williams & Peters, 2008; Panamá: Pereiro, 2016), and while some see it as
sustainable and beneficial to local communities (e.g. Whitford & Ruhanen, 2016), others argue that it has
often failed to deliver conservation and social benefits due to issues such as shortage of human, social and
financial capital, lack of mechanisms for sharing benefits, and land insecurity (Coria & Calfucura, 2012). Such
contrasting viewpoints can be related to a) the fact that evaluation is difficult, and starts from how an
ecotouristic activity is defined (Buckley, 2009); and b) to intrinsic biophysical or political properties of
localities or communities where the activity takes place.
In the Americas, there is a marked contrast between and within subregions. In Canada and the USA the
annual economic impact of visits to protected areas alone is minimally $300 billion (Balmford et al., 2015).
In Latin America and the Caribbean, Costa Rica, Belize, Bolivia, Ecuador, Mexico and Peru are popular
destinations, while Cuba has an increasing potential and Brazil is currently developing its ecotourism
potential (Borges Hernández et al., 2008). A comparative study between tourism in protected areas
between Canada and Brazil is illustrative of how policies influence the impact of ecotourism on conservation
and human wellbeing in and around protected areas. While these countries have two of the largest
protected area systems in the world, policies are different: the Canadian focus is on leisure and recreation
activities, while in Brazil it is on low impact activities (Matheus & Raimundo, 2016). Thus, revenues are
larger in the Canada system and promotes local economies. In parallel, these authors argue, conservation
is more related in both countries to monitoring and enforcement than to the presence or absence of
visitors.
Rural Mesoamerica and the Caribbean contain other promising ecotourism landscapes and sites. These
regions are therefore an interesting starting point for innovations on the topic. Klak (2007), by examining
ecotourism in these two regions and especially cases in Mexico (the Monarch Buttefly Reserve), Costa Rica
and Dominica, argued that ecotourism has synegies with cultural, historical, and agro-tourism, and that
such components should be treated as a sustainable tourism ensemble, so as to combine ecological
integrity, economic viability, and social justice.
Finally, the sustainability of ecotourism depends not only on implementation and management at the local
level but also on large-scale external socioecological changes. For instance, disasters caused by extreme
climatic or geological events (as seen during the past ten years in Brazil, Chile, Costa Rica, Guatemala, Haiti,
Peru, USA; see also 6.5.3), social unrest (as seen in Mexico and Venezuela), and epidemic diseases (such as
recently seen in Brazil and elsewhere in the Americas for dengue fever and zika virus), can lead to significant
decline in tourism revenues (Pegas & Buckley, 2012; Woosnam & Kim, 2014).
Thus, the success of ecotourism depends on policies that mix nature conservation goals with income
generation and, in given areas, poverty reduction. Participatory governance, social stability, and
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sociocultural ties with nature are also essential, particularly when community- or indigenous-based
ecotourism is the case in question.

Case 2: Genetically modified crops
The use of genetically modified (GM) crops for many countries is an additional alternative within a range
from more traditional to more industrialized production systems that include options (such as organic
agriculture) that need to be maintained as viable options for food production (Burgeff et al., 2014). Doubts
remain as to whether there are trade-offs between GM crops and organic farming (Azadi & Ho, 2010).
Meanwhile, research, release in the environment, commercialization and the consumption of GM crops
and associated products has been motivating debates regarding their potential benefits and possible risks.
Although debates seem far from reaching consensus, many acknowledge: a) the potential of GM technology
to increase food supply (at least in the short term), and b) the potential risks related mainly to fear of food
safety and consequently, health and environmental impacts (Azadi & Ho, 2010; Hilbeck et al., 2015;
Fahlgren et al., 2016).
This debate has been particularly intense in the Americas that by 2004 had 94% of the world’s GM area
(Traxler, 2006). To this day, the four world leaders in area of GM crops are the USA, Argentina, Brazil and
Canada (Jacobsen et al., 2013). Out of these four countries, only Brazil has adhered to the CBD’s Cartagena
Biosafety Protocol (see Table 6.3). In Latin America and the Caribbean, only nine countries (Argentina,
Brazil, Chile, Colombia, Cuba, Honduras, Mexico, Paraguay, Venezuela) have experience with biosafety
regulatory activities, which indicates the need for regional partnerships in exchanging capacity and knowhow (Rosado & Craig, 2017).
The controversy around GM use and the regulatory gaps across the region suggest that this topic should be
discussed on a case-by-case basis at this point in time (Juma & Gordon, 2014).
The debate in the Americas is also intense because of the fact that the region has some of the main centres
of origin of crop diversity in the world, in places such as Central America and Mexico; parts of the Andes,
Chile and Brazil–Paraguay (Khoury et al., 2016). These countries and subregions have responsibilities
regarding conservation and maintenance of the genetic pools of the crops represented in the wild relatives
and landraces present within the country’s boundaries, since any factor that might affect their integrity
threatens genetic diversity for future global needs (Burgeff et al., 2014). This is reason for concern
particularly in face of evidence of genetic erosion of such crop varieties in the aforementioned countries
(e.g. Van Heerewaarden et al., 2009; Dyer et al., 2014). Burgeff et al. (2014) refer to the challenges related
to coexistence of GM, conventional and organic options, especially for maize and cotton, in Mexico, which
is a megadiverse country and also a centre of origin and genetic diversity for these two crops. They discuss
the efficiency of the risk avoidance strategies such as setting distances between GM and non-GM producing
fields to avoid pollen flow and genetic contamination, particularly if commercial releases take place. They
also argue, although the guidelines for monitoring, verification and compliance of biosafety measures of
GM crop releases have been established, that full implementation has not been achieved yet. Furthermore,
this paper also examines the relationship between GM soybean and honey production in the Yucatan
Peninsula: they claim that coexistence of these two activities in the same territory creates the risk of GM
pollen as part of the honey produced. If so, Burgeff et al. (2014) argue that public perception may impact
the acceptability by honey consumers, affecting the economy of thousands of rural people.

Case 3: Ecosystem-based adaptation to climate change and to disaster risk
reduction
Adaptation requires capacity to allocate and to combine different types of resources for an uncertain future
in a given place (Lemos et al., 2016). Thus, the deployment of ecosystem-based adaptive strategies and
instruments shall vary depending on the local setting. Whether the locality in question is urban, rural,
coastal, or in the middle of low populated wilderness areas - such as in most of the Amazon, for instance -
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the adaptive strategy will vary largely (Scarano, 2017). This section will examine two adaptive practices and
policies that are becoming common across the region but that still have major knowledge and policy gaps:
ecosystem-based adaptation to climate change (EbA) and ecosystem-based disaster risk reduction (EcoDRR).
Starting from the premise that places more vulnerable to climate change and natural disasters are those
that lost their life supporting systems and that the people more vulnerable to such hazards are the poor
people (Fisher et al., 2014; IPCC, 2014; Magrin et al., 2014), policies and practices that reduce poverty while
protecting or restoring nature are adaptive. In the case of EbA, such actions should also mitigate carbon
emission (Locatelli et al., 2011; Scarano, 2017). Although EbA and Eco-DRR have much in common, they
bear some relevant differences that hamper communication and exchange between these two fields: they
operate under different policy fora (climate change adaptation vs. disaster risk reduction), they address
different types of hazard (climate vs. multiple), and they function under different time-spans (long-term vs.
response, recovery and reconstruction) (Doswald & Estrella, 2015).
Ecosystem-based adaptation to climate change and Eco-DRR policies currently vary from global agreements
to national adaptation plans to municipal strategies to local governance arrangements at smaller territories.
However, global agreements do not necessarily percolate to national and sub-national policies, whereas
local ecosystem-based approaches and solutions do not always scale up beyond the community that
developed them (Scarano, 2017). In the international arena, barriers for mainstreaming it into climate
policy are related to governance, effectiveness, time scale of processes, financing and scientific uncertainty
(Ojea, 2015).
At national level, a review by Pramova et al. (2012) showed that only 22% of the National Adaptation
Programmes of Actions 44 least developed countries incorporated ecosystem components. From the
Americas, only Haiti was part of this study and its National Adaptation Programme of Action, suggests
reforestation together with technical solutions (dry walls, gabions and stone lines) in several projects
targeting watershed restoration for reducing the negative impacts of extreme climate events.
At sub-national level, the use of ecosystems in helping people adapt to climate change is limited by the
lack of information on where ecosystems have the highest potential to do so, which can be at least partially
overcome by spatial prioritization efforts (Bourne et al., 2016; Kasecker et al., 2017). However, whenever
such policies already exist, approaches vary. Moreover, ecosystem-based approaches to climate change are
not often systematized or labelled as such across the planet (Munroe et al., 2011). Similarly to policy
actions, scientific literature on EbA is divided between global and local focus, and at local level it is divided
according to the setting. Munroe et al. (2011) reviewed 132 papers on EbA and found that nearly half (45%)
were from developing countries. They also found a predominance of papers focused on urban or rural,
wetlands, forests and coastal ecosystems. However, a recent review on urban EbA covered 110 papers in
112 cities and there was a strong bias towards Europe and North America (Brink et al., 2016). Coastal
vegetation, including mangroves, both in continental and in small island countries, have been highlighted
as important for EbA (Mercer et al., 2012; Duarte et al., 2013; Martin & Watson, 2016), but still lack a
thorough and integrated review effort. In rural areas, for smallholder farmers - especially based on studies
located in Mesoamerica (Vignola et al., 2015) - EbA practices may improve the ability of crops and livestock
to maintain crop yields and/or buffer biophysical impacts of extreme weather events or increased
temperatures under climate change. In another review, Renaud et al. (2016) indicate that three major
applications of Eco-DRR are conservation and management of a) coastal ecosystems for coastline
protection (e.g. Chile - Nehren et al., 2016; USA – David et al., 2016); b) riverine ecosystems for floods
protection (e.g. Argentina – Zimmermann et al., 2016); and c) protection of forests for landslide risk
reduction (e.g. Brazil – Lange et al., 2016).
Estrella et al. (2016), reviewing experiences around the world, suggest that having an enabling policy, legal
and institutional environment is needed to encourage implementation of Eco-DRR and EbA initiatives. They
recognize, however, that due to the multi-disciplinary and multi-sectoral nature of ecosystem-based
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approaches, it becomes challenging to working with existing sectoral policies, and sectoral legal and
institutional frameworks that often do not favour integrated approaches. Triyanti and Chu (2017) propose
that future studies on governance systems for Eco-DRR and EbA should build operationalization strategies
based on existing governance theories and methodologies, while also aiming for integrated assessments
that evaluate socio-political, institutional, and power dynamics across different scales and political arenas.

Case 4: Science-policy interface
There are different perspectives on how efficiently scientific findings are translated into policy action. Some
authors (e.g. Cáceres et al., 2016) envisage two models: the “information deficit model” (or deficit model
or science deficit model) and the “power dynamics model”. The first proposes that poor translation of
scientific findings into policy implementation results from the lack of understanding of science or access to
good data by decision-makers (e.g. Posner et al., 2016). In the second, science is just one additional element
among many that are taken into account in the process towards an inherently political decision (e.g.
Azevedo-Santos et al., 2017). Other authors propose that for science to have impact on policy it must have
three properties: credibility, legitimacy and relevance (Sarkki et al., 2014). Sarkki et al. (2015) added
iterativity to these three properties, and listed 14 features of the science-policy interface. Irrespective of
the model used, fact is that policy makers use insufficiently the research-based knowledge available and
researchers typically produce insufficiently knowledge that is directly usable (Weichselgartner & Kasperson,
2010). Here we examine three different cases at the science-policy interface and discuss how they relate to
these different models.
For the Caribbean, Jacobs et al. (2016) examined empirical evidence of 130 conservation organizations in
21 countries to conclude that bridging the science-policy equals to bridging the knowing-doing gap. They
argue that barriers to overcome this gap include lack of information and data sharing, political constraints,
competition, limited resources and technical capacity, and ineffective communications. They claim that
boundary organizations, i.e., groups that facilitate the transfer of knowledge between science and action
can use the social sciences and humanities and practitioner expertise to successfully become knowledge
brokers. Some Caribbean conservation organizations report that their greatest needs are not for more
information but for capacity building in science and technology. They recommend that the focus should be
on connecting the information to the appropriate users, providing support services to existing governance
structures instead of developing new management frameworks and communicating the information in a
way that users can understand and apply. Conservation partnerships are rendered ineffective when
research results are not communicated to managers and translated to actions. Thus, in cases of failure in
the science-policy communication, the Caribbean case seems to fit the Information Deficit Model, explained
above, or the conservation science conveyed to policy makers may lack credibility, legitimacy or relevance.
The case of the Brazilian Official list of threatened plant species starts in 2009, when the publication of the
list did not satisfy scientists or environmentalist, since the total number of threatened species was much
smaller than that indicated by academics, based on IUCN criteria. Scarano and Martinelli (2010) interpreted
that there was a large disagreement between scientists and policy-makers on the degree of scientific
certainty required to define a species as threatened. The imbroglio surrounding the publication of the list
was contemporary to a period of economic growth and high infrastructural investment in Brazil. Since
Brazilian legislation strictly limits or forbids human activities in areas where threatened species occur, the
national political stand was then somewhat conservative as regards threatened species conservation and
environmental issues as a whole. Thus, decision-makers claim for higher certainty was hardly surprising.
The turning point was the fact that, during negotiations for publication of the list, a National Center for
Conservation of the Flora was created inside the Botanical Gardens of Rio de Janeiro. Five years later, the
Center – with a better structured information database and scientific network established – updated the
list from 417 (in the 2009 official list) to 2,118 (in the 2013 Brazilian Red List), and the official list, published
in 2014, considered as threatened all 2,118 plant species proposed by the Center (Scarano, 2014). So, in
this case, a Power Dynamics Model operated in the 2009 list, and was superseded by better information
and communication in 2014, which fits better the Information Deficit Model. It can also be seen as a case
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where the first list lacked credibility from the policy-makers’ perspective, given the different perceptions of
uncertainty and risk that the listing method generated to different stakeholder groups. The second list
resolved the different risk tolerances of scientists and policy-makers and agreement was reached.
Finally, the case described in the same paper by Cáceres et al. (2016) fits the Power Dynamics model. The
case relates to the process leading to the Córdoba Provincial Law for the Protection of Native Forests, in
Argentina. Viewpoints between actors of the agribusiness sector and of some political parties contrasted
with that of environmental groups and campesinos organizations. The authors argue that the result was
the expression of a power dynamics that disregarded scientific evidence. The authors also pointed to similar
cases observed in other provinces, where power asymmetries between actors with contrasting interests
hindered participatory process. Thus, in this case, and according to these authors, insufficient knowledge
was not the reason why social-ecological science failed to be incorporated into environmental policy.
Rather, it represents the outcome of a wider interplay of socio-political factors.
Based on these cases, it would therefore be possible to anticipate the likelihood of a piece of scientific
knowledge to influence environmental policy design and implementation, if - unlike the case described for
Caribbean and partly the case in Brazil - it is granted that scientific evidence is solid and relevant to the
issue at hand (credibility, legitimacy and relevance), and available in a friendly format to the stakeholders
involved. Four pre-requisites, according to Cáceres et al. (2016) are: the engagement of the sectors of
society that are likely to benefit or lose, the ability to communicate compelling narratives, the integration
with wider social-actor networks, and the emergence of sociopolitical windows of opportunity.
Finally, based on the case of the Arctic, Fleming and Pyenson (2017) argue that the publication of policyrelevant findings in scientific journals is not enough to inform policy. Thus, they suggest that Arctic scientists
must directly engage in policy review and revision.

Urgent issues and emerging solutions
Future scenarios
Recent modelling exercises project future scenarios for the Americas that provide an indication of some
policy needs for the region, be it in terms of design, implementation or evaluation. Collectively, such
modelling exercises indicate that policy needs are often related to the necessity to reduce greenhouse gas
emissions and vulnerability to climate change, to conserve or restore biodiversity and ecosystem services,
and to the synergies between these two demands, including the effects on socioeconomic trends. For
instance, Chapter 5 shows the results of the GLOBIO model for the Americas, which aims to facilitate the
development of policies and strategies to achieve conservation targets and sustainable use of natural
resources. GLOBIO employs mean abundance of original species relative to their abundance in undisturbed
ecosystems (%) and natural areas (km2) as indicators of biodiversity (Alkemade et al., 2009). Mean
abundance of original species can be interpreted as an indicator for intactness of ecosystems. It shows
results for four scenarios (Business as usual or baseline; Global technology; Decentralized solutions; and
Consumption change). For the Americas, the Business as usual scenario will produce the highest decrease
in mean abundance of original species and there are no substantial differences between the remaining
scenarios. However, a small increment in mean abundance of original species could be expected for the
Decentralized Solutions scenario in 2050 in South America, Central America and the Caribbean. This
scenario relies on local and regional efforts to ensure a sustainable quality of life from a “bottom-up”
managed system where small-scale and decentralised technologies are prioritised. On the other hand, an
increase in natural areas is probable under Consumption Change pathways for Mexico and South America.
Results from GLOBIO show that crop and livestock are the most important drivers in mean abundance of
original species and natural areas reduction. It is important to emphasize that GLOBIO does not consider
telecoupling processes (see also 6.4.2.3 and Glossary). It is expected that new policy solutions will emerge
when telecoupling processes are better understood and incorporated in modelling exercises (Chapter 5).
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Based on the sensitivity of different ecosystems to climatic variations in the past 14 years, Seddon et al.
(2016) argue that the Arctic tundra (Canada), parts of the boreal forest belt (USA and Canada), the tropical
rainforest (especially the Amazon), high montane regions (in the USA, Central America and the Andes),
prairies and steppe of North and South America, and the Caatinga deciduous forest in Brazil are probably
the most sensitive to climate change in the Americas. Vulnerability is also true for the Caribbean islands, in
issues such as sea level rise, natural disasters, water security and biodiversity conservation (Nurse et al.,
2014).
All these results to a large extent match the study of Segan et al. (2016) that have modelled the interaction
of climate change with land use change and, aiming at reduced climate vulnerability, recommended
priorities for conservation and restoration in the Americas and elsewhere. While most of North America
(including Mexico), Amazonia, the Andes and the Southern Cone are conservation priorities, the prairies in
the USA, Central America and the Caribbean, the Brazilian biodiversity hotspots (Atlantic forest and
Cerrado) and the southern grasslands (“pampas”) are restoration priorities.
These results are also aligned with the findings of Leadley et al. (2014) that investigated the potential
impacts of regime shifts on human-environment systems in the Andes, Amazonia, Cerrado and Caatinga.
Their study suggests that moderate to high rates of land-use change at regional scales could act
synergistically with high levels of global climate change to cause severe habitat degradation or even habitat
loss in terrestrial and freshwater systems. In addition, these regime shifts could have large negative effects
on a wide range of ecosystem services. Policies that reduce the possibility of regional-scale regime shifts
occurring in central South America will have to deal with local land use change, freshwater management
and global climate change, including conservation and restoration. At the regional scale, it would be
necessary to reduce the conversion of humid tropical forests and other pristine ecosystems to croplands
and pastures and to limit the use of fire. At the global scale, one important challenge is to mitigate climate
change without increasing pressure on land use for bioenergy.

Urgent issues
Climate and land-use change, biodiversity and ecosystem loss, and persistence of poverty and inequality
are all urgent issues to be addressed in the region, as this Chapter demonstrates. However, in many cases
it can be hard to foresee whether existing policies and governance schemes will drive or halt some of the
future scenarios described in 6.7.1 (see also Chapter 5). In addition to the challenge related to the fact
demonstrated in this Chapter that policies are often designed sectorally (e.g. 6.2), policy evaluation remains
a significant a gap.
In some countries of the region this can be at least partly related to insufficiency of monitoring programs
that track ecosystem dynamics, their relations with ecosystem services, and human wellbeing. For that
purpose, monitoring programs of biodiversity and ecosystem services need to be extended beyond
conservation areas. Coordinated monitoring programs are emerging in the region to obtain data on
biodiversity and ecosystem services. There are internationally coordinated monitoring programs, such as
GLORIA for high mountain biodiversity in the context of climate change, which includes site-based networks
in both North America (Millar & Fagre, 2007) and South America (Cuesta et al., 2017). The installation of
the basic GLORIA permanent plot settings for vascular plants also stimulated further monitoring approaches
on both continents, such as on different animal groups or on socio-economic aspects in the studied regions
(Pauli et al. 2015).
Many programs are also arising at the national scale. For example, the FAO is conducting a program focused
on helping countries in the region with developing national forest monitoring systems and assessments:
Belize, Brazil, Costa Rica, Dominican Republic, Ecuador, El Salvador, Guatemala, Honduras, Nicaragua,
Panama, Peru, and Uruguay are part of this program (http://www.fao.org/forestry/fma/73410/en/). On the
other hand, since 2004, the forest and soils inventories were established in Mexico. In this inventory, 152
tree and soil variables are obtained every five years, in more than 26,000 sites that cover 57 types of
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vegetation (http://www.cnf.gob.mx:8090/snif/portal/infys). In addition, given the need of a more reliable
monitoring program, this effort expanded and thus the National Biodiversity and Ecosystem Degradation
Monitoring System (García-Alaníz et al., 2017) was created in 2016. This monitoring system is a multiinstitutional project that collects information on vegetation and wildlife using different sources of
information (camera traps, sound recorders, remote sensing and fieldwork) and analyses large amounts of
data through machine learning techniques.
New opportunities open up to conduct monitoring programs and use large datasets thanks to: the
technological advances in remote sensing; the innovation of in situ data collection (camera traps, acoustic
recording, drones among others); the continuous increase in observations made through citizen science;
the development of algorithms to process large amounts of data; and more user-friendly platforms to
display these data (Stephenson et al., 2017). Because of regional and local socioeconomic differences, the
benefits of all these technologies and social initiatives would not be experienced equally in the whole
region. This will also depend, for example, on the feasibility to access sites for monitoring, given the natural
and safety conditions or social circumstances. A common challenge for the Americas is to find ways to
process and translate the generated data into useful and timely information for decision makers. Strategies
to merge and interpret all the obtained data will be necessary. In Mexico, field and remote sensing data are
integrated in an index that evaluates the integrity of terrestrial ecosystems (Equihua et al., 2014). Maps of
this ecosystem integrity index are produced annually and wall-to- wall at a resolution of 1 km2. The
measurement of ecosystem integrity allows an integrated assessment of ecosystems and their capacity to
provide ecosystem services and it is planned to guide public policy, providing a platform for evaluating
anthropogenic effects on biodiversity and ecosystem services.

Emerging solutions
To the urgent and often integrated issues related to climate and land-use change, biodiversity and
ecosystem loss, and persistence of poverty and inequality, this Chapter uncovers some emerging solution.
For instance, as seen in 6.6.3, ecosystem-based approaches to climate change adaptation and disaster risk
reduction are a great opportunity for the region. Such policies combine biodiversity conservation with
climate change mitigation and improvement of livelihoods. For instance, Jantz et al. (2014) demonstrated
that it is possible to obtain large benefits in terms of carbon storage and biodiversity conservation if carbon
funds are directed at corridors that link existing protected areas (see also Venter, 2014). Preserving
corridors between protected areas could maintain habitat connectivity across landscapes, mitigate the
effects of land use and climate change on biodiversity, and improve livelihoods.
The USA has a number of existing policies that potentially address landscape connectivity and permeability
(Kostyack et al., 2011). Many of the existing networks (local, national, and international; see 6.3.1, 6.3.2)
provide an opportunity for sharing both information and solutions, which facilitate mainstreaming and
scalability of ecosystem-based approaches. Whereas adaptation policies primarily address vulnerability and
risks (see 6.6.3), sustainable development policies aim to reduce poverty via economic growth, address
inequality via redistribution of wealth, and prevent environmental degradation by using resources
sustainably (Agrawal & Lemos, 2015). However, whenever adaptation avoids or reduces climate risks
without negatively impacting human systems and natural systems, it becomes an important subset of the
sustainable development agenda (Juhola et al., 2016; Pant et al., 2015; Kasecker et al., 2017).
Therefore, policies and actions that reduce poverty while protecting and/or restoring ecosystems are
potentially adaptive to climate change, particularly in developing countries (Scarano, 2017). In parallel,
actions that enable sustainable development locally or nationally can accelerate successful climate change
adaptation globally (IPCC, 2014). Adaptation is an important step in the transition to sustainability, and such
actions require capacity, investment, integrated policies and adequate governance – all of which require
participation and dialogue.
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As seen throughout this Chapter, the region has many local solutions emerging (e.g. Table 6.1), but still
many national and regional contradictions in this respect (e.g. Figure 6.1). Perhaps even more relevant is
the notion that sustainable development is one among other existing options. Other options emerge in the
region from distinct cosmovisions, such as in the case of buen vivir (see 6.4.3.2), or as a rejection of
economic growth as the only alternative, in the case of degrowth (Kothari et al., 2014). Although scientific
output on degrowth is largely European, USA and Canada also have a relevant contribution to this line of
thought and, as a movement, it has presence in other countries in the region such as Colombia and Cuba
as well (Weiss & Cattaneo, 2017). Beling et al. (2018) suggest that synergies between sustainable
development, buen vivir and degrowth can compensate for the caveats of each discourse and “open
pathways towards a global new Great Transformation”.

Conclusions
This Chapter concludes that for most countries of the region, environmental and development policies are
often conceived, designed and implemented separately, from a sectoral viewpoint (see 6.2). Since
development pressures frequently outpace or outweigh environmental policies, the development process
becomes unsustainable and a key driver of biodiversity and ecosystem services loss (6.1.1). This is especially
true for the developing countries in the Americas region, and accounts for many of the negative trends in
biodiversity and ecosystem services that are evident across the region. On the positive side, however, the
region still harbors astonishing biodiversity and ecosystem services of local and global importance related
to water, climate and food security (6.1.1). Moreover, there are reported reductions in rate of habitat loss
in specific biomes. Although success in this respect is often times more local than national or subregional,
it can be at least partly attributed to a broad array of policy instruments, which include regulatory (e.g.
protected areas) and incentive mechanisms (e.g. eco-certification, financial incentives, offsets), as well as
those originated from diverse views of the relationship between man and nature (e.g. management of the
system of life applied in Bolivia, based in rights, duties and obligations) (6.4; and Table 6.5). A diversity of
cases across policy areas, levels of economic development, and political cultures suggest that partnerships
and participatory deliberative processes contribute to a large class of problem-solving situations and can
support successful governance (6.3.1), and this Chapter also uncovers a number of examples of such good
practices (e.g. Table 6.1).
Despite some of these good news, the net biodiversity and ecosystem services loss that is currently evident
in almost every aspect of the region’s natural ecosystems is expected to continue through to 2050, if society
does not change business-as-usual patterns of land-use change and greenhouse gas emissions (6.7.1). This
will result in reductions in the adaptive capacity of the societies throughout the region, especially poor
communities in Latin America and the Caribbean (6.6.3; 6.7.3). There is a great regional opportunity to
incorporate ecosystem-based strategies into national and sub-national-level development planning and
this can be done sooner than later (6.6.3; 6.7.3), especially if one considers that the cost of recovery of
ecosystems and species is high (6.4.1.2). Although there is much optimism and some evidence of the
potential of habitat restoration in the region, this is often costly (6.4.1.2). This indicates that countries are
likely to benefit from acting quickly to invest in the preservation and sustainable use of their existing
ecological infrastructure.
There is an overall gap of policy evaluation in the Americas, which is more pronounced in Latin America and
the Caribbean than it is in North America (6.7.2). Information on policy effectiveness is often derived
through case studies and anecdotal accounts. Evaluation could benefit from improved monitoring systems,
involving both new technologies and community-based monitoring at local level. It could also benefit from
improved analytical tools that integrate biodiversity and ecosystem services variables and human and
socioeconomic development variables (6.7.2). For instance, although there begin to emerge evidences of
leakage and spillover effects in many levels and scales across the region, they remain understudied. Cases
where environmentally damaging activities are relocated elsewhere after being stopped locally are found
from protected area level to biome level. Leakage and spillover effects are often unforeseen either due to
lack of systemic planning or adequate mapping of potential stakeholders (6.3.4; 6.4.2.3).
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The sociocultural diversity of the region is also an untapped opportunity. Indigenous peoples throughout
the Americas have developed many different socioecological and governance systems (nationally and
locally), which exist in parallel to mainstream governance (6.3.5). Although conflicts persist both in
countries that acknowledge such rights and countries that do not, indigenous and local knowledge and
practices can positively influence biodiversity and ecosystem services (6.3.1; 6.3.5; 6.4.1.1; 6.4.3.2; 6.6.1).
For most countries in the region, global commitments (SDG, Aichi targets, Paris Accord) are often uncoupled
from national policies. As a result, the rate of achievement of global commitments vary largely between
countries. Thus, bringing global commitments down to local level implementation, and scaling up local
solutions to global diplomacy remains challenging (6.5). Some of the difficulties might be related to issues
such as the possible confusion created by excessive list of targets to be achieved and indicators to measure
them (Easterly, 2015; Lomborg, 2017), or to science gaps around key concepts such as sustainability or
planetary boundaries, for instance (Montoya et al., 2018). Understanding synergies and trade-offs between
goals within specific global agreements (e.g. Di Marco et al., 2015; Pradhan et al., 2017) and between
distinct global agreements (e.g. Von Stechow et al., 2016; Le Gouvello et al., 2017) can be an important step
to reduce confusion and enhance focus for policy design and implementation at national and local level.
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Table 6.5. Policy options in the Americas: instruments, enabling factors and country-level challenges.
Chapter sections cited include those in this Chapter 6, but also sections of the other Chapters in this
report. SU=sustainable use; RE = recovery or rehabilitation of natural and/or human systems; PR =
protection.
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Annex I - Glossary
A
Abundance:
the size of a population of a particular life form in a given area.
acidification
Ongoing decrease in pH away from neutral value of 7. Often used in reference to oceans,
freshwater or soils, as a result of uptake of carbon dioxide from the atmosphere.
Access and benefit sharing (ABS): One of the three objectives of the Convention on Biological Diversity, as
set out in its Article 1, is the “fair and equitable sharing of the benefits arising out of the utilization of genetic
resources, including by appropriate access to genetic resources and by appropriate transfer of relevant
technologies, taking into account all rights over those resources and to technologies, and by appropriate
funding”. The CBD also has several articles (especially Article 15) regarding international aspects of access
to genetic resources.
Adaptation:
adjustment in natural or human systems to a new or changing environment, whether
through genetic or behavioural change.
adaptive capacity
The general ability of institutions, systems, and individuals to adjust to potential
damage, to take advantage of opportunities, or to cope with the consequences.
Adaptive management: a systematic process for continually improving management policies and practices
by learning from the outcomes of previously employed policies and practices. In active adaptive
management, management is treated as a deliberate experiment for purposes of learning.
Afforestation: converting grasslands or shrublands into tree plantations. Afforestation is sometimes
suggested as a tool to sequester carbon, but it can have negative impacts on biodiversity and ecosystem
function.
Agenda setting: one of four phases in the policy cycle. Agenda setting motivates and sets the direction for
policy design and implementation.
Agricultural intensification: an increase in agricultural production per unit of inputs (which may be labour,
land, time, fertilizer, seed, feed or cash).
Agrobiodiversity: agricultural biodiversity is the biological diversity that sustains key functions, structures
and processes of agricultural ecosystems. It includes the variety and variability of animals, plants and microorganisms, at the genetic, species and ecosystem levels.
Agro-ecological zones: geographic areas with homogeneous sets of climatic parameters and natural
resource characteristics, such as rainfall, solar radiation, soil types and soil qualities, which correspond to a
level of agricultural potential.
Agroecology: the science and practice of applying ecological concepts, principles and knowledge (i.e., the
interactions of, and explanations for, the diversity, abundance and activities of organisms) to the study,
design and management of sustainable agroecosystems. It includes the roles of human beings as a central
organism in agroecology by way of social and economic processes in farming systems. Agroecology
examines the roles and interactions among all relevant biophysical, technical and socioeconomic
components of farming systems and their surrounding landscapes.
Agroecosystem: an ecosystem, dominated by agriculture, containing assets and functions such as
biodiversity, ecological succession and food webs. An agroecosystem is not restricted to the immediate
site of agricultural activity (e.g. the farm), but rather includes the region that is impacted by this activity,
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usually by changes to the complexity of species assemblages and energy flows, as well as to the net nutrient
balance.
Agroforestry: a collective name for land-use systems and technologies where woody perennials (trees,
shrubs, palms, bamboos, etc.) are deliberately used on the same land-management units as agricultural
crops and animals, in some form of spatial arrangement or temporal sequence.
Aichi (Biodiversity) Targets: the 20 targets set by the Conference of the Parties to the Convention for
Biological Diversity (CBD) at its tenth meeting, under the Strategic Plan for Biodiversity 2011-2020.
Alien species See "invasive alien species".
Annual: in botany, refers to plants that grow from seed to maturity, reproduction and death in one year.
Related terms are biennial (plants that take two years to complete their life cycles), and perennial (plants
that take several many years to complete their life cycles).
Anthropogenic assets: built-up infrastructure, health facilities, or knowledge - including indigenous and
local knowledge systems and technical or scientific knowledge - as well as formal and non-formal education,
work, technology (both physical objects and procedures), and financial assets. Anthropogenic assets have
been highlighted to emphasize that a good quality of life is achieved by a co-production of benefits between
nature and people.
Anthropogenic impact: Impacts resulting from human activities.
Approval: approval of the Platform’s outputs signifies that the material has been subject to detailed, lineby-line discussion and agreement by consensus at a session of the Plenary.
Aquaculture: the farming of aquatic organisms, including fish, molluscs, crustaceans and aquatic plants,
involving interventions such as regular stocking, feeding, protection from predators, to enhance
production. (In contrast, aquatic organisms which are exploitable by the public as a common property
resource, are classed as fisheries, not aquaculture).
Archetypes: in the context of scenarios, an over-arching scenario that embodies common characteristics
of a number of more specific scenarios.
Arid ecosystems
Those in which water availability severely constrains ecological activity.
Assessment reports: published outputs of scientific, technical and socioeconomic issues that take into
account different approaches, visions and knowledge systems, including global assessments of biodiversity
and ecosystem services with a defined geographical scope, and thematic or methodological assessments
based on the standard or the fast-track approach. They are to be composed of two or more sections
including a summary for policymakers, an optional technical summary and individual chapters and their
executive summaries. Assessments are the major output of IPBES, and they contain syntheses of findings
on topics that have been selected by the IPBES Plenary.
B
Backcasting: an analytical technique used to search for target-seeking scenarios that fulfil a predefined
goal, or set of goals.
Baseline: a minimum or starting point with which to compare other information (e.g. for comparisons
between past and present or before and after an intervention).
Benefit sharing: distribution of benefits between stakeholders.
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Benefits: advantage that contributes to wellbeing from the fulfilment of needs and wants. In the context of
nature’s contributions to people (see “Nature’s contributions to people”), a benefit is a positive
contribution. (There may also be negative contributions, dis-benefits, or costs, from Nature, such as
diseases).
Benthic: occurring at the bottom of a body of water; related to benthos.
Benthos: a group of organisms, other invertebrates, that live in or on the bottom in aquatic habitats.
Bioaccumulation: Some contaminants that enter biological systems are preferentially stored (usually in fat
tissue) in organisms resulting in an accumulation over time. This process is called bioaccumulation.
Biocapacity: the ecosystem’s capacity to produce biological materials used by people and to absorb waste
material generated by humans, under current management schemes and extraction technologies". The
"biocapacity" indicator used in the present report is based on the Global Footprint Network, unless
otherwise specified.
Biodiversity: the variability among living organisms from all sources including terrestrial, marine and other
aquatic ecosystems and the ecological complexes of which they are a part. This includes variation in genetic,
phenotypic, phylogenetic, and functional attributes, as well as changes in abundance and distribution over
time and space within and among species, biological communities and ecosystems.
Biodiversity footprint hotspots: biodiversity threat hotspots driven by global consumption of goods and
services.
Biodiversity hotspot: a generic term for an area high in such biodiversity attributes as species richness or
endemism. It may also be used in assessments as a precise term applied to geographic areas defined
according to two criteria (Myers et al 2000): (i) containing at least 1,500 species of the world's 300,000
vascular plant species as endemics, and (ii) being under threat, in having lost 70 % of its primary vegetation.
Biodiversity loss: the reduction of any aspect of biological diversity (i.e. diversity at the genetic, species and
ecosystem levels) is lost in a particular area through death (including extinction), destruction or manual
removal; it can refer to many scales, from global extinctions to population extinctions, resulting in
decreased total diversity at the same scale.
Biodiversity offset: a biodiversity offset is a tool proposed by developers and planners for compensating
for the loss of biodiversity in one place by biodiversity gains in another.
Biofuel: fuel made from biomass.
Biomass: the mass of non-fossilized and biodegradable organic material originating from plants, animals
and micro-organisms in a given area or volume.
Biome: global-scale zones, generally defined by the type of plant life that they support in response to
average rainfall and temperature patterns. For example, tundra, coral reefs or savannas.
Biosphere: the sum of all the ecosystems of the world. It is both the collection of organisms living on the
Earth and the space that they occupy on part of the Earth’s crust (the lithosphere), in the oceans (the
hydrosphere) and in the atmosphere. The biosphere is all the planet’s ecosystems.
Biota: all living organisms of an area; the flora and fauna considered as a unit.
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Bonn Challenge: a global effort to restore 150 million hectares of the world's degraded and deforested
lands by 2020 and 350 million hectares by 2030. It is overseen by the Global Partnership on Forest
Landscape Restoration, with the International Union for Conservation of Nature as its Secretariat.
Boundary objects: objects and/or processes plastic enough to adapt to local needs and to the constraints
of the several parties employing them, yet robust enough to maintain a common identity across sites. Their
meanings may differ in different social contexts, but their structure is common enough and recognizable
across contexts.
Buen vivir: although no universal definition of buen vivir has been attained yet, it has “four common
constitutive elements: (a) the idea of harmony with nature (including its abiotic components); (b)
vindication of the principles and values of marginalized/subordinated peoples; (c) the State as guarantor of
the satisfaction of basic needs (such as education, health, food and water), social justice and equality; and
(d) democracy. There are also two cross-cutting lines: buen vivir as a critical paradigm of Eurocentric
(anthropocentric, capitalist, economistic and universalistic) modernity, and as a new intercultural political
project”.
Bushmeat: meat for human consumption derived from wild animals.
Bycatch: the commercially undesirable species caught during a fishing process.
C
Capacity-building (or development): defined by the United Nations Development Programme as “the
process through which individuals, organisations and societies obtain, strengthen and maintain their
capabilities to set and achieve their own development objectives over time”. IPBES promotes and facilitates
capacity-building, to improve the capacity of countries to make informed policy decisions on biodiversity
and ecosystem services.
Carbon cycle: the carbon cycle is the process by which carbon is exchanged among the ecosystems of the
Earth.
Carbon footprint: a measure of the total amount of carbon dioxide emissions, including carbon dioxide
equivalents, that is directly and indirectly caused by an activity or is accumulated over the life stages of a
product.
Carbon sequestration: the long-term storage of carbon in plants, soils, geologic formations, and the ocean.
Carbon sequestration occurs both naturally and as a result of anthropogenic activities and typically refers
to the storage of carbon that has the immediate potential to become carbon dioxide gas.
Carbon storage: the biological process by which carbon in the form carbon dioxide is taken up from the
atmosphere and incorporated through photosynthesis into different compartments of ecosystems, such as
biomass, wood, or soil organic carbon. Also, the technological process of capturing waste carbon dioxide
from industry or power generation, and storing it so that it will not enter the atmosphere.
Carrying capacity: in ecology, the carrying capacity of a species in an environment is the maximum
population size of the species that the environment can sustain indefinitely. The term is also used more
generally to refer to the upper limit of habitats, ecosystems, landscapes, waterscapes or seascapes to
provide tangible and intangible goods and services (including aesthetic and spiritual services) in a
sustainable way.
Certainty: in the context of IPBES, the summary terms to describe the state of knowledge are the following:
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•
•

•
•

Well established (Certainty term (q.v.)): comprehensive meta-analysis or other synthesis
or multiple independent studies that agree.
Established but incomplete (Certainty term (q.v.)): general agreement although only a
limited number of studies exist but no comprehensive synthesis and, or the studies that
exist imprecisely address the question.
Unresolved (Certainty term (q.v.)): multiple independent studies exist but conclusions do
not agree.
Inconclusive (Certainty term (q.v.)): limited evidence, recognising major knowledge gaps.

Climate change: as defined in Article 1 of the UNFCCC, "a change of climate which is attributed directly or
indirectly to human activity that alters the composition of the global atmosphere and which is in addition
to natural climate variability observed over comparable time periods”.
Co-management: process of management in which government shares power with resource users, with
each given specific rights and responsibilities relating to information and decision-making.
Co-production: in the context of the IPBES conceptual framework, this is the joint contribution by nature
and anthropogenic assets in generating nature’s contributions to people.
Compensation: a given project attains zero net biodiversity loss when its unavoidable impacts on
biodiversity are balanced out or compensated by actions such as conservation, rehabilitation, restoration
and/or compensation of residual impacts that avoid or minimize losses. In this case, compensation refers
to environmental compensation and not socioeconomic compensation to the people who are affected by
the project’s impact.
Conservation easement: voluntary, typically permanent, partial interest in property created through
agreement between a landowner and a nonprofit land trust or government agency in which a landowner
agrees to land-use restrictions, usually in exchange for a payment, tax reduction, or permit.
Corridor: a geographically defined area which allows species to move between landscapes, ecosystems and
habitats, natural or modified, and ensures the maintenance of biodiversity and ecological and evolutionary
processes.
Cropland: a land cover/use category that includes areas used for the production of crops for harvest.
Cross-scale analysis: cross-scale effects are the result of spatial and/or temporal processes interacting with
other processes at another scale. These interactions create emergent effects that can be difficult to predict.
D
Decomposition: breakdown of complex organic substances into simpler molecules or ions by physical,
chemical and/or biological processes
Deforestation: human-induced conversion of forested land to nonforested land. Deforestation can be
permanent, when this change is definitive, or temporary when this change is part of a cycle that includes
natural or assisted regeneration.
Degraded land: land in a state that results from persistent decline or loss of biodiversity and ecosystem
functions and services that cannot fully recover unaided.
Degrowth: started as an activist movement around 2008 and turned into an academic discipline, it starts
from the premise that economic growth cannot be sustained ad infinitum on a resource constraint planet.
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It demands a deep societal change, denying the need for economic growth. It is unclear “whether degrowth
should be considered as a collectively consented choice or an environmentally-imposed inevitability.
Direct driver: see "driver".
Downscaling : the transformation of information from coarser to finer spatial scales through statistical
modelling or spatially nested linkage of structural models.
Driver: in the context of IPBES, drivers of change are all the factors that, directly or indirectly, cause changes
in nature, anthropogenic assets, nature’s contributions to people and a good quality of life.
Direct drivers of change can be both natural and anthropogenic. Direct drivers have direct physical
(mechanical, chemical, noise, light etc.) and behaviour-affecting impacts on nature. They include, inter alia,
climate change, pollution, different types of land use change, invasive alien species and zoonoses, and
exploitation.
Indirect drivers are drivers that operate diffusely by altering and influencing direct drivers, as well as other
indirect drivers. They do not impact nature directly. Rather, they do it by affecting the level, direction or
rate of direct drivers.
Interactions between indirect and direct drivers create different chains of relationship, attribution, and
impacts, which may vary according to type, intensity, duration, and distance. These relationships can also
lead to different types of spill-over effects. Global indirect drivers include economic, demographic,
governance, technological and cultural ones. Special attention is given, among indirect drivers, to the role
of institutions (both formal and informal) and impacts of the patterns of production, supply and
consumption on nature, nature’s contributions to people and good quality of life."
Drylands: drylands comprise arid, semi-arid and dry sub-humid areas. The term excludes hyper-arid areas,
also known as deserts. Drylands are characterised by water scarcity and cover approximately 40 % of the
world's terrestrial surface.
E
Eco-certification: programmes designed to accredit goods and services that meet defined process
standards designed to improve environmental performance and, in some cases, also to improve social
welfare in places of production.
Ecological (or socio-ecological) breakpoint or threshold: the point at which a relatively small change in
external conditions causes a rapid change in an ecosystem. When an ecological threshold has been passed,
the ecosystem may no longer be able to return to its state by means of its inherent resilience.
Ecological footprint: a measure of the amount of biologically productive land and water required to support
the demands of a population or productive activity. Ecological footprints can be calculated at any scale: for
an activity, a person, a community, a city, a region, a nation or humanity as a whole.
Ecological infrastructure: ecological infrastructure refers to the natural or semi-natural structural elements
of ecosystems and landscapes that are important in delivering ecosystem services. It is similar to 'green
infrastructure', a term sometimes applied in a more urban context. The ecological infrastructure needed to
support pollinators and improve pollination services includes patches of semi-natural habitats, including
hedgerows, grassland and forest, distributed throughout productive agricultural landscapes, providing
nesting and floral resources. Larger areas of natural habitat are also ecological infrastructure, although
these do not directly support agricultural pollination in areas more than a few kilometers away from
pollinator-dependent crops.
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Eco-region: a large area of land or water that contains a geographically distinct assemblage of natural
communities that:

(a) Share a large majority of their species and ecological dynamics;
(b) Share similar environmental conditions, and;
(c) Interact ecologically in ways that are critical for their long-term persistence (source: WWF).
In contrast to biomes, an ecoregion is generally geographically specific, at a much finer
scale. For example, the “East African Montane Forest” eco-region of Kenya (WWF ecoregion classification) is a geographically specific and coherent example of the globally
occurring “tropical and subtropical forest” biome."
Ecosystem: a dynamic complex of plant, animal and micro-organism communities and their non-living
environment interacting as a functional unit.
Ecosystem-based adaptation to climate change: the use of biodiversity and ecosystem services as part of
an overall adaptation strategy to help people to adapt to the adverse effects of climate change (CBD, 2012).
It refers to actions that mix the use of biodiversity and ecosystem services policy instruments with socioeconomic and development policy instruments to help people adapt to the adverse effects of climate
change (Scarano, 2017).
Ecosystem-based disaster risk reduction: The concept and practice of reducing disaster risks through
systematic efforts to analyze and manage the causal factors of disasters, including through reduced
exposure to hazards, lessened vulnerability of people and property, wise management of land and the
environment, and improved preparedness for adverse events.
Ecosystem degradation: a long-term reduction in an ecosystem’s structure, functionality, or capacity to
provide benefits to people.
Ecosystem function: the flow of energy and materials through the biotic and abiotic components of an
ecosystem. It includes many processes such as biomass production, trophic transfer through plants and
animals, nutrient cycling, water dynamics and heat transfer.
Ecosystem health: ecosystem health is a metaphor used to describe the condition of an ecosystem, by
analogy with human health. Note that there is no universally accepted benchmark for a healthy ecosystem.
Rather, the apparent health status of an ecosystem can vary, depending upon which metrics are employed
in judging it, and which societal aspirations are driving the assessment.
Ecosystem management: an approach to maintaining or restoring the composition, structure, function, and
delivery of services of natural and modified ecosystems for the goal of achieving sustainability. It is based
on an adaptive, collaboratively developed vision of desired future conditions that integrates ecological,
socioeconomic, and institutional perspectives, applied within a geographic framework, and defined
primarily by natural ecological boundaries.
Ecosystem restoration: policies and practices that are “necessarily focused on recovery of a self-sustaining
living system characteristic of past or least-disturbed landscapes.
Ecosystem services
: the benefits people obtain from ecosystems. In the Millennium Ecosystem
Assessment, ecosystem services can be divided into supporting, regulating, provisioning and cultural. This
classification, however, is superseded in IPBES assessments by the system used under “nature’s
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contributions to people.” This is because IPBES recognises that many services fit into more than one of the
four categories. For example, food is both a provisioning service and also, emphatically, a cultural service,
in many cultures.
Ecotourism: sustainable travel undertaken to access sites or regions of unique natural or ecological quality,
promoting their conservation, low visitor impact, and socio-economic involvement of local populations.
Endangered species: a species at risk of extinction in the wild.
Endemic species: plants and animals that exist only in one geographic region.
Endemism: the ecological state of a species being unique to a defined geographic location, such as an island,
nation, country or other defined zone, or habitat type; organisms that are indigenous to a place are not
endemic to it if they are also found elsewhere.
Energy security: access to clean, reliable and affordable energy services for cooking and heating, lighting,
communications and productive uses
Environmental additionality: the positive effect resulting from an activity or program on environmental
service flows.
Environmental Impact: A measurable change to the properties of an ecosystem by a nonnative
species. The logical implications of this definition are that (1) every nonnative species has an impact simply
by becoming integrated into the system, (2) such impacts may be positive or negative and vary in magnitude
on a continuous scale, and (3) impacts can be compared through time and across space.
Eutrophication: nutrient enrichment of an ecosystem, generally resulting in increased primary production
and reduced biodiversity. In lakes, eutrophication leads to seasonal algal blooms, reduced water clarity,
and, often, periodic fish mortality as a consequence of oxygen depletion. The term is most closely
associated with aquatic ecosystems but is sometimes applied more broadly.
Evolutionary distinctiveness (ED): is a measure of how isolated a species or groups of species are in a
phylogenetic tree. Regions with higher ED have more isolated lineages in them.
Exclusive Economic Zone (EEZ): a concept adopted at the Third United Nations Conference on the Law of
the Sea (1982), whereby a coastal State assumes jurisdiction over the exploration and exploitation of
marine resources in its adjacent section of the continental shelf, taken to be a band extending 200 miles
from the shore. The Exclusive Economic Zone comprises an area which extends either from the coast, or in
federal systems from the seaward boundaries of the constituent states (3 to 12 nautical miles, in most
cases) to 200 nautical miles (370 kilometres) off the coast. Within this area, nations claim and exercise
sovereign rights and exclusive fishery management authority over all fish and all Continental Shelf fishery
resources.
Exotics: See "Alien species".
Extensive grazing: extensive grazing is that in which livestock are raised on food that comes mainly from
natural grasslands, shrublands, woodlands, wetlands, and deserts. It differs from intensive grazing, where
the animal feed comes mainly from artificial, seeded pastures.
Externality: a positive or negative consequence (benefits or costs) of an action that affects someone other
than the agent undertaking that action and for which the agent is neither compensated nor penalized
through the markets.

729

IPBES/6/INF/4/Rev.1

Extinction: The evolutionary termination of a species caused by the failure to reproduce and the death of
all remaining members of the species; the natural failure to adapt to environmental change.
Extractives: hydrocarbons (oil and gas) and minerals.
F
Feedback: the modification or control of a process or system by its results or effects.
Food security: the World Food Summit of 1996 defined food security as existing “when all people at all
times have access to sufficient, safe, nutritious food to maintain a healthy and active life”.
Forest : a minimum area of land of 0.05 - 1.0 hectares with tree crown cover (or equivalent stocking level)
of more than 10–30 per cent with trees with the potential to reach a minimum height of 2–5 m at maturity
in situ. A forest may consist either of closed forest formations where trees of various stories and
undergrowth cover a high proportion of the ground or open forest.
Forest degradation: a reduction in the capacity of a forest to produce ecosystem services such as carbon
storage and wood products as a result of anthropogenic and environmental changes.
Functional diversity: the range, values, relative abundance and distribution of functional traits in a given
community or ecosystem.
Functional traits: any feature of an organism, expressed in the phenotype and measurable at the individual
level, which has demonstrable links to the organism’s function (Lavorel et al. 1997; Violle et al. 2007). As
such, a functional trait determines the organism’s response to external abiotic or biotic factors (Response
trait), and/or its effects on ecosystem properties or benefits or detriments derived from such properties
(Effect trait). In plants, functional traits include morphological, ecophysiological, biochemical and
regeneration traits. In animals, these traits include e.g. body size, litter size, age of sexual maturity, nesting
habitat, time of activity.
G
Generalist species: a species able to thrive in a wide variety of environmental conditions and that can make
use of a variety of different resources (for example, a flower-visiting insect that lives on the floral resources
provided by several to many different plants).
Good quality of life: within the context of the IPBES Conceptual Framework – the achievement of a fulfilled
human life, a notion which may varies strongly across different societies and groups within societies. It is a
context-dependent state of individuals and human groups, comprising aspects such as access to food,
water, energy and livelihood security, and also health, good social relationships and equity, security,
cultural identity, and freedom of choice and action. “Living in harmony with nature”, “living-well in balance
and harmony with Mother Earth” and “human well-being” are examples of different perspectives on a
“Good quality of life”.
Governance: the way the rules, norms and actions in a given organization are structured, sustained, and
regulated.
Grassland: type of ecosystem characterized by a more or less closed herbaceous (non-woody) vegetation
layer, sometimes with a shrub layer, but – in contrast to savannas – without, or with very few, trees.
Different types of grasslands are found under a broad range of climatic conditions.
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H

Habitat: the place or type of site where an organism or population naturally occurs. Also used to mean the
environmental attributes required by a particular species or its ecological niche.
Habitat connectivity: the degree to which the landscape facilitates the movement of organisms (animals,
plant reproductive structures, pollen, pollinators, spores, etc.) and other environmentally important
resources (e.g., nutrients and moisture) between similar habitats. Connectivity is hampered by
fragmentation (q.v.).
Habitat degradation: a general term describing the set of processes by which habitat quality is reduced.
Habitat degradation may occur through natural processes (e.g. drought, heat, cold) and through human
activities (forestry, agriculture, urbanization).
Habitat fragmentation: a general term describing the set of processes by which habitat loss results in the
division of continuous habitats into a greater number of smaller patches of lesser total and isolated from
each other by a matrix of dissimilar habitats. Habitat fragmentation may occur through natural processes
(e.g., forest and grassland fires, flooding) and through human activities (forestry, agriculture, urbanization).
Hedgerow: a row of shrubs or trees that forms the boundary of an area such as a garden, field, farm, road
or right-of-way.
Human appropriation of net primary production (HANPP): the aggregate impact of land use on biomass
available each year in ecosystems.
I
Impact assessment: a formal, evidence-based procedure that assesses the economic, social, and
environmental effects of public policy or of any human activity.
Important Bird & Biodiversity Areas: a Key Biodiversity Area identified using an internationally agreed set
of criteria as being globally important for bird populations.
Indicators: a quantitative or qualitative factor or variable that provides a simple, measurable and
quantifiable characteristic or attribute responding in a known and communicable way to a changing
environmental condition, to a changing ecological process or function, or to a changing element of
biodiversity.
Indigenous and local knowledge systems: indigenous and local knowledge systems are social and
ecological knowledge practices and beliefs pertaining to the relationship of living beings, including people,
with one another and with their environments. Such knowledge can provide information, methods, theory
and practice for sustainable ecosystem management.
Indigenous peoples and local communities (IPLCs): ethnic groups who are descended from and identify
with the original inhabitants of a given region, in contrast to groups that have settled, occupied or colonized
the area more recently. IPBES does not intend to create or develop new definitions of what constitutes
“indigenous peoples and local communities"
Indirect driver: see "driver".
Institutions: encompasses all formal and informal interactions among stakeholders and social structures
that determine how decisions are taken and implemented, how power is exercised, and how responsibilities
are distributed.
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Instrumental value

See "values".

Integrated assessment models: interdisciplinary models that aim to describe the complex relationships
between environmental, social, and economic drivers that determine current and future state of the
ecosystem and the effects of global change, in order to derive policy-relevant insights. One of the essential
characteristics of integrated assessments is the simultaneous consideration of the multiple dimensions of
environmental problems.
Integrated landscape management: refers to long-term collaboration among different groups of land
managers and stakeholders to achieve the multiple objectives required from the landscape.
Integrated valuation: see "values".
Intervention scenarios: see "scenarios".
Intrinsic value: see "values".
Invasive alien species: species whose introduction and/or spread by human action outside their natural
distribution threatens biological diversity, food security, and human health and well-being. “Alien” refers
to the species’ having been introduced outside its natural distribution (“exotic”, “non-native” and “nonindigenous” are synonyms for “alien”). “Invasive” means “tending to expand into and modify ecosystems
to which it has been introduced”. Thus, a species may be alien without being invasive, or, in the case of a
species native to a region, it may increase and become invasive, without actually being an alien species.”
Invasive species: see "Invasive alien species".
IPBES Conceptual Framework: the Platform’s conceptual framework has been designed to build shared
understanding across disciplines, knowledge systems and stakeholders of the interplay between
biodiversity and ecosystem drivers, and of the role they play in building a good quality of life through
nature’s contributions to people (link to CF diagram).
IUCN protected area categorb: IUCN protected area management categories classify protected areas
according to their management objectives.
IUCN Red List: The IUCN Red List of Threatened Species provides taxonomic, conservation status and
distribution information on taxa that have been globally evaluated using the IUCN Red List Categories and
Criteria. This system is designed to determine the relative risk of extinction, and the main purpose of the
IUCN Red List is to catalogue and highlight those taxa that are facing a higher risk of global extinction (i.e.
as Critically Endangered, Endangered and Vulnerable). The IUCN Red List also includes information on taxa
that are categorized as Extinct or Extinct in the Wild; on taxa that cannot be evaluated because of
insufficient information (i.e. are Data Deficient); and on taxa that are either close to meeting the threatened
thresholds or that would be threatened were it not for an ongoing taxon-specific conservation programme
(i.e. are Near Threatened).
K
Key Biodiversity Area: sites contributing significantly to the global persistence of biodiversity. They
represent the most important sites for biodiversity worldwide, and are identified nationally using globally
standardised criteria and thresholds.
Knowledge systems: a body of propositions that are adhered to, whether formally or informally, and are
routinely used to claim truth. They are organized structures and dynamic processes (a) generating and
representing content, components, classes, or types of knowledge, that are (b) domain-specific or
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characterized by domain-relevant features as defined by the user or consumer, (c) reinforced by a set of
logical relationships that connect the content of knowledge to its value (utility), (d) enhanced by a set of
iterative processes that enable the evolution, revision, adaptation, and advances, and (e) subject to criteria
of relevance, reliability, and quality.
L
Land degradation: refers to the many processes that drive the decline or loss in biodiversity, ecosystem
functions or their benefits to people and includes the degradation of all terrestrial ecosystems.
Land sharing: a situation where low-yield farming enables biodiversity to be maintained within agricultural
landscapes.
Land sparin: also called "Land separation" involves restoring or creating non-farmland habitat in agricultural
landscapes at the expense of field-level agricultural production - for example, woodland, natural grassland,
wetland, and meadow on arable land. This approach does not necessarily imply high-yield farming of the
non restored, remaining agricultural land. (From Rey Benayas & Bullock, 2012). See also 'Conservation
agriculture' in this Glossary.
Land use: the human use of a specific area for a certain purpose (such as residential; agriculture; recreation;
industrial, etc.). Influenced by, but not synonymous with, land cover. Land use change refers to a change in
the use or management of land by humans, which may lead to a change in land cover.
Land use change: see "Land use".
Landscape: an area of land that contains a mosaic of ecosystems, including human-dominated ecosystems.
Leakage: an environmentally damaging activity that is relocated elsewhere after being stopped locally.
Living in harmony with nature: within the context of the IPBES Conceptual Framework – a perspective on
good quality of life based on the interdependence that exists among human beings, other living species and
elements of nature. It implies that we should live peacefully alongside all other organisms even though we
may need to exploit other organisms to some degree.
M
Mainstreaming biodiversity: mainstreaming, in the context of biodiversity, means integrating actions or
policies related to biodiversity into broader development processes or policies such as those aimed at
poverty reduction, or tackling climate change.
Mangrove: group of trees and shrubs that live in the coastal intertidal zone. Mangrove forests only grow at
tropical and subtropical latitudes near the equator because they cannot withstand freezing temperatures.
Maximum suatinable yield (MSY): The maximum sustainable yield (MSY) for a given fish stock means the
highest possible annual catch that can be sustained over time, by keeping the stock at the level producing
maximum growth. The MSY refers to a hypothetical equilibrium state between the exploited population
and the fishing activity.
Megadiverse countries: 17 countries that harbor 70% of the species diversity of the planet. Seven such
countries are in the Americas. In alphabetical order: Brazil, Colombia, Ecuador, Mexico, Peru, USA,
Venezuela.
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Meta-analysis: a quantitative statistical analysis of several separate but similar experiments or studies in
order to test the pooled data for statistical significance.
Millennium Ecosystem Assessment (MEA): a major assessment of the human impact on the environment
published in 2005.
Mitigation: in the context of IPBES, an intervention to reduce negative or unsustainable uses of biodiversity
and ecosystems.
Models: qualitative or quantitative representations of key components of a system and of relationships
between these components. Benchmarking (of models) is the process of systematically comparing sets of
model predictions against measured data in order to evaluate model performance. Validation (of models)
typically refers to checking model outputs for consistency with observations. However, since models cannot
be validated in the formal sense of the term (i.e. proven to be true), some scientists prefer to use the words
""benchmarking"" or “evaluation"".
A dynamic model is a model that describes changes through time of a specific process.
A process-based model (also known as “mechanistic model”) is a model in which relationships are described
in terms of explicitly stated processes or mechanisms based on established scientific understanding, and
model parameters therefore have clear ecological interpretation, defined beforehand.
Hybrid models are models that combine correlative and process-based modelling approaches.
A correlative model (also known as “statistical model”) is a model in which available empirical data are used
to estimate values for parameters that do not have predefined ecological meaning, and for which processes
are implicit rather than explicit.
Integrated assessment models are interdisciplinary models that aim to describe the complex relationships
between environmental, social, and economic drivers that determine current and future state of the
ecosystem and the effects of global change, in order to derive policy-relevant insights. One of the essential
characteristics of integrated assessments is the simultaneous consideration of the multiple dimensions of
environmental problems."
Monitoring: the repeated observation of a system in order to detect signs of change.
Monoculture: the agricultural practice of producing or growing a single crop, plant, or livestock species,
variety, or breed in a field or farming system at a time.
Mother Earth: an expression used in a number of countries and regions to refer to the planet Earth and the
entity that sustains all living things found in nature with which humans have an indivisible, interdependent
physical and spiritual relationship (see "nature").
Multidisciplinary Expert Panel (MEP): the IPBES Multidiscplinary Expert Panel is a subsidiary body
established by the IPBES Plenary which oversees the scientific and technical functions ofthe Platform, a key
role being to select experts to carry out assessments.
N
Native species: indigenous species of animals or plants that naturally occur in a given region or ecosystem.
Nature: in the context of IPBES, refers to the natural world with an emphasis on its living components.
Within the context of western science, it includes categories such as biodiversity, ecosystems (both
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structure and functioning), evolution, the biosphere, humankind’s shared evolutionary heritage, and
biocultural diversity.
Within the context of other knowledge systems, it includes categories such as Mother Earth and systems of
life, and it is often viewed as inextricably linked to humans, not as a separate entity (see "Mother Earth").
Nature's contributions to people (NCP): all the contributions, both positive and negative, of living nature
(i.e. diversity of organisms, ecosystems, and their associated ecological and evolutionary processes) to the
quality of life for people. Beneficial contributions from nature include such things as food provision, water
purification, flood control, and artistic inspiration, whereas detrimental contributions include disease
transmission and predation that damages people or their assets. Many NCP may be perceived as benefits
or detriments depending on the cultural, temporal or spatial context.
Network governance: a network is an informal arrangement where two or more autonomous individuals
and/or organizations come together to exchange ideas, build relationships, identify common interests,
explore options on how to work together, share power, and solve problems of mutual interest. Network
governance commonly emerges when people realize that they cannot solve a particular problem or issue
by working independently and that the only way to achieve their interests is by actively collaborating.
Network governance varies in terms of objectives, spatial scales, leadership, representation, organization,
and complexity. It is designed to supplement, not replace, other forms of natural resource governance.
Nitrogen deposition: describes the input of reactive nitrogen from the atmosphere to the biosphere both
as gases, dry deposition and in precipitation as wet deposition.
Non-Indigenous Species or Non-native species or Alien species: see “invasive alien species”.
Nutrient cycle: a repeated pathway of a particular nutrient or element from the environment through one
or more organisms and back to the environment. Examples include the carbon cycle, the nitrogen cycle and
the phosphorus cycle.
O
Ocean acidification: see "acidification".
Opportunity costs: the foregone benefits of carrying out one activity in favor of another, or giving up their
initial preferred land-use plan.
Organic agricultura: any system that emphasises the use of techniques such as crop rotation, compost or
manure application, and biological pest control in preference to synthetic inputs. Most certified organic
farming schemes prohibit all genetically modified organisms and almost all synthetic inputs. Its origins are
in a holistic management system that avoids off-farm inputs, but some organic agriculture now uses
relatively high levels of off-farm inputs.
Overexploitation: harvesting species from the wild at rates faster than natural populations can recover.
Includes overfishing, and overgrazing.
Participatory governance
A variant or subset of governance which puts emphasis on democratic
engagement, in particular through deliberative practices.
Overgrazing: an excess of herbivory that leads to degradation of plant and soil resources.
P
Participatory scenario development (and planning): approaches characterised by more interactive, and
inclusive, involvement of stakeholders in the formulation and evaluation of scenarios. Aimed at improving
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the transparency and relevance of decision making, by incorporating demands and information of each
stakeholder, and negotiating outcomes between stakeholders.
Particulate matter:

a mixture of solid particles and liquid droplets (dust, dirt, soot, or smoke).

Payment for Ecosystem Services (PES): voluntary transactions that generate offsite services and are
established to enable service users to pay resource providers for the conditional provision of the desired
ecosystem service.
Peatlands: wetlands which accumulate organic plant matter in situ because waterlogging prevents aerobic
decomposition and the much slower rate of the resulting anaerobic decay is exceeded by the rate of
accumulation.
Pelagic: organisms that live in the water column.
Perennia: see "annual".
Permafrost: perennially frozen ground that occurs wherever the temperature remains below 0°C for several
years.
Pesticides: A pesticide is any substance used to kill, repel, or control certain forms of plant or animal life
that are considered to be pests.
Phylogenetic diversity: Phylogenetic diversity (PD) describes the breadth of evolutionary history that is
represented among the organisms found in a particular area. It can capture both the diversity of ecological
functions that are represented, and perhaps more importantly for human well-being, the evolutionary
potential of a community to respond to future stressors.
Phylogenetic endemism: is a measure of spatial restriction of phylogenetic diversity. In other words, PE is
a relative measure of endemism that represents the degree to which lineages or branches of the tree of life
(calculated in my) are restricted spatially.
Plankton: aquatic organisms that drift or swim weakly. Phytoplankton are the plant forms of plankton (e.g.,
diatoms), and are the dominant plants in the sea. Zooplankton are the animal forms of plankton.
Plenary: within the context of IPBES – the decision-making body comprising all of the members of IPBES.
Point sources: any single identifiable source of pollution from which pollutants are discharged, such as a
pipe, ditch, ship or factory smokestack.
Policy instrument: set of means or mechanisms to achieve a policy goal
Policy support tools: approaches and techniques based on science and other knowledge systems that can
inform, assist and enhance relevant decisions, policy making and implementation at local, national, regional
and global levels to protect nature, thereby promoting nature’s benefits to people and a good quality of
life.
Poverty: poverty is a state of economic deprivation. Its manifestations include hunger and malnutrition,
limited access to education and other basic services. Other corollaries of poverty are social discrimination
and exclusion as well as the lack of participation in decision-making.
Primary production: Primary production is the process whereby inorganic carbon is fixed in the sunlit
(euphotic) zone of the upper ocean, and forms the base of the marine food pyramid.
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Prior informed consent (PIC) or free prior and informed consent (FPIC): consent given before access to
knowledge or genetic resources takes place, based on truthful information about the use that will be made
of the resources, which is adequate for the stakeholders or rights holders giving consent to understand the
implications.
Propagule pressure: The quantity, quality and frequency of propagules (such as spores, eggs, larvae, or
adults) released in a given location. This term can be seen as the introduction effort, i.e. the pool of
individuals introduced in a new ecosystem/area/region and the number of times it is released.
Protected área: protected area is a clearly defined geographical space, recognized, dedicated and managed,
through legal or other effective means, to achieve the long-term conservation of nature with associated
ecosystem services and cultural values.
R
Ramsar site(s): a Ramsar site is a wetland site designated of international importance especially as
Waterfowl Habitat under the Ramsar Convention, an intergovernmental environment treaty established in
1975 by UNESCO, coming into force in 1975.
Ramsar site refers to wetland of international significance in terms of ecology, botany, zoology, limnology
or hydrology. Such site meets at least one of the criteria of Identifying Wetlands of International Importance
set by Ramsar Convention and is designated by appropriate national authority to be added to Ramsar list."
Rangeland: natural grasslands used for livestock grazing.
Reducing emissions from deforestation and forest degradation (REDD+): mechanism developed by Parties
to the United Nations Framework Convention on Climate Change (UNFCCC). It creates a financial value for
the carbon stored in forests by offering incentives for developing countries to reduce emissions from
forested lands and invest in low-carbon paths to sustainable development. Developing countries would
receive results-based payments for results-based actions. REDD+ goes beyond simply deforestation and
forest degradation, and includes the role of conservation, sustainable management of forests and
enhancement of forest carbon stocks.
Regime shift(s): substantial reorganization in system structure, functions and feedbacks that often occurs
abruptly and persists over time.
Rehabilitation: rehabilitation refers to restoration activities that move a site towards a natural state
baseline in a limited number of components (i.e. soil, water, and/or biodiversity), including natural
regeneration, conservation agriculture, and emergent ecosystems.
Relational value: see "values".
Remediation: any action taken to rehabilitate ecosystems.
Remote sensing: Remote sensing is the process of detecting and monitoring the physical characteristics of
an area by measuring its reflected and emitted radiation at a distance from the targeted area. Special
cameras collect remotely sensed imagesof the Earth, which help researchers "sense" things about the Earth.
Reports: reports shall mean the main deliverables of the Platform, including assessment reports and
synthesis reports, their summaries for policymakers and technical summaries, technical papers and
technical guidelines.
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Resilience: the level of disturbance that an ecosystem or society can undergo without crossing a threshold
to a situation with different structure or outputs. Resilience depends on factors such as ecological dynamics
as well as the organizational and institutional capacity to understand, manage, and respond to these
dynamics.
Resolution (spatial or temporal): see “scale”.
Richness: she number of biological entities (species, genotypes, etc.) within a given sample. Sometimes
used as synonym of species diversity.
Rights-based approaches: approaches that consider international human rights law as a coherent system
of principles and rules in the field of development, and uses it “as a broad guide to conducting the
cooperation and aid process; social participation in that process; the obligations of donor and recipient
governments; the method of evaluating aid; and the accountability mechanisms that need to be established
at the local and international levels.
Route of invasion: The geographic path over which a species is transported from the donor area (origin;
may be defined as Last Port of Call) to the recipient area (destination or target), which may include one or
more corridors.
S
Salinization: the process of increasing the salt content in soil is known as salinization. Salinization can be
caused by natural processes such as mineral weathering or by the gradual withdrawal of an ocean. It can
also come about through artificial processes such as irrigation.
Savanna: ecosystem characterized by a continuous layer of herbaceous plants, mostly grasses, and a
discontinuous upper layer of trees that may vary in density.
Scale: the spatial, temporal, quantitative and analytical dimensions used to measure and study any
phenomenon. The temporal scale is comprised of two properties: 1) temporal extent – the total length of
the time period of interest for a particular study (e.g. 10 years, 50 years, or 100 years); and 2) temporal
grain (or resolution) – the temporal frequency with which data are observed or projected within this total
period (e.g. at 1-year, 5-year or 10-year intervals). The spatial scale is comprised of two properties: 1) spatial
extent – the size of the total area of interest for a particular study (e.g. a watershed, a country, the entire
planet); and 2) spatial grain (or resolution) – the size of the spatial units within this total area for which data
are observed or predicted (e.g. fine-grained or coarse-grained grid cells).
Scenario: representations of possible futures for one or more components of a system, particularly for
drivers of change in nature and nature’s benefits, including alternative policy or management options.
Exploratory scenarios (also known as “explorative scenarios” or “descriptive scenarios”) are scenarios that
examine a range of plausible futures, based on potential trajectories of drivers – either indirect (e.g. sociopolitical, economic and technological factors) or direct (e.g. habitat conversion, climate change).
Target-seeking scenarios (also known as “goal-seeking scenarios” or “normative scenarios”): scenarios that
start with the definition of a clear objective, or a set of objectives, specified either in terms of achievable
targets, or as an objective function to be optimized, and then identify different pathways to achieving this
outcome (e.g. through backcasting).
Intervention scenarios are scenarios that evaluate alternative policy or management options – either
through target seeking (also known as “goal seeking” or “normative scenario analysis”) or through policy
screening (also known as “ex-ante assessment”).
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Policy-evaluation scenarios are scenarios, including counterfactual scenarios, used in ex-post assessments
of the gap between policy objectives and actual policy results, as part of the policy-review phase of the
policy cycle. Policy-screening scenarios are scenarios used in ex-ante assessments, to forecast the effects
of alternative policy or management options (interventions) on environmental outcomes."
Science-policy interfase: environment-related SPIs are organizations, initiatives or projects that work at the
boundary of science, policy and society to enrich decision making, shape their participants’ and audiences’
understandings of problems, and so produce outcomes regarding decisions and behaviours.
Stages of invasion: Refers to the three stages that a species must successfully transit by in an invasion
process and become an invasive species.
Sustainability transitions: a transformation process that is multidimensional, multistakeholder, and often
operates in the long-term, by which conventional systems shift to more sustainable modes of production
and consumption.
Seascape(s): seascape can be defined as a spatially heterogeneous area of coastal environment (i.e.
intertidal, brackish) that can be perceived as a mosaic of patches, a spatial gradient, or some other
geometric patterning (Boström et al. 2011). The tropical coastal “seascape” often includes a patchwork of
mangroves, seagrass beds, and coral reefs that produces a variety of natural resources and ecosystem
services.
Sector: a distinct part of society, or of a nation's economy.
Semi-natural habitat(s): an ecosystem with most of its processes and biodiversity intact, though altered by
human activity in strength or abundance relative to the natural state.
Socioecological system: an ecosystem, the management of this ecosystem by actors and organizations, and
the rules, social norms, and conventions underlying this management.
Soil compaction: an increase in density and a decline of porosity in a soil that impedes root penetration
and movements of water and gases.
Soil degradation: the diminishing capacity of the soil to provide ecosystem goods and services as desired
by its stakeholders.
Soil organic matter (SOM): matter consisting of plant and/or animal organic materials, and the conversion
products of those materials in soils (ISO, 2013).
Species: an interbreeding group of organisms that is reproductively isolated from all other organisms,
although there are many partial exceptions to this rule in particular taxa. Operationally, the term species is
a generally agreed fundamental taxonomic unit, based on morphological or genetic similarity, that once
described and accepted is associated with a unique scientific name.
Species composition: the array of species in a specific sample, community, or area.
Species distribution models: species distribution models relate field observations of the presence/absence
of a species to environmental predictor variables, based on statistically or theoretically derived response
surfaces, for prediction and inference. The predictor variables are often climatic but can include other
environmental variables.
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Species richness: the number of species within a given sample, community, or area.
Stakeholders: any individuals, groups or organizations who affect, or could be affected (whether positively
or negatively) by a particular issue and its associated policies, decisions and action.
Summary for policymakers (SPM): a component of any report, providing a policy-relevant but not policy
prescriptive summary of that report.
Sustainability: a characteristic or state whereby the needs of the present and local population can be met
without compromising the ability of future generations or populations in other locations to meet their
needs.
Sustainable Development Goals (SDGs): a set of goals adopted by the United Nations in 2015 to end
poverty, protect the planet, and ensure prosperity for all, as part of the 2030 Agenda for Sustainable
Development.
Sustainable use (of biodiversity and its components): the use of components of biological diversity in a way
and at a rate that does not lead to the long-term decline of biological diversity, thereby maintaining its
potential to meet the needs and aspirations of present and future generations.
Synergies: see "trade-off".
T
Target-seeking scenarios: see "scenarios".
Taxon: a category applied to a group in a formal system of nomenclature, e.g., species, genus, family etc.
(plural: taxa).
Teleconnection: Relates to the environmental interactions between climatic systems over considerable
distances.
Telecoupling: refers to socioeconomic and environmental interactions over distances. It involves distant
exchanges of information, energy and matter (e.g., people, goods, products, capital) at multiple spatial,
temporal and organizational scales.
Teratogen: any agent that causes an abnormality following fetal exposure during pregnancy.
Territorial Use Rights in Fisheries (TURFs): give a specific harvester exclusive access to ocean áreas.
Threatened species: in the IUCN Red List terminology, a threatened species is any species listed in the Red
List categories Critically Endangered, Endangered, or Vulnerable.
Tipping point: a set of conditions of an ecological or social system where further perturbation will cause
rapid change and prevent the system from returning to its former state.
Trade-off: a situation where an improvement in the status of one aspect of the environment or of human
well-being is necessarily associated with a decline in or loss of a different aspect. Trade-offs characterize
most complex systems, and are important to consider when making decisions that aim to improve
environmental and/or socio-economic outcomes. Trade-offs are distinct from synergies (the latter are also
referred to as “win-win” scenarios): synergies arise when the enhancement of one desirable outcome leads
to enhancement of another.
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Transhumance: a Form of pastoralism or nomadism organized around the migration of livestock between
mountain pastures in warm seasons and lower altitudes the rest of the year. The seasonal migration may
also occur between lower and upper latitudes. A traditional farming practice based on indigenous and local
knowledge”.
Trophic level: the level in the food chain in which one group of organisms serves as a source of nutrition
for another group of organisms (e.g. primary producers, primary or secondary consumers, decomposers).
Turbidity: Turbidity describes the cloudiness of water caused by suspended particles such as clay and silts,
chemical precipitates such as manganese and iron, and organic particles such as plant debris and organisms.
U
Uncertainty: any situation in which the current state of knowledge is such that:

(1) the order or nature of things is unknown,

(2) the consequences, extent, or magnitude of circumstances, conditions, or events is
unpredictable, and
(3) credible probabilities to possible outcomes cannot be assigned.
Uncertainty can result from lack of information or from disagreement about what is known or even
knowable. Uncertainty can be represented by quantitative measures (e.g., a range of values calculated by
various models) or by qualitative statements (e.g., reflecting the judgment of a team of experts)."
Units of analysis: the IPBES Units of Analysis result from subdividing the Earth’s surface into units solely for
the purposes of analysis. The following have been identified as IPBES units of analisys globally:
Terrestrial:
•
•
•
•
•
•
•
•
•
•

Tropical and subtropical dry and humid forests
Temperate and boreal forests and woodlands
Mediterranean forests, woodlands and scrub
Tundra and High Mountain habitats
Tropical and subtropical savannas and grasslands
Temperate Grasslands
Deserts and xeric shrublands
Wetlands – peatlands, mires, bogs
Urban/Semi-urban
Cultivated areas (incl. cropping, intensive livestock farming etc.)

Aquatic, including both marine and freshwater:
•
•
•
•
•
•
•

Cryosphere
Aquaculture areas
Inland surface waters and water bodies/freshwater
Shelf ecosystems (neritic and intertidal/littoral zone)
Open ocean pelagic systems (euphotic zone)
Deep-Sea
Coastal areas intensively used for multiple purposes by humans
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These IPBES terrestrial and aquatic units of analysis serve as a framework for comparison within and across
assessments and represent a pragmatic solution. The IPBES terrestrial and aquatic units of analysis are not
intended to be prescriptive for other purposes than those of IPBES assessments. They are likely to evolve
as the work of IPBES develops.
Urbanization: Increase in the proportion of a population living in urban areas; process by which a large
number of people becomes permanently concentrated in relatively small areas, forming cities.
V
Values:
•
Value systems: Set of values according to which people, societies and organizations regulate their
behaviour. Value systems can be identified in both individuals and social groups (Pascual et al., 2017).
•
Value (as principle): A value can be a principle or core belief underpinning rules and moral judgments.
Values as principles vary from one culture to another and also between individuals and groups
(IPBES/4/INF/13).
•
Value (as preference): A value can be the preference someone has for something or for a particular
state of the world. Preference involves the act of making comparisons, either explicitly or implicitly.
Preference refers to the importance attributed to one entity relative to another one (IPBES/4/INF/13).
•
Value (as importance): A value can be the importance of something for itself or for others, now or in
the future, close by or at a distance. This importance can be considered in three broad classes. 1. The
importance that something has subjectively, and may be based on experience. 2. The importance that
something has in meeting objective needs. 3. The intrinsic value of something (IPBES/4/INF/13).
•
Value (as measure): A value can be a measure. In the biophysical sciences, any quantified measure
can be seen as a value (IPBES/4/INF/13).
•
Non-anthropocentric value: A non-anthropocentric value is a value centered on something other than
human beings. These values can be non-instrumental or instrumental to non-human ends (IPBES/4/INF/13).
•
Intrinsic value: This concept refers to inherent value, that is the value something has independent of
any human experience or evaluation. Such a value is viewed as an inherent property of the entity and not
ascribed or generated by external valuing agents (Pascual et al., 2017).
•
Anthropocentric value: The value that something has for human beings and human purposes (Pascual
et al., 2017).
•
Instrumental value: The value attributed to something as a means to achieving a particular end
(Pascual et al., 2017).
•
Non-instrumental value: The value attributed to something as an end in itself, regardless of its utility
for other ends.
•
Relational value: The values that contribute to desirable relationships, such as those among people
or societies, and between people and nature, as in “Living in harmony with nature” (IPBES/4/INF/13).
•
Integrated valuation: The process of collecting, synthesizing, and communicating knowledge about
the ways in which people ascribe importance and meaning of NCP to humans, to facilitate deliberation and
agreement for decision making and planning (Pascual et al., 2017)."
Vector: refers to how a species is transported, that is, the physical means or agent.
W
Water security: the capacity of a population to safeguard sustainable access to adequate quantities of and
acceptable quality water for sustaining livelihoods, human well-being, and socio-economic development,
for ensuring protection against water-borne pollution and water-related disasters, and for preserving
ecosystems in a climate of peace and political stability.
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Water stress : water stress occurs in an organism when the demand for water exceeds the available
amount during a certain period or when poor quality restricts its use.
Well-being: a perspective on a good life that comprises access to basic resources, freedom and choice,
health and physical well-being, good social relationships, security, peace of mind and spiritual experience.
Well-being is achieved when individuals and communities can act meaningfully to pursue their goals and
can enjoy a good quality of life. The concept of human well-being is used in many western societies and its
variants, together with living in harmony with nature, and living well in balance and harmony with Mother
Earth. All these are different perspectives on a good quality of life.
Western science: (also called modern science, Western scientific knowledge or international science) is
used in the context of the IPBES conceptual framework as a broad term to refer to knowledge typically
generated in universities, research institutions and private firms following paradigms and methods typically
associated with the ‘scientific method’ consolidated in Post-Renaissance Europe on the basis of wider and
more ancient roots. It is typically transmitted through scientific journals and scholarly books. Some of its
central tenets are observer independence, replicable findings, systematic scepticism, and transparent
research methodologies with standard units and categories.
Wetlands: areas that are subject to inundation or soil saturation at a frequency and duration, such that the
plant communities present are dominated by species adapted to growing in saturated soil conditions,
and/or that the soils of the area are chemically and physically modified due to saturation and indicate a
lack of oxygen; such areas are frequently termed peatlands, marshes, swamps, sloughs, fens, bogs, wet
meadows, etc.
Worldviews: defined by the connections between networks of concepts and systems of knowledge,
values, norms and beliefs. Individual person’s worldviews are moulded by the community the person
belongs to. Practices are embedded in worldviews and are intrinsically part of them (e.g. through rituals,
institutional regimes, social organization, but also in environmental policies, in development choices, etc.).
See also 'Perceptions'; 'Concepts'; 'Reality' in this Glossary.
Z
Zoonotic diseases: or zoonoses, are directly transmitted from animals to humans via various routes of
transmission (e.g. air - influenza; bites and saliva - rabies)
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Annex II – Acronyms

AZE
CaCO3
CBD
CITES
CO2
DDT
EbA
EcoDRR
EEZ
FAO
GDP
GM
GMO
HDI
HIV/AIDS
IBA
ICCA
ILK
IPBES
IPCC
IUCN
KBA
MEA
MEP
NCP
NGO
OECD
PES
PPP
RCP
REDD
REDD+
SDG
SPM
UN
UNCCD
UNCLOS
UNDP
UNEP
UNESCO
UNFCCC
WHO

Alliance for Zero Extinction
Calcium carbonate
Convencion on Biological Diversity
Convention on the International Trade in Endangered Species
Carbon dioxide
Dichlorodiphenyltrichloroethane
Ecosystem-based adaptation to climate change
Ecosystem-based disaster risk reduction
Exclusive Economic Zone
Food and Agriculture Organization of the United Nations
Gross Domestic Product
Genetically modified
Genetically modified organism
Human Development Index
Human Immunodeficiency Virus Infection / Acquired Immune Deficiency Syndrome
Important Bird and Biodiversity Areas
Indigenous and community conserved areas
Indigenous and local knowledge
Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services
Intergovernmental Panel on Climate Change
International Union for Conservation of Nature
Key Biodiversity Areas
Millenium Ecosystem Assessment
Multidisciplinary Expert Panel
Nature Contributions to People
Non-governmental Organization
Organization for Economic Cooperation and Development
Payment for Ecosystem Services
Purchasing Power Parity
Representative concentration pathways
Reducing Emissions from Deforestation and Forest Degradation
Reducing Emissions from Deforestation and Forest Degradation Plus
Sustainable Development Goals
Summary for Policy Makers
United Nations
United Nations Conventions to Combat Desertification
United Nations Convention on the Law of the Sea
United Nations Development Programme
United Nations Environment Programme
United Nations Educational, Scientific and Cultural Organization
United Nations Climate Convention on Climate Change
World Health Organization
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